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3.1 Introduction
Together with natural groundwater discharge and artificial extraction, groundwater
recharge is the most important water budget component of a groundwater system. Un-
derstanding and quantifying recharge processes are the prerequisites for any analysis
of the resource sustainability. It also helps policymakers make better-informed decisions
regarding land use and water management since protection of natural recharge areas is
paramount to the sustainability of the groundwater resource. The first important step
in recharge analysis is to consider the scale of the study area since the approach and
methods of quantification are directly influenced by it. For example, it may be neces-
sary to delineate and quantify local areas of focused recharge within several acres or
tens of acres at a contaminated site where contaminants may be rapidly introduced into
the subsurface. This scale of investigation would obviously not be feasible or needed
for groundwater resources assessment in a large river basin (watershed). However, as
illustrated further in this chapter, groundwater recharge is variable at all scales, in both
space and time. It is, therefore, by default that any estimate of recharge involves aver-
aging a number of quantitative parameters and their extrapolation-interpolation in time
and space. This also means that there will always be a degree of uncertainty associated
with quantitative estimates of recharge and that this uncertainty would also have to be
analyzed and quantified. In other words, groundwater recharge is both a probabilistic
and a deterministic process: if and when it rains (laws of probability), the infiltration of
water into the subsurface and the eventual recharge of the water table will follow phys-
ical (deterministic) laws. At the same time, both sets of laws (equations) use parameters
that are either measured directly or estimated in some (preferably quantitative) way but
would still have to be extrapolated-interpolated in space and time. For this reason, the
quantification of groundwater recharge is one of the most difficult tasks in hydroge-
ology. Unfortunately, this task is too often reduced to simply estimating a percentage
of total annual precipitation that becomes groundwater recharge and then using that
percentage as the “average recharge” rate for various calculations or groundwater mod-
eling at all spatial and time scales. Following are some of the examples illustrating the
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importance of not reducing the determination of recharge to a “simple,” nonconsequen-
tial task.

� Recharge is often “calibrated” as part of groundwater modeling studies where
other model parameters and boundary conditions are considered to be more cer-
tain (“better known”). In such cases, the model developer should clearly discuss
uncertainties related to the “calibrated” recharge rates and the sensitivity of all
key model parameters; a difference of 5 or 10 percent in aquifer recharge rate
may not be all that sensitive compared to aquifer transmissivity (hydraulic con-
ductivity) when matching field measurements of the hydraulic head; however,
this difference is very significant in terms of aquifer water budget and analyses
of aquifer sustainability.

� Recharge rate has implications on the shape and transport characteristics of
groundwater contaminant plumes. More or less direct recharge from land sur-
face may result in a more or less diving plume, respectively. Different recharge
rates also result in different overall concentrations—higher recharge results in
lower concentrations (assuming that the incoming water is not contaminated).

� Rainwater that successfully infiltrates into the subsurface and percolates past the
root zone may take tens, or even hundreds, of years to traverse the vadose zone
and reach the water table. The effects of recharge reduction are thus abstract,
as groundwater users do not face immediate consequences. As a result, land
use changes are often made without consideration of impacts to groundwater
recharge.

� Natural and anthropogenic climate changes also alter groundwater recharge
patterns, the effects of which will be faced by future generations.

As discussed earlier in Chap. 2, water budget and groundwater recharge terms are
often used interchangeably, sometimes causing confusion. In general, infiltration refers
to any water movement from the land surface into the subsurface. This water is called
potential recharge, indicating that only a portion of it may eventually reach water table
(saturated zone). The term “actual recharge” is being increasingly used to avoid any
possible confusion: it is the portion of infiltrated water that reaches the aquifer, and it
is confirmed based on groundwater studies. The most obvious confirmation that actual
groundwater recharge is taking place is rise in water table elevation (hydraulic head).
However, the water table can also rise because of cessation of groundwater extraction
(pumping), and this possibility should always be considered. Effective infiltration and
deep percolation refer to water movement below the root zone and are often used to
approximate actual recharge. Since evapotranspiration (ET) (loss of water to the atmo-
sphere) refers to water at both the surface and subsurface, this should be clearly indicated.

3.2 Rainfall-Runoff-Recharge Relationship
Most natural groundwater recharge is derived directly from rainfall and snowmelt that
infiltrate through ground surface and migrate to the water table. To quantify recharge
from precipitation, it is critical to understand rainfall-runoff relationships. The first step
is to determine the fraction of precipitation available for groundwater recharge, after



237G r o u n d w a t e r R e c h a r g e

subtracting what is lost to overland flow (runoff) and evapotranspiration (ET). The key
to the rainfall-runoff relationship is the soil type, the antecedent moisture condition, and
the land cover. Soils that are well drained generally have high effective porosities and
high hydraulic conductivities, whereas soils that are poorly drained have higher total
porosities and lower hydraulic conductivities. These physical properties combine with
initial moisture content to determine the infiltration capacity of surficial soils. Wet, poorly
drained soils will readily produce runoff, while dry, well-drained soils will readily absorb
rainfall. Land cover determines the fraction of precipitation available for infiltration.
Impervious, paved surface prevent any water from entering the soil column, while open,
well-vegetated fields are conducive to infiltration. Regardless of soil type, antecedent
moisture, or land cover, the chain of events occurring during a storm event is the same.

Available rainfall will infiltrate the subsurface until the rate of precipitation exceeds
the infiltration capacity of the soil, at which point ponding and subsequent runoff will
occur. Runoff either collects in discrete drainage channels or moves as overland sheet
flow. It is important to understand that infiltration continues throughout the storm event,
even as runoff is being produced. The infiltration rate after ponding begins to decrease
and asymptotically approaches the saturated hydraulic conductivity of the soil media.
Figure 3.1 illustrates typical infiltration patterns for four different rainfall events for the
same soil with the saturated hydraulic conductivity of about 0.001 cm/s.

Simple calculations of runoff and water retention volumes in a watershed are possible
using the U.S. Department of Agriculture Soil Conservation Service (SCS) runoff curve
number (CN) method, updated in Technical Release 55 (TR-55) of the U.S. Department
of Agriculture (USDA, 1986). TR-55 presents simplified procedures for estimating direct
surface runoff and peak discharges in small watersheds. While it gives special emphasis
to urban and urbanizing watersheds, the procedures apply to any small watershed in
which certain limitations (assumptions) are met. Hydrologic studies to determine runoff
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FIGURE 3.1 Infiltration in a one-dimensional soil column for four different rainfall intensities and a
soil with saturated hydraulic conductivity of about 0.001 cm/s. (From Healy et al., 2007.)
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and peak discharge should ideally be based on long-term stationary streamflow records
for the area. Such records are seldom available for small drainage areas. Even where
they are available, accurate statistical analysis of them is often impossible because of the
conversion of land to urban uses during the period of record. It, therefore, is necessary
to estimate peak discharges with hydrologic models based on measurable watershed
characteristics (USDA, 1986).

In TR-55, runoff is determined primarily by amount of precipitation and by infiltration
characteristics related to soil type, soil moisture, antecedent rainfall, cover type, impervi-
ous surfaces, and surface retention. Travel time is determined primarily by slope, length
of flow path, depth of flow, and roughness of flow surfaces. Peak discharges are based
on the relationship of these parameters and on the total drainage area of the watershed,
the location of the development, the effect of any flood control works or other natural or
manmade storage, and the time distribution of rainfall during a given storm event.

The model described in TR-55 begins with a rainfall amount uniformly imposed
on the watershed over a specified time distribution. Mass rainfall is converted to mass
runoff by using a runoff CN. Selection of the appropriate CN depends on soil type, plant
cover, amount of impervious areas, interception, and surface storage. Runoff is then
transformed into a hydrograph by using unit hydrograph theory and routing procedures
that depend on runoff travel time through segments of the watershed (USDA, 1986). As
pointed out by the authors, to save time, the procedures in TR-55 are simplified by
assumptions about some parameters. These simplifications, however, limit the use of the
procedures and can provide results that are less accurate than more detailed methods.
The user should examine the sensitivity of the analysis being conducted to a variation of
the peak discharge or hydrograph.

The SCS runoff equation is

Q = (P − Ia)2

(P − Ia) + S
(3.1)

where Q = runoff (in)
P = rainfall (in)
S = potential maximum retention after runoff begins (in)
Ia = initial abstraction (in)

Initial abstraction is all losses before runoff begins. It includes water retained in
surface depressions and water intercepted by vegetation, evaporation, and infiltration.
Ia is highly variable but generally is correlated with soil and cover parameters. Through
studies of many small agricultural watersheds, Ia was found to be approximated by the
following empirical equation:

Ia = 0.2S (3.2)

By removing Ia as an independent parameter, this approximation allows use of a com-
bination of S and P to produce a unique runoff amount. Substituting Eq. (3.2) into Eq.
(3.1) gives

Q = (P − 0.2S)2

(P + 0.8S)
(3.3)
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FIGURE 3.2 Solution of runoff equation. Curves are for condition I a = 0.2S and Eq. (3.3). (From
USDA, 1986.)

Water retention S, which includes infiltration, interception by vegetation, ET, and
storage in surface depressions, is calculated using the CN approach, taking into account
antecedent soil moisture, soil permeability, and land cover. It is related to CN through
the equation:

S = 1000
CN

− 10 (3.4)

CNs for watershed range from 0 to 100, with 100 being perfectly impervious. The
graph in Fig. 3.2 solves Eqs. (3.2) and (3.4) for a range of CNs and rainfall events. Table 3.1
is an example of CNs for several types of agricultural land cover that can be selected based
on available information. TR-55 also includes tables for various other land covers. Soils
are classified into four hydrologic soil groups (A, B, C, and D) according to their minimum
infiltration rate, which is obtained for bare soil after prolonged wetting. Appendix A in
TR-55 defines the four groups and provides a list of most of the soils in the United States
and their group classification. The hydrologic characteristics of the four groups are as
follows (Rawls et al., 1993):

� Group A soils have low runoff potential and high infiltration rates even when
thoroughly wetted. They consist mainly of deep, well to excessively drained
sands or gravels. The USDA soil textures normally included in this group are
sand, loamy sand, and sandy loam. These soils have infiltration rate greater than
0.76 cm/h.

� Group B soils have moderate infiltration rates when thoroughly wetted and
consist mainly of moderately deep to deep and moderately well-drained to



240 C h a p t e r T h r e e

Curve Numbers for Hydrologic
Soil GroupHydrologic

Cover Type Condition A B C D

Pasture, grassland, or range-continuous Poor 68 79 86 89
forage for grazing1 Fair 49 69 79 84

Good 39 61 74 80
Meadow—continous grass, protected from

grazing, generally moved for hay
30 58 71 78

Brush—brush-weed-grass mixture with Poor 48 67 77 83
brush the major element2 Fair 35 56 70 77

Good 303 48 65 73
Woods-grass combination (orchard or Poor 57 73 82 86

tree farm)4 Fair 43 65 76 82
Good 32 58 72 79

Woods5 Poor 45 66 77 83
Fair 36 60 73 79

Good 303 55 70 77

1 Poor: <50% ground cover or heavily gazed with no mulch; fair: 50–75% ground cover and not heavily
gazed; good: >75% ground cover and lightly or only occasionaly grazed.

2 Poor: <50% ground cover; fair: 50–75% ground cover; good: >75% ground cover.
3 Actual curve number is less than 30; use CN = 30 for runoff computations.
4 Computed for areas with 50% woods and 50% grass (pasture) cover.
5 Poor: Forest litter, small trees, and brush are destroyed by heavy grazing or regular burning; fair: woods

are grazed but not burned, and some forest litter covers the soil; good: woods are protected from grazing,
and litter and brush adequately cover the soil.

From USDA, 1986.

TABLE 3.1 Runoff Curve Numbers for Selected Agricultural Lands, for Average Runoff Condition
and I a = 0.2S.

well-drained soils having moderately fine to moderately coarse textures. The
USDA soil textures normally included in this group are silt loam and loam.
These soils have an infiltration rate between 0.38 and 0.76 cm/h.

� Group C soils have low infiltration rates when thoroughly wetted and consist
mainly of soils with a layer that impedes downward movement of water and soils
with moderately fine to fine texture. The USDA soil texture normally included
in this group is sandy clay loam. These soils have an infiltration rate between
0.13 and 0.38 cm/h.

� Group D soils have high runoff potential. They have very low infiltration rates
when thoroughly wetted and consist mainly of clay soils with a high swelling
potential, soils with a permanent high water table, soils with a claypan or clay
layer at or near the surface, and shallow soils over a nearly impervious material.
The USDA soil textures normally included in this group are clay loam, silty clay
loam, sandy clay, silty clay, and clay. These soils have a very low rate of infiltration
(0.0 to 0.13 cm/h). Some soils are classified in group D because of a high water
table that creates a drainage problem; however, once these soils are effectively
drained, they are placed into another group.
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Watersheds with higher CNs generate more runoff and less infiltration. Examples in-
clude watersheds with high proportion of paved, impervious surfaces. Dense forestland
and grasslands have the lowest CNs and retain high proportions of rainfall. However, it
is important to understand that most urban areas are only partially covered by impervi-
ous surfaces; the soil remains an important factor in runoff estimates. Urbanization has
a greater effect on runoff in watersheds with soils having high infiltration rates (sands
and gravels) than in watersheds predominantly of silts and clays, which generally have
low infiltration rates (USDA, 1986).

TR-55 includes tables and graphs for selection of all quantitative parameters needed
to select CNs and calculate runoff for thousands of soil types and land covers in the
United States. Representative land covers include bare land, pasture, western desert
urban area, and woods to name a few. The soils in the area of interest may be identified
from a soil survey report, which can be obtained from local SCS offices or soil and water
conservation district offices.

While the SCS method enables calculation of runoff, it does not provide for exact
estimation of infiltration, which is only one of the calculated overall water retention
components. The calculated volume of water retained by the watershed includes terms
for ET and interception by vegetation. Knowledge of the vegetative conditions of the
watershed in question will help determine the distribution of rainfall retention. Vege-
tative interception will be more significant for a forested area than for an open field.
One must also remember that runoff-producing storm events allow infiltration rates to
asymptotically approach the saturated hydraulic conductivity of surficial soils. Knowl-
edge of the physical properties of watershed soils is, therefore, necessary for estimation
of infiltration rates.

3.3 Evapotranspiration
ET is often the second largest component of the water budget, next to precipitation. Ap-
proximately 65 percent of all precipitation falling on landmass returns to the atmosphere
through ET, which can be defined as the rate of liquid water transformation to vapor
from open water, bare soil, or vegetation with soil beneath (Shuttleworth, 1993). Tran-
spiration is defined as the fraction of total ET that enters the atmosphere from the soil
through the plants. The rate of ET, expressed in inches per day or millimeters per day,
has traditionally been estimated using meteorological data from climate stations located
at particular points within a region and parameters describing transpiration by certain
types of vegetation (crop). There are two standard rates used as estimates of ET: potential
evaporation and reference crop evaporation.

Potential evaporation E0 is the quantity of water evaporated per unit area, per unit
time from an idealized, extensive free water surface under existing atmospheric condi-
tions. This is a conceptual entity that measures the meteorological control on evaporation
from an open water surface. E0 is commonly estimated from direct measurements of
evaporation with evaporation pans (Shuttleworth, 1993). Note that E0 is also called po-
tential evapotranspiration (PET), even though as defined it does not involve plant activity.

Reference crop evapotranspiration Ec is the rate of evaporation from an idealized
grass crop with a fixed crop height of 0.12 m, an albedo of 0.23, and a surface resistance
of 69 s·m−1 (Shuttleworth, 1993). This crop is represented by an extensive surface of short
green grass cover of uniform height, actively growing, completely shading the ground,
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and not short of water. When estimating actual ET from a vegetated surface it is common
practice to first estimate Ec and then multiply this rate by an additional complex factor
called the crop coefficient Kc.

There are many proposed and often rather complex empirical equations for estimating
E0 and Ec, using various parameters such as air temperature, solar radiation, radiation
exchange for free water surface, hours of sunshine, wind speed, vapor pressure deficit
(VPD), relative humidity, and aerodynamic roughness (for example, see Singh, 1993;
Shuttleworth, 1993; Dingman, 1994). The main problem in applying empirical equations
to a very complex physical process such as ET is that in most cases such equations
produce very different results for the same set of input parameters. As pointed out by
Brown (2000), even in cases of the most widely used group of equations referred to as
“modified Penman equations,” the results may vary significantly (Penman proposed his
equation in 1948, and it has been modified by various authors ever since).

The PET from an area can be estimated from the free water evaporation assuming
that the supply of water to the plant is not limited. Actual evapotranspiration Eact equals
the potential value, E0 as limited by the available moisture (Thornthwaite, 1946). On a
natural watershed with many vegetal species, it is reasonable to assume that ET rates
do vary with soil moisture since shallow-rooted species will cease to transpire before
deeper-rooted species (Linsley and Franzini, 1979). A moisture-accounting procedure
can be established by using the continuity equation:

P − R − G0 − Eact = �M (3.5)

where P = precipitation
R = surface runoff

G0 = subsurface outflow
Eact = actual ET
�M = the change in moisture storage

Eact is estimated as

Eact = E0
Mact

Mmax
(3.6)

where Mact = computed soil moisture stage on any date and Mmax = assumed maximum
soil moisture content (Kohler, 1958, from Linsley and Franzini, 1979).

In addition to available soil moisture, plant type is another important component of
actual ET, as certain species require more water than others. A Colorado State University
study in eastern Colorado examined the water requirements of different crops in 12 agri-
cultural areas (Broner and Schneekloth, 2007). On average, corn required 24.6 in/season,
sorghum required 20.5 in/season, and winter wheat required 17.5 in/season. Allen
et al. (1998) present detailed guidelines for computing crop water requirements together
with representative values for various crops. Native vegetation to semiarid and arid en-
vironments is more adept at surviving in low-moisture soils and generates much lower
Eact values than introduced species. Eact increases with increasing plant size and canopy
densities. With regard to stage of development, actively growing plants will transpire at
a much greater rate than dormant plants (Brown, 2000). Wind augments PET by actively
transporting heat from the air to vegetation and by facilitating the transfer of water vapor
from vegetation to the atmosphere. Humidity and temperature together determine the
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VPD, a measure of the “drying power” of the atmosphere. The VPD quantifies the gradi-
ent in water vapor concentration between vegetation and the atmosphere and increases
with increasing temperature and decreasing humidity (Brown, 2000). A less publicized
factor influencing open soil evaporation is soil type. Open soil evaporation occurs in two
phases: a rapid phase involving capillary conduction followed by a long-term, energy-
intensive phase involving vapor diffusion. Initial evaporation rates from coarse-grained
soils are therefore very high, as these soils have high conductivities. However, over time,
fine-grained soils with high porosities yield greater evaporation quantities because of
greater long-term water retention (Wythers et al., 1999). In other words, the conductive
phase lasts much longer for fine-grained soils than coarse-grained soils. Yet for either
soil type, extended dry periods will lead to desiccation of soils through vapor diffusion.

Figure 3.3 shows regional PET patterns across the continental United States, demon-
strating the significance of the above contributing factors. The highest PET values are
found in areas of high temperatures and low humidity, such as the deserts of southeastern
California, southwestern Arizona, and southern Texas (Healy et al., 2007). Mountainous
regions exhibit low PET values because of colder temperatures and the prevalence of
moist air. It is interesting that southern Florida has remarkably high PET rates rivaling
those in desert environments. This may be attributable to the dense vegetative cover of
the subtropical Florida landscape, or the more seasonal trends in annual precipitation
(i.e., more defined rainy and dry seasons).

A very detailed study of ET rates by vegetation in the spring-fed riparian areas of
Death Valley, United States, was performed by the U.S. Geological Survey (USGS). The
study was initiated to better quantify the amount of groundwater being discharged
annually from these sensitive areas and to establish a basis for estimating water rights
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FIGURE 3.3 Potential evapotranspiration map of the continental United States. (From Healy et al.,
2007.)
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and assessing future changes in groundwater discharge in the park (Laczniak et al.,
2006). ET was estimated volumetrically as the product of ET-unit (general vegetation
type) acreage and a representative ET rate. ET-unit acreage was determined from high-
resolution multispectral imagery. A representative ET rate was computed from data
collected in the Grapevine Springs area using the Bowen ratio solution to the energy
budget or from rates given in other ET studies in the Death Valley area. The groundwater
component of ET was computed by removing the local precipitation component from
the ET rate.

Figure 3.4 shows instrumentation used to collect data for the ET computations at
the Grapevine Springs site. The instruments included paired temperature and humidity
probes, multiple soil heat-flux plates, multiple soil temperature and moisture probes, a
net radiometer, and bulk rain gauge. In addition, a pressure sensor was set in a nearby
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(wind speed and direction)
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FIGURE 3.4 Schematic diagram of instrumentation at Grapevine Springs ET site. (From Laczniak
et al., 2006.)
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FIGURE 3.5 Daily evapotranspiration and mean daily groundwater level at Grapevine Springs ET
site, from September 28, 2000, to November 3, 2002 (day numbers 272 and 1038, respectively).
(From Laczniak et al., 2006.)

shallow well to acquire information on the daily and annual water table fluctuation.
Micrometeorologic data were collected at 20-min intervals and water levels were collected
at hourly intervals (Laczniak et al., 2006).

The results of the study show that ET at the Grapevine Springs site generally begins
increasing in late spring and peaks in the early through midsummer period (June and
July). During this peak period, daily ET ranged from about 0.18 to 0.25 in (Fig. 3.5) and
monthly ET ranged from about 5.7 to 6.2 in. ET totaled about 2.7 ft in water year 2001
and about 2.3 ft in water year 2002. The difference in precipitation between the two water
years is nearly equivalent to the difference in annual ET. Annual trends in daily ET show
an inverse relation with water levels—as ET begins increasing in April, water levels
begin declining, and as ET begins decreasing in September, water levels begin rising.
The slightly greater ET and higher water levels in water year 2001, compared with water
year 2002, are assumed to be a response to greater precipitation.

The groundwater component of ET at the Grapevine Springs ET site ranged from 2.1
to 2.3 ft, with the mean annual groundwater ET from high-density vegetation being 2.2 ft
(Laczniak et al., 2006).

3.4 Infiltration and Water Movement Through Vadose Zone
The most significant factors affecting infiltration are the physical characteristics and
properties of soil layers. The rate at which water enters soil cannot exceed the rate at
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which water is transmitted downward through the soil. Thus, soil surface conditions
alone cannot increase infiltration unless the transmission capacity of the soil profile is
adequate. Under conditions where the surface entry rate (rainfall intensity) is slower than
the transmission rate of the soil profile, the infiltration rate will be limited by the rainfall
intensity (water supply). Until the top soil horizon is saturated (i.e., the soil moisture
deficit is satisfied), the infiltration rate will be constant, as shown in Fig. 3.1. For higher
rainfall intensities, all the rain will infiltrate into the soil initially until the soil surface
becomes saturated (θ = θs, h ≥ 0, z = 0), that is, until the so-called ponding time (tp) is
reached. At that point, the infiltration is less than the rainfall intensity (approximately
equal to the saturated hydraulic conductivity of the media) and surface runoff begins.
These two conditions are expressed as follows (Rawls et al., 1993):

−K (h)
∂h
∂z

+ 1 = R θ (0, t) ≤ θs t ≤ tp (3.7)

h = h0 θ (0, t) = θs t ≥ tp (3.8)

where K (h) = hydraulic conductivity for given soil water potential (degree of
saturation)

h = soil water potential
h0 = small positive ponding depth on the soil surface
θ = volumetric water content
θs = volumetric water content at saturation
z = depth from land surface

tp = time from the beginning of rainfall until ponding starts (ponding time)
R = rainfall intensity

The transmission rates can vary at different horizons in the unsaturated soil profile.
After saturation of the uppermost horizon, the infiltration rate is limited to the lowest
transmission rate encountered by the infiltrating water as it travels downward through
the soil profile. As water infiltrates through successive soil horizons and fills in the
pore space, the available storage capacity of the soil will decrease. The storage capacity
available in any horizon is a function of the porosity, horizon thickness, and the amount
of moisture already present. Total porosity and the size and arrangement of the pores
have significant effect on the availability of storage. During the early stage of a storm,
the infiltration process will be largely affected by the continuity, size, and volume of the
larger-than-capillary (“noncapillary”) pores, because such pores provide relatively little
resistance to the infiltrating water. If the infiltration rate is controlled by the transmission
rate through a retardant layer of the soil profile, then the infiltration rate, as the storm
progresses, will decrease as a function of the decreasing storage availability above the
restrictive layer. The infiltration rate will then equal the transmission rate through this
restrictive layer until another, more restrictive, layer is encountered by the water (King,
1992). The soil infiltration capacity decreases in time and eventually asymptotically
reaches the value of overall saturated hydraulic conductivity Ks of the affected soil
column as illustrated in Fig. 3.1.

In general, the infiltration rate decreases with increasing clay content in the soil and
increases with increasing noncapillary porosity through which water can flow freely
under the influence of gravity. Presence of certain clays such as montmorillonite, even
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in relatively small quantities, may dramatically reduce infiltration rate as they become
wet and swell. Runoff conditions on soils of low permeability develop much sooner
and more often than on uniform, coarse sands and gravels, which have infiltration rates
higher than most rainfall intensities.

The soil surface can become encrusted with, or sealed by, the accumulation of fines or
other arrangements of particles that prevent or retard the entry of water into the soil. As
rainfall starts, the fines accumulated on bare soil may coagulate and strengthen the crust,
or enter soil pores and effectively seal them off. A soil may have excellent subsurface
drainage characteristics but still have a low infiltration rate because of the retardant effect
of surface crusting or sealing (King, 1992).

3.4.1 Soil Water Retention and Hydraulic Conductivity
Similar to groundwater flow in the saturated zone, the flow of water in the unsaturated
zone is governed by two main parameters—the change in total potential (hydraulic head)
along the flow path between the land surface and the water table and the hydraulic
conductivity of the soil media. However, both parameters depend on the volumetric
water content in the porous medium; they change in time and space as the soil becomes
more or less saturated in response to water input and output such as infiltration and ET.

Air that fills pores unoccupied by water in the vadose zone exerts an upward suction
effect on water caused by capillary and adhesive forces. This suction pressure of the
soil, also called matric potential, is lower than the atmospheric pressure. It is the main
characteristic of the vadose zone governing water movement from the land surface to
the water table. The water-retention characteristic of the soil describes the soil’s ability
to store and release water and is defined as the relationship between the soil water
content and the matric potential. The water-retention characteristic is also known as
moisture characteristic curve, which when plotted on a graph shows water content at
various depths below ground surface versus matric potential (Fig. 3.6). Again, the matric
potential is always negative above the water table, since the suction pressure is lower than
the atmospheric pressure. The matric potential is a function of both the water content
and the sediment texture: it is stronger in less saturated and finer soils. As the soil
saturation increases, the matric potential becomes “less negative.” At the water table,
the matric potential is zero and equals the atmospheric pressure. Other terms that are
synonymous with matric potential but may differ in sign or units are soil water suction,
capillary potential, capillary pressure head, suction head, matric pressure head, tension,
and pressure potential (Rawls et al., 1993).

As the moisture content increases, suction pressure decreases, causing a correspond-
ing increase in hydraulic conductivity. As a result, soils with high antecedent moisture
contents will support a greater long-term drainage rate than dry soils. At saturation (i.e.,
at and immediately above the water table in the capillary fringe), the hydraulic conduc-
tivity of the soil media is equal to the saturated hydraulic conductivity. Figure 3.7 shows
unsaturated hydraulic conductivity as the function of matric potential for the same two
soil types shown in Fig. 3.6.

3.4.2 Darcy’s Law
Flow in the vadose zone can be best understood through interpretation of Darcy’s
law for unsaturated flow in one dimension. The governing equation (known as the
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Darcy-Buckingham equation) is

q = −K ()
∂ H
∂z

= −K (θ )
∂

∂z
( + z) (3.9)

where q = flow per unit width
K () = unsaturated hydraulic conductivity given as function of matric potential

θ = soil moisture content
H = total water potential
z = elevation potential

 = matric potential or pressure head

The matric and elevation potentials (heads) combine to form the total water potential
(head). Pressure head is negative in the unsaturated zone (causing the “suction” effect),
zero at the water table, and positive in the saturated zone. As in the saturated zone, water
in the vadose zone moves from large to small water potentials (heads).

For deep vadose zones common to the American West, soil hydraulic properties can
be used to simply calculate recharge flux using Darcy’s law. The underlying assumption
of the “Darcian method” is that moisture content becomes constant at some depth, such
that there is no variation in matric potential or pressure head h with depth z and that all
drainage is due to gravity alone (see Fig. 3.8). Under these conditions, the deep drainage
rate is approximately equal to the measured unsaturated hydraulic conductivity (Nimmo
et al., 2002). The equations describing this relationship are the following:

q = −K ()
[

d

dz
+ 1

]
d

dz
≈ 0 (3.10)

q ≈ −K ()
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FIGURE 3.8 Hypothetical moisture-content profiles at four different times of the year. As depth
increases, the variation in moisture content decreases. (From Healy et al., 2007.)
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FIGURE 3.9 Lithology and moisture distribution as a function of depth within a borehole in a deep
vadose zone. (Modified from Serne et al., 2002.)

Alternatively, knowledge of matric potential (pressure head) at different depths enables
direct calculation of recharge flux from the above equation. Velocity of the recharge front
can be calculated by dividing the flux by soil moisture content.

Darcy’s law illustrates the complexity of unsaturated flow, as both hydraulic con-
ductivity and pressure head are functions of the soil moisture content (θ ). Another
crucial factor influencing drainage rates is vadose zone lithology. Deep vadose zones
often have a high degree of heterogeneity, created by distinct depositional periods.
This limits the application of Eq. (3.10). For example, layers of fine-grained clays and
silts are common to deep basins of the American West. As a result, moisture perco-
lating through the vadose zone often encounters low permeability strata, including
calcified sediment layers as shown in Fig. 3.9. Presence of low-permeable intervals in
the vadose zone greatly delays downward migration and may cause significant lateral
spreading. Therefore, the time lag for groundwater recharge may be on the order of
hundreds of years or more for deep vadose zones with fine-grained sediments. Fur-
thermore, moisture is lost to lateral spreading and storage. Detailed lithologic charac-
terization of the vadose zone is essential in quantification of groundwater recharge as
well as in planning and designing artificial recharge systems. Knowledge of site-specific
geology is also helpful in qualitatively understanding the time scale of vadose zone
processes.

Flow through the vadose zone is comparatively less significant in humid environ-
ments with shallow water tables where travel times from the land surface to the water
table are on the order of years or less.
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3.4.3 Equations of Richards, Brooks and Corey, and van Genuchten
Water flow in variably saturated soils is traditionally described with the Richards equa-
tion (Richards, 1931) as follows (van Genuchten et al., 1991):

C
∂h
∂t

= ∂

∂z

(
K

∂h
∂z

− K
)

(3.11)

where h = soil water pressure head or matric potential (with dimension L)
t = time (T)
z = soil depth (L)

K = hydraulic conductivity (LT−1)
C = soil water capacity (L−1) approximated by the slope dθ /dh of the soil water

retention curve θ (h), in which θ is the volumetric water content (L3 L−1).

Equation (3.11) may also be expressed in terms of the water content if the soil profile
is homogeneous and unsaturated (h ≤ 0):

∂θ

∂t
= ∂

∂z

(
D

∂θ

∂z
− K

)
(3.12)

where D = soil diffusivity (L2T−1) defined as

D = K
dh
dθ

(3.13)

The unsaturated soil hydraulic functions in the above equations are the soil water
retention curve, θ (h), the hydraulic conductivity function, K (h) or K (θ ), and the soil water
diffusivity function D(θ ). Several functions have been proposed to empirically describe
the soil water retention curve. One of the most widely used is the equation of Brooks and
Corey (van Genuchten et al., 1991; Šimnek et al., 1999):

θ =
{

θr + (θs − θr)(αh)−λ (h < −1/α)

θs (h ≥ −1/α)
(3.14)

where θ = volumetric water content
θr = residual water content
θs = saturated water content
α = an empirical parameter (L−1) whose inverse (1/α) is often referred to as the

air entry value or bubbling pressure
α = a negative value for unsaturated soils
λ = a pore-size distribution parameter affecting the slope of the retention

function
h = the soil water pressure head, which has negative values for unsaturated soil.
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Equation (3.14) may be written in a dimensionless form as follows:

Se =
{

(αh)−λ (h < −1/α)

1 (h ≥ −1/α)
(3.15)

where Se = effective degree of saturation, also called the reduced water content (0 < Se <

1):

Se = θ − θr

θs − θr
(3.16)

The residual water content θr in Eq. (3.16) specifies the maximum amount of water in
a soil that will not contribute to liquid flow because of blockage from the flow paths or
strong adsorption onto the solid phase (Luckner et al., 1989, from van Genuchten et al.,
1991). Formally, θr may be defined as the water content at which both dθ /dh and K reach
zero when h becomes large. The residual water content is an extrapolated parameter
and may not necessarily represent the smallest possible water content in a soil. This is
especially true for arid regions where vapor phase transport may dry out soils to water
contents well below θr . The saturated water content θs denotes the maximum volumetric
water content of a soil. The saturated water content should not be equated to the porosity
of soils; θs of field soils is generally about 5 to 10 percent smaller than the porosity because
of entrapped or dissolved air (van Genuchten et al., 1991).

The Brooks and Corey equation has been shown to produce relatively accurate results
for many coarse-textured soils characterized by relatively uniform pore- or particle-
size distributions. Results have generally been less accurate for many fine-textured and
undisturbed field soils because of the absence of a well-defined air-entry value for these
soils. A continuously differentiable (smooth) equation proposed by van Genuchten (1980)
significantly improves the description of soil water retention:

Se = 1
[1 + (αh)n]m (3.17)

where α, n, and m are empirical constants affecting the shape of the retention curve
(m = 1 − 1/n). By varying the three constants, it is possible to fit almost any measured
field curve. It is this flexibility that made the van Genuchten equation arguably the most
widely used in various computer models of unsaturated flow and contaminant fate and
transport. Combining Eqs. (3.16) and (3.17) gives the following form of the van Genuchten
equation:

θ (h) = θr + θs − θr

[1 + (αh)n]1− 1
n

(3.18)

One of the widely used models for predicting the unsaturated hydraulic conductivity
from the soil retention profile is the model of Mualem (1976), which may be written in



253G r o u n d w a t e r R e c h a r g e

the following form (van Genuchten et al., 1991):

K (Se) = KsSe

[
f (Se)
f (l)

]2

(3.19)

f (Se) =
Se∫

0

1
h(x)

dx (3.20)

where Se is given by Eq. (3.16) Ks = hydraulic conductivity at saturation, and l = an
empirical pore-connectivity (tortuosity) parameter estimated by Mualem to be about 0.5
as an average for many soils.

Detailed solution of the Mualem’s model by incorporating Eq. (3.17) is given by
van Genuchten et al. (1991). This solution, sometimes called van Genuchten-Mualem
equation, has the following form:

K (Se) = KoSl
e

{
1 − [

1 − Sn/(n−1)
e

]1− 1
n

}2

(3.21)

where Ko is the matching point at saturation, a parameter often similar, but not necessarily
equal, to the saturated hydraulic conductivity (Ks). Fitting the van Genuchten-Mualem
equation to soil data gives good results in most cases. It is important to note that the curve-
fit parameters and those representing matching-point saturation and tortuosity tend to
lose physical significance when fit to laboratory data. Hence, one must remember that
these terms are best described as mathematical constants rather than physical properties
of the soils in question.

Rosetta (Schaap, 1999) and RETC (van Genuchten et al., 1991) are two very useful
public domain programs developed at the U.S. Salinity Laboratory for estimating unsatu-
rated zone hydraulic parameters required by the Richards and van Genuchten equations.
The programs provide models of varying complexity, starting with simple ones such as
percentages of sand, silt, and clay in the soil and ending with rather complex options
where laboratory data are used to fit unknown hydraulic coefficients.

3.5 Factors Influencing Groundwater Recharge

3.5.1 Climate
The simplest classifications of climate are based on annual precipitation. Strahler and
Strahler (1978, p. 129, from Bedinger, 1987) refer to arid climates as having 0 to 250
mm/year precipitation, semiarid as having 250 to 500 mm/year precipitation, and sub-
humid as having 500 to 1000 mm/year precipitation. The soil water balance of Thorn-
thwaite (1948) provides a classification of climate by calculating the annual cycle of soil
moisture availability or deficiency, thus providing measures of soil moisture available
for plant growth. Strahler and Strahler (1978) discuss the worldwide distribution of 13
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climatic types based on the average annual variations of precipitation, PET, and the
consequent soil moisture deficit or surplus. Soil water balance models, which are very
similar to the soil moisture model for classifying worldwide climate, have been devel-
oped to estimate recharge. These models utilize more specific data, such as soil type and
moisture-holding capacity, vegetation type and density, surface-runoff characteristics,
and spatial and temporal variations in precipitation. Various soil water balance models
used in estimating recharge in arid and semiarid regions of the world are discussed by
Bedinger (1987), who includes an annotated bibliography of 29 references. The estimated
recharge rates have wide scatter, which is attributed to differences in applied methods,
real differences in rates of infiltration to various depths and net recharge, and varying
characteristics of soil types, vegetation, precipitation, and climatic regime.

Based on a detailed study of a wide area in the mid-continental United States span-
ning six states, Dugan and Peckenpaugh (1985) concluded that both the magnitude and
the proportion of potential recharge from precipitation decline as the total precipitation
declines (see Fig. 3.10), although other factors including climatic conditions, vegetation,
and soil type also affect potential recharge. The limited scatter among the points in Fig.
3.10 indicates a close relationship between precipitation and recharge. Furthermore, the
relationship becomes approximately linear where mean annual precipitation exceeds 30
in and recharge exceeds 3 in. Presumably, when the precipitation and recharge are less
than these values, disproportionably more infiltrating water is spent on satisfying the
moisture deficit in dry soils. The extremely low recharge in the western part of the study
area, particularly Colorado and New Mexico, appears to be closely related to the high
PET found in these regions. Seasonal distribution of precipitation also shows a strong
relationship to recharge. Areas of high cool-season precipitation tend to receive higher
amounts of recharge. Where PET is low and long winters prevail, particularly in the
Nebraska and South Dakota parts of the study area, effectiveness of cool-season precipi-
tation as a source of recharge increases. Overall, however, when cool-season precipitation
is less than 5 in, recharge is minimal. Dugan and Peckenpaugh (1985) conclude that gen-
eralized patterns of potential recharge are determined mainly by climatic conditions.
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FIGURE 3.10 Computed mean annual recharge using soil moisture program versus mean annual
precipitation, by model grid element, in mid-continental United States. (Modified from Dugan and
Peckenpaugh, 1985.)
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FIGURE 3.11 Schematic of mountain block contribution to recharge of a groundwater system.
(From Wilson and Guan, 2004; copyright American Geophysical Union.)

Smaller variations within local areas, however, are related to differences in land cover,
soil types, and topography.

A large portion of groundwater recharge is derived from winter snowpack, which
provides a slow, steady source of infiltration. Topographically, higher elevations typically
receive more precipitation, including snow, than valleys or basins. Coupled with low PET,
they produce ideal recharge conditions. This fact is especially important in areas such as
the Basin and Range province of the United States where the so-called mountain block
recharge (MBR) is critical component of a groundwater system water balance (Fig. 3.11;
Wilson and Guan, 2004). High-elevation recharge produces the confined aquifer condi-
tions that millions of people rely on for potable water. Snowmelt recharge in mountain
ranges occurs in a cyclical pattern, described as follows (Flint and Flint, 2006):

� During daytime, snowmelt infiltrates thin surface soils and migrates down to
the soil-bedrock interface.

� The soil-bedrock interface becomes saturated, and once the infiltration rate ex-
ceeds the bulk permeability of the bedrock matrix, moisture enters the bedrock
fracture system.

� At night, snow at the ground surface refreezes while stored moisture in surface
soils drains into the bedrock.

This wetting-drying cycle of snowmelt recharge minimizes surface water runoff and
promotes infiltration. Rapid snowmelt produces surface runoff, which also significantly
contributes to basin groundwater recharge along the mountain front.

Snowmelt can provide critical recharge for low-lying areas where PET is high. The
snowpack in such areas is usually smaller than that at higher elevations, but often
snowmelt still provides the vast majority of recharge in a calendar year. Thanks to the
presence of a major Department of Energy site, many studies have been conducted in
Hanford, Washington, to quantify recharge on the Columbia Plateau. Lysimeters were
installed below numerous sites of differing vegetative cover, including sand dunes, grass-
lands, riparian areas, and agricultural fields. The results revealed that snowmelt plays
an integral role in groundwater recharge on the plateau, as shown in Figs. 3.12 and
3.13. During winter months at Hanford, temperatures cool enough to lower PET rates.
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FIGURE 3.12 Soil water content at two depths and snow cover in Hanford, WA. (Modified from Fayer
et al., 1995.)

When temperatures rise above freezing, snowmelt occurs, resulting in infiltration. Rapid
snowmelt may lead to ponding of water where slopes are insignificant, creating pro-
longed infiltration periods (Fayer and Walters, 1995). Figure 3.12 also illustrates how
years of limited snow cover produce much less recharge than years with extended du-
rations of snow cover, a very important fact when considering the potential impact of
climate change on snowpack and groundwater recharge.
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FIGURE 3.13 Water storage variations for two groups of lysimeters during snowmelt at Hanford
Site. The two groups were installed in different soils illustrating the importance of soil type on
recharge rate. (Modified from Fayer et al., 1995.)
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FIGURE 3.14 Simulated recharge rates for Ephrata sandy loam and three different vegetation
covers, Hanford Site, WA. (From Fayer and Walters, 1995.)

Variations of precipitation and air temperature are also very important for recharge.
In some years it may never rain (or snow) enough to cause any recharge in semiarid
climates with high PET. Even that portion of rainfall that infiltrates into the shallow
subsurface may be evapotranspired back to the atmosphere before it percolates deeper
than the critical depth of ET. Higher air temperatures cause more ET from the shallow
subsurface and a higher soil moisture deficit (drier soil).

The impact of vegetative cover on recharge also depends on climatic variations. Dur-
ing drier and warmer years, plants will uptake a higher percentage of the infiltrated water
than during average years, and this will also vary for different plant species. What all this
means is that the relationship between precipitation and actual groundwater recharge is
not linear; simply adopting values of certain quantitative parameters measured during 1
or 2 years, as representative of the long-term groundwater recharge would be erroneous.
Figure 3.14 illustrates some of the above points. Recharge rates for a 30-year period were
simulated for different vegetation covers based on extensive site-specific, multiyear field
analyses of various soil properties, vegetation root density, root water uptake, and infil-
tration rates (Fayer and Walters, 1995). The starting point for all three simulations was
the same soil water content in 1957. The model-simulated recharge rates show two orders
of magnitude difference in recharge for soil with bunchgrass, compared to one order of
magnitude difference for nonvegetated soil. At the same time, there is much less overall
variation in recharge for the vegetated than for the nonvegetated soil.

The above short discussion on the role of climate variability shows that in any given
case (e.g., vegetated or nonvegetated soil, type of vegetative cover, and type of soil), it
is very important to account for the type and temporal variability of precipitation, as
well as the variability of air temperature, if one were to base groundwater management
decisions on any time-dependent basis.

3.5.2 Geology and Topography
When soil cover is thin or absent, the lithologic and tectonic characteristics of the bedrock
play dominant roles in aquifer recharge. Fractured bedrock surface and steep or vertical
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FIGURE 3.15 Subvertical layers of limestone near land surface and thin residuum enhance aquifer
recharge. Zlatar karst massif in western Serbia.

bedding greatly increase infiltration (Fig. 3.15), while layers of unfractured bedrock slop-
ing at the same angle as the land surface may almost completely eliminate it.

Mature karst areas, where rock porosity is greatly increased by dissolution, generally
have the highest infiltration capacity of all geologic media. For example, actual aquifer
recharge rates of over 80 percent of total precipitation, even for high-intensity rainfall
events of more than 250 mm/day, have been routinely recorded in classic karst areas of
Montenegro. These rates were determined by measuring flow of large temporary karst
springs, which would become active within only a few hours after the start of rainfall.
Several temporary springs in the area have recorded maximum discharge rate of over
300 m3/s and are among the largest such springs in the world (Fig. 3.16).

Steeper slopes, with the same vegetative cover and soil permeability, generally have
more runoff and less infiltration. Depressions in land surface collect runoff and retain
water longer, thus enhancing infiltration. Topography also plays a significant role on
the general influence of various hydrometeorologic factors: precipitation in most cases
increases with elevation, mountains create precipitation shadows on the leeward side,
and snow accumulates behind surface barriers where it stays longer and can significantly
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FIGURE 3.16 Karst spring Sopot on the Adriatic coast of Montenegro discharging over 200 m3/s
within 24 h of a summer storm. Before the storm, the spring was completely dry. (Photograph
courtesy of Igor Jemcov.)

contribute to increased infiltration as discussed earlier; the same is true for northern
slopes.

3.5.3 Land Cover and Land Use
Because of the time lag between surface water processes, including infiltration, and the
actual groundwater recharge arriving at the water table, it is very important to take into
consideration historic land use and land cover changes when estimating representative
recharge rates. It is equally important to consider future land use changes when making
predictions or when modeling groundwater availability.

Three main trends in land use and the associated human-induced changes in land
cover have been taking place worldwide and disrupting natural hydrologic cycles: (1)
conversion of forests into agricultural land, mostly a practice still taking place in un-
developed countries; (2) rapid urbanization in undeveloped and developing countries
converting all other land uses into urban land; and (3) rapid decentralization of cities, par-
ticularly in the United States, where urban sprawl has changed the American landscape
and resulted in deeply entrenched social and environmental problems. Urban devel-
opment and the creation of impervious surfaces beyond a city core inevitably result in
increase of runoff and soil erosion. In turn, this reduces infiltration potential and ground-
water recharge. Increased sediment load carried by surface streams often results in the



260 C h a p t e r T h r e e

formation of fine-sediment deposits along stream channels, which reduces hydraulic con-
nectivity and exchange between surface water and groundwater in river flood plains.
Clear-cutting of forests also alters the hydrologic cycle and results in increased erosion
and sediment loading to surface streams. Conversion of low-lying forests into agricul-
tural land may increase groundwater recharge, especially if it is followed by irrigation.
However, it is important to remember that often this additional recharge is irrigation
return, and the origin of water may be the underlying aquifer in question. In such case,
irrigation return would be a small fraction of the groundwater originally pumped. In con-
trast, cutting of forests in areas with steeper slopes will generally decrease groundwater
recharge because of the increased runoff, except in cases of very permeable bedrock, such
as karstified limestone at or near land surface.

The evolution of land use in the United States follows a typical pattern outlined by
Taylor and Acevedo (2006). During the eighteenth and nineteenth centuries, natural for-
est or grassland habitat was extensively converted to agricultural use. The industrial
revolution of the late nineteenth and early twentieth centuries spurred urban develop-
ment and massive migration to city centers. Agricultural land was extensively reforested
during this time period, either naturally or artificially. Following World War II, devel-
opment patterns took on a more “modern” approach, as people moved out of cities into
peripheral suburban communities. During this phase, which is still taking place, both
agricultural and forested lands are converted to residential, commercial, and industrial
areas, as jobs tend to rapidly follow Americans to the suburbs. Figure 3.17 shows land
use changes in central and southern Maryland, an area experiencing dramatic sprawl
due to expansion from Washington, DC, and Baltimore metropolitan areas.

Using the SCS CN method, one can approximate changes in runoff over time in the
study area. Data from the Cub Run Watershed in Northern Virginia illustrate how land
use changes impact runoff. A weighted approach to the SCS method was applied to
derive one CN for the entire watershed. The basic procedure is multiplying the percent
of the watershed comprising a certain land use by the CN corresponding to that land
use and then calculating the summation of all such products. The study in the Cub Run
Watershed begins in 1990, well after the transition from agricultural land to forest land.
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FIGURE 3.17 Land use changes in Central and Southern Maryland, 1850–1992. (From Taylor and
Acevedo, 2006.)
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FIGURE 3.18 Runoff changes in Cub Run watershed, northern Virginia.

Between 1990 and 2000, land was rapidly converted to urban use, consisting of higher
density residential and commercial developments (Dougherty et al., 2004). The effects of
these changes result in an approximate 15 percent increase in runoff from the watershed,
as shown in Fig. 3.18. The increase in runoff means less groundwater recharge in the
watershed and more erosion of streambanks and impairment of water quality.

A similar analysis for watersheds in California reveals the same trend, namely, that
rapid urbanization leads to exponential growth in runoff (Warrick and Orzech, 2006).
Figure 3.19 shows the annual average discharge normalized by precipitation for four
rivers in Southern California from 1920 to 2000. The construction of dams for flood control
purposes on the Santa Ana and Los Angeles rivers only temporarily delayed dramatic
increases in river discharge. A significant portion of this runoff was once groundwater
recharge, placing further strain on over-allocated aquifers in the region. Figure 3.20 shows
how the cumulative sediment discharge of the Santa Ana River also increased between
1970 and 2000 as a consequence of urbanization and the increase in runoff. This and
many other similar studies show that city planners and water managers must promote
infiltration in urban and suburban environments, both to reduce runoff and erosion and
to sustain groundwater resources.

As previously discussed, urban development often causes decreases in infiltration
rates and increases in surface runoff because of the increasing area of various imper-
vious surfaces (rooftops, asphalt, and concrete). However, Table 3.2 illustrates that the
infiltration rate varies significantly within an urban area based on actual land use. This
is particularly important when evaluating fate and transport of contaminant plumes,
including development of groundwater models for such diverse areas. For example, a
contaminant plume may originate at an industrial facility, with high percentage of im-
pervious surfaces resulting in hardly any actual infiltration, and then migrate toward a
residential area where infiltration rates may be rather high because of the open space
(yards) and irrigation (watering of lawns).

Agricultural activities have had direct and indirect effects on the rates and com-
positions of groundwater recharge and aquifer biogeochemistry. Direct effects include
dissolution and transport of excess quantities of fertilizers and associated materials and
hydrologic alterations related to irrigation and drainage. Some indirect effects include
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FIGURE 3.19 The time history of the relationship between river discharge and precipitation for
southern California rivers showing increases in discharge with respect to precipitation. All records
have been normalized by the annual precipitation measured at Santa Ana, CA. Solid lines show
10-year means; shadings are 1 standard deviation about the means. (From Warrick and Orzech,
2006.)

changes in water-rock reactions in soils and aquifers caused by increased concentrations
of dissolved oxidants, protons, and major ions. Agricultural activities have directly or
indirectly affected the concentrations of a large number of inorganic chemicals in ground-
water, such as NO−

3 , N2, Cl, SO4
2−, H+, P, C, K, Mg, Ca, Sr, Ba, Ra, and As, as well as a

wide variety of pesticides and other organic compounds (Böhlke, 2002).

3.6 Methods for Estimating Groundwater Recharge
Direct quantitative measurements of groundwater recharge flux, actually arriving at the
water table and determined as volume per time (e.g., ft3/day or m3/day) are often-
cost prohibitive or not feasible. Installation, operation, and maintenance of lysimeters,
which are the only devices capable of direct measurement of the recharge flux in vadose
zone, are very expensive. Moreover, because of the inherent heterogeneity of soils, many
lysimeters would be needed for any reliable estimate of recharge at a scale greater than
the extent of one single lysimeter. In semiarid and arid regions with deep water tables,
installation of lysimeters is not feasible. Most likely because of these simple facts every
now and then a prominent hydrogeologists has to remind decision makers that “project
designs and management strategies need to be flexible enough not to require radical
change if initial predictions prove wrong, due to incorrect assumptions about recharge
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FIGURE 3.20 Cumulative sediment loads for the Santa Ana River and Santa Clara during 1965 to
2000. Dashed line represents a constant relationship in sediment loads; gray shade is the
accumulated standard error of the cumulative loads. Inserts represent sediment load pattern for
the Santa Ana River. (From Warrick and Orzech, 2006.)

rates and other hydrogeological factors” (Foster, 1988). Similarly, “Groundwater recharge
estimation must be treated as an iterative process that allows progressive collection of
aquifer-response data and resource evaluation. In addition, more than one technique
needs to be used to verify results” (Sophocleous, 2004).

Indirect estimates of groundwater recharge have numerous limitations, particularly
in arid environments. First and foremost, calculations are highly sensitive to changes
in physical and empirical matric head-moisture curve fit parameters. This problem is

Area Precipitation Recharge
Land Use and Land Cover (mi2) (in/yr) (in/yr) Recharge %

Undeveloped and nonbuilt-up 641 44.2 24.1 54.5
Residential 13 43.3 12.7 29.3
Built-up 35 45.0 13.3 29.6
Urban 99 43.7 8.1 18.5
All categories 788 44.2 21.4 48.4

Modified from Lee and Risley (2002).

TABLE 3.2 Estimates of Mean Annual Recharge on the Basis of Mean Annual Precipitation,
Generalized Surficial Geology, and Land Use and Land Cover Categories from the Willamette
Lowland Regional Aquifer System Analysis
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exacerbated at low moisture contents in arid environments, where order of magnitude
changes in flux result from small variations in physical measurements. These difficulties
are especially problematic for the Darcian and numerical modeling methods, which rely
on limited point measurements of pressure head, unsaturated hydraulic conductivity,
and moisture content. The water table fluctuation method experiences similar problems
in semiarid settings due to the significant time lag between infiltration at the ground
surface and a corresponding rise in the water table (Sophocleous, 2004).

Another major problem with indirect physical methods is their reliance on idealized,
theoretical equations, which do not accurately depict flow mechanisms in the vadose
zone. It has been known for decades that infiltration occurs in the form of an uneven
front even in seemingly homogeneous soils. This can be explained by a number of differ-
ent mechanisms that can form such preferential flow paths (“channeling”): wormholes,
fractures, dendritic networks of enhanced moisture, and contact points of differing soil
media (Nimmo, 2007). Water velocity through these “macropores” is often an order of
magnitude greater than movement through the soil matrix. The macropores issue may
further complicate measurement in semiarid and arid environments, where normally
dry fractures may only become activated after threshold rainfall events. In humid envi-
ronments, higher moisture contents persist in surface soils and there is less sensitivity
with regard to pressure head and unsaturated hydraulic conductivity. The water table
fluctuation method is also more useful, as immediate changes in water table elevation
are visible after recharge events (Sophocleous, 2004). To summarize, indirect physical
methods are better suited in humid climates where water managers can have a better
handle on the water balance. Heterogeneity and hydraulic sensitivity dominate semiarid
and arid environments, where the influence of preferential flow through macropores fur-
ther compromises accuracy of recharge estimates. When measured physical parameters
fall in the dry range, recharge flux calculations are often in error by at least an order of
magnitude (Sophocleous, 2004). Recommendations on choosing appropriate techniques
for quantifying groundwater recharge are given by Scanlon et al. (2002).

3.6.1 Lysimeters
The most common procedure for direct physical measurement of recharge flux (net in-
filtration) involves the construction of lysimeters. Lysimeters are vessels filled with soil
that are placed below land surface and collect the percolating water. The construction
and design of lysimeters vary significantly depending on their purpose. Figures 3.21 and
3.22 show one of the most elaborate and expensive lysimeter facilities today, designed
to directly measure various quantitative and qualitative parameters of water migrating
through the vadose zone. Lysimeter stations may be equipped with a variety of auto-
mated instruments including tensiometers, which measure matric potential at different
depths and instruments that measure actual flux (flow rate) of infiltrating water at dif-
ferent depths. Some stations may also include piezometers for recording water table
fluctuations. Water quality parameters may also be measured and recorded automati-
cally.

Worldwide, the primary use of lysimeters was traditionally in agricultural studies,
although more recently their use is increasing in general groundwater studies for water
supply and contaminant fate and transport. Data collected from lysimeters is often used
to calibrate empirical equations or numeric models for determining other water balance
elements such as evapotranspiration.
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FIGURE 3.21 Array of lysimeters operated by Helmholtz Center Munich—German Research Center
for Environmental Health (GmbH). (Photograph courtesy of Dr. Sascha Reth.)

FIGURE 3.22 Below ground view of one of the lysimeters shown in Fig. 3.21. Various sensors and
sampling equipment collect data for multidisciplinary studies, including water budget and
groundwater recharge. (Photograph courtesy of Dr. Sascha Reth.)
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Lysimeters may have varying degrees of surface vegetation and may contain dis-
turbed or undisturbed soil. The clear advantage of lysimeters is that they enable direct
measurement of the quantity of water descending past the root zone over a time period
of interest. Net infiltration flux is easily calculated from these measurements, eliminating
much uncertainty in surficial processes such as ET and runoff. Lysimeters also capture
infiltration moving rapidly through preferential flow pathways like macropores and
fractures. The main disadvantages of lysimeters are their expensive construction costs
and difficult maintenance requirements. These costs generally limit the total depth of
lysimeters to about 10 ft, which inhibits direct correlation of net infiltration with actual
groundwater recharge, since low-permeability clay layers may lie below the bottom of
the lysimeter (Sophocleous, 2004). Additionally, lysimeters constructed with disturbed
soils may have higher moisture contents, possibly skewing measurement results and
overestimating recharge.

A major difficulty when extrapolating lysimeter data to a wider aquifer recharge area
is the inevitably high variability in soil and vegetative characteristics. A recent study by
the USGS (Risser et al., 2005a) illustrates this problem. Data collected from seven lysime-
ters installed on a 100 ft2 plot show that the coefficient of variation between monthly
recharge rates at individual lysimeters is greater than 20 percent for 6 months, with the
June, July, and August values of about 50, 100, and 60 percent, respectively. Coordinat-
ing direct measurements with a water balance or water table fluctuation approximation
on a larger scale may help resolve some of the scale problems associated with point
measurements using lysimeters.

3.6.2 Soil Moisture Measurements
Small negative pressure heads (less than about 100 kPa) in the unsaturated zone can be
measured with tensiometers, which couple the measuring fluid in a manometer, vac-
uum gauge, or pressure transducer to water in the surrounding partially saturated soil
through a porous membrane. The pressure status of water held under large negative
pressures (greater than 100 kPa) may be measured using thermocouple psychrometers,
which measure the relative humidity of the gas phase within the medium and with heat
dissipation probes or HDPs (Lappala et al., 1987; McMahon et al., 2003). The measuring
instrumentation may be permanently installed in wells screened at different depths to
measure soil moisture profile in the vadose zone, or measurements may be performed on
a temporary basis using direct push methods, such as cone penetrometers equipped with
tension rings. In shallow applications, soil moisture probes can be installed in trenches.

By simultaneously measuring the matric potential and the moisture content at same
vertical locations during different hydrologic conditions (e.g., prior, during, and after
periods of major recharge), it is possible to plot several moisture characteristic curves,
which then enables accurate determination of the unsaturated hydraulic conductivity
and calculations of flow rates and velocities in the unsaturated zone. This method also
helps to distinguish between the relative proportions of net water loss to evaporation
(upward water movement) and drainage (downward water movement) by establishing
a plane of zero potential gradient, called “zero flux” plane (Fig. 3.23).

3.6.3 Water Table Fluctuations
Rise in water table after rainfall events is the most accurate indicator of actual aquifer
recharge. It can also be used to estimate the recharge rate, which is assumed to be equal
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to the product of water table rise and specific yield (Fig. 3.24):

R = Sy�h (3.22)

where R = recharge (L)
Sy = specific yield (dimensionless)

�h = water table rise (L).
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FIGURE 3.24 Principle of water table fluctuation method for estimating recharge.
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Because of its simplicity and general availability of water-level measurements in
most groundwater projects, the water table fluctuation method may be the most widely
used method for estimating recharge rates in humid regions.The main uncertainty in
applying this approach is the value of specific yield, which, in many cases, would have
to be assumed.

An important factor to consider when applying water table fluctuation method is
the frequency of water-level measurement. Delin and Falteisek (2007) point out that
measurements made less frequently than about once per week may result in as much as
a 48-percent underestimation of recharge based on an hourly measurement frequency.

Zaidi et al. (2007) used the double water table fluctuation method and an extensive
network of observation wells to calculate water budget for a semiarid crystalline rock
aquifer in India. The monsoonal character of rainfall in the area allows division of the
hydrologic year into two distinct dry and wet seasons and application of the following
water budget equation twice a year:

R + RF + Qin = E + PG + Qout + Sy�h (3.23)

where two parameters, natural recharge, R, and specific yield, Sy, are unknown. Water
table fluctuations, �h, are measured, and other components of the water budget are
independently estimated: RF is the irrigation return flow, Qin and Qout are horizontal
inflows and outflows in the basin, respectively, E is evaporation, and PG is groundwater
extraction by pumping. The method is called the “double water table fluctuation” be-
cause the equation is applied two times (for wet and dry season) so that both unknowns
(recharge and specific yield) can be solved. This eliminates inaccuracies associated with
estimating specific yield at large field scales.

3.6.4 Environmental Tracers
Environmental tracers have been irreplaceable in groundwater sustainability studies,
as they provide answers about contemporary and historic recharge rates at time scales
varying from days to thousands of years. They are useful in finding answers about pos-
sible mixing of groundwater of different age and origin within a groundwater system, or
sources of groundwater recharge. They are also used to assess impacts and effectiveness
of artificial recharge. In the unsaturated zone, environmental tracers mirror soil mois-
ture movement, providing a sound means for estimating present-day recharge. Tracer
methods are a good alternative to physical estimation in arid environments with low
recharge fluxes, as tracer concentration measurements are much more precise than those
of soil hydraulic properties. Environmental tracers also provide the only reliable means
of quantifying the influence of preferential flow networks and macropores. Tracers are
able to move together with soil moisture through such regions of preferential flow and
are therefore invaluable for contaminant fate and transport analyses. As discussed by
Sophocleous (2004), tracer studies are often surprising and cast doubt on the utility of
physical methods of recharge assessment based on vadose zone investigations. A classic
example is an attempt to quantify recharge at grassland and irrigated sites above the
High Plains (Ogallala) aquifer. Using Darcian methodology based on physical vadose
zone measurements, the calculated flux below the root zone ranged from 0.1 to 0.25
mm/year for a grassland site. Alternative analysis of chloride profiles led to estimates
of 2.5 to 10 mm/year at the same exact location. This discrepancy of one to two orders
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of magnitude shows that preferential flow in some cases may be a dominant recharge
mechanism and illustrates the major need for more research in this area (Sophocleous,
2004).

Environmental tracers commonly used to estimate the age of young groundwater
(less than 50 to 70 years old) are the chlorofluorocarbons (CFCs) and the ratio of tritium
and helium-3 (3H/3He). Because of various uncertainties and assumptions that are as-
sociated with sampling, analysis, and interpretation of the environmental tracer data,
groundwater ages estimated using CFC and 3H-3He methods are regarded as apparent
ages and must be carefully reviewed to ensure that they are geochemically consistent
and hydrologically realistic (Rowe et al., 1999). Isotopes typically used for the determina-
tion of older groundwater ages are carbon-14, oxygen-18 and deuterium, and chlorine-
36, with many other isotopes are increasingly studied for their applicability (Geyh,
2000).

Although reference is often made to dating of groundwater, the age actually applies to
the date of introduction of the tracer substance and not the water. Unless one recognizes
and accounts for all the physical and chemical processes that affect the concentrations
of an environmental tracer in the aquifer, the tracer-based age is not necessarily equal
to the transit time of the water (Plummer and Busenberg, 2007). The concentrations of
all dissolved substances are affected, to some extent, by transport processes. For some
tracers, the concentrations can also be affected by chemical processes, such as degradation
and sorption during transit. For this reason, the term “age” is usually qualified with the
word “model” or “apparent,” i.e., “model age” or “apparent age.” The emphasis on model
or apparent ages is needed because simplifying assumptions regarding the transport
processes are often made and chemical processes that may affect tracer concentrations
are usually not accounted for (Plummer and Busenberg, 2007).

Detailed international field research on the applicability of isotopic and geochemical
methods in the vadose (unsaturated) zone for groundwater recharge estimation was
coordinated by the International Atomic Energy Agency (IAEA) during 1995 to 1999,
with results obtained from 44 sites mainly in arid climates (IAEA, 2001). Information
on the physiography, lithology, rainfall, vadose zone moisture content, and chemical
and isotopic characteristics was collected at each profiling site and used to estimate
contemporary recharge rates (see Table 3.3 for examples).

The best source for numerous studies on the application of various environmental iso-
topes in surface water and groundwater studies are the proceedings of the international
conferences organized by the IAEA as well as the related monographs published by the
agency, many of which are available for free download at its Web site (www.iaea.org).

Chloride
Mass balance of a natural environmental tracer in the soil pore water may be used to
measure infiltration where the sole source of the tracer is atmospheric precipitation and
where runoff is known or negligible. The relationship for a steady-state mass balance is
(Bedinger, 1987)

Rq = (P − Rs)
Cp

Cz
(3.24)

where Rq (infiltration) is a function of P (precipitation), Rs (surface runoff), Cp (tracer
concentration in precipitation), and Cz (tracer concentration in the soil moisture). In an

www.iaea.org
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Mean Vadose Rainfall Mean
Precipitation Zone Cl Content Recharge

Country (mm/a) Depth (m) (mg/L) (mm/a)

Jordan
Jarash 480 21 10 28
Azraq 67 7 61 2

Saudi Arabia
Qasim 133 18 13 2

Syria
Damascus Oasis 220 21 7 2–6

Egypt
Rafaa 300 20 16 18–24

Nigeria
Mfi 389 10 — <1

From Puri et al. (2006).

TABLE 3.3 Rates of Contemporary Recharge at Six Sites in Arid Climate Based on Isotopic and
Geochemical Investigations of Contemporary Groundwater Recharge at Sites with Arid Climate.

ideal model, the tracer content of soil water increases with depth due to the loss of soil
water to ET and conservation of tracer. The tracer content of soil water attains a maximum
at the maximum depth of ET. The model postulates a constant content of tracer in the
soil moisture from this point to the water table.

The mass balance Eq. (3.24) assumes that recharge occurs by piston flow. However,
it has been shown that diffusion and dispersion are important components of tracer flux
in the unsaturated zone. Johnston (1983, from Bedinger, 1987) proposed the following
equation for mass balance where runoff is negligible:

PCp = −Ds − ∂C
∂ Z

+ Cz Rq (3.25)

where Ds is the diffusion-dispersion coefficient; ∂C/∂Cz is the rate of change in soil
moisture concentration with depth; and P , Cz, and Rq are as defined in Eq. (3.24).

Departures from the ideal model of tracer variation with depth are common and have
been attributed to changes in land use, such as clearing of native vegetation, replacement
of native vegetation by cropped agriculture, bypass mechanisms for infiltrating water
through the soil profile, and changes in climate (Bedinger, 1987).

Chloride (Cl) is a widely used environmental tracer since it is conservative and highly
soluble. Knowledge of wet and dry deposition cycles of Cl on the ground surface can be
used in conjunction with vadose zone samples to determine the recharge rate at a site.
Chloride is continuously deposited on the land surface by precipitation and dry fallout.
The high solubility of Cl enables its transport into the subsurface by infiltrating water.
Because Cl is essentially nonvolatile and its uptake by plants is minimal, it is retained
in the sediment when water is removed by evaporation and transpiration. An increase
in Cl within the root zone of the shallow subsurface, therefore, is proportional to the
amount of water lost by ET (Allison and Hughes, 1978, from Coes and Pool, 2005). Izbicki
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(2002) cites high Cl concentrations near the base of the root zone as proof that ground-
water recharge is not occurring at desert sites removed from intermittent washes or
arroyos.

In areas where active infiltration is occurring, an increase in Cl in the shallow subsur-
face will generally be absent, and concentrations will be very low through the unsaturated
zone. In areas where little to no active infiltration is occurring, an increase in Cl in the
shallow subsurface will be present. After reaching maximum they will stay relatively
constant down to the water table. However, there are published studies showing that
Cl concentrations in arid areas with little infiltration may decrease below the peak con-
centration in the root zone due to varying factors such as paleoclimatic variations and
nonpiston flow (Coes and Pool, 2005).

If the Cl deposition rate on the land surface is known, the average travel time of Cl
(tCl) to a depth in the unsaturated zone (z) can be calculated as (Coes and Pool, 2005)

tCl =
∫ z

0 Clsoil dz
Cldep

(3.26)

where Clsoil is chloride mass in the sample interval (M/L3) and Cldep is chloride de-
position rate (M/L2/t). The above equation entails several assumptions: (1) flow in the
unsaturated zone is downward vertical and piston type, (2) bulk precipitation (precipi-
tation plus dry fallout) is the only source of Cl and there are no mineral sources of Cl, (3)
the Cl deposition rate has stayed constant over time, and (4) there is no recycling of Cl
within the unsaturated zone.

Figure 3.25 shows examples of chloride and tritium concentrations in a thick unsat-
urated zone in the semiarid climate of Arizona, the United States.
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FIGURE 3.25 Determination of basin floor infiltration at borehole BF1, Sierra Vista sub-watershed,
AZ. (a) Sediment chloride and pore water tritium data; tritium values include standard error of
estimate bars. (b) Residence time and infiltration flux calculated from chloride data. (From Coes
and Pool, 2005.)
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Tritium
Tritium (3H), a naturally occurring radioactive isotope of hydrogen with a half-life of
12.43 years, has been used extensively as a hydrologic tracer and dating tool. It is pro-
duced naturally in the upper atmosphere by bombardment of nitrogen with cosmic
radiation and, although few measurements are available, it is estimated that the natural
concentration of tritium in precipitation is between 5 and 20 TU (Kauffman and Libby,
1954). Large quantities of tritium were released to the atmosphere during thermonuclear-
weapons testing from 1952 until the late 1960s, with maximum releases occurring in the
early 1960s. As a result, the amount of tritium in precipitation sharply increased during
testing as tritium was introduced into the water cycle and decreased after testing ended.
The atmospheric-testing peak therefore provides an absolute time marker from which
to estimate groundwater age. However, because radioactive decay and hydrodynamic
dispersion have greatly reduced maximum tritium concentrations in groundwater, iden-
tification of the 1960s atmospheric-testing peak has become increasingly difficult. The
interpretation of ages from tritium data alone is further complicated by the fact that
monitoring and extraction wells are commonly screened over intervals that represent a
wide range of groundwater ages.

The amount of tritium in subsurface water at a given time is a function of the amount
of tritium in the atmosphere when infiltration occurred and the radioactive decay rate of
tritium. If flow in the unsaturated zone is assumed to be downward vertical and piston
type, the average infiltration flux (qi), can be estimated by (Coes and Pool, 2005)

qi = �z
�t

θv (3.27)

where z = depth to maximum tritium activity (L)
t = elapsed time between sampling and maximum historic atmospheric

tritium activity (T)
θv = volumetric soil water content (L3/L3).

Changes in the amount of tritium in precipitation through time, radioactive decay,
hydrodynamic dispersion, and mixing water of different ages in the subsurface typically
preclude the use of this isotope for quantitatively estimating groundwater residence
times. In many cases, qualitative observations may be the best use of tritium data (Clark
and Fritz, 1997, from Kay et al., 2002). The most accurate use of the data is to indicate pre-
or post-1952 groundwater recharge. For a well-defined hydrologic system, analysis of
the tritium input function may provide sufficient information to make quantitative age
estimates for groundwater in the system. More complex flow systems generally require
more complex models to quantitatively use the tritium data (Plummer et al., 1993). Time-
sequence data and multidepth samples also are required to accurately date groundwater
horizons using tritium data.

Assuming that piston-flow conditions (no dispersion or mixing) are applicable, Clark
and Fritz (1997, from Kay et al., 2002) provide the following guidelines for using the
tritium data: (1) groundwater that contains less than 0.8 TU and is underlying regions
with continental climates has recharged the water table prior to 1952, (2) water with
0.8–4 TU may represent a mixture of water that contains components of recharge from
before and after 1952, (3) tritium concentrations from about 5 to 15 TU may indicate
recharge after about 1987, (4) tritium concentrations between about 16 and 30 TU are
indicative of recharge since 1953 but cannot be used to provide a more specific time of
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recharge, (5) water with more than 30 TU probably is from recharge in the 1960s or 1970s,
and (6) water with more than 50 TU predominately is from recharge in the 1960s. The
continuing depletion of the artificial tritium in the environment will likely reduce its
future usefulness in the groundwater studies.

Tritium-Helium-3 (3H-3He)
The 3H/3He method was developed to remove the ambiguity associated with tritium age
estimation. Radioactive decay of tritium produces the noble gas helium-3 (3He). Deter-
mination of the 3H/3He ratio, therefore, can be used to estimate the apparent date when
a sample of water entered the aquifer as recharge. Because these substances virtually
are inert in groundwater, unaffected by groundwater chemistry, and not derived from
anthropogenic contamination, 3H/3He dating can be applied to a wide range of hydro-
logic investigations since the input function of 3H does not have to be known (Kay et al.,
2002; Geyh, 2000). Possible applications include site characterization, corroboration of
the results of other age-dating methods, surface water–groundwater interaction studies,
and calibration and interpretation of groundwater flow models (Aeschbach-Hertig et al.,
1998; Ekwurzel et al., 1994; Solomon et al., 1995; Sheets et al., 1998; Szabo et al., 1996;
Stute et al., 1997; Kay et al., 2002).

The activity of 3H in the sample (3Hspl) is given as (Geyh, 2000)

3Hspl = 3Hinit e−λt (3.28)

where 3 Hinit = activity of initial tritium
λ = radioactive decay constant
t = time since decaying started (absolute age).

The growth of 3He in a sample is given by

3Hespl = 3Hinit(1 − e−λt) (3.29)

By combining Eqs. (3.28) and (3.29), the unknown and variable initial 3H activity
(3 Hinit) is eliminated and the age of water (t) is obtained from

3Hespl = 3Hspl(e−λt − 1) (3.30)

t = −
ln

(
1 + 3Hespl

3Hspl

)
λ

(3.31)

The 3He concentration in the sample has to be corrected for admixed 3He from the
earth’s crust and from the atmosphere. The concentration of tritiogenic 3He will increase
as tritium decays; thus, older waters will have higher 3Hetrit/3H ratios.

Oxygen and Deuterium
The 16O, 18O, 1H, and 2H isotopes are the main isotopes that make up the water molecule.
These isotopes of oxygen and hydrogen are stable and do not disintegrate by radioactive
decay. In shallow groundwater systems with temperatures less than 50◦C, the isotopic
compositions of δ2H and δ18O in water are not affected by water-rock interactions (Perry
et al., 1982). Since these are part of the water molecule, these isotopes can be used as
natural tracers. Differences in the isotopic composition of groundwater and precipitation
can be used to detect differences in the source water including recent precipitation.
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Stable isotopes of oxygen and hydrogen in the water molecule are measured as the
ratio of the two most abundant isotopes of a given element, 2H/1H and 18O/16O, relative
to a reference standard. These ratios are expressed in delta units (δ) as parts per thou-
sand (per mil, written as ‰). The general expression for stable isotope notation is (Kay
et al., 2002)

δx =
(

Rx

RSTD
− 1

)
× 1000 (3.32)

where Rx and RSTD are the 2H/1H and 18O/16O of the sample and reference standard,
respectively. The delta units are given in parts per thousand (per mil, written as ‰). Ocean
water has δ18O and δ2H values of ±0‰, and has been chosen as the Vienna Standard
Mean Ocean Water (V-SMOW) standard. Most freshwaters have negative delta values
(Geyh, 2000). For example, an oxygen sample with a δ18O value of −50‰ is depleted in
18O by 5 percent or 50‰ relative to the standard.

The difference in the mass of oxygen and hydrogen isotopes in water results in dis-
tinct partitioning of the isotopes (fractionation) as a result of evaporation, condensation,
freezing, melting, or chemical and biological reactions. For example, δ2H and δ18O val-
ues in precipitation are isotopically lighter in areas with lower mean annual temperature.
Strong seasonal variations are expected at any given location, whereas average annual
values of δ2H and δ18O in precipitation show little variation at any one location (Dans-
gaard, 1964, from Kay et al., 2002). The IAEA provides δ2H and δ18O precipitation data
measured at various locations throughout the world (accessible at: ftp://ftp.iaea.org).

The strong relationship between the δ18O and δ2H values of precipitation is reflected
in the global meteoric water line (MWL). The slope is 8, and the so-called deuterium
excess is +10‰. The deuterium excess (d) is defined as

dexcess = δ2H − 8δ18O (3.33)

The deuterium excess near the coast is smaller than +10‰ and approximately 0‰
only in Antarctica. In areas where, or during periods in which, the relative humidity
immediately above the ocean is or was below the present mean value, d is greater than
+10‰. An example is the deuterium excess of +22‰ in the eastern Mediterranean. The
value of d is primarily a function of the mean relative humidity of the atmosphere above
the ocean water. The coefficient d can therefore be regarded as a paleoclimatic indicator
(Geyh, 2000; Merlivat and Jouzel, 1979; Gat and Carmi, 1970).

The genesis of groundwater in relation to present-day and paleoclimatic conditions is
an important aspect of resource characterization in the more arid regions. Determination
of the proportions of the common stable isotopes (2H and 18O), together with radiometric
dating (through 14C, 3H, 3He, and other determinations), can be used for this purpose.
The stable isotope composition characteristics of groundwater from several major aquifer
systems in the Middle East are shown in Fig. 3.26. For example, the Umm Er Rhaduma
and Neogene aquifers in Saudi Arabia, together with the Dammam aquifer in Kuwait
and the Qatar aquifers, all have low excess 2H in relation to the present meteoric line,
which is a classic paleogroundwater indicator, and it has been confirmed by radiometric
dating that these aquifers were mainly replenished during a humid Pleistocene episode
(Yurtsever, 1999, from Puri et al., 2006).
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FIGURE 3.26 Characteristic isotopic composition of groundwater from some major Middle East
aquifers (Yurtsever, 1999, from Puri et al., 2006).

Geyh (2000) discusses various processes and factors that affect local isotopic compo-
sitions of precipitation and groundwater as well as their deviations from the global and
local MWLs. This includes groundwater mixing, reactions, evaporation, temperature,
altitude, and continental effects.

CFCs and Sulfur Hexafluoride
Clorofluorocarbons (CFCs), together with tritium and an emerging environmental tracer
sulfur hexafluoride (SF6), can be used to trace the flow of young water (water recharged
within the past 50 years) and to determine the time elapsed since recharge. Information
about the age of young groundwater can be used to define recent recharge rates, refine
hydrologic models of groundwater systems, predict contamination potential, and esti-
mate the time needed to flush contaminants from groundwater systems. CFCs can also
be used to trace seepage from rivers into groundwater systems, provide diagnostic tools
for detection and early warning of leakage from landfills and septic tanks, and assess sus-
ceptibility of water supply wells to contamination from near-surface sources (Plummer
and Friedman, 1999).

CFCs are stable, synthetic organic compounds that were developed in the early
1930s as safe alternatives to ammonia and sulfur dioxide in refrigeration and have been
used in a wide range of industrial and refrigerant applications. Production of CFC-12
(dichlorodifluoromethane, CF2Cl2) began in 1931, followed by CFC-11 (trichlorofluo-
romethane, CFCl3) in 1936, and then by many other CFC compounds, most notably
CFC-113 (trichlorotrifluoroethane, C2F3Cl3). CFC-11 and CFC-12 were used as coolants
in air conditioning and refrigeration, as blowing agents in foams, insulation, and packing
materials, as propellants in aerosol cans, and as solvents. CFC-113 was primarily used by
the electronics industry in semiconductor chip manufacturing, in vapor degreasing and
cold immersion cleaning of microelectronic components, and in surface cleaning. Com-
monly known as FreonTM, CFCs are nontoxic, nonflammable, and noncarcinogenic, but
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they contribute to ozone depletion. Therefore, in 1987, 37 nations signed an agreement
to limit release of CFCs and to halve CFC emissions by 2000. Production of CFCs ceased
in the United States as of January 1, 1996, under the Clean Air Act. Current estimates
of the atmospheric lifetimes of CFC-11, CFC-12, and CFC-113 are about 45, 87, and 100
years, respectively.

Groundwater dating with CFC-11, CFC-12, and CFC-113 is possible because (1) their
amounts in the atmosphere over the past 50 years have been reconstructed, (2) their
solubilities in water are known, and (3) their concentrations in air and young water
are high enough that they can be measured. Age is determined from CFCs by relating
their measured concentrations in groundwater back to known historical atmospheric
concentrations and to calculated concentrations expected in water in equilibrium with
air.

For best results, the apparent age should be determined using multiple dating tech-
niques because each dating technique has limitations. CFC dating is best suited for
groundwater in relatively rural environments without localized, nonatmospheric CFC
contamination from septic systems, sewage effluent, landfills, or urban runoff. The dating
method appears to work well in shallow, aerobic, sand aquifers that are low in particulate
organic matter, where results can be accurate within 2 to 3 years before the study date.
Even where there are problems with CFC dating of groundwater, the presence of CFCs
indicates that the water sample contains at least some post-1940s water, making CFCs
useful as tracers of recent recharge. Where CFC and 3H/3He ages agree, or where all
three CFCs indicate similar ages, considerable confidence can be placed in the apparent
age (Plummer and Friedman, 1999).

An example of groundwater dating with CFCs in agricultural areas on the Delmarva
Peninsula of Maryland and Virginia, the United States, is shown in Fig. 3.27. The re-
sults indicate that water recharged since the early 1970s exceeds the U.S. Environmental
Protection Agency drinking water maximum contaminant level (MCL) for nitrate of 10
mg/L (as N), while water recharged prior to the early 1970s, before the heavy use of
nitrogen fertilizers, does not exceed the MCL (Böhlke and Denver, 1995; from Plummer
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FIGURE 3.27 CFCs and nitrate concentrations were measured between June 1989 and January
1990 on a section of the Delmarva Peninsula, in the Fairmount watershed. Groundwater dating
reveals a pattern of high nitrate concentrations moving slowly toward the estuary. Numbers within
circles show nitrate concentrations, in milligrams per liter (mg/L, as N ). Bold numbers indicate
concentrations higher than 10 mg/L. (Modified from Plummer and Friedman, 1999.)
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and Friedman, 1999). Nitrate concentrations in groundwater under woodlands were low,
whereas groundwater recharged under agricultural fields had nitrate concentrations that
exceeded the MCL. CFC concentrations indicate that groundwater now discharging to
streams that drain agricultural areas of the Delmarva and then flow into the Chesapeake
Bay or the Atlantic Ocean was recharged in nearby fields in the 1960s and 1970s (Böhlke
and Denver, 1995; Focazio et al., 1998). Thus, even if the application of nitrogen fertiliz-
ers to the fields stopped today, streams, rivers, and estuaries can be expected to receive
increasing amounts of nitrate from groundwater discharge until the contaminated water
is flushed through the system (Modica et al., 1998). Up to 30 years may be needed to
flush the high-nitrate water present in the analyzed agricultural watersheds (Plummer
and Friedman, 1999).

The use of SF6 is an emerging alternative to using CFCs in dating groundwater as
atmospheric CFC concentrations continue to fall. Industrial production of SF6 began in
1953, with the introduction of gas-filled high-voltage electrical switches. SF6 is extremely
stable and is accumulating rapidly in the atmosphere. The historical atmospheric mixing
ratio of SF6 is being reconstructed from production records, archived air samples, and
atmospheric measurements. The mixing ratio is also being retrieved from concentrations
measured in seawater and in previously dated groundwater. As atmospheric CFC con-
centrations fall, an even more sensitive dating tool will be the ratio of SF6 to, for example,
CFC-12. Although SF6 is almost entirely of human origin, there is likely a natural, ig-
neous source of SF6 that will complicate dating in some environments. USGS scientists
have successfully used SF6 to date shallow groundwater on the Delmarva Peninsula,
Maryland, and water from springs in the Blue Ridge Mountains of Virginia, the United
States, with SF6 (Plummer and Friedman, 1999).

Carbon-14
Radiocarbon (carbon-14 or 14C) is the radioactive isotope of carbon with a half-life of
5730 years. It occurs in atmospheric CO2, living biosphere, and the hydrosphere after its
production by cosmic radiation. Underground production is negligible. The 14C activity
is usually given as an activity ratio relative to a standard activity, about equal to the
activity of recent or modern carbon. Therefore, the 14C content of carbon-containing
materials is given in percent modern carbon (pMC); 100 pMC (or 100 percent modern
carbon) corresponds, by definition, to the 14C activity of carbon originating from (grown
in) 1950 AD (Geyh, 2000). In addition to radioactive isotope 14C, two other stable carbon
isotopes, 13C and 12C, are important for understanding the origin of CO2 involved in
the dissolved carbonate–CO2 system in groundwater and for correcting the age-dating
results obtained from the 14C isotope.

The 14C composition of groundwater is the result of its radioactive decay and of
various chemical reactions between water and porous media in the unsaturated and
saturated zones. These reactions include dissolution of carbon dioxide and carbonate
minerals. Recently, infiltrating water and dissolved carbon dioxide gas in the unsaturated
zone have a 14C composition of about 100 percent modern because carbon dioxide gas
diffuses from the atmosphere and because plants respire carbon dioxide gas to the soil
zone or unsaturated zone that is 100 percent modern. Water that has dissolved carbon
dioxide gas and is infiltrating through the unsaturated zone or moving through the
aquifer can also dissolve carbonate minerals, which increases dissolved inorganic carbon
concentrations and can significantly reduce the 14C composition of the water (Anderholm
and Heywood, 2002). Groundwater with a long residence time in the aquifer was subject
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to similar processes at the time of its origin and has undergone various transformations
through reactions with the aquifer porous media since that time. Because of all these
factors, 14C is not a conservative tracer, and its use for groundwater dating studies is not
straightforward.

Groundwater dating using 14C is generally considered applicable for water up to
30,000 years old, although the original dating technique proposed for organic carbon
samples is applicable to the 45,000 to 50,000-year range (Libby, 1946). Before determining
how long groundwater has been isolated from the atmosphere or from the modern 14C
reservoir, the effect of chemical reactions on the 14C composition of groundwater needs to
be determined. Various models have been used to adjust or estimate the 14C composition
of water resulting from processes in the unsaturated zone and aquifer (Mook, 1980,
from Anderholm and Heywood, 2002; Geyh, 2000). These models range from simple
ones that require little data, to complex models that require much information about the
carbon isotopic composition, as well as geochemical reactions that occur as water moves
through the vadose zone and the aquifer. The following equation can be used to estimate
the apparent age of groundwater (Anderholm and Heywood, 2002):

t = 5730
ln 2

ln
(

A0

AS

)
(3.34)

where t = apparent age, in years
A0 = 14C composition of water before radioactive decay and after chemical

reactions, in percent modern
AS = 14C composition measured in the sample, in percent modern.

Experience with various correction models shows that, using the same hydrochemical
and isotope information, different models may produce corrections varying by many
thousands of years (Geyh, 2000).

3.6.5 Baseflow Separation
A surface stream hydrograph is the final quantitative expression of various processes that
transform precipitation into streamflow. Separation of the surface stream hydrograph is
a common technique of estimating the individual components that participate in the flow
formation. Theoretically, they are divided into flow formed by direct precipitation over
the surface stream, surface (overland) runoff collected by the stream, near-surface flow of
the newly infiltrated water (also called underflow), and groundwater inflow. However,
it is practically impossible to accurately separate all these components of streamflow
generated in a real physical drainage area. In practice, the problem of component sep-
aration is therefore reduced to an estimation of the baseflow, formed by groundwater,
and surface runoff, which is the integration of all the other components. In natural long-
term conditions and in the absence of artificial groundwater withdrawal, the rate of
groundwater recharge in a drainage basin of a permanent gaining stream is equal to
the rate of groundwater discharge. Assuming that all groundwater discharges into the
surface stream drainage network, either directly or via springs, it follows that the stream
baseflow equals the groundwater recharge in the drainage basin. Although some pro-
fessionals view the hydrograph separation method as a “convenient fiction” because of
its subjectivity and lack of rigorous theoretical basis, it does provide useful information
in the absence of detailed (and expensive) data on many surface water runoff processes



279G r o u n d w a t e r R e c h a r g e

and drainage basin characteristics that contribute to streamflow generation. In any case,
the method should be applied with care and regarded only as an approximate estimate
of the actual groundwater recharge. In addition, geologic and hydrogeologic character-
istics of the basin should be well understood before attempting to apply the method. The
following examples illustrate some situations where baseflow alone should not be used
to estimate groundwater recharge (Kresic, 2007):

1. Surface streamflows through a karst terrain where topographic and groundwater
divides are not the same. The groundwater recharge based on baseflow may be
grossly over- or underestimated depending on the circumstances.

2. The stream is not permanent, or some river segments are losing water (either
always or seasonally); locations and timing of the flow measurements are not
adequate to assess such conditions.

3. There is abundant riparian vegetation in the stream floodplain, which extracts a
significant portion of groundwater via ET.

4. There is discharge from deeper aquifers, which have remote recharge areas in
other drainage basins.

5. A dam regulates the flow in the stream.

A simple hydrograph generated by an isolated precipitation event and the principle
of baseflow separation is shown in Figure 3.28. In reality, unless the surface stream is
intermittent, the recorded hydrograph has a more complex shape, which reflects the in-
fluence of antecedent precipitation. Actual hydrographs are formed by the superposition
of single hydrographs corresponding to separate precipitation events.

The first method of hydrograph component separation shown in Fig. 3.28 (line ABC)
is commonly applied to surface streams with significant groundwater inflow. Assuming
that point C represents the end of all surface runoff, and the beginning of flow generated
solely by groundwater discharge, the late near-straight line section of the hydrograph is
extrapolated backward until it intersects the ordinate of the maximum discharge (point
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FIGURE 3.28 Single hydrograph formed by isolated rainfall event showing two common methods of
baseflow separation.
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B). Point A, representing the beginning of surface runoff after rainfall, and point B are
then connected with the straight line. The area under the line ABC is the baseflow or the
groundwater component of the surface streamflow.

The second graphical method of baseflow separation is used for surface streams in
low-permeable terrain without significant groundwater flow. It is conditional since point
D (the hydrograph falling time) is found by the following empirical formula (Linsley et al.,
1975):

N = 0.8A0.2 (days) (3.35)

where A is the drainage area in square kilometers. In general, this method gives short
falling times: for an area of 100 km2, N is 2 days; for 10,000 km2, N is 5 days. Thus,
the method should be applied cautiously after analyzing a sufficient number of single
hydrographs and establishing an adequate area-time relationship.

As illustrated in Fig. 3.29, graphical methods of baseflow separation may not be ap-
plicable at all in some cases. A stream with alluvial sediments having significant bank
storage capacity may, during floods or high river stages, lose water to the subsurface so
that no baseflow is occurring (Fig. 3.29a). Or, a stream may continuously receive base-
flow from a regional aquifer that has a different primary recharge area than the shallow
aquifer and maintain a higher head than the stream stage (Fig. 3.29b). Although one
could use the same approach and “separate” either of the two hydrographs, it would
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FIGURE 3.29 Stream hydrograph showing flow components after major rise due to rainfall when (a)
the stream stage is higher than the water table and (b) the stream stage is higher than the water
table in the shallow aquifer, but lower than the hydraulic head in the deeper aquifer that is
discharging into the stream. (1) Initial stream stage before rainfall and (2) stream stage during
peak flow.
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not be possible to make any conclusions as to the groundwater component of the surface
streamflow without additional field investigations. One such field method is hydrochem-
ical separation of the streamflow hydrograph using dissolved inorganic constituents or
environmental tracers. It is often more accurate than simple graphoanalytical techniques
because surface water and groundwater almost always have significantly different chem-
ical signatures.

Risser et al. (2005b) present a detailed application and comparison of two automated
methods of hydrograph separation for estimating groundwater recharge based on data
from 197 streamflow gauging stations in Pennsylvania. The two computer programs—
PART and RORA (Rutledge, 1993, 1998, 2000)—developed by the USGS are in public
domain and available for free download from the USGS Web site. The PART computer
program uses a hydrograph separation technique to estimate baseflow from the stream-
flow record. The RORA computer program uses the recession-curve displacement tech-
nique of Rorabaugh (1964) to estimate groundwater recharge from each storm period.
The RORA program is not a hydrograph-separation method; rather, recharge is deter-
mined from displacement of the streamflow-recession curve according to the theory of
groundwater drainage.

The PART program computes baseflow from the streamflow hydrograph by first
identifying days of negligible surface runoff and assigning baseflow equal to streamflow
on those days; the program then interpolates between those days. PART locates periods
of negligible surface runoff after a storm by identifying the days meeting a requirement of
antecedent-recession length and rate of recession. It uses linear interpolation between the
log values of baseflow to connect across periods that do not meet those tests. A detailed
description of the algorithm used by PART is provided in Rutledge (1998, pp. 33–38).

Rorabaugh’s method used by RORA is a one-dimensional analytical model of ground-
water discharge to a fully penetrating stream in an idealized, homogenous aquifer with
uniform spatial recharge. Because of the simplifying assumptions inherent in the equa-
tions, Halford and Mayer (2000) caution that RORA may not provide reasonable estimates
of recharge for some watersheds. In fact, in some extreme cases, RORA may estimate
recharge rates that are higher than the precipitation rates. Rutledge (2000) suggests that
estimates of mean monthly recharge from RORA are probably less reliable than estimates
for longer periods and recommends that results from RORA should not be used at time
scales smaller than seasonal (3 months), because results differ most greatly from manual
application of the recession-curve displacement method at small time scales. It should
be noted that neither RORA nor PART computer programs can account for situations
shown in Fig. 3.29 or other possible complex relationships between surface streams and
groundwater.

Spring Flow Hydrograph
Although the processes that generate hydrographs of springs and surface streams are
quite different, there is much that is analogous between them, and the hydrograph ter-
minology is the same. Increase in spring flow after rainfall events is a direct indicator
of the actual aquifer recharge. Knowing the exact area where this direct recharge from
rainfall takes place, and the representative (average) amount of rainfall, enables rela-
tively accurate determination of the aquifer recharge based on the measured increase
of spring discharge rate. However, it is often difficult to accurately determine a spring
drainage area, especially in karst. In addition, the spring hydrograph reflects the response
to rainfall of all porosity types in the entire volume of the aquifer and the response to
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all water inputs into the aquifer; these inputs may include percolation of sheet surface
runoff from less permeable areas beyond the aquifer extent and direct percolation from
surface streams.

The impact of newly infiltrated water on spring discharge varies with respect to
predominant type of porosity and position of the hydraulic head in the aquifer. In any
case, the first reaction of karst or fractured aquifers to recharge in form of a rapid initial
increase in discharge rate is in many cases the consequence of pressure propagation
through karst conduits and large fractures, and not necessarily the outflow of newly
infiltrated water (see also Fig. 2.23). The new water arrives at the spring with certain
delay, and its contribution is just a fraction of the overall flow rate. The contribution
(percentage) of the newly infiltrated water discharging at the spring can be determined
using hydrochemical separation methods (Section 2.9.3) and environmental tracers.

3.6.6 Numeric Modeling

Variably Saturated Flow Models
Numerous equations and analytical mathematical models have been developed for esti-
mating soil water movement and infiltration rates for various purposes such as irrigation
and drainage, groundwater development, soil and groundwater contamination studies,
managed aquifer recharge, and wastewater management, to name just a few. Ravi and
Williams (1998) and Williams et al. (1998) have prepared a two-volume publication for
the U.S. Environmental Protection Agency, in which they present a number of widely
applied analytical methods, divided into three types: (1) empirical models, (2) Green-
Ampt models, and (3) Richards equation models. These methods (except the empirical
models) are based on widely accepted concepts of soil physics, and soil hydraulic and
climatic parameters representative of the prevailing site conditions. The two volumes
(1) categorize infiltration models presented based on their intended use, (2) provide
a conceptualized scenario for each infiltration model that includes assumptions, limi-
tations, mathematical boundary conditions, and application, (3) provide guidance for
model selection for site-specific scenarios, (4) provide a discussion of input parameter
estimation, (5) present example application scenarios for each model, and (6) provide a
demonstration of sensitivity analysis for selected input parameters (Ravi and Williams,
1998).

Common to all analytical methods is that they describe only one-dimensional wa-
ter movement through the vadose zone and make various simplifying assumptions, of
which those of a homogeneous soil profile and uniform initial soil water content are the
most limiting. Because of the limitations of analytical equations, numeric models of water
movement through the vadose zone and direct recharge of the water table are starting
to prevail in practice. In addition, they are easily linked with, or are part of, numeric
models of the saturated zone, which makes their development and utilization even more
attractive. There are several versatile public domain unsaturated-saturated (variably sat-
urated) flow, and fate and transport numeric models that can be used to estimate aquifer
recharge rates. Examples of models with friendly graphical user interface (GUI) include
VS2DT (developed by the USGS) and HYDRUS-2D/3D (available in public domain).
The latter one, although not in public domain, is a successor of HYDRUS-1D initially
developed at the U.S. Salinity Laboratory of the U.S. Department of Agriculture.

The use of VS2DT is illustrated with a study of recharge through a desert wash.
In semiarid and arid groundwater basins, aquifer recharge is dependent on ephemeral
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FIGURE 3.30 Moisture content versus depth for model simulation of recharge through a desert
wash.

streams draining snowmelt or direct precipitation from surrounding highlands. Minimal
recharge occurs through thick deposits on the basin floor due to low localized precipita-
tion and high PET (Izbicki, 2002). As a result, it is very important to protect intermittent
washes at the basin margins and to further understand how they drive groundwater
recharge. This point is especially salient, given the increasing demand put on groundwa-
ter basins in semiarid and arid settings. Physical and hydrologic parameters and wash
dimensions are largely based on work by Izbicki (2002). As flow through the wash occurs
during snowmelt periods or flash flood events, it is assumed that all infiltration occurs
during the month of March. The total quantity of infiltration is approximately 10 percent
of the total annual flow through the wash.

To illustrate flow patterns through deep vadose zones, the model is first run with
homogenous fill deposits consisting of coarse sand, from the land surface down to the
415-ft-deep water table. The model is then run for 25 years to depict the resulting steady-
state moisture profile through the vadose zone. Note that all recharge enters the model
through the wash throughout the month of March. The moisture profiles for select months
in the final year are shown in Fig. 3.30. The long-term deep drainage rate can be estimated
from the model-simulated equilibrium moisture content of approximately 8 percent using
the Darcy-Buckingham equation (3.9). It is important to reinforce that flow through the
vadose zone does not occur as a uniform wetting front, but rather as a diffusing pulse
of moisture that is dampened with depth. This diffusion causes the uniform gravity
drainage below certain depth, as each recharge event is dampened to a relatively constant
moisture content and pressure head.

While the above scenario is useful as a proof of concept, it is more pertinent to examine
flow through a heterogeneous vadose zone with layering of finer sedimentary deposits.
The same recharge conditions are simulated for a period of 20 years, at which point all
recharge in the month of March is cutoff due to a hypothetical “paving” of the wash. The
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FIGURE 3.31 Model-simulated moisture content versus depth for wash recharge through a
heterogeneous vadose zone with layering of finer sedimentary deposits, excluding clay and silt.

steady-state moisture profile for the 20-year duration is shown in Fig. 3.31, together with
the layering of finer sedimentary deposits. As is evident from the figure, there is little
variation in moisture content in time throughout the deeper vadose zone. This results in
a constant drainage flux, as in the homogenous model. A measurement of unsaturated
hydraulic conductivity within any layer allows approximation of the long-term drainage
rate throughout the entire system (Nimmo et al., 2002). However, the sedimentary het-
erogeneity causes significant variation in moisture content with depth because of the
increased water retention capacities of fine-grained soils. The flux reaching the water
table will be less than that for the homogenous coarse-grained model because of signifi-
cant moisture storage in and above fine-grained layers. Furthermore, lateral spreading of
moisture will occur when a wetting front reaches deposits of lower permeability. It is in-
tuitive that this spreading will further reduce the magnitude of downward flux through
the vadose zone.

Once the recharge source is removed in year 20, moisture will continue to enter the
saturated zone at the same rate for approximately 3 years, at which point the moisture
content immediately above the capillary fringe will begin to decline. Figure 3.32 shows
the moisture content profile in time at a point just above the capillary fringe directly below
the wash. It is interesting to note that it takes approximately 20 years for any moisture
to reach the water table. This number could be greater by an order of magnitude if clays
or silts were present in the vadose zone. Vadose zone modeling is critical in establishing
travel times of moisture through heterogeneous sediments. Another important point
is that the moisture content (and thus the recharge flux) does not decrease at a rapid,
uniform rate once the recharge source is cut off. Twenty-five years after the wash is paved
over, recharge is still entering the water table, albeit at a decreasing rate every year. It
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FIGURE 3.32 Model-simulated moisture content versus time immediately above capillary fringe.

will take many more years for the unsaturated sediments to drain all stored moisture
and return to residual moisture conditions. From a management perspective, the “time
lag” between infiltration reduction and recharge reduction results in long-term, abstract
consequences of land use changes. Paving washes to accommodate urbanization may
not result in immediate water level declines. However, long-term effects are undeniable,
and the danger is that, once disrupted, the natural recharge equilibrium will take many
more years to be reestablished.

Distributed-Parameter Areal Recharge Models
USGS has developed two versatile public-domain computer programs for estimating
areally distributed deep percolation, or actual groundwater recharge, based on surficial
processes that control various water budget elements: INFILv3 and Deep Percolation
Model (DPM). A very detail report presenting the development and application of the
distributed-parameter watershed model, INFILv3, for estimating the temporal and spa-
tial distribution of net infiltration and potential recharge in the Death Valley region,
Nevada and California, is given by Hevesi et al. (2003). To estimate the magnitude and
distribution of potential recharge in response to variable climate and spatially varying
drainage basin characteristics, the INFILv3 model uses a daily water balance model of
the root zone, with a primarily deterministic representation of the processes controlling
net infiltration and potential recharge (Fig. 3.33). The daily water balance includes pre-
cipitation, as either rain or snow accumulation, sublimation, snowmelt, infiltration into
the root zone, ET, drainage, water content change throughout the root-zone profile (rep-
resented as a six-layered system in the Death Valley model), runoff and surface water
run-on (defined as runoff that is routed downstream), and net infiltration simulated as
drainage from the bottom root-zone layer. PET is simulated using an hourly solar radi-
ation model to simulate daily net radiation, and daily ET is simulated as an empirical
function of root-zone water content and PET.

The model uses daily climate records of precipitation and air temperature from a re-
gionally distributed network of climate stations and a spatially distributed representation
of drainage basin characteristics defined by topography, geology, soils, and vegetation.
The model simulates daily net infiltration at all locations, including stream channels
with intermittent streamflow in response to runoff from rain and snowmelt. The tempo-
ral distribution of daily, monthly, and annual net infiltration can be used to evaluate the
potential effect of future climatic conditions on potential recharge.
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FIGURE 3.33 Inputs and outputs in the program structure of the INFLv3 model of the Death Valley
region, Nevada and California. (From Hevesi et al., 2003.)

The INFILv3 model inputs representing drainage basin characteristics were devel-
oped using a geographic information system (GIS) to define a set of spatially distributed
input parameters uniquely assigned to each grid cell of the INFILv3 model grid (Hevesi
et al., 2003).

The USGS’ DPM calculates, on a daily basis, the potential quantity of recharge to an
aquifer via the unsaturated zone. Recharge is defined as the amount of water leaving
either the active root zone (deep percolation) or, in the case of bare soils such as sand
dunes, the mapped depth of the soil column (called the soil zone to distinguish it from
the root zone). Recharge is derived from precipitation and irrigation. The model is phys-
ically based and, to the extent possible, was developed so that few parameters need to
be calibrated. It was developed to fill the need between rigorous unsaturated flow mod-
els (or complex land surface process models) and overly simple methods for estimating
groundwater recharge. The model can be applied to areas as large as regions or as small
as a field plot. For a detailed description of DPM, see Bauer and Vaccaro (1987) and Bauer
and Mastin (1997). DPM calculates daily PET, snow accumulation and ablation, plant in-
terception, evaporation of intercepted moisture, soil evaporation, soil moisture changes
(abstractions and accumulations), transference of unused energy, plant transpiration,
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and surface runoff. The residual, including any cumulative errors associated with cal-
culations, is deep percolation (recharge). Transference is the amount of unused PET that
is transferred to potential plant transpiration after abstractions from snow sublimation,
evaporation of intercepted water, and soil evaporation (Vaccaro, 2007).

DPM spatially distributes input parameters to distinct areas within a modeled region,
watershed, or area, or to a point that has a unit area. These distinct areas subdivide the
modeled area, and they can be of any size or shape and are called hydrologic response
units (HRUs). Generally, the physical properties for a HRU are such that the hydrologic
response is assumed to be similar over the entire area of an HRU. The land use and land
cover (LULC) can vary by HRU. For typical applications of DPM, the soil properties and
LULC are the factors that define the HRU’s hydrologic response. For forested mountain-
ous terrains with winter snowpacks, a watershed model would provide better estimates
of deep percolation than those calculated by DPM (Vaccaro, 2007).

One of DPM’s convenient features is that the user can input observed surface runoff
directly into the model. Direct surface runoff is defined as observed daily streamflow
minus an estimate of daily baseflow made by a user, both in units of cubic feet per second.
The use of observed streamflow allows the model to calculate improved estimates of
recharge, which generally is one of the smaller components of the water budget, because
at times the potential error in calculated surface runoff can be larger than the calculated
recharge. Calculated runoff can be used when direct runoff data are unavailable.
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C H A P T E R 4
Climate Change

4.1 Introduction
The following words of Lester Snow, Director of the Association of California Water
Agencies, summarize the crucial interconnection between climate, water supply, and
population growth:

The Colorado River has historically been an abundant source of supply for water users in the United
States and Mexico. With growth of demands on this water supply, the time of historical abundance has
ended. The previous five years of drought remain manifested in low reservoir levels. The Secretary
of the Interior is beginning preparation of first-ever shortage criteria for the reservoir system. These
conditions demonstrate the need for a strong scientific foundation in understanding climatic and
hydrologic conditions that influence Colorado River water supplies. We know that droughts will
inevitably occur in the future—a future made more uncertain by the impacts of climate change and
increased hydrologic variability. Uncertainty surrounding the magnitude of water supplies will be
coupled with increased competition for these supplies as the Southwest’s population continues its
rapid growth.

I encourage those attending this conference to become informed about the uncertainties associated
with our present understanding of Colorado River Basin climate and hydrology, and to incorporate
them in water management decision-making. In California, we are placing increasing emphasis on
integrated regional water management planning as a way to enable us to better respond to hydrologic
variability through use of a diversified portfolio of resource management strategies (Snow, 2005).

Since 2005, several events took place, further reinforcing these words. Most notably,
the phrases “climate change” and “global warming” became household words across
the globe as the Intergovernmental Panel on Climate Change (IPCC) and the former vice
president of the United States, Mr. Al Gore, both received the 2007 Nobel Peace Prize
for their efforts in researching and explaining the many aspects and impacts of climate
change. There are few scientific graphs, if any, that have become so widely reproduced
in the media and discussed worldwide as the two shown here in Fig. 4.1. These illus-
trate the connection between an increasing concentration of carbon dioxide (CO2) in the
atmosphere caused by human activity such as burning of fossil fuels and an increasing
global temperature. As if determined to convert a few remaining skeptics, 2007 was also
the driest year on record in southern California, with a catastrophic drought affecting the
southeastern United States as well. Exceptional droughts tend to galvanize politicians,
economists, water professionals, and the general public in searching for answers to many
drought-related problems, water supply being the most important. In that sense, 2007
may be called a “perfect year” for rethinking societal approaches to both water manage-
ment and climate change.
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FIGURE 4.1 Global temperature anomaly and carbon dioxide concentration in parts per million
since 1880. (From Riebek, 2007. NASA graphs by Robert Simmon, based on carbon dioxide data
from Dr. Pieter Tans, NOAA/ESRL, and temperature data from NASA Goddard Institute for Space
Studies.)

4.2 Natural Climatic Cycles
Climate is defined as an aggregate of weather conditions, representing a general pattern
of weather variations at a location or in a region. It includes average weather conditions,
as well as the variability of elements and information on the occurrence of extreme events
(Lutgens and Tarbuck, 1995). The nature of both weather and climate is expressed in terms
of basic elements, the most important of which are (1) the temperature of the air, (2) the
humidity of the air, (3) the type and amount of cloudiness, (4) the type and amount of
precipitation, (5) the pressure exerted by the air, and (6) the speed and direction of the
wind. These elements constitute the variables by which weather patterns and climatic
types are depicted (Lutgens and Tarbuck, 1995). The main difference between weather
and climate is the time scale at which these basic elements change. Weather is constantly
changing, sometimes from hour to hour, and these changes create almost an infinite
variety of weather conditions at any given time and place. In comparison, climate changes
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are much more subtle and were, until relatively recently, considered important for time
scales of hundreds of years or more, and usually only discussed in academic circles.

A more broad definition of climate is that it represents the long-term behavior of the
interactive climate system, which consists of the atmosphere, hydrosphere, lithosphere,
biosphere, and cryosphere or ice and snow that are accumulated on the earth’s surface.
To understand fully and to predict changes in the atmosphere component of the climate
system, one must understand the sun, oceans, ice sheets, solid earth, and all forms of life
(Lutgens and Tarbuck, 1995).

The most significant theory relating earth motions and long-term climate change,
later confirmed with geologic and paleoclimatic evidence collected from around the
globe, was developed in the 1930s by the Serbian mathematician and astrophysicist
Milutin Milankovitch, professor at the University of Belgrade. His work titled Kanon
der Erdbestrahlung und seine Anwendung auf das Eiszeitenproblem (Canon of Insolation of the
Earth and Its Application to the Problem of the Ice Ages) was published in German in 1941
by the Royal Serbian Academy, but was largely ignored by the international scientific
community. In 1969, it was translated into English and published with the title Canon of
Insolation of the Ice-Age Problem by the U.S. Department of Commerce and the National
Science Foundation, Washington, DC. In 1976, a study published in the journal Science
examined deep-sea sediment cores and found that Milankovitch’s theory did in fact
correspond to periods of climate change (Hays et al., 1976). Specifically, the authors were
able to analyze the record of temperature change going back 450,000 years and found
that major variations in climate were closely associated with changes in the geometry
(eccentricity, obliquity, and precession) of the earth’s orbit; ice ages had indeed occurred
when the earth was going through different stages of orbital variation. Since this study,
the National Research Council of the U.S. National Academy of Sciences has embraced
the Milankovitch cycle model (NRC, 1982):

. . . orbital variations remain the most thoroughly examined mechanism of climatic change on time
scales of tens of thousands of years and are by far the clearest case of a direct effect of changing
insolation on the lower atmosphere of Earth.

Milankovitch was intrigued by the puzzle of climate change and studied climate
records, noting differences over time. He theorized that global climate change was
brought about by regular changes in earth’s axis, tilt, and orbit that altered the planet’s re-
lationship to the sun, triggering ice ages. Milankovitch determined that the earth wobbles
in its orbit and calculated the slow changes in the earth’s orbit by careful measurement
of the position of the stars and using the gravitational pull of other planets and stars. The
three variables quantified by Milankovitch are now known as Milankovitch cycles:

1. Eccentricity cycle of the earth’s orbit; every 90,000 to 100,000 years there is a
change in the earth’s orbit about the sun. Its almost circular orbit becomes more
elliptical, taking earth farther from the sun.

2. The tilt of the earth’s axis or obliquity cycle; on average, every 40,000 years there
is a change in the tilt of the earth’s equatorial plane in relation to its orbital plane,
moving either the northern or the southern hemisphere farther from the sun.

3. Precession or orientation of the earth’s rotational axis; on average, every 22,000
years there is a slight change in its wobble (the earth does not rotate perfectly
like a wheel about an axis; it spins like a wobbling top).
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FIGURE 4.2 Calculated values for 300,000 years of Milankovitch cycles. (From NASA, 2007;
source: Berger and Loutre, 1991.)

These cycles mean that during certain periods there is less solar energy arriving to the
earth, resulting in less melting of snow and ice. Instead of melting, these cold expanses
of frozen water grow. The snow and ice last longer and, over many seasons, begin to
accumulate. Snow and ice reflect some sunlight back into space, which also contributes
to cooling. Temperatures drop, and glaciers begin to advance (Tesla Memorial Society of
New York, 2007).

The climate is influenced by all three cycles that can combine in a number of different
ways, sometimes strongly reinforcing each other and sometimes working against each
other. The general influence of the Milankovitch cycles on the long-term climate and their
current state is presented below based on NASA (2007; see also Fig. 4.2).

The eccentricity of the earth’s orbit changes slowly over time from nearly zero (circu-
lar) to 0.07 (eccentric). As the orbit becomes more eccentric (oval), the difference between
the distance from the sun to the earth at perihelion (closest approach) and aphelion
(furthest away) becomes greater and greater. Currently, a difference of only 3 percent (5
million km) exists between perihelion, which occurs on or about January 3, and aphelion,
which occurs on or about July 4. This difference in distance amounts to about a 6 percent
increase in incoming solar radiation (insolation) from July to January. The current trend
of eccentricity is decreasing. When the orbit is highly elliptical, the amount of insolation
received at perihelion would be on the order of 20 to 30 percent greater than at aphelion,
resulting in a substantially different climate from what we experience today.

Today, the earth’s axis is tilted 23.5◦ from the plane of its orbit around the sun. During a
cycle that averages about 40,000 years, the tilt of the axis varies between 22.1◦ and 24.5◦.
Because of tilt changes, the seasons as we know them can become exaggerated. More
tilt means more severe seasons—warmer summers and colder winters; less tilt means
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less severe seasons—cooler summers and milder winters. It is the cool summers that
allow snow and ice to last from year to year in high latitudes, eventually building up
into massive ice sheets. An earth covered with more snow reflects more of the sun’s
energy into space, causing additional cooling. The current trend in the earth’s axis tilt is
decreasing.

Changes in axial precession alter the dates of perihelion and aphelion and, therefore,
increase the seasonal contrast in one hemisphere and decrease the seasonal contrast
in the other hemisphere. If a hemisphere is pointed toward the sun at perihelion, that
hemisphere will be pointing away at aphelion and the difference in seasons will be
more extreme. This seasonal effect is reversed for the opposite hemisphere. Currently,
the northern hemisphere summer occurs near aphelion, which means that the northern
hemisphere should have somewhat less extremes between the seasons. The climatic
precession is close to its peak and shows a decreasing trend.

Although the Milankovitch cycles can explain long-term climatic changes on geo-
logic time scales (on the order of tens of thousands of years or more), their long duration
makes them ineffective tools to explain or predict changes that are of significance for water
resources evaluation and planning, namely, at time scales of decades to centuries. How-
ever, what we can learn from the well-established science of long-term climate change
and the geologic evidence of it occurring in the past is that it will inevitably occur in the
future as well. A fourth cycle, not addressed by Milankovitch, may accelerate natural
climate change—human activity on earth. The photograph in Fig. 4.3 is an evidence that

FIGURE 4.3 Cave divers in submerged cave passages with an abundance of speleothems—
stalactites, stalagmites, flowstone, and columns—formed prior to submergence. Nohoch Nah
Chich in the Yucatan Peninsula, 2007. (Photograph courtesy of David Rhea, Global Underwater
Explorers.)
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the sea level in the past was lower than it is today. One of the reasons is that the ice
accumulated on the continents during the last ice age did melt to a large degree, causing
a significant global sea level rise. As a result, the water table in coastal aquifers also rose,
as evidenced from submerged caves in karst regions such as the Yucatan Peninsula in
Mexico. Speleothems visible in the photograph could have only been formed when the
cave was not submerged. Vast cave systems, many of which are now completely filled
with freshwater like this one, were developed in the Yucatan when the sea level was
lower than today.

Accurate and systematic measurements of weather and climate elements are
paramount to fully understanding the climate of a region and anticipating future cli-
matic changes that may impact water supplies. Unfortunately, records of air temperature
and precipitation, the most important direct measures of climate, go back only several
hundred years in Europe and less than that in other parts of the world. The situation is
even worse with hydrologic measurements of streamflows or spring flows and worse yet
with records of groundwater levels, the two most important direct measures of freshwa-
ter budget. Even though the time record of direct climatic and hydrologic measurements
is increasing, it is becoming more and more evident that 100 hundred years or so is still
too short to capture the statistics necessary for a more accurate probability analysis of the
extreme climate events such as floods and droughts. For example, it was during a wet
period in the measured hydrologic record that the 1922 Colorado River Compact estab-
lished the basic apportionment of the river between the Upper and Lower Colorado River
Basins in the United States. At the time of Compact negotiations, it was thought that an
average annual flow volume of about 21 million acre-ft (MAF; 1 acre-ft equals 136.8 m3)
was available for apportionment. The Compact provided for 7.5 MAF of consumptive
use annually for each of the basins, plus the right for the lower basin to develop 1 MAF of
consumptive use annually. Subsequently, a 1944 Treaty with Mexico provided a volume
of water of 1.5 MAF annually for Mexico. During the period of measured hydrology now
available, the river’s average annual natural flow has been about 15 MAF at Lee Ferry
(ACWA and CRWUAC, 2005). This over-allocation of the Colorado River is now causing
many political and societal problems in the region.

Studies in the last two decades have revealed that some climatic fluctuations once
thought to be local phenomena are part of a large-scale atmospheric circulation that
periodically affects global weather and contributes to long-term climate characteristics of
different world regions. The best known and the most studied is ENSO (El Niño–Southern
Oscillation). Centuries ago, the local residents on the coasts of Ecuador and Peru named
a regular annual weather event El Niño (“the child”) after the Christ child because it
usually appeared during the Christmas season. During this event that lasts a few weeks,
a weak, warm countercurrent flows southward along the coasts of Ecuador and Peru,
replacing the cold Peruvian current. However, every 3 to 7 years this countercurrent is
unusually warm and strong and is accompanied by a pool of warm ocean surface water
in the central and eastern Pacific, which influences weather worldwide (Lutgens and
Tarbuck, 1995).

The second strongest El Niño on record occurred in 1982 and 1983 (Fig. 4.4) and was
blamed for weather extremes of a variety of types in many parts of the world. Heavy rains
and flooding affected normally dry portions of Peru and Ecuador. Australia, Indonesia,
and the Philippines experienced severe droughts, while one of the warmest winters on
record was followed by one of the wettest springs for much of the United States. Heavy
snows in the Sierra Nevada and the mountains of Utah and Colorado led to mudflows
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FIGURE 4.4 Oceanic Niño Index, ONI (◦C), evolution since 1950. ONI is the principal measure for
monitoring, assessing, and predicting ENSO. Positive values greater than +0.5 generally indicate
El Niño conditions, and negative values less than –0.5 generally indicate La Niña conditions. (From
CPC/NCEP, 2007b.)

and flooding in Utah and Nevada and along the Colorado River in the spring of 1983. The
unusual rains brought floods to the Gulf States and Cuba. Unfortunately, as discussed
by Lutgens and Tarbuck (1995), the effects of El Niño are highly variable, depending in
part on the temperatures and size of the warm pools in the Pacific. During one El Niño,
an area may experience flooding, only to be hit by drought during the next event. It is
such extreme events that water managers both fear and are constantly preparing for.
Climate Prediction Center (CPC) of the National Weather Service, National Oceanic and
Aeronautic Administration (NOAA), maintains a Web page dedicated to the research
and weather predictions associated with El Niño and La Niña events (CPC, 2007a).

The probability of floods and droughts is the key design element for water supply
systems relying on surface water. Although systems based on groundwater are much
less vulnerable to extreme weather events, they too can be stressed during prolonged
droughts as a result of increased demand for water. Edwards and Redmond’s discussion
on the climatic conditions in the Colorado River Basin, the United States, illustrates the
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importance of understanding and predicting cyclical climate patterns for water supply
management (Edwards and Redmond, 2005).

The waters of the Colorado River originate primarily in the high mountain basins of
Colorado, Utah, and Wyoming and flow through seven states and two countries. With
headwaters about 1500 and 1700 mi from the Gulf of California, the Colorado and the
Green Rivers, respectively, contribute equally to about 80 percent of the flow into Lake
Powell, with the remainder mostly from the San Juan River and Mountain Range. Within
the 242,000 mi2 U.S. portion of the Colorado River Basin (Basin), the highest one-seventh
of the basin supplies about six-sevenths of the total flow, and many of the lower river
reaches lose water under natural conditions. Most of the precipitation supply falls in
winter as snow on interior mountain ranges. Spring precipitation can be important, but
summer precipitation is usually nearly negligible in altering water supply, although it
does influence demand. Thus, climatic influences on the interior mountain ranges are
key factors governing the supply of water in the river from 1 year or decade to the next.

The warm phase of ENSO, El Niño, typically brings wet and cool winters to the
southwest United States and dry and warm winters to the Pacific northwest and northern
Rockies. Overall, El Niño winters tend to have more wet days, more precipitation per
wet day, and more persistent wet episodes in the southwestern United States. All of
these favor increased runoff. Notably, extremely high or low flow is better correlated
with ENSO than is total runoff volume. The opposite cool phase of ENSO, La Niña,
has been reliably associated with dry and warm winters in the Southwest for the past
75 years and, to a less reliable extent, with wet and cool winters in the northern West.
The understanding of ENSO and its effects on the Basin are crucial in predicting winter
snowpack. So far, western North America climate relationships to ENSO appear to be
confined to the winter, with slight or ambiguous associations with summer climate. In
the Colorado River Basin, the strongest relationships are seen in the lower basin, south
of the San Juan Mountains of Colorado. The relationship becomes less clear farther north
and begins to have the opposite effect in the upper Green River Basin and the Wind River
Mountains in Wyoming.

On the basis of the analysis of the Colorado River Basin’s climate, Edwards and
Redmond (2005) offer the following summary:

Through multiple re-use, the river provides water supply needs for 28 million people, a number
expected to continue to grow in coming decades as the Southwest’s population continues to expand
at the fastest rate in the nation. The river basin has been developed through an extensive infrastructure
system that was designed to buffer against the region’s significant climate variability. Of note, however,
the system has not been thoroughly tested by events of the magnitude that we have learned from the
paleoclimate record may occur. The recent drought has provided a taste of what is possible, though
not the full meal.

Figures 4.5. and 4.6 illustrate the combined impact of several recent droughts and
water use on Lake Mead, one of the most important water resources in the American west.
Created in the 1930s, it ensures a steady water supply for Arizona, Nevada, California,
and northern Mexico by holding back the flow of the Colorado River behind the Hoover
dam. It is one of the largest water reservoirs in the world. When full, the lake contains
roughly the same amount of water as would have otherwise flowed through the Colorado
River over a 2-year period: roughly 36 trillion liters (9.3 trillion gallons). Ninety percent
of southern Nevada’s water comes from Lake Mead, with releases being regulated by the
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FIGURE 4.5 Lake Mead in 2004. (Photograph courtesy of Andy Pernick, the U.S. Bureau of
Conservation.)

20051995198519751965195519451935

La
ke

 M
ea

d 
el

ev
at

io
n 

(f
t)

1,250

1,200

1,150

1,100

1,050

1,000

Year

FIGURE 4.6 Lake Mead level for September, 1935–2007. (Source of raw data: U.S. Bureau of
Reclamation.)
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Southern Nevada Water Authority. When the water levels in the lake are declining and
expected to cross below an elevation of 1145 ft, the Water Authority declares a drought
watch. Once the water is below 1145 ft, the watch is shifted to a drought alert. If the lake
level drops below 1125 ft, a drought emergency goes into effect. Each of the water-level
alert states triggers various water restrictions and practices in the area, from restrictions
on watering gardens, washing cars, running fountains in civic parks, and public places
to increases in the rates charged for water to encourage conservation (Allen, 2003).

In April of 2007, the water level dropped below 1125 ft for the first time since 1965
and remained below this benchmark through September 2007, the last month with data
available to the author. The graph in Fig. 4.6 shows that it took about 20 years for the
lake levels to recover from the 1965 low. As discussed throughout this chapter, the over-
allocation of the Colorado River water, combined with population growth and the impact
of droughts, is putting additional stress on groundwater resources in this semiarid to arid
region where natural groundwater recharge is very low.

4.2.1 Droughts
As pointed out by the National Drought Mitigation Center (NDMC, 2007), drought is a
normal, recurrent feature of climate, although many erroneously consider it a rare and
random event. Graphs like the one shown in Fig. 4.7 remind us of this simple fact. It is
understandable, however, that every current drought may always be the hardest ever
for the people affected by it, since human memory tends to block unpleasant experiences
from the past. (Note: As opposed to the general public, water resources managers are
not expected to have this characteristic.) When droughts are of historic proportions, they
may trigger major societal changes and forever impact the use and management of water
resources. For example, the major drought of the twentieth century in the United States,
in terms of duration and spatial extent, is considered to be the 1930s Dust Bowl drought,
which lasted up to 7 years in some areas of the Great Plains (Fig. 4.8). This drought,
memorialized in John Steinbeck’s novel The Grapes of Wrath was so severe, widespread,
and lengthy that it resulted in a mass migration of millions of people from the Great
Plains to the western United States in search of jobs and better living conditions. It also
dramatically changed agricultural practices including the unprecedented large-scale use
of groundwater for irrigation across the Great Plains and throughout the American west.

Although drought has scores of definitions, it originates from a deficiency of precipi-
tation over an extended period of time, usually a season or more. This deficiency results
in a water shortage for some activity, group, or environmental sector. Drought should be
considered relative to some long-term average condition of balance between precipita-
tion and evapotranspiration in a particular area, a condition often perceived as “normal.”
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FIGURE 4.8 A great “roller” of dust moves across the land in Colorado during the Dust Bowl of
1930s. (Photograph courtesy of National Resources Conservation Service.)

It is also related to the timing (such as principal season of occurrence, delays in the start
of the rainy season, and occurrence of rains in relation to principal crop growth stages)
and the effectiveness of the rains such as rainfall intensity and number of rainfall events.
Other climatic factors such as high temperature, high wind, and low relative humidity
are often associated with droughts in many regions of the world and can significantly
aggravate their severity (NDMC, 2007).

Drought should not be viewed as merely a physical phenomenon or natural event. Its
impacts on society result from the interplay between a natural event (less precipitation
than expected resulting from natural climatic variability) and the demand people place on
water supply. Human beings often exacerbate the impact of drought. Recent droughts in
both developing and developed countries and the resulting economic and environmental
impacts and personal hardships have underscored the vulnerability of all societies to this
natural hazard (NDMC, 2007).

Two main drought definitions are conceptual and operational. Conceptual defini-
tions, formulated in broad terms, help the general public understand the concept of
drought. For example, “drought is a protracted period of deficient precipitation result-
ing in extensive damage to crops, resulting in loss of yield.” Conceptual definitions
may also be important in establishing drought policy. For example, Australian drought
policy incorporates an understanding of normal climate variability into its definition
of drought. The country provides financial assistance to farmers only under “excep-
tional drought circumstances,” when drought conditions are beyond those that could be
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considered part of normal risk management. Declarations of exceptional drought are
based on science-driven assessments. Previously, when drought was less well defined
from a policy standpoint and less well understood by farmers, some farmers in the semi-
arid Australian climate claimed drought assistance every few years (NDMC, 2007).

Operational definitions of drought help identify the beginning, end, and degree of
severity of a drought. To determine the beginning of drought, operational definitions
specify the degree of departure from the average of precipitation or some other climatic
variable over some time period. This is usually done by comparing the current situation to
the historical average, often based on a 30-year period of record. The threshold identified
as the beginning of a drought (e.g., 75 percent of average precipitation over a specified
time period) is usually established somewhat arbitrarily, rather than on the basis of its
precise relationship to specific impacts.

An operational definition for agriculture might compare daily precipitation values to
evapotranspiration rates to determine the rate of soil moisture depletion and then express
these relationships in terms of drought effects on plant behavior (i.e., growth and yield) at
various stages of crop development. Operational definitions can also be used to analyze
drought frequency, severity, and duration for a given historical period. Developing a
climatology of drought for a region provides a greater understanding of its characteristics
and the probability of recurrence at various levels of severity. Information of this type
is extremely beneficial in the development of response and mitigation strategies and
preparedness plans (NDMC, 2007).

Although the major droughts of the twentieth century, the 1930s Dust Bowl and
the 1950s droughts, had the most severe impact on the central United States., droughts
regularly occur all across North America. Florida suffered from the 1998 drought along
with the states of Oklahoma and Texas. Extensive drought-induced fires burned over
475,000 acres in Florida and cost $500 million in damages. In the same year, Canada
suffered its fifth-highest fire occurrence season in 25 years. Starting in 1998, 3 years of
record low rainfall plagued northern Mexico. The year 1998 was declared the worst
drought in 70 years. It became worse as 1999 spring rainfalls were 93 percent below
normal. The government of Mexico declared five northern states as disaster zones in 1999
and nine in 2000. The U.S. west coast experienced a 6-year drought in the late 1980s and
early 1990s, causing Californians to take aggressive water conservation measures. Even
the typically humid northeastern United States experienced a 5-year drought in the 1960s,
draining reservoirs in New York City down to 25 percent of capacity (NCDC, 2007a).

The impact of the 2007 drought in southern California and the southeastern United
States is yet to be assessed, although it is already apparent that it will have a major
influence on water management decisions. For example, the governor of California and
the democratic party-led state legislature came to an impasse over the emergency state
investments in major water supply projects, with the governor favoring construction of
large surface water reservoirs and the legislature favoring the use of groundwater and
artificial aquifer recharge.

Drought is a natural hazard that cumulatively has affected more people in North
America than any other natural hazard (Riebsame et al., 1991). In the United States, the
cost of losses due to drought averages $6 to $8 billion every year but range as high as $39
billion for the 3-year drought of 1987 to 1989, which was the most costly natural disaster
documented in U.S. history at the time. Continuing uncertainty in drought prediction
contributes to crop insurance payouts of over $175 million per year in western Canada
(NCDC, 2007a).
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FIGURE 4.9 Three categories of drought identified by the National Drought Mitigation Center. (From
NDMC, 2007.)

Figure 4.9 illustrates the concept of three different drought categories identified by
the National Drought Mitigation Center as follows:

Agricultural drought links various characteristics of meteorological (or hydrological)
drought to agricultural impacts, focusing on precipitation shortages, differences be-
tween actual and potential evapotranspiration, soil water deficits, reduced ground-
water or reservoir levels, and so forth. Crop water demand depends on prevailing
weather conditions, biological characteristics of the specific plant, its stage of growth,
and the physical and biological properties of the soil. A good definition of agricul-
tural drought should be able to account for the variable susceptibility of crops during
different stages of crop development, from emergence to maturity. Deficient topsoil
moisture at planting may hinder germination, leading to low plant populations per
hectare and a reduction of final yield. However, if topsoil moisture is sufficient for
early growth requirements, deficiencies in subsoil moisture at this early stage may not
affect final yield if subsoil moisture is replenished as the growing season progresses
or if rainfall meets plant water needs.

Hydrological drought is concerned with the effects of periods of precipitation (including
snowfall) shortfalls on surface or subsurface water supply (such as streamflow, reser-
voir and lake levels, and groundwater). The frequency and severity of hydrological
drought are often defined on a watershed or river basin scale. Although all droughts
originate with a deficiency of precipitation, hydrologists are more concerned with how
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this deficiency plays out through the hydrologic system. Hydrological droughts are
usually out of phase with or lag the occurrence of meteorological and agricultural
droughts. It takes longer for precipitation deficiencies to show up in components of
the hydrological system such as soil moisture, streamflow, and groundwater and reser-
voir levels. As a result, these impacts are out of phase with impacts in other economic
sectors. For example, precipitation deficiency may result in rapid depletion of soil
moisture that is almost immediately discernible to agriculturalists, but the impact of
this deficiency on reservoir levels may not affect hydroelectric power production or
recreational uses for many months. Also, water in hydrologic storage systems (e.g.,
reservoirs and rivers) is often used for multiple and competing purposes (e.g., flood
control, irrigation, recreation, navigation, hydropower, and wildlife habitat), further
complicating the sequence and quantification of impacts. Competition for water in
these storage systems escalates during drought, and conflicts between water users
increase significantly.

Socioeconomic drought definition associates the supply and demand of some economic
good with elements of meteorological, hydrological, and agricultural drought. It dif-
fers from the aforementioned types of drought because its occurrence depends on the
time and space processes of supply and demand to identify or classify droughts. The
supply of many economic goods, such as water, forage, food grains, fish, and hydro-
electric power, depends on weather. Because of the natural variability of climate, water
supply is ample in some years but unable to meet human and environmental needs in
other years. Socioeconomic drought occurs when the demand for an economic good
exceeds supply as a result of a weather-related shortfall in water supply. For example,
in Uruguay in 1988 to 1989, drought resulted in significantly reduced hydroelectric
power production because power plants were dependent on streamflow rather than
storage for power generation. Reducing hydroelectric power production required the
government to convert to more expensive (imported) petroleum and enforce stringent
energy conservation measures to meet the nation’s power needs.

In most instances, the demand for economic goods is increasing as a result of in-
creasing population and per capita consumption. Supply may also increase because of
improved production efficiency, technology, or the construction of reservoirs that in-
crease surface water storage capacity. If both supply and demand are increasing, the
critical factor is the relative rate of change. Is demand increasing more rapidly than sup-
ply? If so, vulnerability and the incidence of drought may increase in the future as supply
and demand trends converge (NDMC, 2007).

The sequence of impacts associated with meteorological, agricultural, and hydrolog-
ical drought further emphasizes their differences. When drought begins, the agricultural
sector is usually the first to be affected because of its heavy dependence on stored soil
water. Soil water can be rapidly depleted during extended dry periods. If precipitation
deficiencies continue, then people dependent on other sources of water will begin to feel
the effects of the shortage. Those who rely on surface water (i.e., reservoirs and lakes) and
groundwater are usually the last to be affected. A short-term drought that persists for 3
to 6 months may have little impact on these sectors, depending on the characteristics of
the hydrologic system and water use requirements.

When precipitation returns to normal and meteorological drought conditions have
abated, the sequence is repeated for the recovery of surface and subsurface water
supplies. Soil water reserves are replenished first, followed by streamflow, reservoirs
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and lakes, and finally groundwater. Drought impacts may diminish rapidly in the agri-
cultural sector because of its reliance on soil water, but linger for months or even years
in other sectors dependent on stored surface or subsurface supplies. Groundwater users,
often the last to be affected by drought during its onset, may be the last to experience
a return to normal water levels. The length of the recovery period is a function of the
intensity of the drought, its duration, and the quantity of precipitation received as the
episode terminates (NDMC, 2007).

Drought Indices
Drought indices assimilate data on rainfall, snowpack, streamflow, and other water sup-
ply indicators into a comprehensible big picture. A drought index value is typically a
single number, far more useful than raw data for decision making. There are several
indices that measure how much precipitation for a given period of time has deviated
from historically established norms. Although none of the major indices is inherently
superior to the rest in all circumstances, some indices are better suited than others for
certain uses. For example, the Palmer Drought Severity Index (PDSI or The Palmer) has
been widely used by the U.S. Department of Agriculture to determine when to grant
emergency drought assistance. The Palmer index is better when working with large ar-
eas of uniform topography. Western states, with mountainous terrain and the resulting
complex regional microclimates, find it useful to supplement Palmer values with other
indices such as the Surface Water Supply Index, which takes snowpack and other unique
conditions into account. Detailed discussion of various drought indices, including their
advantages and drawbacks, is given by Hayes (2007).

The National Drought Mitigation Center is using a newer index, the Standardized
Precipitation Index (SPI), to monitor moisture supply conditions. Some distinguishing
traits of this index are that it identifies emerging drought months sooner than the Palmer
index and that it is computed on various time scales. The understanding that a deficit
of precipitation has different impacts on groundwater, reservoir storage, soil moisture,
snowpack, and streamflow led McKee, Doesken, and Kleist of Colorado State University
to develop the SPI in 1993. The SPI was designed to quantify the precipitation deficit for
multiple time scales. These time scales reflect the impact of drought on the availability
of different water resources. Soil moisture conditions respond to precipitation anomalies
on a relatively short scale. Groundwater, streamflow, and reservoir storage reflect the
longer-term precipitation anomalies. For these reasons, McKee et al. (1993) originally
calculated the SPI for 3-, 6-, 12-, 24-, and 48-month time scales.

The SPI calculation for any location is based on the long-term precipitation record
for a desired period. This long-term record is fitted to a probability distribution, which
is then transformed into a normal distribution so that the mean SPI for the location and
desired period is zero (Edwards and McKee, 1997). Positive SPI values indicate greater
than median precipitation, and negative values indicate less than median precipitation.
Because the SPI is normalized, wetter and drier climates can be represented in the same
way, and wet periods can also be monitored using the SPI. PSI values smaller than –2
indicate extreme drought and greater than 2 extreme wet conditions.

Occurrence of Droughts
Instrumental records of drought for the United States extend back approximately 100
years. These records capture the twentieth-century droughts but are too short to as-
sess the reoccurrence of major droughts such as those of the 1930s, 1950s, and 2000s.
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As droughts continue to have increasingly costly impacts on the society, economy, and
environment, it is becoming even more important to put the severe droughts of the twen-
tieth and the beginning of the twenty-first century into a long-term water management
perspective. This perspective can be gained through the use of paleoclimatic records of
drought, called proxies. Paleoclimate is the climate of the past, before the development of
weather-recording instruments, and is documented in biological and geological systems
that reflect variations in climate in their structure. Different proxies record variations in
drought conditions on the order of single seasons to decadal- and century-scale changes,
providing scientists with the information about both rapid and slow changes and short
and long periods of drought.

Historical records, such as diaries and newspaper accounts, can provide detailed
information about droughts for the last 200 (mid-western and western United States) or
300 (eastern United States) years. Tree-ring records can extend back 300 years in most
areas and thousands of years in some regions. In trees that are sensitive to drought
conditions, tree rings provide a record of drought for each year of the tree’s growth.
Geologic evidence is used for records longer than those provided by trees and historical
accounts and for regions where such accounts are absent. It includes analysis of lake
sediments and their paleontologic content, and sand dunes (NCDC, 2007a).

Lake sediments, if the cores of the sediments are sampled at very frequent intervals,
can provide information about variations occurring at frequencies less than a decade in
length. Fluctuations in lake level can be recorded from beach material sediments (geologic
bath tub rings), which are deposited either high (further from the center under wetter
conditions) or low (closer to the center under drier conditions) within a basin as the
water depth and thus lake level change in response to drought. Droughts can increase
the salinity of lakes, changing the species of small, lake-dwelling organisms that occur
within a lake. Pollen grains get washed or blown into lakes and accumulate in sediments.
Different types of pollen in lake sediments reflect the vegetation around the lake and the
climate conditions that are favorable for that vegetation. For example, a change in the
type of pollen found in sediments from an abundance of grass pollen to an abundance
of sage pollen can indicate a change from wet to dry conditions (NCDC, 2007a).

Records of more extreme environmental changes can be found by investigating the
layers within sand dunes. The sand layers are interspersed among layers of soil material
produced under more wet conditions, between the times when the sand dune was active.
For a soil layer to develop, the climate needs to be wet for an extended period of time;
such layers therefore reflect slower, longer-lasting changes.

Large areas of the intermountain basins of the western United States contain sand
dunes and other dune-related features, most of which are now stabilized by vegetation.
Sand dunes and sand sheets were deposited by the wind in times of drought and contain
a wealth of information about episodes of drought and aridity over the course of the
Holocene, which is the period since the end of the most recent widespread glaciation,
about 10,000 years ago. The soil layers, which are interspersed with sand layers, con-
tain organic materials and can be dated with radiocarbon dating techniques. The dates
from the soil layers between layers of sand can be used to bracket times of drought as
signified by the presence of sand. Since there is a lag in time in the vegetation and dune
response to climate conditions, this record is fairly coarse in terms of time scales that it
can resolve (typically centuries or longer). In addition, radiocarbon dating, with a dating
precision of 5 percent (or more during certain periods in the Holocene), contributes to low
temporal resolution of this record. However, recent work has used optically stimulated
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FIGURE 4.10 Calibration/verification period (1916–2002) for a tree-ring reconstruction of the
South Platte River at South Platte, CO. The reconstruction explains most of the variance (R2 =
0.76) of the gaged record and captures the extreme low flows, including 2002. The gaged flow
record, corrected for depletions, was provided by Denver Water. Units for flow are 1000 acre-ft.
(From Woodhouse and Lukas, 2005.)

luminescence techniques to date sand grains, producing records with a decadal scale
resolution for the past 1000 years (Woodhouse, 2005).

Tree rings provide annually or seasonally resolved data that are precisely dated to
the calendar year. Tree-ring records commonly extend 300 to 500 years into the past, and
a small number are thousands of years long. Trees that are sensitive to climate reflect
variations in climate in the width of their annual rings. Thus, the ring-width patterns
contain records of past climate. Trees that grow in arid or semiarid areas and on open,
dry, south-facing slopes are stressed by a lack of moisture. These trees can be used for
reconstructing climate variables such as precipitation, streamflow, and drought. To de-
velop a reconstruction of past climate, tree-ring data are calibrated with an instrumental
record for the period of years common to both. This process yields a statistical model
that is applied to the full length of the tree-ring data to generate a reconstruction of past
climate. The reconstructions are only estimates of past climate, as the tree-ring-based re-
constructions do not explain all the variance in the instrumental records. However, they
can explain up to 60 to 75 percent of the total variance in an instrumental record (Fig.
4.10; Woodhouse and Lukas, 2005). A detailed explanation of the tree-ring paleoclimate
dating including examples is given in Meko et al. (1991) and Cook et al. (1999).

A remarkably widespread and persistent period of drought in the late-sixteenth cen-
tury is evident in a large number of various proxy records for the western United States.
Tree-ring data document drought conditions that ranged across western North America
from northern Mexico to British Columbia. Tree-ring-based streamflow reconstructions
for the Sacramento River and Blue River (in the Upper Colorado River watershed) show
concurrent drought conditions in both of these watersheds in the late-sixteenth century.
This was one of the few periods of drought shared by both the Sacramento and the Blue
River reconstructions in over 500 years and common to both records. During the pe-
riod from 1580 to 1585, there were 4 years with concurrent drought conditions in both
watersheds. Drought was particularly severe in the Sacramento River reconstruction,
which indicated the driest 3-year period in the entire reconstruction (extending to AD
869) was 1578 to 1580. In addition to the western United States, there is also evidence of
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severe sustained drought in the western Great Plains about this time, with widespread
mobilization of sand dunes in eastern Colorado and the Nebraska Sand Hills.

Analysis of Ni et al. (2002) is one of the cases studies confirming the late-sixteenth cen-
tury megadrought and indicating similarly severe earlier droughts in Arizona and New
Mexico. The authors developed a 1000-year reconstruction of cool-season (November–
April) precipitation for each climate division in Arizona and New Mexico from a network
of 19 tree-ring chronologies in the southwestern USA. Linear regression (LR) and artificial
neural network (NN) models were used to identify the cool-season precipitation signal
in tree rings. By using 1931 to 1988 records, the stepwise LR model was cross-validated
with a leave-one-out procedure and the NN was validated with a bootstrap technique.
The final models were also independently validated using the 1896 to 1930 precipitation
data. In most of the climate divisions, both techniques can successfully reconstruct dry
and normal years, and the NN seems to capture large precipitation events and more vari-
ability better than the LR. In the 1000-year reconstructions, the NN also produces more
distinctive wet events and more variability, whereas the LR produces more distinctive
dry events. Figure 4.11 shows the results of the combined model (LR + NN) for one of
Arizona’s climate divisions.
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FIGURE 4.11 A 1000-year reconstruction of cool-season (November–April) precipitation for the
Arizona Climate Division No. 5. Bottom: 21-year moving average. (Source of raw data: Ni et al.,
2002.)
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Several observations can be made from the bottom graph, which depicts the 21-
year moving average. Among sustained dry periods comparable in duration and low
precipitation to the observed 1950s drought, only two have somewhat similar wet periods
preceding the droughts: 1730s and mid-1600s. In both cases, however, the sustained low
precipitation is lower than the 1950s drought, and the preceding wet periods generally
have lower precipitation. The fifteenth century megadrought occurred after a long period
of average precipitation, without any significant wet periods. Even worse conditions are
visible for the late-1200s megadrought, which was preceded by two shorter droughts
during the first half of the thirteenth century. The droughts of late 1000s and mid-1100s
were also likely more severe than the 1950s drought. Finally, the top graph with the model
result on the annual basis shows that there were four seasons without any precipitation,
the situation not recorded for the observed 1896 to 1988 period.

In the most recent study of paleo flows in the Colorado River Basin based on tree-
ring records, Meko et al. (2007) show a very good agreement between the mid-1100s
precipitation drought in central Arizona apparent in Fig. 4.11 and the Colorado River flow
at Lee Ferry. The corresponding hydrologic drought is the most extreme low-frequency
feature of the new reconstruction, covering AD 762 to 2005. It is characterized by a
decrease of more than 15 percent in mean annual flow averaged over 25 years and by the
absence of high annual flows over a longer period of about six decades. The drought is
consistent in timing, with dry conditions inferred from tree-ring data in the Great Basin
and Colorado Plateau, but regional differences in intensity emphasize the importance of
basin-specific paleoclimatic data in quantifying likely effects of drought on water supply
(Meko et al., 2007).

The National Climatic Data Center of the NOAA has compiled a Web site of exist-
ing hydroclimatic reconstructions (streamflow, precipitation, and drought indices) for
California based on tree-ring data. The site also shows locations of existing tree-ring
chronologies that could be used to generate additional reconstructions. Links are pro-
vided for similar information for the Colorado River Basin, an important source of wa-
ter supply for southern California (http://www.ncdc.noaa.gov/paleo/streamflow/ca/
reconstructions.html).

4.3 Anthropogenic Climate Change
There may not be any skeptical world governments left when it comes to the hard scien-
tific evidence regarding anthropogenic causes of accelerated global warming. This may
still not be true for some scientists who argue that the observed global rise in temperature
is just part of the normal and well-documented, long-term Milankovitch cycles of climate
change. It is very likely that the change of the official position of some governments, no-
tably of Australia and the United States, was triggered by a series of reports produced
by the IPCC and released during 2007. The reports are available for free download at the
following Web site: http://www.ipcc.ch/ipccreports/assessments-reports.htm.

What has also undeniably helped in turning the attention of the general public in
the United States to this scientific effort is the reality on the ground, as illustrated by the
following excerpts from a report issued by the National Climatic Data Center in January
of 2007 (NCDC, 2007b):

The 2006 average annual temperature for the contiguous U.S. was the warmest on record and nearly
identical to the record set in 1998, according to scientists at NOAA’s National Climatic Data Center

http://www.ncdc.noaa.gov/paleo/streamflow/ca/reconstructions.html
http://www.ncdc.noaa.gov/paleo/streamflow/ca/reconstructions.html
http://www.ipcc.ch/ipccreports/assessments-reports.htm
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in Asheville, N.C. Seven months in 2006 were much warmer than average, including December,
which ended as the fourth warmest December since records began in 1895. Based on preliminary
data, the 2006 annual average temperature was 55◦F or 2.2◦F (1.2◦C) above the 20th century mean
and 0.07◦F (0.04◦C) warmer than 1998. These values were calculated using a network of more than
1,200 U.S. Historical Climatology Network stations. These data, primarily from rural stations, have
been adjusted to remove artificial effects resulting from factors such as urbanization and station and
instrument changes which occurred during the period of record.

U.S. and global annual temperatures are now approximately 1.0◦F warmer than at the start of the
20th century, and the rate of warming has accelerated over the past 30 years, increasing globally since
the mid-1970’s at a rate approximately three times faster than the century-scale trend. The past nine
years have all been among the 25 warmest years on record for the contiguous U.S., a streak which is
unprecedented in the historical record.

The IPCC (2007) shows that 11 of the last 12 years (1995 to 2006) rank among the
12 warmest years in the instrumental record of global surface temperature (since 1850).
The temperature increase is widespread over the globe and is greater at higher northern
latitudes. Land regions have warmed faster than the oceans.

Earth is naturally heated by the incoming energy from the sun. Over the long term, the
amount of incoming solar radiation absorbed by the earth and atmosphere is balanced
by the earth and atmosphere releasing the same amount of outgoing longwave (thermal)
radiation. About half of the incoming solar radiation is absorbed by the earth’s surface.
This energy is transferred to the atmosphere by warming the air in contact with the
surface (thermals), by evapotranspiration, and by thermal radiation that is absorbed by
clouds and greenhouse gases (GHGs). The atmosphere, in turn, radiates thermal energy
back to earth as well as out to space (Kiehl and Trenberth, 1997).

Thermal (longwave) radiation that leaves the earth (is not radiated back to the land
surface) allows earth to cool. The portion that is reabsorbed by water vapor, CO2, and
other greenhouse in the atmosphere (called GHGs because of their heat-trapping capac-
ity) and then re-radiated back toward the earth’s surface contributes to its heating. On the
whole, these reabsorption and re-radiation processes are beneficial. If there were no GHGs
or clouds in the atmosphere, the earth’s average surface temperature would be a very
chilly –18◦C (0◦F) instead of the comfortable 15◦C (59◦F) that it is today (Riebek, 2007).

Changes in atmospheric concentrations of GHGs and aerosols, land cover, and solar
radiation all can alter the energy balance of the climate system. Global atmospheric con-
centrations of main GHGs, CO2, methane (CH4), and nitrous oxide (N2O), have increased
markedly as a result of human activities since 1750 and now far exceed preindustrial val-
ues determined from ice cores spanning back 650,000 years. CO2 is the most important
anthropogenic GHG. Its annual emissions grew by about 80 percent between 1970 and
2004 (IPCC, 2007). The long-term trend of declining CO2 emissions per unit of energy
supplied reversed after 2000, causing an additional alarm as energy consumption is in-
creasing in all countries. Global increases in CO2 concentrations are due primarily to
fossil fuel use, with land use change providing another significant but smaller contribu-
tion. It is very likely that the observed increase in CH4 concentration is predominantly
due to agriculture and fossil fuel use. Methane growth rates have declined since the early
1990s, consistent with total emission (sum of anthropogenic and natural sources) being
nearly constant during this period. The increase in N2O concentration is primarily due
to agriculture (IPCC, 2007).

Observations of the CO2 concentrations in the atmosphere and the related increasing
temperature (see Fig. 4.1), as well as hundreds of scientific studies analyzed by the IPCC,
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univocally support the theory that GHGs are warming the world. Between 1906 and 2006,
the average surface temperature of the earth rose 0.74◦C. Average northern hemisphere
temperatures during the second half of the twentieth century were very likely higher
than during any other 50-year period in the last 500 years and likely the highest in at
least the past 1300 years.

Consistent with warming, global average sea level has risen since 1961 at an average
rate of 1.8 (1.3 to 2.3) mm/year and since 1993 at 3.1 (2.4 to 3.8) mm/year, with contri-
butions from thermal expansion, melting glaciers and ice caps, and the polar ice sheets.
The world’s mountain glaciers and snow cover have receded in both hemispheres, and
Arctic sea ice extent has been continuously shrinking by 2.7 percent per decade since
1978, with larger decreases observed during summers (average decrease of 7.4 [range 5.0
to 9.8] percent per decade; IPCC, 2007).

As the 2007 reports by the IPCC were being released, new data from satellites and
ground observations indicated that the rate of ice melting is even faster than originally
estimated. One of the mechanisms of particular concern is the accelerated formation of
basal streams of melted water flowing at the base of continental glaciers (Fig. 4.12). Basal
streams can cause accelerated melting and retreat of glaciers, as well as their increased
movement and sliding into the oceans. This means that the worldwide observed sea level
rise may continue at a more rapid rate than what various models of global warming
have predicted. A faster shrinking of snow and ice cover will also produce faster global
warming because less solar energy will be reflected back into the atmosphere.

FIGURE 4.12 Basal glacial stream flowing into the Gulf of Alaska near Seward, AK. Ice discharge
can be accelerated by basal streams like this one. (Photograph courtesy of Jeff Manuszak.)
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The emerging evidence suggests that global warming is already influencing the
weather. For example, the IPCC reports the following:

� From 1900 to 2005, precipitation increased significantly in eastern parts of North
and South America, northern Europe, and northern and central Asia but declined
in the Saharan Africa, the Mediterranean, southern Africa, and parts of southern
Asia. Globally, the area affected by drought has likely increased since the 1970s.

� It is very likely that over the past 50 years cold days, cold nights, and frosts have
become less frequent over most land areas, and hot days and hot nights have
become more frequent.

� It is likely that heat waves have become more frequent over most land areas, the
frequency of heavy precipitation events has increased over most areas, and since
1975 the incidence of higher sea levels has increased worldwide.

� There is observational evidence of an increase in intense tropical cyclone activ-
ity in the North Atlantic since about 1970, with limited evidence of increases
elsewhere.

By using best estimates from various modeled scenarios, the IPCC projects that aver-
age surface temperatures could rise between 1.8◦C and 4◦C by the end of the twenty-first
century. Taking into consideration modeling uncertainties, the likely range of these sce-
narios is between 1.1◦C and 6.4◦C (IPCC, 2007). The lower estimates come from best-case
scenarios in which environmental-friendly technologies such as fuel cells and solar pan-
els replace much of today’s fossil-fuel combustion.

As discussed by Riebek (2007), these numbers probably do not seem threatening at
first glance. After all, temperatures typically change a few tens of degrees whenever a
storm front moves through. Such temperature changes, however, represent day-to-day
regional fluctuations. When surface temperatures are averaged over the entire globe
for extended periods of time, it turns out that the average is remarkably stable. Not
since the end of the last ice age 20,000 years ago, when earth warmed about 5◦C, has
the average surface temperature changed as dramatically as the 1.1 to 6.4◦C plausible
change predicted for the twenty-first century.

Regional-scale changes projected by the IPCC models are as follows:

� Warming will be greatest over land and at most high northern latitudes and least
over Southern ocean and parts of the North Atlantic ocean, continuing recent
observed trends in contraction of snow cover area, increases in thaw depth over
most permafrost regions, and decrease in sea ice extent; in some projections,
Arctic late-summer sea ice disappears almost entirely by the latter part of the
twenty-first century.

� A likely increase in the frequency of hot extremes, heat waves, and heavy pre-
cipitation.

� A likely increase in tropical cyclone intensity.
� A poleward shift of extra-tropical storm tracks with subsequent changes in wind,

precipitation, and temperature patterns.
� Precipitation increase in high latitudes and likely decreases in most subtropical

land regions, continuing observed recent trends.
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Particularly alarming is the possibility of some abrupt or irreversible changes, which
cannot be simulated by various models or show less agreement between models but
nevertheless cannot be excluded. According to IPCC, they are as follows:

� Partial loss of ice sheets on polar land could imply meters of sea-level rise, major
changes in coastlines, and inundation of low-lying areas, with the greatest effects
in river deltas and low-lying islands. Such changes are currently projected to
occur over millennial time scales, but more rapid sea-level rise on century time
scales cannot be excluded.

� Contraction of the Greenland ice sheet is projected to continue to contribute to
sea-level rise after 2100. Current models suggest virtually complete elimination
of the Greenland ice sheet and a resulting contribution to sea-level rise of about
7 m if global average warming were sustained for a millennium in excess of 1.9 to
4.6◦C relative to preindustrial values. The future temperatures in Greenland will
be comparable to those for the last interglacial period 125,000 years ago, when
paleoclimatic information suggests a reduction in polar land ice and a 4 to 6 m of
sea-level rise. However, as in the case of the Antarctic, net loss of ice mass may
happen faster if dynamic ice discharge dominates the ice sheet mass balance (see
Fig. 4.12).

� There is medium confidence that approximately 20 to 30 percent of species as-
sessed so far are likely to be at increased risk of extinction if increases in global
average warming exceed 1.5◦C to 2.5◦C (relative to 1980 to 1999). As global
average temperature increase exceeds about 3.5◦C, model projections suggest
significant extinctions (40 to 70 percent of species assessed) around the globe.

4.3.1 Impacts on Surface Water and Groundwater Resources
Based on global climate models, the IPCC (2007) has high confidence that by mid-century,
annual river runoff and water availability are projected to increase at high latitudes (and
in some tropical wet areas) and decrease in some dry regions in the mid-latitudes and
tropics. There is also high confidence that many semiarid areas (e.g., Mediterranean basin,
western United States, southern Africa, and northeast Brazil) will suffer a decrease in
water resources due to climate change. For example, Fig. 4.13 shows how the warm-
ing trend in western United States winters mirrors annual global temperature trends.
Warmer-than-average winter temperatures have been evident across the region, particu-
larly over the last 6 years. The western United States has also experienced drought over
the last 6 years.

The most obvious consequence of increasing winter temperatures will be the reduc-
tion in snowpack, which is the main source of river runoff in the West. In 2004, the USGS
modeled the effects of climate change on three river basins draining the Sierra Nevada
Mountains (Dettinger et al., 2004). Two basins experienced a dramatic decrease in snow-
pack under a “business as usual” scenario (no cutbacks in carbon emissions). Figure 4.14
demonstrates these results graphically for all three basins. The American River Basin
has the lowest average elevation and, therefore, the highest sensitivity to climate change
(Dettinger et al., 2004). The USGS model predicts that the snow cover in the American
River Basin will be negligible by the year 2100. Reduced snowpack occurs as temperature
increases result in a higher percentage of precipitation falling as rainfall, as demonstrated
in Fig. 4.15 for the Merced River Basin.
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FIGURE 4.13 Western United States (11 states) October–March precipitation and temperature,
1895–2005. Bold line is the 11-year running mean. (From Edwards and Redmond, 2005; source:
Western Regional Climate Center.)

The USGS notes that the most significant hydrologic change, due to global warming,
will be higher streamflows in the late winter/early spring (March) due to more rainfall
and earlier snowmelt. The earlier snowmelt of reduced magnitude will cause water
shortages in the late spring and summer, when water demand is high (Dettinger et al.,
2004).

According to IPCC (2007), there is high confidence that some hydrological systems
have been already affected through increased runoff and earlier spring peak discharge
in many glacier- and snow-fed rivers. Global warming has also affected the thermal
structure and water quality of warming rivers and lakes.
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FIGURE 4.14 Basin average snow water contents on April 1, in three river basins draining the
Sierra Nevada Mountains in the western United States. (From Dettinger et al., 2004.)

IPCC projects that the mechanism of decreasing snowpack, receding glaciers, and
increasing early spring runoff will affect other mountainous regions across the globe and
cause shortages of surface water supplies in regions at lower elevations. Most notably,
the water supply of some of the most populated regions of India and China depends
on large rivers originating in the high mountain ranges of Himalayas. Figure 4.16 is a
glimpse of the receding glaciers across the globe.

The reduced winter snowpack will also have consequences for groundwater recharge
of intermountain basins; less and shorter snowmelt means that the surface flow will last
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FIGURE 4.15 Rainfall as a percentage of precipitation in the Merced River Basin. (From Dettinger
et al., 2004.)

for shorter periods of time, which directly translates into less groundwater recharge at
basin margins and via bedrock. A greater percentage of precipitation falling on moun-
tain ranges and at basin margins will be in the form of rainfall immediately becoming
surface water runoff. Similarly unfavorable for groundwater recharge conditions is the
IPCC’s projection that an increase in rainfall in some regions will come in the form of
bigger, wetter storms, rather than in the form of more rainy days. In between those

FIGURE 4.16 Receding alpine glaciers in the Nutzotin Mountains, eastern Alaska Range. Note the
series of terminal moraines in the foreground. These glaciers feed a network of streams that will
become ephemeral once the glaciers have melted completely. (Photograph courtesy of Jeff
Manuszak.)
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larger storms will be longer periods of light or no rain, so the frequency of drought will
increase.

Rising temperatures and heat waves will result in an increased demand for water and,
together with droughts, will put additional pressure on both surface water and ground-
water resources. Warming of reservoirs and surface streams will result in water quality
problems such as algal blooms. Higher temperatures will cause higher water losses from
surface water reservoirs due to increased evapotranspiration. Increased evapotranspira-
tion will also affect shallow subsurface soil, causing higher soil moisture deficits. A larger
fraction of the infiltrated precipitation will therefore be spent on satisfying this soil mois-
ture deficit before deep circulation and actual groundwater recharge can take place. In
areas with irrigated agriculture, higher temperatures, heat waves, and droughts will put
additional demand on water resources because more water will have to be diverted from
streams and reservoirs or pumped from aquifers to offset higher evapotranspiration and
higher soil moisture deficit.

More frequent episodes of heavy precipitation will cause deterioration of water qual-
ity in surface streams due to increased turbidity and runoff from nonpoint sources of
contamination. A related increased incidence of floods will put pressure on water sup-
ply infrastructure and increase the risks of water-borne diseases.

A sea-level rise will cause salinization of irrigation water in coastal areas, estuar-
ies, and freshwater systems, and saltwater intrusion in shallow aquifers underlying
low coastal areas. In addition, population relocation from the semiarid and arid regions
severely affected by prolonged droughts and from the low-lying coastal areas affected
by the sea-level rise will put pressure on water resources in other regions that otherwise
may not be significantly impacted by global warming.

Some of the projected continental-scale impacts of global warming are given below
(IPCC, 2007).

Africa
� By 2020, between 75 and 250 million people are projected to be exposed to in-

creased water stress due to climate change.
� By 2020, in some countries, yields from rain-fed agriculture could be reduced

by up to 50 percent. Agricultural production, including access to food, in many
African countries is projected to be severely compromised. This would further
adversely affect the predictability of food production and exacerbate malnutri-
tion.

� Toward the end of the twenty-first century, the projected sea-level rise will affect
low-lying coastal areas with large populations. The cost of adaptation could
amount to at least 5 to 10 percent of gross domestic product (GDP).

� By 2080, arid and semiarid land in Africa is projected to increase by 5 to 8 percent
under a range of climate scenarios.

Asia
� By the 2050s, freshwater availability in central, south, east, and southeast Asia,

particularly in large river basins, is projected to decrease.
� Coastal areas, especially heavily populated megadelta regions in south, east, and

southeast Asia, will be at greatest risk due to increased flooding from the sea and,
in some megadeltas, flooding from the rivers.
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� Climate change is projected to compound pressures on natural resources and
the environment, along with rapid urbanization, industrialization, and economic
development.

� Endemic morbidity and mortality due to diarrheal disease primarily associated
with floods and droughts are expected to rise in east, south, and southeast Asia
due to projected changes in the hydrological cycle.

Australia and New Zealand
� By 2020, a significant loss of biodiversity is projected to occur in some ecologically

rich sites including the Great Barrier Reef and Queensland Wet Tropics.
� By 2030, water availability problems are projected to intensify in southern and

eastern Australia and, in New Zealand, in Northland and some eastern regions.
� By 2030, production from agriculture and forestry is projected to decline over

much of southern and eastern Australia, and over parts of eastern New Zealand,
due to increased drought and fire. However, in New Zealand, initial benefits are
projected for some other regions.

� By 2050, ongoing coastal development and population growth in some areas of
Australia and New Zealand are projected to exacerbate risks from sea-level rise
and increases in the severity and frequency of storms and coastal flooding.

Europe
� Climate change is expected to magnify regional differences in Europe’s natural

resources and assets. Negative impacts will include an increased risk of inland
flash floods, more frequent coastal flooding, and increased erosion (due to an
increase in storms and sea-level rise).

� Mountainous areas will experience glacier retreat, reduced snow cover and win-
ter tourism, and extensive species losses (in some areas up to 60 percent by 2080).

� In southern Europe, climate change is projected to worsen conditions (high tem-
peratures and drought) in a region already vulnerable to climate variability and
to reduce water availability, hydropower potential, summer tourism, and, in
general, crop productivity.

� Climate change is also projected to increase the health risks due to heat waves
and the frequency of wildfires.

Latin America
� By mid-century, increases in temperature and associated decreases in soil water

are projected to lead to gradual replacement of tropical forest by savanna in
eastern Amazonia. Semiarid vegetation will be slowly replaced by arid-land
vegetation.

� There is a risk of significant biodiversity loss through species extinction in many
areas of tropical Latin America.

� Productivity of some important crops is projected to decrease and livestock pro-
ductivity to decline, with adverse consequences for food security. In temperate
zones, soybean yields are projected to increase. Overall, the number of people at
risk of hunger is projected to increase.

� Changes in precipitation patterns and the disappearance of glaciers are projected
to significantly affect water availability for human consumption, agriculture, and
energy generation.
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North America
� Warming in the mountains of the American west is projected to cause decreased

snowpack, more winter flooding, and reduced summer flows, exacerbating com-
petition for over-allocated water resources.

� In the early decades of the century, moderate climate change is projected to
increase aggregate yields of rain-fed agriculture by 5 to 20 percent, but with
important variability among regions. Major challenges are projected for crops
that are near the warm end of their suitable range or that depend on highly
utilized water resources.

� During the course of this century, cities that currently experience heat waves are
expected to be further challenged by increased number, intensity, and duration
of heat waves during the course of the century, with the potential for adverse
health impacts.

� Coastal communities and habitats will be increasingly stressed by the changing
climate.

Polar regions
� The main projected biophysical effect is a reduction in thickness and extent of

glaciers and ice sheets and sea ice, and changes in natural ecosystems with detri-
mental effects on many organisms including migratory birds and mammals.

� For human communities in the Arctic, impacts, particularly those resulting from
changing snow and ice conditions, are projected to be mixed.

� Detrimental impacts would include those on infrastructure and traditional in-
digenous ways of life.

� In both polar regions, specific ecosystems and habitats are projected to be vul-
nerable, as climatic barriers to species invasions are lowered.

Small islands
� Sea-level rise is expected to exacerbate inundation, storm surge, erosion, and

other coastal hazards, thus threatening vital infrastructure, settlements, and fa-
cilities that support the livelihood of island communities.

� By mid-century, climate change is expected to reduce water resources in many
small islands, e.g., in the Caribbean and Pacific, to the point where they become
insufficient to meet demand during low-rainfall periods.

Finally, the author includes the following related discussion by the National Climatic
Data Center of NOAA (NCDC, 2007c):

Climate change refers to the changes in average weather conditions that generally occur over long
periods of time, usually centuries or longer. Occasionally, these changes can occur more rapidly, in
periods as short as decades. Such climate changes are often characterized as “abrupt”.

Until recently, many scientists studying changes and variations in the climate thought that the
climate system was slow to change, and that it took many thousands if not millions of years for ice
ages and other major events to occur. Scientists are just beginning to formulate and test hypotheses
regarding the causes of abrupt climate change, but only a handful of attempts have been made to
model abrupt change using computer models. These efforts are focused not only on past events, but
also on abrupt events that might occur in the future as greenhouse gases increase in the atmosphere
and temperatures continue to rise.
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FIGURE 4.17 As the earth’s climate emerged from the most recent ice age, the warming that began
15,000 years ago was interrupted by a cold period known as the Younger Dryas, which in turn
ended with abrupt warming. (From NCDC, 2007c; source: Cuffey and Clow, 1997; Alley, 2000.)

One of the best studied examples of abrupt change occurred as the Earth’s climate was changing
from a cold glacial to a warmer interglacial state. During a brief period lasting about a century,
temperatures in most of the northern hemisphere rapidly returned to near-glacial conditions, stayed
there for over 1,000 years in a time called the Younger Dryas (named after a small Arctic flower) then
about 11,500 years ago quickly warmed again. In some places, the abrupt changes may have been as
large as 10◦C, and may have occurred over a decade (Fig. 4.17). Changes this large would have a huge
impact on modern human society, and there is a pressing need to develop an improved understanding
and ability to predict abrupt climate change events. Indeed, this is the goal of several national and
international scientific initiatives.
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C H A P T E R 5
Groundwater Quality

5.1 Introduction
Water quality is the chemical, physical, biological, and radiological condition of a surface
water or groundwater body. This chapter discusses natural quality and contamination
of freshwater—water that contains less than 1000 mg/L of total dissolved solids (TDS);
generally, more than 500 mg/L of dissolved solids is undesirable for drinking and many
industrial uses. The United States Environmental Protection Agency (USEPA) defines
an underground source of drinking water (USDW) as an aquifer containing water with
a TDS concentration of less than 10,000 mg/L. This distinction is important, as slightly
brackish and brackish groundwater is becoming increasingly of interest for development.

The evaluation of groundwater quality is a complex task. Groundwater quality can
be adversely affected or degraded as a result of human activities that introduce contam-
inants into the environment. It can also be affected by natural processes that result in el-
evated concentrations of certain constituents in the groundwater. For example, elevated
metal concentrations can result when metals are naturally leached into groundwater
from minerals present in the rocks. High levels of arsenic and uranium are frequently
found in certain types of aquifers and groundwater systems around the world. In the
United States, arsenic and uranium are found at elevated concentrations primarily in
some groundwater systems in the western states but occasionally may exceed drinking
water standards in other parts of the country as well.

As pointed out by the USEPA (2000a), not too long ago, it was thought that soil pro-
vided a protective “filter” or “barrier” that immobilized the downward migration of
contaminants released on the land surface. Soil was supposed to prevent groundwater
resources from being contaminated. The detection of pesticides and other contaminants
in groundwater demonstrated that these resources were indeed vulnerable to contami-
nation. The potential for a contaminant to affect groundwater quality is dependent on its
ability to migrate through the overlying soils to the underlying groundwater resource.
Various physical, chemical, and biological processes and many different factors influ-
ence this potential migration of contaminants from the land surface to the water table
of shallow aquifers. The same is true regarding the potential migration of contaminants
from shallow to deeper groundwater systems.

Traditionally, surface water and groundwater have been treated as separate enti-
ties in the management of water resources. However, it has become apparent that they
continuously interact in many different ways, as summarized in a publication by the
USGS, Ground water and surface water—a single resource (Winter et al., 1998). In addition
to precipitation, or direct recharge, water in lakes, wetlands, and streams can recharge
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groundwater systems, and vice versa: groundwater systems discharge into lakes, wet-
lands, and streams. Groundwater provides an average of 52 percent of all the streamflow
in the nation; this contribution ranges from 14 to 90 percent in 24 different regions studied
by the USGS (Winter et al., 1998). The water quality of both surface water and groundwa-
ter can be affected by their interactions with and transport of nutrients and contaminants.
Because contamination is not restricted to either, both groundwater and surface water
must be considered in water quality assessments. An understanding of their interactions
is critical in water protection and conservation efforts. It is evident that protection of
groundwater, as much as protection of surface water, is of major importance for sus-
taining their multiple uses such as drinking water supply, fish and wildlife habitats,
swimming, and fishing (USEPA, 2000a).

5.2 Natural Groundwater Constituents
The British Geological Society and Environment Agency have recently produced a series
of reports documenting baseline groundwater quality of major aquifers in England and
Wales (e.g., Neumann et al., 2003). The two agencies defined the baseline (background)
concentration of a substance as “the range in concentration (within a specified system)
of a given element, species or chemical substance present in solution which is derived
from natural geological, biological, or atmospheric sources.” This effort was undertaken
to establish a standard that serves as the scientific basis for defining natural variations
in groundwater quality and whether or not anthropogenic pollution is taking place. One
of the principal difficulties when attempting to define natural groundwater quality is
that this baseline in many regions has been modified by humans since early times due to
settlement and agricultural practices. Locating groundwater without traces of human im-
pact, which for practical purposes may be defined as water recharged in the preindustrial
era (pre-1800s), is difficult for various reasons. For example, groundwater exploitation
may result in a mixing of the initially stratified system formed as the result of natural
hydraulic gradients and the natural variation in the aquifer’s physical and geochemical
processes. Groundwater samples collected from a system that was under pumping stress
for some time will, therefore, often represent mixtures of the initially stratified system.
The determination of the natural baseline can be achieved by several means including
the study of pristine (unaffected by anthropogenic influence) environments, the use of
historical records, and the application of graphical procedures such as probability plots
to discriminate different populations (Neumann et al., 2003). In addition, in order to
correctly interpret the water quality variations in terms of the baseline, some knowledge
of the residence time of groundwater is required. For this purpose, both inert and active
chemical and isotopic tracers are essential.

As the most effective solvent of geologic materials, groundwater contains a large num-
ber of dissolved natural elements. Complete chemical analyses of groundwater (those
looking for “all” possible naturally occurring constituents) would generally show more
than 50 elements at levels detectable in commercial laboratories, and more at scien-
tific laboratories capable of detecting very low concentrations. Constituents that are
commonly present at concentrations greater than 1 mg/L in most geologic settings
are sometimes called major or macro constituents of groundwater. Such components
are analyzed by default because they most obviously reflect the type of rocks present in
the subsurface and are therefore used to compare general genetic types of groundwater.
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Some of the elements commonly present in groundwater at concentrations between 0.01
and 10 mg/L are significant for understanding its genesis and are also often analyzed
by default. These are sometimes referred to as either minor or secondary constituents.
Metallic elements that are usually found at concentrations less than 0.1 and less than
0.001 mg/L are sometimes called minor constituents and trace constituents, respectively.
However, the significant concentrations and the relative importance of different ground-
water constituents are site and regulations specific, and these do vary in different parts
of the world, and in time. A good example is arsenic, considered for a long time to be
a “minor” or “trace” constituent. However, as more and more analyses of groundwater
used or considered for water supply are being conducted both in the United States and
worldwide, arsenic emerges as the major groundwater constituent simply because of the
new regulatory drinking water standard of 0.01 mg/L (10 ppb).

About 35 or so important natural inorganic groundwater constituents, recognizing the
relativity of word “important,” can be divided into the following two practical analytical
groups:

1. Primary constituents analyzed routinely
a. Anions: Cl−, SO2−

4 , HCO−
3 , CO2−

3 , and NO−
3 (and other nitrogen forms)

b. Cations: Ca2+, Mg2+, Na+, K+, and Fe2+ (and other iron forms)
c. Silica as SiO2 (present mostly in uncharged form)

2. Secondary constituents analyzed as needed
a. Elements/anions: boron (B), bromine/bromide (Br), fluorine/fluoride (F),

iodine/iodide (I), and phosphorus/phosphate (P)
b. Metals, nonmetallic elements: aluminum (Al), antimony (Sb), arsenic (As),

barium (Ba), beryllium (Be), cadmium (Cd), cesium (Cs), chromium (Cr),
copper (Cu), lead (Pb), lithium (Li), manganese (Mn), mercury (Hg), nickel
(Ni), rubidium (Rb), selenium (Se), silver (Ag), strontium (Sr), and zinc (Zn)

c. Radioactive elements: radium (Rd), uranium (U), alpha particles, and beta
particles

d. Organic matter (total and dissolved organic carbon—TOC and DOC)
e. Dissolved oxygen (and/or reduction-oxidation potential, Eh)

Almost all primary and secondary inorganic constituents listed above are included
in the list of primary and secondary drinking water standards by the USEPA (see Section
5.4). Most of them, when in excess of a certain concentration, are considered contaminants,
and such groundwater is not suitable for human consumption. Groundwater contami-
nation may be the result of both naturally occurring substances and those introduced by
human activities.

5.2.1 Total Dissolved Solids, Specific Conductance, and Salinity
Overall, water is the most effective solvent of geologic materials and other environmental
substances—solid, liquid, and gaseous. This quality of water is the result of a unique
structure of its molecule, which is a dipole—the centers of gravity and electric charges in
the water molecule are asymmetric. The polarity of molecules, in general, is quantitatively
expressed with the dipole moment, which is the product of the electric charge and the
distance between the electric centers. Dipole moment for water is 6.17 × 10−30 Cm (kulon-
meters), higher than for any other substance, and explains why water can dissolve more
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solids and liquids than any other liquid. Dissolution of rocks by water plays the main
role in continuous redistribution of geologic materials in the environment, at and below
the land surface.

Substances subject to dissolution by water (or any other liquid) are called solutes. Some
substances are more soluble in water than others. Ionized mineral salts, such as sodium
chloride, are very easily and quickly dissolved in water by its dipolar molecules. Synthetic
organic substances with polarized molecules, such as methanol, are also highly soluble
in water: hydrogen bonds between water and methanol molecules can readily replace the
very similar hydrogen bonds between different methanol molecules and different water
molecules. Methanol is, therefore, said to be miscible in water (its solubility in water is
infinite for practical purposes). On the other hand, many nonpolar organic molecules,
such as benzene and trichloroethylene (TCE) for example, have low water solubility.

True solutes are in the state of separated molecules and ions, all of which have very
small dimensions (commonly between 10−6 and 10−8 cm), thus making a water solution
transparent to light. Colloidal solutions have solid particles and groups of molecules that
are larger than the ions and molecules of the solvent (water). When colloidal particles
are present in large enough quantities, they give water an opalescent appearance by
scattering light. Although there is no one-agreed-to definition of what exactly colloidal
sizes are, a common range cited is between 10−6 and 10−4 cm (Matthess, 1982). The amount
of a solute in water is expressed in terms of its concentration, usually in milligrams per
liter (mg/L or parts per million—ppm) and micrograms per liter (parts per billion—ppb).
It is sometimes difficult to distinguish between certain true solutes and colloidal solutions
that may carry particles of the same source substance. Filtering and/or precipitating
colloidal particles before determining the true dissolved concentration of a solute may
be necessary in some cases. This is especially true for drinking water standards because
these, for most substances, are based on dissolved concentrations. Laboratory analytical
procedures are commonly designed to determine total concentrations of a substance and
do not necessarily provide indication of all the individual species (chemical forms) of
it. If needed, however, such speciation can be requested. For example, determination
of individual chromium species, rather than the total chromium concentration, may be
important in groundwater contamination studies, since hexavalent chromium or Cr(VI)
is more toxic and has different mobility than trivalent chromium, Cr(III).

The total concentration of dissolved material in groundwater is called total dissolved
solids (TDS). It is commonly determined by weighing the dry residue after heating the
water sample usually to 103◦C or 180◦C (the higher temperature is used to eliminate
more of the crystallization water). TDS can also be calculated if the concentrations of
major ions are known. However, for some water types, a rather extensive list of analytes
may be needed to accurately obtain the total. During evaporation, approximately one-
half of the hydrogen carbonate ions are precipitated as carbonates and the other half
escapes as water and carbon dioxide. This loss is taken into account by adding half of the
HCO−

3 content to the evaporation (dry) residue. Some other losses, such as precipitation
of sulfate as gypsum and partial volatilization of acids, nitrogen, boron, and organic
substances, may contribute to a discrepancy between the calculated and the measured
TDS.

Solids and liquids that dissolve in water can be divided into electrolytes and non-
electrolytes. Electrolytes, such as salts, bases, and acids, dissociate into ionic forms (posi-
tively and negatively charged ions) and conduct electrical current. Nonelectrolytes, such
as sugar, alcohols, and many organic substances, occur in aqueous solution as uncharged
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molecules and do not conduct electrical current. The ability of 1 cm3 of water to conduct
electrical current is called specific conductance (or sometimes simply conductance, although
the units are different). Conductance is the reciprocal of resistance and is measured in
units called Siemen (International System) or mho (1 Siemen equals 1 mho; the name mho is
derived from the unit for resistance—ohm, by spelling it in reverse). Specific conductance
is expressed as Siemen/cm or mho/cm. Since the mho is usually too large for most ground-
water types, the specific conductance is reported in micromhos/cm or microSiemens/cm
(μS/cm), with instrument readings adjusted to 25◦C, so that variations in conductance
are only a function of the concentration and type of dissolved constituents present (water
temperature also has a significant influence on conductance). Measurements of specific
conductance can be made rapidly in the field with a portable instrument, which pro-
vides for a convenient method to quickly estimate TDS and compare general types of
water quality. For a preliminary (rough) estimate of TDS, in milligrams per liter, in fresh
potable water, the specific conductance in micromhos/cm can be multiplied by 0.7. Pure
water has a conductance of 0.055 micromhos at 25◦C, laboratory distilled water between
0.5 and 5 micromhos, rainwater usually between 5 and 30 micromhos, potable ground-
water ranges from 30 to 2000 micromhos, sea water from 45,000 to 55,000 micromhos,
and oil field brines have commonly more than 100,000 micromhos (Davis and DeWiest,
1991).

The term salinity is often used for total dissolved salts (ionic species) in groundwater,
in the context of water quality for agricultural uses or human and livestock consumption.
Various salinity classifications, based on certain salts and their ratios, have been proposed
(see Matthess, 1982). One problem with the term salinity is that a salty taste may be already
noticeable at somewhat higher concentrations of sodium chloride, NaCl (e.g., 300 to
400 mg/L), even though the overall concentration of all dissolved salts may not “qualify”
a particular groundwater to be called “saline.” In practice, it is common to call water
with less than 1000 mg/L (1 g/L) dissolved solids fresh, and water with more than
10,000 mg/L saline.

5.2.2 Hydrogen-Ion Activity (pH)
Hydrogen-ion activity, or pH, is probably the best-known chemical characteristic of water.
It is also the one that either directly affects or is closely related to most geochemical
and biochemical reactions in groundwater. Whenever possible, pH should be measured
directly in the field, since groundwater, once outside its natural environment (aquifer),
quickly undergoes several changes that directly impact pH, the most important being
temperature and the CO2-carbonate system. Incorrect values of pH may be a substantial
source of error in geochemical equilibrium and solubility calculations.

Water molecules naturally dissociate into H+ and OH− (hydroxyl) ions. By conven-
tion, the content of the hydrogen ion in water is expressed in terms of its activity, pH,
rather than its concentration in milligrams or millimoles per liter. By definition, when
the number of hydrogen ions equals the number of hydroxyl ions, the solution is neutral
and the hydrogen ion activity, or pH, is 7 (note that log [7] times log [7] is log [14]).
Theoretically, when there are no hydrogen ions, pH is 14 and the solution is purely al-
kaline (base); when there are no hydroxyl ions, the solution is a pure acid with pH 1.
Accordingly, when the activity (concentration) of hydrogen ions decreases, the activity
of hydroxyl ions must increase because the product of the two activities is always the
same, i.e., 14.
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The reaction of carbon dioxide with water is one of the most important for establishing
pH in natural water systems. This reaction is represented by the following three steps
(Hem, 1989):

CO2(g) + H2O(l) = H2CO3(aq) (5.1)

H2CO3(aq) = H+ + HCO−
3 (5.2)

HCO−
3 = H+ + CO2−

3 (5.3)

where g, l, and aq denote gaseous, liquid, and aqueous phases, respectively. The second
and third steps produce hydrogen ions, which influence the acidity of solution. Other
common reactions that create hydrogen ions involve dissociation of acidic solutes.

Many of the reactions between water and solid species consume H+, resulting in the
creation of OH− and alkaline conditions. One of the most common is hydrolysis of solid
calcium carbonate (calcite):

CaCO3 + H2O = Ca2+ + HCO−
3 + OH− (5.4)

Note that Eq. (5.4) explains why lime dust (calcium carbonate) is often added to acidic
soils in agricultural applications to stimulate growth of crops that do not tolerate such
soils.

The pH of water has a profound effect on the mobility and solubility of many sub-
stances. Only a few ions such as sodium, potassium, nitrate, and chloride remain in
solution through the entire range of pH found in normal groundwater. Most metallic
elements are soluble as cations in acid groundwater but will precipitate as hydroxides or
basic salts with an increase in pH. For example, all but traces of ferric ions will be absent
above a pH of 3, and ferrous ions diminish rapidly as the pH increases above 6 (Davis
and DeWiest, 1991).

5.2.3 Reduction-Oxidation (Redox) Potential (Eh)
Reduction and oxidation can be broadly defined as a gain of electrons and loss of elec-
trons, respectively. For a particular chemical reaction, an oxidizing agent is any material
that gains electrons, and a reducing agent is any material that loses electrons. The reduction
process is illustrated with the following expression (Hem, 1989):

Fe3+ + e− = Fe2+ (5.5)

where ferric iron (Fe3+) is reduced to the ferrous state by gaining one electron. The symbol
“e−” represents the electron, or unit negative charge. This expression is a “half-reaction”
for the iron reduction-oxidation couple; for the reduction to take place there has to be
a source of electrons, i.e., another element has to be simultaneously oxidized (lose elec-
trons). Together with the hydrogen ion activity (pH), reduction and oxidation reactions
play key role in solubility of various ionic substances. Microorganisms are involved in
many of the reduction-oxidation reactions, and this relationship is especially important
when studying the fate and transport of contaminants subject to biodegradation.

The electric potential of a natural electrolytic solution with respect to the standard
hydrogen half-cell measuring instrument is expressed (usually) in millivolts or mV. This
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measured potential is known as reduction-oxidation potential or redox and is denoted with
Eh (h stands for hydrogen). Observed Eh range for groundwater is between +700 and
–400 mV. This positive sign indicates that the system is oxidizing, and the negative that
the system is reducing. The magnitude of the value is a measure of the oxidizing or
reducing tendency of the system. Eh, just like pH, should be measured directly in the
field. Concentration of certain elements is a good indicator of the range of possible Eh
values. For example, a notable presence of H2S (>0.1 mg/L) always causes negative Eh.
If oxygen is present in concentrations greater than 1 mg/L, Eh is commonly between 300
and 450 mV. Generally, an increase in content of salts decreases the Eh of the solution.

The redox state is determined by the presence or absence of free oxygen in ground-
water. Newly percolated (recharge) water often supplies oxygen to groundwater in the
range from 6 to 12 mg/L. As groundwater moves away from the recharge zone, oxygen
can be consumed in a number of different geochemical reactions, the most direct being
oxidation of iron and manganese compounds. Microbial activity also consumes oxygen
and may rapidly create a reducing environment in a saturated zone with an excess of
dissolved organic carbon (DOC) (which is a nutrient for microbes) such as in cases of
groundwater contamination with organic liquids.

Determining redox potential in an aquifer is particularly important in contaminant
fate and transport and remediation studies. For example, oxidizing (aerobic) conditions fa-
vor biodegradation of petroleum hydrocarbons such as gasoline, while reducing (anaero-
bic) conditions favor biodegradation of chlorinated compounds such as tetrachloroethene
(PCE). Based on oxygen demand of the various bacterial species, an oxygen content be-
tween 0.7 and 0.01 mg O2/L at 8◦C water temperature has been commonly defined as
threshold oxygen concentration for the boundary between oxidizing and reducing con-
ditions. However, field observations suggest that reducing conditions may appear at
considerably higher oxygen contents (Matthess, 1982).

The redox potential generally decreases with rising temperature and pH, and this
decrease results in an increasing reducing power of the aqueous system. Reducing sys-
tems, in addition to the absence or very much reduced oxygen content, have a noticeable
content of iron and manganese; occurrence of hydrogen sulfide, nitrite, and methane; an
absence of nitrate; and often a reduction or absence of sulfate (Matthess, 1982).

5.2.4 Primary Constituents
As a rule, the primary constituents dissolved in fresh groundwater always make up
more than 90 percent of TDS in a sample. The following elements and ionic species, in
particular, have been widely used to describe the chemical type and origin of ground-
water: cations of calcium (Ca2+), magnesium (Mg2+), sodium (Na+), and potassium (K+)
and anions of chloride (Cl−), sulfate (SO2−

4 ), hydrocarbonate (HCO−
3 ), and carbonate

(CO−
3 ). The reason why they are the most prevalent in natural groundwaters is that

the most important soluble minerals and salts occurring in relatively large quantities in
rocks are calcium carbonate (CaCO3), magnesium carbonate (MgCO3), their combination
(CaCO3 × MgCO3), sodium chloride (NaCl), potassium chloride (KCl), calcium sulfate
(CaSO4), and hydrous calcium sulfate (CaSO4 × 2H2O). The five elements (Ca, Mg, Na,
K, and Cl) are abundant in various sedimentary, magmatic, and metamorphic rocks and
are constantly released to the environment by weathering and dissolution.

Although aluminum and iron and are the second and the third most abundant metallic
elements in the earth’s crust, respectively, they rarely occur in natural groundwater in
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concentrations exceeding 1 mg/L (Hem, 1989). Naturally occurring forms of aluminum
are especially stable under near-neutral pH, and aluminum is not considered to be a
major dissolved-phase constituent. The exceptions are waters with very low pH such
as acidic mine drainage. The chemical behavior of iron and its solubility in water are
rather complex and depend strongly on the redox potential and pH. The forms of iron
present are also strongly affected by microbial activity. Various ferrous complexes are
formed by many organic molecules, and some of the complexes may be significantly
more resistant to oxidation than free ferrous ions and also insoluble in groundwater. The
presence of various forms of iron in groundwater is also important when evaluating the
degradation of organic contaminants or deterioration of well screens by iron bacteria.
For all these reasons, iron is considered one of the primary groundwater constituents
and it is commonly analyzed, even though its dissolved ionic forms are found in most
groundwaters in smaller concentrations compared to the major ions.

Unlike aluminum and iron, silicon, being the second only to oxygen in the earth’s
crust, is found in appreciable quantities in most groundwaters, usually between 1 and 30
mg/L when expressed as silica. The relative abundance of silica in natural water is due
to its many different chemical forms found in minerals and rocks. This fact is contrary
to the common belief that silica is not soluble in water and is therefore not present in
groundwater. The most abundant forms of silica dissolved in water are thought not to
form ions, although the complicated groundwater chemistry of silica is still not well
understood (Hem, 1989; Matthess, 1982).

When analyzing relationships between major ions, or one of the ions to the total
concentration, it is often helpful in understanding the origin of groundwater, and the
similarities and differences between samples. Some useful ratios for establishing chemi-
cal types of groundwater are the ratio of calcium to magnesium for studying water from
carbonate sediments (limestone and dolomite), and the ratio of silica to dissolved solids
for identifying solution of different silicate minerals in magmatic rock terrains. Other
ratios may be useful in different terrains, as long as the mineral contents of the aquifer
porous media is well understood. Various groundwater classifications based on the pres-
ence of different ions and groups of ions have been proposed in literature and are beyond
the scope of this book (e.g., see Alekin, 1953, 1962; Hem, 1989; Matthess, 1982).

A common practice in interpreting the results of chemical analyses is to present the
concentrations of major ionic species graphically. Piper diagrams (Piper, 1944) are conve-
nient for plotting the results of multiple analyses on the same graph, which may reveal
grouping of certain samples and indicate their common or different origin. Box-and-
Whisker plots (or simply “box” plots) are useful for comparing statistical parameters
of samples known to be collected from different aquifers. For example, Figs. 5.1 and 5.2
show results of chemical analyses of groundwater from three different aquifers in coastal
North Carolina, the United States. The most obvious from the Piper diagram presentation
is that the surficial aquifer samples have a wide scatter, ranging from calcium bicarbonate
to sodium chloride types. The source of the calcium and bicarbonate is most likely carbon-
ate shell material in sediments of the surficial aquifer; however, the lower concentrations
of these analytes compared with those in the Castle Hayne and Peedee aquifers (Fig.
5.2) are probably a result of less abundance of carbonate material in the surficial aquifer
and the leaching and removal of these chemical constituents by infiltrating precipitation
from the surficial deposits. The lowest pH values for recent groundwater samples were
measured in the surficial aquifer and also indicate the leaching and removal of carbonate
minerals (Harden et al., 2003). The pH of groundwater in the surficial aquifer was slightly
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FIGURE 5.1 Piper diagram showing July–August 2000 groundwater quality in Brunswick County, NC.
(Modified from Harden et al., 2003.)

acidic and ranged from 4.8 to 7.5 pH units, with a median value of about 6.9 (Fig. 5.2).
The median dissolved-solids concentration (residue at 180◦C) in the surficial aquifer was
about 110 mg/L, almost three times less than in the Castle-Hayne aquifer, which is the
deepest among the three. The highest dissolved-solids concentration of 870 mg/L was
detected in a surficial aquifer well at Bald Head Island. This well also has the highest
chloride concentration. Groundwater at Bald Head Island is known to be salty and is
treated by reverse osmosis for supply purposes (Harden et al., 2003).

Stiff diagram (Fig. 5.3) gives an irregular polygonal shape that can help recognize
possible patterns in multiple analyses and is therefore commonly used on hydrogeologic
maps.

Cumulative frequency diagrams are useful in visualizing the distribution of data and
may be of use in determining outlying data, certain controlling chemical mechanisms,
and possible pollution. British Geologic Survey and Environment Agency provides the
following discussion accompanying Fig. 5.4 (Neumann et al., 2003):

� The median and upper and lower percentile concentrations are used as a refer-
ence for the element baseline, which can be compared regionally or in relation
to other elements.
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� Normal to multimodal distributions are to be expected for many elements re-
flecting the range in recharge conditions, water-rock interactions, and residence
time under natural conditions.

� Narrow ranges of concentration may indicate rapid attainment of saturation with
minerals (e.g., Si with silica and Ca with calcite).

� A strong negative skew may indicate selective removal of an element by some
geochemical process (e.g., NO3 by in situ denitrification).

� A positive skew most probably indicates a contaminant source for a small number
of the groundwaters, and this gives one simple way of separating those waters
above the baseline. Alternatively, the highest concentrations may indicate waters
of natural higher salinity.

An example of cumulative frequency diagrams for major constituents in the limestone
aquifers in the Cotswolds, England, is shown in Fig. 5.5. The majority of the plots show a
relatively narrow range, and some approach log-normal distribution with relatively steep
gradients. For HCO3 and Ca, the narrow ranges of concentrations indicate saturation
with calcite in groundwaters, with the upper limit being controlled by carbonate mineral
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solubility. Na and Cl concentrations are variable and show positive skew within the
upper 10 percent of the data, particularly for Na. The strong negative skew in the plot
for NO3 indicates the presence of reducing waters and the removal of nitrate by in-situ
denitrification. Additionally, old formation waters will exhibit low nitrate concentrations,
being recharged before agricultural pollution occurred, while some groundwaters, such
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as in woodland areas, might be generally unaffected by agricultural pollution (Neumann
et al., 2003).

5.2.5 Secondary Constituents
Secondary constituents of importance for most natural groundwaters of drinking water
quality include metals, fluoride, and organic matter. The term heavy metals (or trace
metals) is applied to the group of metals and semimetals (metalloids) that have been
associated with contamination and potential toxicity or ecotoxicity; it usually refers to
common metals such as copper, lead, or zinc. Some define a heavy metal as a metal with
an atomic mass greater than that of sodium, whereas others define it as a metal with
a density above 3.5 to 6 g/cm3. The term is also applied to semimetals (elements such
as arsenic, which have the physical appearance and properties of a metal but behave
chemically like a nonmetal) presumably because of the hidden assumption that “heav-
iness” and “toxicity” are in some way identical. Despite the fact that the term heavy
metal has no sound terminological or scientific basis, it has been widely used in scientific
environmental literature (van der Perk, 2006). Heavy metals commonly found in natural
fresh groundwater include zinc, copper, lead, cadmium, mercury, chromium, nickel, and
arsenic.

Heavy metals occur naturally as part of many primary and secondary minerals in all
types of rocks. In natural waters, they are present mainly at low concentrations (usually
much less than 0.1 mg/L), and as cations, although some semimetals such as arsenic
may occur as oxyanions (e.g., arsenate AsO3−

4 ). Their generally low concentrations in
groundwater are due to the high affinity of heavy metals to adsorption and precipita-
tion in soils and aquifer porous media. The maximum natural concentrations of heavy
metals are usually associated with ore deposits and oxidized, low-pH water. In general,
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many solids control the fixation (immobilization) of heavy metals, namely, clay minerals,
organic matter, iron, manganese, and aluminum oxides and hydroxides for adsorption,
and poorly soluble sulfide, carbonate, and phosphate minerals for precipitation (Bourg
and Loch, 1995; from van der Perk, 2006). The pH of groundwater is the most important
factor controlling the fate and transport of heavy metals in the subsurface. In general,
decreasing pH results in higher mobility of heavy metals and vice versa. More on general
characteristics, hydrochemistry, and mobility of heavy metals in the subsurface can be
found in Bourg and Loch (1995), Appelo and Postma (2005), and van der Perk (2006).

Arsenic has emerged as one of the most widespread natural contaminants in ground-
water in various regions of the world. Since it can occur both naturally and as a result of
anthropogenic contamination, arsenic is covered in more detail later as a groundwater
contaminant.

The element fluorine is used by higher life forms in the structure of bones and teeth.
The importance of fluoride; its anion, in forming human teeth; and the role of fluoride
intake from drinking water in controlling the characteristics of tooth structure was rec-
ognized during the 1930s (Hem, 1989). Since that time the fluoride content of natural
water has been studied extensively. Although intake of fluoride is necessary for promot-
ing strong healthy teeth, at high concentrations it may cause bone disease and mottled
teeth in children (MCL for fluoride in the United States is 4 mg/L). Although fluoride
concentrations in most natural waters are small, less than 1 mg/L, groundwater exceed-
ing this value has been found in many places in the United States, in a wide variety
of geologic terrains (Hem, 1989). Fluorite and apatite are common fluoride minerals in
magmatic and sedimentary rocks, and amphiboles and micas may contain fluoride that
replaces part of the hydroxide. Rocks rich in alkali metals have a higher fluoride content
than most other magmatic rocks. Fresh volcanic ash may be rather rich in fluoride, and
ash that is interbedded with other sediments could contribute significantly to fluoride
concentrations. Fluoride is commonly associated with volcanic or fumarolic gases, and,
in some areas, these may be important sources of fluoride in groundwater (Hem, 1989).
Fluorine is the most electronegative of all the elements, and its F− ion forms strong solute
complexes with many cations, particularly with aluminum, beryllium, and ferric iron.
Anthropogenic sources of fluoride include fertilizers and discharge from ore-processing
and smelting operations, such as aluminum works.

In addition to inorganic (mineral) substances, groundwater always contains natural
organic substances, and almost always some living microorganisms (mainly bacteria),
even at depths of up to 3.5 km in some locations (Krumholz, 2000). Organic matter
in surface and groundwater is a diverse mixture of organic compounds ranging from
macromolecules to low-molecular-weight compounds such as simple organic acids and
short-chained hydrocarbons. In groundwater, there are three main natural sources of
organic matter: organic matter deposits such as buried peat, kerogen, and coal; soil
and sediment organic matter; and organic matter present in waters infiltrating into the
subsurface from rivers, lakes, and marine systems (Aiken, 2002). Various components of
naturally occurring hydrocarbons (oil and gas) and their breakdown products formed by
microbial activity are a significant part of groundwater chemical composition in many
areas throughout the world. A very large number of artificial organic chemicals have
become part of groundwater reality in recent years because, if analyzed using the latest
available analytical methods, they are often detected.

Organic matter in groundwater plays an important role in controlling geochemical
processes by acting as proton and electron donors-acceptors and pH buffers, by affecting
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the transport and degradation of pollutants and by participating in mineral dissolution
and precipitation reactions. Dissolved and particulate organic matter may also influence
the availability of nutrients and serve as a carbon substrate for microbially mediated
reactions. Numerous studies have recognized the importance of natural organic matter
in the mobilization of hydrophobic (“water-hating”) organic species, heavy metals, and
radionuclides. Many contaminants that are commonly regarded as virtually immobile
in aqueous systems can interact with dissolved organic carbon (DOC) or colloidal or-
ganic matter, resulting in migration of hydrophobic chemicals far beyond the distances
predicted by the structure and activity relationships (Aiken, 2002).

A number of significant, although poorly understood, mechanisms can be responsible
for the transport or retention of organic molecules in the subsurface. Once in the system,
organic compounds, whether of anthropogenic or natural origin, can be truly dissolved,
associated with immobile or mobile particles. Mobile particles include DOC, DOC-iron
complexes, and colloids. Positively charged organic solutes are readily removed from
the dissolved phase by cation exchange, which can be a significant sorption mechanism.
Organic solutes that may exist as cations in natural waters include amino acids and
polypeptides. Hydrophilic neutral (e.g., carbohydrates and alcohols) and low-molecular-
weight anionic organic compounds (e.g., organic acids) are retained the least by aquifer
solids. Hydrophobic synthetic organic compounds interact strongly with the organic
matter associated with the solid phase of porous media. These interactions are controlled,
in part, by the nature of the organic coatings on solid particles, especially with respect to its
polarity and aromatic carbon content. Interactions of hydrophobic organic compounds
with stationary particles can result in strong binding and slow release rates of these
compounds (Aiken, 2002).

5.3 Groundwater Contamination and Contaminants
In general, any water that contains disease-causing or toxic substances is defined as
contaminated (USEPA, 2000a). This definition does not differentiate between possible
sources of contamination or types of contaminants—any substance of natural or syn-
thetic origin that is toxic to humans or can cause disease is defined as a groundwater
(water) contaminant. In the broadest sense, all sources of groundwater contamination
and contaminants themselves can be grouped into two major categories: naturally oc-
curring and artificial (anthropogenic). Some natural contaminants, such as arsenic and
uranium, may have significant local or regional impacts on groundwater supplies. How-
ever, anthropogenic sources and synthetic chemical substances, in general, have much
greater negative effects on the quality of groundwater resources.Almost every human
activity has the potential to directly or indirectly impact groundwater to a certain ex-
tent. Figure 5.6 illustrates some of the land use activities that can result in groundwater
contamination. An exponential advancement of analytical laboratory techniques in the
last decade has demonstrated that many synthetic organic chemicals (SOCs) are widely
distributed in the environment, including in groundwater, and that a considerable num-
ber of them can now be found in human tissue and organs of people living across the
globe.

Strongly related to the ever-increasing public awareness of environmental pollution
is a very rapid growth in consumption of bottled drinking water, also across the globe.
Many consumers are ready to pay a premium for brands marketed as “pure spring
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FIGURE 5.6 Land use activities commonly generating a groundwater pollution threat. (From Foster
et al., 2002–2005.)

water” or “water coming from deep pristine aquifers,” so that major multinational cor-
porations are frantically looking for groundwater resources that can be marketed as such.
In general, there is still a lot of truth in the following statement, very much appreciated
by many groundwater professionals: groundwater in general is much less vulnerable
to contamination than surface water; it is generally of better quality and thus requires
less investment in water supply development. It is however also true that it usually
takes more time and it is more difficult to restore a groundwater source once it becomes
contaminated.

In developed industrialized countries, regulatory agencies are mostly concerned with
groundwater contamination caused by organic synthetic chemicals. For example, in 1993
the USEPA reported that rapid growth of the chemical industry in the United States in the
second half of the twentieth century resulted in common industrial and commercial use
of at least 63,000 SOCs (synthetic organic chemicals), with 500 to 1000 being added each
year. Health effects brought about by long-term, low-level exposure to these chemicals
are not well known (USEPA, 1990).

In less developed countries, contamination of water supplies by organic chemicals
is of minor or no concern compared to health problems related to poor sanitary con-
ditions and diseases caused by pathogenic organisms (bacteria, parasites, and viruses).
The primary health-related goal in such countries is disinfection of drinking water and
development of safe water supplies. Even a simple sanitary design of water wells, such
as the one shown in Fig. 5.7, can dramatically improve the health and lives of population
dependent on groundwater use.

Groundwater contamination is most common in developed urban areas, agricultural
areas, and industrial complexes. Frequently, groundwater contamination is discovered
long after it has occurred. One reason for this is the slow movement of groundwater
through groundwater systems, sometimes as little as fractions of a foot (meter) per day.
This often results in a delay in the detection of groundwater contamination. In some
cases, contaminants introduced into the subsurface decades ago are only now being
discovered. This also means that the environmental management practices of today will
have effects on groundwater quality well into the future (USEPA, 2000a).
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FIGURE 5.7 Children in Northern Ghana use a hand pump to collect water for their families at a
new sanitary well. (Photograph courtesy of Jenny VanCalcar.)

5.3.1 Health Effects
Various substances in drinking water can adversely affect or cause disease in humans,
animals, and plants. These effects are known as toxic effects. Below are general categories
of toxicity, based on the organs or systems in the body affected (USEPA, 2003a):

� Gastrointestinal—affecting the stomach and intestines.
� Hepatic—affecting the liver.
� Renal—affecting the kidneys.
� Cardiovascular or hematological—affecting the heart, circulatory system, or

blood.
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� Neurological—affecting the brain, spinal cord, and nervous system. In nonhu-
man animals, behavior changes can result in lower reproductive success and
increased susceptibility to predation.

� Respiratory—affecting the nose, trachea, and lungs or the breathing apparatus
of aquatic organisms.

� Dermatological—affecting the skin and eyes.
� Reproductive or developmental—affecting the ovaries or testes, or causing lower

fertility, birth defects, or miscarriages. This includes contaminants with genotoxic
effects, i.e., capable of altering deoxyribonucleic acid (DNA), which can result in
mutagenic effects or changes in genetic materials.

Substances that cause cancer are known as carcinogens and are classified as such
based on evidence gathered in studies. The USEPA classifies compounds as carcinogenic
based on evidence of carcinogenicity, pharmacokinetics (the absorption, distribution,
metabolism, and excretion of substances from the body), potency, and exposure. Based
on the weight-of-evidence descriptors, USEPA has the following classification of con-
taminants (2005): (1) carcinogenic to humans, (2) likely to be carcinogenic to humans,
(3) suggestive evidence of carcinogenic potential, (4) inadequate information to assess
carcinogenic potential, and (5) not likely to be carcinogenic to humans.

Many of the SOCs commonly found in groundwater, such as most prevalent volatile
organic compounds (VOCs) and pesticides (e.g., benzene, tetrachloroethene (PCE),
trichloroethene (TCE), and alachlor) are carcinogens and have very low maximum con-
taminant levels (MCLs), which are drinking water standards legally enforceable by the
USEPA.

The effects a contaminant has on various life forms depend not only on its potency and
the exposure pathway but also on the temporal pattern of exposure. Short-term exposure
(minutes to hours) is referred to as acute. For example, a person can become seriously ill
after drinking only one glass of water contaminated with a pathogen (bacteria, virus, and
parasite). Longer term exposure (days, weeks, months, and years) is referred to as chronic.

The constancy of exposure is also a factor in how the exposure affects an organism.
For instance, the effects of 7 days of exposure may differ, depending on whether the ex-
posure was on 7 consecutive days or 7 days spread over a month, a year, or several years.
In addition, some organisms may be more susceptible to the effects of contaminants. If
evidence shows that a specific subpopulation is more sensitive to a contaminant than the
population at large, then safe exposure levels are based on that population. If no such
scientific evidence exists, pollution standards are based on the group with the highest
exposure level. Some commonly identified sensitive subpopulations include infants and
children, the elderly, pregnant and lactating women, and immunocompromised individ-
uals (USEPA, 2003a). The most common groups of groundwater contaminants that can
cause serious health effects are heavy metals, SOCs, radionuclides, and microorganisms
(pathogens).

At their natural concentrations, some heavy metals play an essential role in biochem-
ical processes and are required in small amount by most organisms for normal, healthy
growth (e.g., zinc, copper, selenium, and chromium). Other metals such as cadmium,
lead, mercury, and tin, and the semimetal arsenic are not essential and do not cause de-
ficiency disorders if absent (van der Perk, 2006). If ingested in excessive quantities, vir-
tually all heavy metals are toxic to animals and humans. They become toxic by forming
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complexes with organic compounds (ligands) so that the modified molecules lose their
ability to function properly, causing the affected cells to malfunction or die. In acute poi-
soning, large excesses of metal ions can disrupt membrane and mitochondrial function
and generate free radicals. In most cases, this leads to general weakness and malaise
(van der Perk, 2006). Probably the most infamous metal associated with groundwater
contamination is arsenic. Exposure to naturally occurring arsenic in drinking water from
groundwater sources has been widely documented in various regions of the world and
has had grave health consequences for affected populations, particularly in south and
southeast Asia.

According to the USEPA, human exposure to arsenic can cause both short- and
long-term health effects. Short or acute effects can occur within hours or days of ex-
posure. Long or chronic effects occur over many years. Long-term exposure to arsenic
has been linked to cancer of the bladder, lungs, skin, kidneys, nasal passages, liver, and
prostate. Short-term exposure to high doses of arsenic can cause other adverse health
effects, but such effects are unlikely to occur from U.S. public water supplies that are
in compliance with the arsenic drinking water standard, currently set at 0.01 mg/L
(http://www.epa.gov/safewater/arsenic/basicinformation.html#three).

The Agency for Toxic Substances & Disease Registry (ATSDR) of the U.S. Department
of Health and Human Services has, on its Web site, a very detailed discussion regard-
ing physiologic effects of arsenic toxicity including that from drinking contaminated
groundwater (http://www.atsdr.cdc.gov/csem/arsenic/physiologic effects.html). For
example: “Epidemiologic evidence indicates that chronic arsenic exposure is associ-
ated with vasospasm and peripheral vascular insufficiency. Gangrene of the extremities,
known as Blackfoot disease, has been associated with drinking arsenic-contaminated
well water in Taiwan, where the prevalence of the disease increased with increasing age
and well-water arsenic concentration (10 to 1820 ppb). Persons with Blackfoot disease
also had a higher incidence of arsenic-induced skin cancers.”

Since the first publication of Rachel Carson’s Silent Spring in 1962 (Carson, 2002), there
has been increasing awareness that anthropogenic chemicals in the environment can ex-
ert profound and deleterious effects on wildlife populations and that human health is
inextricably linked to the health of the environment. The last two decades, in particular,
have witnessed growing scientific concern, public debate, and media attention over the
possible harmful effects to humans and wildlife that may result from exposure to chemi-
cals that have the potential to interfere with the endocrine system. These chemicals, called
endocrine disruptors, are exogenous substances that act like hormones in the endocrine
system and disrupt the physiologic function of endogenous hormones (Wikipedia,
2007).

On its dedicated web page, the USEPA states that “Evidence suggests that environ-
mental exposure to some anthropogenic chemicals may result in disruption of endocrine
systems in human and wildlife populations. A number of the classes of chemicals sus-
pected of causing endocrine disruption fall within the purview of the U.S. Environmental
Protection Agency’s mandates to protect both public health and the environment. Al-
though there is a wealth of information regarding endocrine disruptors, many critical
scientific uncertainties still remain” (http://www.epa.gov/endocrine/).

The list of endocrine disruptors is very long, and it is constantly growing as new
research results become available. They encompass a variety of chemical classes, in-
cluding natural and synthetic hormones, pesticides, and compounds used in the plas-
tics industry and in consumer products. Endocrine disruptors are often pervasive and

http://www.epa.gov/safewater/arsenic/basicinformation.html#three
http://www.atsdr.cdc.gov/csem/arsenic/physiologic_effects.html
http://www.epa.gov/endocrine/


345G r o u n d w a t e r Q u a l i t y

dispersed in the environment, including in groundwater. Here are a few from the major
groups of synthetic chemicals: persistent organohalogens (1,2-dibromoethane, dioxins
and furans, PBBs, PCBs, and pentachlorophenol), food antioxidants (BHA), pesticides
(majority, if not all; e.g., alachlor, aldrin, atrazine, chlordane, DDT, dieldrin, heptachlor,
lindane, mirex, zineb, and ziram), and phatalates. Heavy metals like arsenic, cadmium,
lead, and mercury are also endocrine disruptors in addition to their toxic effects.

In general, the health effects associated with endocrine-disrupting compounds in-
clude a range of reproductive problems (reduced fertility, male and female reproductive
tract abnormalities, skewed male/female sex ratios, loss of fetus, and menstrual prob-
lems), changes in hormone levels, early puberty, brain and behavior problems, impaired
immune functions, and various cancers (Wikipedia, 2007).

A book by Colborn et al. (1997) Our Stolen Future examines mechanisms with which
certain synthetic chemicals interfere with hormonal messages involved in the control
of growth and development, especially in the fetus. The associated Web site discusses
scientific findings of the impacts of endocrine disrupters at low doses, emphasizing that
new research on endocrine-disrupting compounds is revealing that these compounds
have impacts at levels dramatically lower than that thought to be relevant to traditional
toxicology. The site also includes numerous recent research examples with full reference
details: http://www.ourstolenfuture.org/NewScience/newscience.htm.

Some of the more recent research regarding the dual effects and risks of multiple
contaminants in drinking water is of particular concern. For example, in a study by the
University of Wisconsin–Madison, researchers noted that common mixtures of pesti-
cides and fertilizers can have biological effects at the current concentrations measured in
groundwater. Specifically, the combination of aldicarb, atrazine, and nitrate, which are
the most common contaminants detected in groundwater in agricultural areas, can influ-
ence the immune and endocrine systems as well as affect neurological health. Changes
in the ability to learn and in patterns of aggression were observed. Effects are most no-
ticeable when a single pesticide is combined with nitrate fertilizer. Research shows that
children and developing fetuses are most at risk (Porter et al., 1999; from USEPA, 2000a).

On its Web site (http://www.atsdr.cdc.gov), the ATSDR has a detailed discussion on
the health effects of many SOCs that have been found in groundwater supplies.

Health-Based Screening Levels
Health-based screening levels (HBSLs) are benchmark concentrations of contaminants
in water that, if exceeded, may be of potential concern for human health. HBSLs are
nonenforceable benchmarks that were developed by the USGS in collaboration with
the USEPA and others using (1) USEPA methodologies for establishing drinking water
guidelines and (2) the most recent, USEPA peer-reviewed, publicly available human-
health toxicity information (Toccalino et al., 2003, 2006). HBSLs are based on health
effects alone and do not consider cost or technical limitations of water treatment required
to remove a contaminant (i.e., to decrease its concentration in water below detectable
levels). In contrast, maximum contaminant levels (MCLs) are legally enforceable USEPA
drinking water standards that set the maximum permissible level of a contaminant in
water that is delivered to any user of a public water system. MCLs are set as close
as feasible to the maximum level of a contaminant at which no known or anticipated
adverse effects on human health would occur over a lifetime, taking into account the
best available technology (BAT), treatment techniques (TTs), cost considerations, expert
judgment, and public comments (USEPA, 2006).

http://www.ourstolenfuture.org/NewScience/newscience.htm
http://www.atsdr.cdc.gov
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For carcinogens, the HBSL range represents the contaminant concentration in drink-
ing water that corresponds to an excess estimated lifetime cancer risk of 1 chance in
1 million (10−6) to 1 chance in 10,000 (10−4). For noncarcinogens, the HBSL represents the
maximum contaminant concentration in drinking water that is not expected to cause any
adverse effect over a lifetime of exposure. HBSL calculations adopt USEPA assumptions
for establishing drinking water guidelines, specifically lifetime ingestion of 2 L of water
per day by an adult weighing 70 kg. For noncarcinogens, it also typically is assumed
that 20 percent of the total contaminant exposure comes from drinking water sources
and that 80 percent comes from other sources such as food and air (Toccalino, 2007). The
HBSL methodology includes the final USEPA cancer classifications (USEPA, 2005a).

HBSL for known carcinogens is calculated using the following equation (Toccalino,
2007):

HBSL (μg/L) = (70 kg body weight) × (risk level)

(2 L water consumed/d) × (SF [mg/kg/d]−1) × (mg/1000 μg)
(5.6)

where risk level is 10−6 to 10−4 risk range, and SF is the oral cancer slope factor, which
has units of (mg/kg/d)−1. SF is defined as an upper bound, approximating a 95 percent
confidence limit, on the increased cancer risk for a lifetime exposure to a contaminant.
This estimate is generally reserved for use in the low-dose region of the dose-response
relationship. If the model selected for extrapolation from dose-response data is the lin-
earized multistage model, the SF value is also known as the Q1∗ (carcinogenic potency
factor) value.

For contaminants with suggestive evidence of carcinogenic potential, HBSLs are cal-
culated using the following equation for calculating lifetime health advisory (lifetime
HA) values:

HBSL (μg/L) =
[

(RfD [mg/kg/d]) × (70 kg body weight) × (1000 μg/mg) × RSC
(2 L water consumed/d)

]
÷ RMF (5.7)

where RfD = reference dose in milligrams of chemical per kilogram of body
weight per day

RSC = relative source contribution (defaults to 20 percent in the absence of
other data)

RMF = risk management factor (defaults to 10 in the absence of other data)

An oral RfD is an estimate (with uncertainty spanning perhaps an order of magnitude)
of a daily oral exposure to the human population (including sensitive subgroups) that is
likely to be without an appreciable risk of deleterious effects during a lifetime (USEPA,
2006). Units for RfD are milligrams per kg per day (mg/kg/d).

For noncarcinogens, HBSLs are calculated using the following equation for calculat-
ing lifetime HA values:

HBSL (μg/L) =
[

(RfD [mg/kg/d]) × (70 kg body weight) × (1000 μg/mg) × RSC
(2 L water consumed/d)

]
(5.8)
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5.3.2 Sources of Contamination
Groundwater contamination can occur as relatively well-defined, localized plumes em-
anating from specific point sources such as leaking underground storage tanks (LUSTs),
spills, landfills, waste lagoons, and industrial facilities. Nonpoint sources of pollution
refer to pollution discharged over a wide land area, not from one specific location. They
include forms of diffuse pollution caused by sediment, nutrients, and organic and toxic
substances originating from land use activities such as agriculture or urban develop-
ment. Rainwater, snowmelt, or irrigation water can wash off these substances together
with soil particles and carry them with surface runoff to surface streams. A portion of this
contaminant load dissolved in water can also infiltrate into the subsurface and eventually
contaminate groundwater.

Results of a nationwide study of potential contaminant sources conducted by the
USEPA and state environmental protection agencies is shown in Fig. 5.8. Each state
was requested to indicate the 10 top sources that potentially threaten their groundwater
resources. States added sources as was necessary based on state-specific concerns. When
selecting sources, states considered numerous factors, including

� The number of each type of contaminant source in the state
� The location relative to groundwater sources used for drinking water purposes
� The size of the population at risk from contaminated drinking water
� The risk posed to human health and/or the environment from releases
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FIGURE 5.8 Major sources of groundwater contamination in the United States. (From USEPA,
2000a.)
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� Hydrogeologic sensitivity (the ease with which contaminants enter and travel
through soil and reach aquifers)

� The findings of the state’s groundwater assessments and/or related studies

For each of the 10 top sources, states identified the specific contaminants that may
impact groundwater quality. As seen in Fig. 5.8, the sources most frequently cited by
states as a potential threat to groundwater quality are LUSTs. Septic systems, landfills,
industrial facilities, and fertilizer applications are the next most frequently cited sources
of concern. If similar sources are combined, five broad categories emerge as the most
important potential sources of groundwater contamination: (1) fuel storage practices,
(2) waste disposal practices, (3) agricultural practices, (4) industrial practices, and (5)
mining operations.

Fuel Storage Practices
Fuel storage practices include the storage of petroleum products in underground and
aboveground storage tanks. Underground storage tank (UST) is any system having 10
percent of the total tank volume below ground. Although tanks exist in all populated
areas, they are generally most concentrated in the more heavily developed urban and
suburban areas of a state. Storage tanks are primarily used to hold petroleum products
such as gasoline, diesel fuel, and fuel oil. Leakages can be a significant source of ground-
water contamination (Fig. 5.9). The primary causes of tank leakages are faulty installation
or corrosion of tanks and pipelines. The USEPA (2000a) reports that based on information
from 22 states, 57 percent of 85,000 USTs were characterized by confirmed contaminant
releases to the environment and 18 percent had releases that adversely affected ground-
water quality.

Petroleum products are complex mixtures of hundreds of different compounds. Over
200 gasoline compounds can be separated in the mixture. Compounds characterized

Vapors

Vadose zone

Dissolved gasoline

Groundwater flow

Saturated
zone

Gasoline

Water
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FIGURE 5.9 Groundwater contamination as a result of leaking underground storage tanks. (From
USEPA, 2000a.)
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by higher water solubility are frequently detected in groundwater. Four compounds, in
particular, are associated with petroleum contamination: benzene, toluene, ethylbenzene,
and xylenes, commonly named together as BTEX. Petroleum-related chemicals threaten
the use of groundwater for human consumption because some, such as benzene, are
known to cause cancer even at very low concentrations.

Waste Disposal Practices
Waste disposal practices include septic systems, landfills, surface impoundments, deep
and shallow injection wells, dry wells, sumps, wastepiles, waste tailings, land appli-
cation, and illegal disposal. Any practice that involves the handling and disposal of
waste has the potential to impact the environment if protective measures are not taken.
Contaminants most likely to impact groundwater include metals, volatile organic com-
pounds (VOCs), semivolatile organic compounds (SVOCs), nitrates, radionuclides, and
pathogens. As reported by the USEPA (2000a), a state survey indicates that in many
instances present-day groundwater contamination is the result of historic practices at
waste disposal sites.

Domestic or centralized septic systems for on-site sewage disposal are constructed
using conventional, alternative, or experimental system designs. Conventional individ-
ual septic system design consists of a septic tank used to detain domestic wastes to allow
the settling of solids and a leach field where liquids distributed from the septic tank (and
optionally a distribution box) are allowed to infiltrate into the shallow unsaturated soil
for adsorption. Septic tanks are commonly used when a sewer line is not available to carry
wastewater to a treatment plant. Improperly constructed and poorly maintained septic
systems can cause substantial and widespread nutrient and microbial contamination
of groundwater. For example, approximately 126,000 individual on-site septic systems
are used by 252,000 people in Montana, and groundwater monitoring has shown ele-
vated nitrate levels near areas of concentrated septic systems. Nitrate contamination by
individual septic systems and municipal sewage lagoons is a significant groundwater
contamination problem reported by other states as well.

Leaking sewer lines in urban areas and industrial complexes can cause groundwater
contamination with a variety of contaminants. Together with the leaky water supply
lines, these also contribute to rising water tables under many large urban centers.

Land application is a general term for spreading of sewage (domestic and animal)
and water-treatment plant sludge over tracts of land. This practice, still controversial,
when improperly executed can cause widespread groundwater contamination in hydro-
geologically sensitive areas.

The problem with all sewage disposal practices is the presence of various pharma-
ceuticals and personal care products (PPCPs) that are being continuously released to the
environment including groundwater. During 1999 to 2000, the United States Geological
Survey (USGS) implemented first-ever U.S. national reconnaissance of “emerging pollu-
tants” in surface waters and groundwaters in 36 states. The objective of the study was to
establish baseline occurrence data including for some commonly used PPCPs. Samples
were collected from 142 streams, 55 wells, and seven wastewater-treatment effluents. The
findings, published on March 15, 2002, issue of Environmental Science and Technology,
show a widespread of PPCPs in surface water and groundwater. Detailed information is
available at http://toxics.usgs.gov/highlights/whatsin.html.

Landfills have long been used to dispose of wastes, and, in the past, little regard
was given to the potential for groundwater contamination in site selection. Landfills

http://toxics.usgs.gov/highlights/whatsin.html
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FIGURE 5.10 Aerial view of the proper closure of a modern-day landfill, which is required by strict
environmental regulations. The landfill is being covered by several layers of materials to prevent
rainfall infiltration and leaching, and to ensure no future adversarial impact on groundwater
resources. Note the highway on the left for scale. (Printed with permission of the City of Virginia
Beach, VA, the United States.)

were generally sited on land considered to have no other uses. Unlined abandoned sand
and gravel pits, old strip mines, marshlands, and sinkholes were often used. In many
instances, the water table was at, or very near the ground surface, and the potential for
groundwater contamination was high. Not surprisingly, states consistently cite landfills
as a high-priority source of groundwater contamination. Generally, the greatest concern
is associated with practices or activities that occurred prior to establishment of stringent
construction standards to which modern landfills must adhere (Fig. 5.10).

According to the USEPA (2000a), discharges to surface impoundments such as pits,
ponds, lagoons, and leach fields are generally underregulated. They usually consist of
relatively shallow excavations that range in area from a few square feet to many acres
and are or were used in agricultural, mining, municipal, and industrial operations for
the treatment, retention, and disposal of both hazardous and nonhazardous wastes. As a
consequence, they have the potential to leach metals, VOCs, and SVOCss to groundwater.
For example, in Colorado, wells located downgradient from tailings ponds or cyanide
heaps associated with mining operations often exhibit high concentrations of metals; in
Arizona, surface impoundments and leach fields are identified as significant sources of
VOCs.
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During the Surface Impoundment Assessment (USEPA, 1983), more than 180,000
impoundments were located at approximately 80,000 sites. Nearly half of the sites were
located over zones that are either very thin or very permeable, and more than half of
these contained industrial waste. In addition, 98 percent of the sites on thick, permeable
aquifers were located within a mile of potential drinking water supplies (USEPA, 1983).

Especially serious problems develop with surface impoundments in limestone ter-
rain with extensive near-surface solution openings. In 1990, the USEPA reported that in
Florida, Alabama, Missouri, and elsewhere, municipal sewage lagoons have collapsed
into sinkholes draining raw influent into widespread underground openings. In some
cases, the sewage has reappeared in springs and streams several miles away.

Class V injection wells are shallow disposal systems that are used to place a variety
of fluids below the land surface, directly into or above shallow aquifers. They include
shallow wastewater disposal wells (“dry wells”), sumps, septic systems, storm water
drains, and agricultural drainage systems. Because class V injection wells did not have
any specific design requirements and were not required to treat the wastewaters released
through them, the USEPA revised underground injection control regulations in 2001 after
recognizing their potential threat to groundwater supplies (USEPA, 2002).

Class I injection wells are defined by the USEPA as wells that inject fluids below the
deepest underground source of drinking water (USDW) within a quarter mile (402 m)
radius of the borehole (USEPA, 2002). In many parts of the country, these wells are used
to dispose of waste fluids, primarily wastewater from municipal wastewater-treatment
plants, but also landfill leachate and nonhazardous industrial wastewater. In 1983, the
USEPA reported the existence of at least 188 active hazardous waste deep injection wells
in the United States. Most such wells are tied to the chemical industry and their depths
range from 1000 to 9000 ft. The deepest wells are in Texas and Mississippi.

Over the past 30 years, deep well injection has become an essential method for the
disposal of liquid wastes in many parts of the country. For example, in Florida in 2002,
approximately 1,285,000 m3/d of liquid waste was injected in 126 active deep (Class
I) injection wells in Florida (Florida Department of Environmental Protection, 2003a,
2003b; from Maliva et al., 2007). Because of improper well construction, well failure,
or unforeseen hydrogeologic conditions, a deep injection site may become a source of
potential groundwater contamination (Maliva et al., 2007).

Oil field brines have contaminated both surface water and groundwater in every state
that produces oil (USEPA, 1990). The brine, an unwanted by-product, is produced with
the oil, as well as during drilling. In the latter case, drilling fluids and brines were histori-
cally stored in reserve pits, which were filled some time after completion or abandonment
of the well. Ordinarily, oil field brines are temporarily stored in holding tanks or placed
in an injection well. Owing to the corrosive nature of the brine, transport pipelines and
casings of the injection wells can readily corrode, causing groundwater contamination.
As of 1983, the USEPA reported the existence of 24,000 Class II wells used to inject oil
field brine.

Agricultural Practices
Agricultural practices that have the potential to contaminate groundwater include animal
feedlots, fertilizer and pesticide applications, irrigation practices, agricultural chemical
facilities, and drainage wells. Groundwater contamination can be a result of routine
applications, spillage, or misuse of pesticides and fertilizers during handling and stor-
age, manure storage and spreading, improper storage of chemicals, and irrigation return
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drains serving as a direct conduit to groundwater. Fields with overapplied and misap-
plied fertilizers and pesticides can introduce nitrogen, pesticides, cadmium, chloride,
mercury, and selenium into the groundwater. As indicated by the USEPA (2000a), states
report that agricultural practices continue to be a major source of groundwater contam-
ination. Fertilizers and pesticides are applied both in rural agricultural areas on crops
and orchards and in urban-suburban settings on lawns and golf courses.

Livestock is an integral component of many states’ economies. As a consequence,
concentrated animal feeding operations (CAFOs), where animals are kept and raised
in confined areas, occur in many states. CAFOs congregate animals, feed, manure and
urine, dead animals, and production operations on a small land area. Such operations
can pose a number of risks to water quality and public health, mainly because of the
amount of animal manure and wastewater they generate. Animal feedlots often have
impoundments from which wastes may infiltrate into groundwater. Livestock waste is
a source of nitrate, bacteria, TDS, and sulfates.

Shallow unconfined aquifers in many states have become contaminated from the
application of fertilizer. Crop fertilization is the most important agricultural practice
contributing nitrate to the environment. Nitrate is considered by many to be the most
widespread groundwater contaminant. To help combat the problems associated with the
overuse of fertilizers, the U.S. Department of Agriculture’s Natural Resources Conser-
vation Service assists crop producers in developing nutrient management plans.

Pesticide use and application practices are of great concern for groundwater quality
nationwide. The primary route of pesticide transport to groundwater is by leaching
through the vadose zone or by spills and direct infiltration through drainage controls.
Pesticide infiltration is generally greatest when rainfall is intense and occurs shortly after
the pesticide is applied. Within sensitive areas, groundwater monitoring has shown fairly
widespread detections of pesticides, specifically the pesticide atrazine.

Human-induced salinity occurs in agricultural regions where irrigation is used ex-
tensively. Irrigation water continually flushes nitrate-related compounds from fertilizers
into the shallow aquifers along with high levels of chloride, sodium, and other met-
als, thereby increasing the salinity of the underlying aquifers (USEPA, 2000a). Improper
irrigation can cause extensive soil salinization by raising the water table above the crit-
ical depth of evaporation, resulting in precipitation of dissolved mineral salts and their
accumulation at and near the land surface.

Industrial Practices
Raw materials and waste handling in industrial processes can pose a threat to ground-
water quality. Industrial facilities, hazardous waste generators, and manufacturing and
repair shops, all present the potential for releases. Storage of raw materials at the facility
is a problem if the materials are stored improperly and leaks or spills occur. Examples
include chemical drums that are carelessly stacked or damaged, and dry materials that
are exposed to rainfall. Material transport and transfer operations at these facilities can
also be a cause for concern.

The most common industrial contaminants are metals, VOCs, SVOCs, and petroleum
compounds. VOCs are associated with a variety of activities that use them as degreasing
agents. As pointed out by the USEPA (2000a), development of new technologies and
new products to replace organic solvents is continuing. For example, organic biodegrad-
able solvents derived from plants are being developed for large-scale industrial applica-
tions. Environmentally responsible dry-cleaning technologies are being developed that
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eliminate the need for perchloroethylene (PCE), the chemical most commonly used by
dry-cleaning operations. Legislation is being considered in New York and by other local
governments and states that would ban the use of PCE by the dry-cleaning industry.

In the 2000 USEPA study, accidental spills of chemicals, industrial wastes, and
petroleum products from trucks, railways, aircrafts, handling facilities, and storage tanks
were indicated by most states as a source of grave concern. For example, the state of
Indiana reported that, in 1996, 41 million gallons of various products were spilled, with
about 50 spills occurring per week. Montana reports an average of 300 accidental spills
each year. On average, approximately 15 of these spills require extensive cleanup and
follow-up groundwater monitoring. One of these was the 1995 derailment of railroad
tanker cars in the Helena rail yard that threatened to contaminate groundwater with
17,400 gallons of fuel oil. Follow-up monitoring demonstrated that rapid response ac-
tions had prevented the majority of the contaminants from reaching local aquifers. South
Carolina determined that accidental spills and leaks are the second most common source
of groundwater contamination, and, as in Arizona, these releases were usually associated
with petroleum-based products attributed to machinery maintenance or manufacturing.

It is virtually certain that there are leaks at any given time from tens of thousands
of miles of buried pipelines carrying various petroleum products and industrial fluids
somewhere in the United States. Such leaks are, however, exceedingly difficult to detect.
Sometimes they may become apparent only by sudden and otherwise unexplainable
changes in water quality of springs, wells, and surface streams or by dying vegetation.

Atmospheric pollutants, such as airborne sulfur and nitrogen compounds created by
industrial activities and power generation using fossil fuels and by vehicle emissions,
fall as dry particles or acid rain on land surface and can infiltrate into the soil column,
eventually causing groundwater contamination.

Mining Operations
Mining can result in a variety of water contamination problems caused by pumping
of mine waters to the surface, by leaching of the spoil material, by waters naturally
discharging through the mine, and by milling wastes, among others. Literally thousands
of miles of streams and hundreds of acres of aquifers have been contaminated by highly
corrosive mineralized waters originating in the coal mines and dumps of Appalachia.
In many western states, mill wastes and leachates from metal sulfide operations have
seriously affected both surface water and groundwater (USEPA, 1990).

Many mines are deeper than the water table, and, in order to keep them dry, large
quantities of water are pumped to waste. If salty or mineralized water lies at relatively
shallow depths, the pumping of freshwater for dewatering purposes may cause an up-
ward migration, which may be intercepted by pumping wells. The mineralized water
most commonly is discharged into a surface stream (USEPA, 1990).

Wells as Contamination Conduits
Contamination through improperly abandoned, uncased, and failed wells, or wells with
long screens and gravel packs open to several aquifers, is arguably the most problematic
from the assessment standpoint (Fig. 5.11). Contamination caused by dissolved con-
stituents or water of different density (e.g., saline water and brines) can migrate through
such wells in either direction (“up” or “down” the well) depending on the differences in
the hydraulic head or water density between various portions of the groundwater sys-
tems. For example, the USGS reports that thousands of deep wells were drilled into the
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FIGURE 5.11 Contamination by saltwater upconing or by otherwise contaminated groundwater can
occur through failed, uncased, or improperly constructed wells that create a conduit for flow
between aquifers of differing water density or quality. A properly constructed well open to a single
aquifer is shown on the left. (Modified from Metz and Brendle, 1996).

Upper Floridan aquifer in west-central Florida from 1900 to the early 1970s for irrigation,
before this practice stopped due to the deterioration of water quality in the aquifer. Most
of the early irrigation wells also were open to the intermediate aquifer system. Usually,
the wells were completed with a short length of steel casing through the surficial aquifer
and then were open to two lower aquifers. These open wells, which can be many hun-
dreds of feet in length, provide direct conduits for water to flow upward or downward
across the confining units, thus shortcutting the slower route of leakage through the
confining units (Metz and Brendle, 1996). Approximately 8000 wells were reported or
estimated to be open to the intermediate aquifer system and the Upper Floridan aquifer
in the study area.

In a large area encompassing parts of Manatee, Sarasota, and Charlotte counties,
groundwater levels were as much as 20 ft higher in the Upper Floridan aquifer than in
the overlying intermediate aquifer system. It was estimated that a total of 85 Mgal/d
flowed from the Upper Floridan aquifer to the overlying fresher water zones in the in-
termediate aquifer system through wells screened in both systems. In the majority of the
area of upward flow, concentrations of chloride, sulfate, and dissolved solids in the Upper
Floridan aquifer exceed recommended or permitted drinking water standards, and the
upward flow is contaminating the intermediate aquifer system (Barlow, 2003). In 1974,
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the Southwest Florida Water Management District began the Quality of Water Improve-
ment Program to restore hydrologic conditions altered by improperly constructed wells
through a process of plugging of abandoned wells. As of October 2001, more than 5200
wells had been inspected and nearly 3000 plugged since the program began (Southwest
Florida Water Management District, 2002).

5.3.3 Naturally Occurring Contaminants

Arsenic
Since 1993, the World Health Organization (WHO) lowered the drinking water standard
for arsenic from 0.05 to 0.01 mg/L (10 ppb). Others followed, including the United States
and the European Union. This naturally occurring element has become the most notorious
and widely recognized groundwater contaminant. The following excerpts from a press
release illustrate the point:

Arsenic in drinking water is a global threat to health affecting more than 70 countries and 137million
people, according to new research presented to the annual conference at the Royal Geographical
Society with IBG (The Institute of British Geographers) in London today (Wednesday 29 August
2007).

Large numbers of people are being unknowingly exposed to unsafe levels of arsenic in their drink-
ing water, Peter Ravenscroft from the department of geography at the University of Cambridge told
the geographers’ conference. At present, Bangladesh is the country worst affected, where hundreds
of thousands of people are likely to die from arsenic causing fatal cancers of the lung, bladder and
skin.

Arsenic poses long-term health risks “exceeding every other potential water contaminant”, ac-
cording to research presented by Dr Allan Smith, of the University of California, Berkeley and adviser
to the WHO on arsenic. Dr Smith added: “Most countries have some water sources with dangerous
levels of arsenic, but only now are we beginning to recognise the magnitude of the problem. It is the
most dangerous contaminant of drinking water in terms of long term health risks and we must test
all water sources worldwide as soon as possible (RGS, 2007).

The most serious damage to health from drinking arsenic-contaminated water has
occurred in Bangladesh and West Bengal, India. In the 1970s and 1980s, UNICEF and
other international agencies helped to install more than 4 million hand-pumped wells in
Bangladesh to give communities access to clean drinking water and to reduce diarrhea
and infant mortality. Cases of arsenic-related diseases (generally referred to as arseni-
cosis) were seen in West Bengal and then in Bangladesh in the 1980s. By 1993, arsenic
from the water in wells was discovered to be responsible. In 2000, a WHO report (Smith
et al., 2000) described the situation in Bangladesh as: “the largest mass poisoning of a
population in history . . . beyond the accidents at Bhopal, India, in 1984, and Chernobyl,
Ukraine, in 1986.”

In 2006, UNICEF reported that 4.7 million (55 percent) of the 8.6 million wells in
Bangladesh had been tested for arsenic of which 1.4 million (30 percent of those tested)
had been painted red, showing them to be unsafe for drinking water: defined in this case
as more than 50 ppb (UNICEF, 2006). Although many people have switched to using
arsenic-free water, in a third of cases where arsenic had been identified, no action had
yet been taken. UNICEF estimates that 12 million people in Bangladesh were drinking
arsenic-contaminated water in 2006, and the number of people showing symptoms of
arsenicosis was 40,000 but could rise to 1 million (UNICEF, 2006). Other estimates are
higher still (Petrusevski et al., 2007).
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Implementation of the WHO guideline value of 10 μg/L is not currently feasible for a
number of countries strongly affected by the arsenic problem, including Bangladesh and
India, which retain the 50 μg/L limit. Other countries have not updated their drinking
water standards recently and retain the older WHO guideline of 50 μg/L. These include
Bahrain, Bolivia, China, Egypt, Indonesia, Oman, Philippines, Saudi Arabia, Sri Lanka,
Vietnam, and Zimbabwe. The most stringent standard currently set for acceptable arsenic
concentration in drinking water is by Australia, which has a national standard of 7 μg/L
(Petrusevski et al., 2007).

The disease symptoms caused by chronic arsenic ingestion, arsenicosis, develop when
arsenic-contaminated water is consumed for several years. However, there is no universal
definition of the disease caused by arsenic, and it is currently not possible to differentiate
which cases of cancer were caused by drinking arsenic-affected water. Estimates, there-
fore, vary widely. Symptoms may develop only after more than 10 years of exposure to
arsenic, while it may take 20 years of exposure for some cancers to develop. Long-term
ingestion of arsenic in water can first lead to problems with kidney and liver function,
and then to damage of the internal organs including lungs, kidney, liver, and bladder. Ar-
senic can disrupt the peripheral vascular system leading to gangrene in the legs, known
in some areas as black foot disease. This was one of the first reported symptoms of chronic
arsenic poisoning observed in China (province of Taiwan) in the first half of twentieth
century. A correlation between hypertension and arsenic in drinking water has also been
established in a number of studies (Petrusevski et al., 2007).

Elemental arsenic is a steel-gray metal-like substance rarely found naturally. As a
compound with other elements such as oxygen, chlorine, and sulfur, arsenic is widely
distributed throughout the earth’s crust, especially in minerals and ores that contain
copper or lead. Natural arsenic in groundwater is largely the result of dissolved minerals
from weathered rocks and soils. Principal ores of arsenic are sulfides (As2S3, As4S4, and
FeAsS), which are almost invariably found with other metal sulfides. The hydrogen
form of arsenic is arsine, a poisonous gas. Arsenic also forms oxide compounds. Arsenic
trioxide (As2O3) is a transparent crystal or white powder that is slightly soluble in water
and has a specific gravity of 3.74. Arsenic pentoxide (As2O5) is a white amorphous solid
that is very soluble in water, forming arsenic acid. It has a specific gravity of 4.32 (USEPA,
2005b).

Dissolved arsenic in groundwater exists primarily as oxy anions with formal oxida-
tion states of III and V. Either arsenate [As(V)] or arsenite [As(III)] can be the dominant
inorganic form in groundwater. Arsenate (HnAsOn−3

4 ) generally is the dominant form in
oxic (aerobic, oxygenated) waters with dissolved oxygen >1 mg/L. Arsenite (HnAsOn−3

3 )
dominates in reducing conditions, such as sulfidic (dissolved oxygen <1 mg/L with sul-
fide present) and methanic (methane present) waters. Aqueous and solid-water reactions,
some of which are bacterially mediated, can oxidize or reduce aqueous arsenic. Both an-
ions are capable of adsorbing to various subsurface materials, such as ferric oxides and
clay particles. Ferric oxides are particularly important to arsenate fate and transport, as
ferric oxides are abundant in the subsurface and arsenate strongly adsorbs to these sur-
faces in acidic to neutral waters. An increase in the pH to an alkaline condition may cause
both arsenite and arsenate to desorb, and they are usually mobile in an alkaline environ-
ment (Dowdle et al., 1996; Harrington et al., 1998; Welch et al., 2000; USEPA, 2005b). The
toxicity and mobility of arsenic vary with its valency state and chemical form. As(III) is
generally more toxic to humans and four to 10 times more soluble in water than As(V)
(USEPA, 1997).
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All arsenic compounds consumed in the United States are imported. Arsenic has been
used primarily for the production of pesticides, insecticides, and chromated copper ar-
senate (CCA), a preservative that renders wood resistant to rotting and decay. Increased
environmental regulation, along with the decision of the wood-treatment industry to
eliminate arsenical wood preservatives from residential application by the end of 2003,
caused arsenic consumption in the United States to decline drastically in 2004. Other
industrial products containing arsenic include lead-acid batteries, light-emitting diodes,
paints, dyes, metals, pharmaceuticals, pesticides, herbicides, soaps, and semiconductors.
Anthropogenic sources of arsenic in the environment include mining and smelting op-
erations, agricultural applications, and disposal of wastes that contain arsenic (USEPA,
2005b). Arsenic is a contaminant of concern at many remediation sites. Because arsenic
readily changes valence states and reacts to form species with varying toxicity and mo-
bility, effective treatment of arsenic can be challenging.

A recent study of arsenic concentrations in major U.S. aquifers by the USGS (accessible
at: http://water.usgs.gov/nawqa/trace/pubs/) shows wide regional variations of nat-
urally occurring arsenic due to a combination of climate and geology. Although slightly
less than half of 30,000 arsenic analyses of groundwater in the United States were equal
or less than 1 μg/L, about 10 percent exceeded 10 μg/L. At a broad regional scale, arsenic
concentrations exceeding 10 μg/L appear to be more frequently observed in the western
United States than in the eastern half (USGS, 2004). Interestingly, more detailed recent
investigations of groundwater in New England, Michigan, Minnesota, South Dakota, Ok-
lahoma, and Wisconsin suggest that arsenic concentrations exceeding 10 μg/L are more
widespread and common than previously recognized. Arsenic release from iron oxide
appears to be the most common cause of widespread arsenic concentrations exceeding
10 μg/L in groundwater. This can occur in response to different geochemical conditions,
including release of arsenic to groundwater through the reaction of iron oxide with either
natural or anthropogenic (i.e., petroleum products) organic carbon. Iron oxide also can
release arsenic to alkaline groundwater, such as that found in some felsic volcanic rocks
and alkaline aquifers of the western United States. Sulfide minerals in rocks may act both
as a source and as a sink for arsenic, depending on local geochemistry. In oxic (aerobic,
oxygenated) water, dissolution of sulfide minerals, most notably pyrite and arsenopyrite,
contributes arsenic to groundwater and surface water in many parts of the United States.
Other common sulfide minerals, such as galena, sphalerite, marcasite, and chalcopyrite,
can contain 1 percent or more arsenic as an impurity.

Radionuclides
Radionuclides are naturally occurring elements that have unstable nuclei that sponta-
neously break down to form more stable energy and particle configurations. Energy
released during this process is called radioactive energy, and such elements are called
radioactive elements or radionuclides. The most unstable configurations disintegrate
very rapidly, and some of them do not exist in the earth’s crust anymore (e.g., chem-
ical elements 85 and 87, astatine and francium). Other radioactive elements, such as
rubidium-87, have a slow rate of decay and are still present in significant quantity (Hem,
1989). The decay of a radionuclide is a first-order kinetic process, usually expressed in
terms of a rate constant (λ) given as

λ = ln 2
t1/2

(5.9)

http://water.usgs.gov/nawqa/trace/pubs/
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where t1/2 = half-life of the element, i.e., the length of time required for half the quantity
present at time 0 to disintegrate.

Radioactive energy is released in various ways, with the following three types being
of interest in water chemistry: (1) alpha radiation, consisting of positively charged helium
nuclei; (2) beta radiation, consisting of electrons or positrons; and (3) gamma radiation,
consisting of electromagnetic wave-type energy similar to X-rays (Hem, 1989). Potential
effects from radionuclides depend on the number of radioactive particles or rays emitted
(alpha, beta, or gamma) and not the mass of the radionuclides (USEPA, 1981). Becquerel
(Bq) is the unit for radioactivity in the International System (SI) of units, defined as the
radiation caused by one disintegration per second; this is equivalent to approximately
27.0270 picoCuries (pCi). The unit is named for a French physicist, Antoine-Henri Bec-
querel, the discoverer of radioactivity. One Curie (Ci; named after Pierre and Marie
Curie, the discoverers of radium) is defined as 3.7 × 1010 atomic disintegrations per sec-
ond, which is the approximate specific activity of 1 g of radium in equilibrium with its
disintegration products. Maximum contaminant load (MCL) for radium and alpha and
beta radiation is expressed in pCi/L in the United States. Where possible, radioactivity is
reported in terms of concentration of specific nuclides, as is commonly the case with ura-
nium, which is conveniently analyzed by chemical means (MCL of uranium is expressed
in μg/L). For some elements, radiochemical analytical techniques permit detection of
concentrations much lower than what can be analyzed by any current chemical method.
This fact is of special significance when performing tracing with radioactive isotopes,
which can be introduced into the groundwater in very small quantities.

Exposure to radionuclides results in an increased risk of cancer. Certain elements
accumulate in specific organs. For example, radium accumulates in the bones and iodine
accumulates in the thyroid. For uranium, there is also the potential for kidney damage.
Many water sources have very low levels of naturally occurring radioactivity, usually low
enough not to be considered a public health concern. In some parts of the United States,
however, the underlying geology causes elevated concentrations of some radionuclides
in aquifers used for water supply.

Contamination of water from anthropogenic radioactive materials occurs primarily as
the result of improper waste storage, leaks, or transportation accidents. These radioactive
materials are used in various ways in the production of nuclear energy, commercial
products (such as television and smoke detectors), electricity, and nuclear weapons and
in nuclear medicine in therapy and diagnosis.

Anthropogenic radionuclides have also been released into the atmosphere as the re-
sult of atmospheric testing of nuclear weapons and, in rare cases, accidents at nuclear fuel
stations and discharge of radiopharmaceuticals. The two types of radioactive decay that
carry the most health risks due to ingestion of water are alpha emitters and beta/photon
emitters. Many radionuclides are mixed emitters, with each radionuclide having a pri-
mary mode of disintegration. The naturally-occurring radionuclides are largely alpha
emitters, although many of the short-lived daughter products emit beta particles. An-
thropogenic radionuclides are predominantly beta/photon emitters and include those
that are released to the environment as the result of activities of the nuclear industry but
also include releases of alpha-emitting plutonium from nuclear weapon and nuclear reac-
tor facilities (USEPA, 2000b). The natural radionuclides involve three decay series, which
start with uranium-238, thorium-232, and uranium-235, and are known collectively as
the uranium, thorium, and actinium series. Each series decays through stages of various
nuclides, which emit either an alpha or a beta particle as they decay and terminates with
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a stable isotope of lead. Some of the radionuclides also emit gamma radiation, which
accompany the alpha or beta decay. The uranium series contains uranium-238 and -234,
radium-226, lead-210, and polonium-210. The thorium series contains radium-228 and
radium-224. The actinium series contains uranium-235 (USEPA, 2000b).

As part of the new MCL standard promulgation for the radionuclides, the USEPA, in
cooperation with the USGS, issued a technical document (USEPA, 2000b), which includes
sections on the fundamentals of radioactivity in drinking water, an overview of natural
occurrence of major radionuclides in groundwater, and the results of a nationwide survey
of selected wells in all hydrostratigraphic provinces in the United States performed by
the USGS (Focazio et al., 2001).

5.3.4 Nitrogen (Nitrate)
Nitrate is believed by many to be the most widely spread groundwater contaminant
worldwide, primarily as a result of agricultural activities utilizing fertilizers. Other sig-
nificant and widely spread anthropogenic sources of groundwater contamination with
nitrogen forms are the disposal of sewage by centralized and individual systems, leaking
sewers, animal feeding operations, and acid rain. Nitrate is the most oxidized form of
inorganic nitrogen. Nitrogen occurs in groundwater as uncharged gas ammonia (NH3),
which is the most reduced inorganic form, nitrite and nitrate anions (NO−

2 and NO−
3 , re-

spectively), in cationic form as ammonium (NH+
4 ), and at intermediate oxidation states as

a part of organic solutes. Some other forms such as cyanide (CN−) may occur in ground-
water affected by waste disposal (Rees et al., 1995; Hem, 1989). Three gaseous forms of
nitrogen may exist in groundwater: elemental nitrogen (oxidation state of zero), nitrous
oxide (N2O; slightly oxidized, +1), and nitric oxide (NO; +2). All three, when dissolved
in groundwater, remain uncharged gasses (Rees et al., 1995).

Nitrogen can undergo numerous reactions that can lead to storage in the subsurface,
or conversion to gaseous forms that can remain in the soil for periods of minutes to many
years. The main reactions include (1) immobilization/mineralization, (2) nitrification, (3)
denitrification, and (4) plant uptake and recycling (Keeney, 1990). Immobilization is the
biological assimilation of inorganic forms of nitrogen by plants and microorganisms
to form organic compounds such as amino acids, sugars, proteins, and nucleic acids.
Mineralization is the inverse of immobilization. It is the formation of ammonia and
ammonium ions during microbial digestion of organic nitrogen. Nitrification is the mi-
crobial oxidation of ammonia/ammonium ion first to nitrite, then ultimately to nitrate.
Nitrification is a key reaction leading to the movement of nitrogen from the land surface
to the water table because it converts the relatively immobile ammonium form (reduced
nitrogen) and organic nitrogen forms to a much more mobile nitrate form. Chemosyn-
thetic autotrophic soil bacteria of the family Nitrobacteriaceae is believed to be principally
responsible for the nitrification process. Ammonium oxidizers, including the genera Ni-
trosomonas, Nitrosospira, Nitrosolobus, and Nitrosvibrio, oxidize ammonium to nitrite. The
nitrite oxidizing bacteria, which oxidize nitrite to nitrate, include the genus Nitrobacter.
Nitrification can also be carried out by heterotrophic bacteria and fungi (Rees et al., 1995).
The nitrogen used by plants is largely in the oxidized form. Denitrification is the bio-
logical process that utilizes nitrate to oxidize (respire) organic matter into energy usable
by microorganisms. This process converts the nitrate to more reduced forms, ultimately
yielding nitrogen gas that can diffuse into the atmosphere. Uptake of nitrogen by plants
also removes nitrogen from the soil column and converts it to chemicals needed to sustain
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the plants. Because the plants eventually die, the nitrogen incorporated into the plant
tissues ultimately is released back to the environment, thus completing the cycle (Rees
et al., 1995).

Ammonium cations are strongly adsorbed on mineral surfaces, whereas nitrate is
readily transported by groundwater and stable over a considerable range of conditions.
The nitrite and organic species are unstable in aerated water and easily oxidized. They are
generally considered indicators of pollution by sewage or organic waste. The presence
of nitrate or ammonium might be indicative of such pollution as well, but generally the
pollution would have occurred at a site or time substantially removed from the sampling
point. Ammonium and cyanide ions form soluble complexes with some metal ions, and
certain types of industrial waste effluents may contain such species (Hem, 1989).

Nitrate is not directly toxic to humans. However, under strongly reducing conditions,
such as those in human gut, it transforms to nitrite. Nitrite ions pass from the gut into
the blood stream and bond to hemoglobin molecules, converting them to a form that
cannot transport oxygen (methemoglobin). Nitrite can also react chemically with amino
compounds to form nitrosamides, which are highly carcinogenic (UNESCO, 1998). Ex-
cessive consumption of nitrate in drinking water has been associated with the risk of
methemoglobinemia or “blue baby syndrome,” an acute effect that is accentuated under
poor sanitary conditions such as sewage contamination or dirty drinking vessels (Buss
et al., 2005). If left untreated, methemoglobinemia can be fatal for affected infants. The
WHO and the European Union have set the standard for nitrate in drinking water at 11.3
mg/L measured as nitrogen (mg N/L) that corresponds to 50 mg NO3/L. The standard
in the United States, Canada, and Australia is 10 mg N/L.

Extensive application of nitrogen fertilizers has caused an increase in nitrate con-
centrations over large agricultural areas in many countries. As a worldwide average,
pristine waters contain nitrate at approximately 0.1 mg N/L (Heathwaite et al., 1996).
This is extremely low compared to typical modern groundwater concentrations. For
example, studies of UK aquifers suggest that current natural background or baseline
concentrations are more than an order of magnitude above the global average pristine
concentration (Buss et al., 2005).

Nitrogen oxides, present in the atmosphere due to the combustion of fossil fuels,
undergo various chemical alterations that produce H+ and finally leave the nitrogen
as nitrate. These processes can lower the pH of rain in the same way sulfur oxides do.
Nonindustrially impacted rain may have a total nitrogen concentration of about 6 mg/L,
and rainfall of 10 in/yr would yield a nitrogen load to the soil column of about 13
pounds per acre per year in such case. Significant evaporation of such rainwater could
result in high concentrations of nitrogen in the infiltration water (Heaton, 1986; Rees et al.,
1995). Industrially impacted rain may have a nitrogen concentration higher than 6 mg/L,
resulting in higher nitrogen load to the subsurface.

Domestic sewage in sparsely populated areas of the United States is disposed of
primarily in on-site septic systems. In 1980, 20.9 million residences (about 24 percent of
the total in the United States) disposed of about 4 million acre-ft of domestic sewage in on-
site septic systems (Reneau et al., 1989). Inherent in this method is the discharge of effluent
to the local groundwater. To avoid contamination problems in an area, treated sewage
effluent can be removed from a basin and discharged elsewhere if wastewater treatment
is centralized. Unfortunately, removal is not possible with on-site septic systems, and
even properly designed and constructed on-site septic systems frequently cause nitrate
concentrations to exceed the MCL in the underlying groundwater (Wilhelm et al., 1994).
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Total nitrogen concentrations in septic-tank effluent range from 25 mg/L to as much
as 100 mg/L, and the average is in the range 35 to 45 mg/L (USEPA, 1980), of which
about 75 percent is ammonium and 25 percent is organic. Wilhelm et al. (1994) report
that nitrate concentrations in the effluent below a septic field can be two to seven times
the MCL, and distinct plumes of nitrate-contaminated groundwater may extend from
the septic system. Seiler (1996) estimates that septic systems contribution of nitrogen to
groundwater in the East Lemmon subarea of Washoe County, Nevada, is between 16,500
and 42,000 kg (18 to 46 tons) of nitrogen annually.

In animal feeding lots, wastes may lose much of the nitrogen by ammonia volatiliza-
tion, particularly in corrals that are not subject to water application; water can transport
the nitrogen to the subsurface before substantial volatilization has occurred. The amount
of nitrate from animal wastes that percolates to the groundwater depends on the amount
of nitrate formed from the wastes, the infiltration rate, the frequency of manure removal,
the animal density, the soil texture, and the ambient temperature (National Research
Council, 1978).

The decay of natural organic material in the ground can contribute substantial
amounts of nitrogen to groundwater. For example, in the late 1960s in west-central Texas,
several cattle died from drinking groundwater containing high concentrations of nitrate;
the source of the nitrate was determined to be naturally occurring organic material in
the soil (Kreitler and Jones, 1975; from Seiler, 1996). The average nitrate concentration (as
NO3) for 230 wells was 250 mg/L, and the highest concentration exceeded 3000 mg/L.
Native vegetation, which included a nitrogen-fixing plant, was destroyed by plowing of
the soil for dryland farming. This increased oxygen delivery to the soil and the nitrate
causing the contamination were formed by oxidation of the naturally occurring organic
material in the soil.

The stable isotope composition of nitrate is known to be indicative of its source and
can also be used to indicate that biological denitrification is occurring (Buss et al., 2005).
The variable used is δ15N, which compares the fraction of 15N/14N of the sample to that
of an internationally accepted standard (the air in the case of nitrogen):

δ15N(‰) =
(

15N/14N
)

sample − (
15N/14N

)
standard

(15N/14N)standard
× 1000 (5.10)

When tracing the origins of contamination, some sources have characteristic isotopic
signatures. For instance, the δ15N values for inorganic nitrate fertilizers tend to be in the
range –7‰to +5‰, for ammonium fertilizers –16‰to –6‰, for natural soil –3‰to +8‰,
for sewage, +7‰to +25‰, and for precipitation –3‰(Fukada et al., 2004; Widory et al.,
2004; BGS, 1999; Heaton, 1986). This approach is often combined with information from
other species of interest: Barrett et al. (1999) used δ15N and microbiological indicators
to identify sewage nitrogen, while Widory et al. (2004) used δ15N, δ11B, and 87Sr/86Sr to
discriminate between mineral fertilizers, sewage, and pig, cattle, and poultry manure.
Bölke and Denver (1995) use δ15N with δ13C, δ34S, chloroflurocarbons, tritium, and major
ion chemistry to determine the application history and fate of nitrate contamination in
agricultural catchments (Buss et al., 2005).

Isotopic effects, caused by slight differences in the mass of two isotopes, tend to cause
the heavier isotope to remain in the starting material of a chemical reaction. Denitrifica-
tion, for example, causes the nitrate of the starting material to become isotopically heavier.
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Volatilization of ammonia results in the lighter isotope preferentially being lost to the
atmosphere, and the ammonia that remains behind becomes isotopically heavier. These
isotopic effects mean that, depending on its origin, the same compound may have differ-
ent isotopic compositions. Even when the stable-isotope composition of the source ma-
terial is known, what reactions occur after its deposition and how they affect its isotopic
composition also must be known, if the source of nitrate in groundwater is to be iden-
tified. Because fractionation after deposition blurs the isotopic signatures of the source
materials, the use of 15N data alone may not be sufficient to differentiate among sources.

Because of the many ways human activities influence various forms of nitrogen in the
environment, and the public health concerns associated with elevated concentrations of
nitrite and nitrate in potable groundwater, many scientific investigations on the sources
of nitrogen, the nitrogen cycle, and related groundwater impacts are available (e.g., Feth,
1966; National Research Council, 1978; Zwirnmann, 1982; Keeney, 1990; Spalding and
Exner, 1993; Puckett, 1994; Rees et al., 1995; Mueller et al., 1995; Buss et al., 2005).

5.3.5 Synthetic Organic Contaminants
Concern about SOCs in the drinking water supplies of some cities was a significant cause
of the passage of the 1974 Safe Drinking Water Act, even though data were scarce. In 1981,
the USEPA conducted the Ground Water Supply Survey to determine the occurrence of
volatile organic chemicals (VOCs) in public drinking water supplies using groundwater.
The survey showed detectable levels of these chemicals in 28.7 percent of public water
systems serving more than 10,000 people and in 16.5 percent of smaller systems. Other
USEPA and state surveys also revealed VOCs in public water supplies. The USEPA has
used these surveys to support regulation of numerous organic chemicals, many of which
are carcinogenic (Tiemann, 1996).

SOCs are human-made (anthropogenic) compounds that are used for a variety of
industrial and agricultural purposes and include organic pesticides. SOCs can be divided
into two groups: VOCs and nonvolatile (semivolatile) compounds.

Disinfection of drinking water is one of the major public health advances of the
twentieth century. Disinfection is a major factor in reducing the typhoid and cholera
epidemics that were common in American and European cities in the nineteenth century
and the beginning of the twentieth century. While disinfectants are effective in control-
ling many microorganisms, certain disinfectants (notably chlorine) react with natural
organic and inorganic matter in source water and distribution systems to form disinfec-
tion by-products (DBPs), which are almost all organic chemicals (chromate and bromate
are notable exceptions). A large portion of the U.S. population is potentially exposed
to DBPs through its drinking water. More than 240 million people in the United States
are served by public water systems that apply a disinfectant to water to protect against
microbial contaminants. Results from toxicology studies have shown several DBPs (e.g.,
bromodichloromethane, bromoform, chloroform, dichloroacetic acid, and bromate) to be
carcinogenic in laboratory animals. Other DBPs (e.g., chlorite, bromodichloromethane,
and certain haloacetic acids) have also been shown to cause adverse reproductive or
developmental effects in laboratory animals. Epidemiological and toxicological studies
involving DBPs have provided indications that these substances may have a variety of
adverse effects across the spectrum of reproductive and developmental toxicity: early-
term miscarriage, still birth, low birth weight, premature babies, and congenital birth
defects (USEPA, 2003b). DBPs are of special concern when studying the potential for
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artificial aquifer recharge using treated wastewater. Three disinfectants and four DBPs
are currently on the USEPA Primary Drinking Water Standards list (see Section 5.4).

VOCs and SVOCs
VOCs are synthetic chemicals used for a variety of industrial and manufacturing pur-
poses. Among the most common VOCs are degreasers and solvents such as benzene,
toluene, and TCE; insulators and conductors such as polychlorinated biphenyls (PCBs);
dry-cleaning agents such as tetrachloroethylene (PCE); and gasoline compounds. VOCs
have the potential to cause chromosome aberrations, cancer, nervous system disorders,
and liver and kidney damage (USEPA, 2003a, 2003b). There are 53 organic chemicals
included on the USEPA Primary Drinking Water Standards list (Section 5.4).

VOCs were detected in many aquifers across the United States in a study conducted
by the USGS (Zogorski et al., 2006). The assessment of 55 VOCs in groundwater in-
cluded analyses of about 3500 water samples collected during 1985 to 2001 from various
types of wells, representing almost 100 different aquifer studies. This is the first national
assessment of the occurrence of a large number of VOCs with different uses, and the
assessment addresses key questions about VOCs in aquifers. Almost 20 percent of the
water samples from aquifers contained one or more of the 55 VOCs, at an assessment level
of 0.2 μg/L. This detection frequency increased to slightly more than 50 percent for the
subset of samples analyzed with a low-level analytical method and for which an order-
of-magnitude lower assessment level (0.02 μg/L) was applied. VOCs were detected in
90 of 98 aquifer studies completed across the country, with most of the largest detec-
tion frequencies in California, Nevada, Florida, and the New England and Mid-Atlantic
States. Trihalomethanes (THMs), which may originate as chlorination by-products, and
solvents were the most frequently detected VOC groups. Furthermore, detections of
THMs and solvents and some individual compounds were geographically widespread;
however, a few compounds, such as methyl tert-butyl ether (MTBE), ethylene dibromide
(EDB), and dibromochloropropane (DBCP), had regional or local occurrence patterns.
The widespread occurrence of VOCs indicates the ubiquitous nature of VOC sources
and the vulnerability of many of the country’s aquifers to low-level VOC contamination.
The findings for VOCs indicate that other compounds with widespread sources and
similar behavior and fate properties may also be occurring.

VOCs found in 1 percent or more tested supply wells at the assessment level of
0.2 μg/L are chloroform (THM), perchloroethene (tetrachloroethene or PCE), MTBE,
trichloroethene (TCE), toluene, dichlorodifluoromethane (refrigerant), 1,1,1,-trichloroet-
hane, chloromethane, bromodichloromethane (THM), trichlorodifluoromethane (refrig-
erant), bromoform (THM), dibromochloromethane (THM), trans-1,2-dichloromethene,
methylene chloride, and 1,1-dichloromethane.

Although many VOCs were detected in the USGS study, they were typically at low
concentrations and below their respective MCLs where applicable. For example, 90 per-
cent of the total VOC concentrations in samples were less than 1 μg/L. Forty-two of the
fifty-five VOCs were detected in one or more samples at an assessment level of 0.2 μg/L.
Furthermore, VOCs in each of the seven VOC groups considered in this assessment were
detected in the samples; these groups included fumigants, gasoline hydrocarbons, gaso-
line oxygenates (such as MTBE), organic synthesis compounds, refrigerants, solvents,
and THMs. The finding that most VOC concentrations in groundwater are less than
1 μg/L is important because many previous monitoring programs did not use low-level
analytical methods and therefore would not have detected such contamination.
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The complexity of explaining VOC contamination in aquifers was confirmed in this
assessment through statistical models for 10 frequently detected compounds. Factors
describing the source, transport, and fate of VOCs were all important in explaining the
national occurrence of these VOCs. For example, the occurrence of PCE was statisti-
cally associated with the percentage of urban land use and density of septic systems
near sampled wells (source factors), depth to top of well screen (transport factor), and
presence of dissolved oxygen (fate factor). National-scale statistical analyses provide
important insights about the factors that are strongly associated with the detection of
specific VOCs, and this information may benefit many local aquifer investigations in se-
lecting compound- and aquifer-specific information to be considered. Continued efforts
to reduce or eliminate low-level VOC contamination will require enhanced knowledge
of sources of contamination and aquifer characteristics (Zogorski et al., 2006).

SVOCs are operationally defined as solvent-extractable organic compounds that can
be determined by gas chromatography/mass spectrometry (GC/MS). They include poly-
cyclic aromatic hydrocarbons (PAHs), azaarenes, nitrogenated compounds, phenols, ph-
thalates, ketones, and quinones. Many of these SVOCs have been designated as priority
pollutants by the USEPA because of their toxicity and association with industrial ac-
tivities and processes. They are referenced in the Clean Water Act of 1977. SVOCs that
are priority pollutants include phthalates used in plastics, phenols used as disinfectants
and in manufacturing chemicals, and PAHs. PAHs and azaarenes contain fused carbon
rings that form during the incomplete combustion of organic matter, including wood
and fossil fuels (such as gasoline, oil, and coal). Azaarenes are distinguished from PAHs
by having a nitrogen atom substituted for a carbon in the fused ring structure. Azaarenes
tend to occur in association with PAHs in affected soils and streambed sediment sam-
ples because fossil fuel combustion is the primary source of both PAHs and azaarenes.
However, additional sources of PAHs include natural or anthropogenic introduction of
uncombusted coal and oil and industrial use of PAHs in the dye and plastic industries
(Nowell and Capel, 2003; from Lopes and Furlong, 2001).

Most SVOCs are moderately to strongly hydrophobic (i.e., they have fairly low water
solubility and fairly high octanol-water partition coefficients). Consequently, they tend
to sorb to soil and sediment and partition to organic matter in water.

Nonaqueous-Phase Liquids
Nonaqueous-phase liquids (NAPLs) are hydrocarbons that exist as a separate, immiscible
phase when in contact with water and/or air. Differences in the physical and chemical
properties of water and NAPL result in the formation of a physical interface between
the liquids, which prevents the two fluids from mixing. NAPLs are typically classified as
either light nonaqueous phase liquids (LNAPLs), which have densities less than that of
water, or dense nonaqueous phase liquids (DNAPLs), which have densities greater than
that of water (Table 5.1). It is very important to make the distinction between the actual
NAPL liquid in free phase, and the chemical of the same name dissolved in water. For
example, most common organic contaminants such as PCE, TCE, and benzene can enter
the subsurface as both free-phase NAPL and dissolved in percolating water. However, the
fate and transport of free-phase NAPL and the same chemical dissolved in groundwater
are quite different.

LNAPLs affect groundwater quality at a variety of sites. The most common contam-
ination problems result from the release of petroleum products. Leaking of USTs at gas
stations and other facilities is arguably the most widespread point-source contamination
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IUPAC Name Common or Alternative Name Density

1,2,3-trichlorobenzene 1,2,6-trichlorobenzene 1.690
tetrachloroethene perchloroethylene, tetrachloroethylene, PCE 1.623
tetrachloromethane carbon tetrachloride 1.594
1,1,2-trichloroethene 1,1,2-trichloroethylene, TCE 1.464
1,2,4-trichlorobenzene 1,2,4-trichlorobenzol 1.450
1,1,2-trichloroethane methyl chloroform 1.440
1,1,1-trichloroethane methyl chloroform 1.339
1,2-dichlorobenzene o-dichlorobenzene 1.306
cis-1,2-dichloroethene cis-1,2-dichloroethylene 1.284
trans-1,2-dichloroethene trans-1,2-dichloroethylene 1.256
1,2-dichloroethane 1,2-ethylidene dichloride, glycol dichloride 1.235
1,1-dichloroethene 1,1-dichloroethylene, DCE 1.213
1,1-dichloroethane 1,1-ethylidene dichloride 1.176
chlorobenzene monochlorobenzene 1.106
pure water at 0◦C 1.000
naphthalene naphthene 0.997
chloromethane methyl chloride 0.991
chloroethane ethyl chloride 0.920
chloroethene vinyl chloride, chloroethylene 0.910
stryrene vinyl benzene 0.906
1,2-dimethylbenzene o-xylene 0.880
benzene — 0.876
ethylbenzene — 0.867
1,2,4-trimethylbenzene pseudocumene 0.876
methylbenzene toluene 0.867
1,3-dimethylbenzene m-xylene 0.864
1,4-dimethylbenzene p-xylene 0.861
2-methoxy-2-methylpropane methyl tert-butyl ether, MTBE 0.740

IUPAC, International Union of Pure and Applied Chemistry.
From Lawrence, 2006.

TABLE 5.1 Density (in g/cm3 at 20◦C) of Selected Volatile Organic Compounds

of groundwater in developed countries (see Fig. 5.9). Gasoline products are typically
multicomponent organic mixtures composed of chemicals with varying degrees of
water solubility. Some gasoline additives (e.g., MTBE and alcohols such as ethanol) are
highly soluble. Other components (e.g., BTEX) are slightly soluble. Many components
(e.g., n-dodecane and n-heptane) have relatively low water solubility under ideal
conditions (Newell et al., 1995). At the end of the refining process, finished gasoline
commonly contains more than 150 separate compounds; however, some blends may
contain as many as 1000 compounds (Mehlman, 1990; Harper and Liccione, 1995). In
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addition to BTEX, which on average make about 16 percent of a typical gasoline blend,
three minor components of gasoline, naphthalene, vinyl benzene (styrene), and 1,2,4-
trimethylbenzene (124-TMB), are commonly detected in contaminated groundwater
(Lawrence, 2006). Individual BTEX compounds are also widely used as solvents and in
manufacturing (Swoboda-Colberg, 1995).

When a mixture of pure LNAPLs (e.g., fuel) is released to the subsurface, the compo-
nents of the fuel may remain in the original free phase, dissolve into and migrate with
any water present in the vadose zone, absorb to solid material in the soil, or volatilize into
soil gas. Therefore, a three-phase system consisting of water, product, and air is created
within the vadose zone. Infiltrating water dissolves the components within the LNAPL
(e.g., benzene, toluene, xylene, and others) and carries them to the water table. These
dissolved constituents then form a contaminant plume emanating from the area of the
residual product, where LNAPL phase is immobile (trapped by the porous media). If
enough product is spilled, free LNAPL will flow downward to the water table and form
a pool floating on it, being lighter (less dense) than water.

Many of the components commonly found in LNAPLs are volatile and can partition
into the soil air and be transported by molecular diffusion in all directions within the
vadose zone and away from the area of the residual mass. These vapors may partition
back into the water phase and spread contamination over a wider area. They can also
diffuse across the land surface boundary into the atmosphere (Palmer and Johnson, 1989).

Fluctuations of the water table, combined with the downgradient migration of the
three contaminant phases (product pool, phase dissolved in groundwater, and vapor
phase), may create a complex horizontal and vertical distribution (redistribution) of the
contaminant in the subsurface, especially if the porous media is heterogeneous (presence
of clay lenses and layers).

Accumulations of LNAPL at or near the water table are susceptible to “smearing”
from changes in water-table elevation such as those that occur due to seasonal changes
in recharge and discharge, or tidal influence in coastal environments. Mobile LNAPL
floating on the water table will move vertically as the groundwater elevation fluctuates.
As the water table rises or falls, LNAPL will be retained in the soil pores, leaving behind
a residual LNAPL “smear zone.” If smearing occurs during a decline in groundwater
elevations, residual LNAPL may be trapped below the water table when groundwater
elevations rise. A similar situation may develop during product recovery efforts. LNAPL
will flow toward a recovery well or trench in response to the gradient induced by water-
table depression. LNAPL residual will be retained below the water table as the water-table
elevation returns to prepumping conditions (Newell et al., 1995).

The major types of DNAPLs are halogenated solvents, coal tar, creosote-based wood-
treating oils, PCBs, and pesticides. As a result of widespread production, transportation,
utilization, and disposal practices, particularly since 1940s, there are numerous DNAPL
contamination sites in North America and Europe. The potential for serious long-term
contamination of groundwater by some DNAPL chemicals at many sites is high due to
their toxicity, limited solubility (but much higher than drinking water limits), and signifi-
cant migration potential in soil gas, in groundwater, and/or as a separate phase. DNAPL
chemicals, especially chlorinated solvents, are among the most prevalent groundwater
contaminants identified in groundwater supplies and at waste disposal sites (Cohen and
Mercer, 1993).

Halogenated solvents, particularly chlorinated hydrocarbons, and brominated and
fluorinated hydrocarbons, to a much lesser extent, are DNAPL chemicals encountered
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at numerous contaminated sites. These halocarbons are produced by replacing one
or more hydrogen atoms with chlorine (or another halogen) in petrochemical pre-
cursors such as methane, ethane, ethene, propane, and benzene. Many bromocarbons
and fluorocarbons are manufactured by reacting chlorinate hydrocarbon intermedi-
ates (such as chloroform or carbon tetrachloride) with bromine and fluorine com-
pounds, respectively. DNAPL halocarbons at ambient environmental conditions in-
clude chlorination products of methane (methylene chloride, chloroform, and carbon
tetrachloride), ethane (1,1-dichloroethane, 1,2-dichloroethane, 1,1,1-trichloroethane, and
1,1,2,2-tetrachloroethane), ethene (1,1-dichloroethene, 1,2-dichloroethene isomers, TCE,
and tetrachloroethene), propane (1,2-dichloropropane and 1,3-dichloropropene isomers),
and benzene (chlorobenzene, l,2-dichlorobenzene, and l,4-dichlorobenzene); fluorina-
tion products of methane and ethane such as 1,1,2-trichlorofluormethane (Freon-11)
and 1,1,2-trichlorotrifluorethane (Freon-113); and bromination products of methane (bro-
mochloromethane, dibromochloromethane, dibromodifluoromethane, and bromoform),
ethane (bromoethane and 1,1,2,2-tetrabromoethane), ethene (ethylene dibromide), and
propane (l,2-dibromo-3-chloropropane).

Coal tar and creosote are complex chemical mixture DNAPLs derived from the de-
structive distillation of coal in coke ovens and retorts. Historically, coal tar has been
produced by coal tar distillation plants and as a by-product of manufactured gas plant
and steel industry coking operations. Creosote blends are used to treat wood alone or di-
luted with coal tar, petroleum, or, to a very limited extent, pentachlorophenol. In addition
to wood preservation, coal tar is used for road, roofing, and water-proofing solutions.
Considerable use of coal tar is also made for fuels (Cohen and Mercer, 1993).

Creosote and coal tar are complex mixtures containing more than 250 individual
compounds. Creosote is estimated to contain 85% PAHs, 10% phenolic compounds, and
5% N-, S-, and O-heterocyclic compounds. The compositions of creosote and coal tar are
quite similar, although coal tar generally includes a light oil component (<5 percent of
the total) consisting of monocyclic aromatic compounds such as BTEX. Consistent with
the composition of creosote and coal tar, PAHs (in addition to BTEX compounds) are
common contaminants detected in groundwater at wood-treating sites (Rosenfeld and
Plumb, 1991; Cohen and Mercer, 1993).

PCBs are extremely stable, nonflammable, dense, and viscous liquids that are formed
by substituting chlorine atoms for hydrogen atoms on a biphenyl (double benzene ring)
molecule. PCBs, which are not produced any more in the United States and now have
a very restricted regulated use, were historically used in oil-filled switches, electromag-
nets, voltage regulators, heat transfer media, fire retardants, hydraulic fluids, lubricants,
plasticizers, carbonless copy paper, dedusting agents, and other products. PCBs were
frequently mixed with carrier fluids prior to use. Due to their widespread historic use
and persistence, PCBs are often detected in the environment at very low concentrations.
The potential for DNAPL migration is greatest at sites where PCBs were produced, uti-
lized in manufacturing processes, stored, reprocessed, and/or disposed of in quantity
(Cohen and Mercer, 1993).

DNAPLs can have great mobility in the subsurface because of their relatively low
solubility, high density, and low viscosity. Hydrophobic DNAPLs do not readily mix with
water (they are immiscible) and tend to remain as separate phases (i.e., nonaqueous). The
relatively high density of these liquids provides a driving force that can carry product
deep into aquifers. DNAPL infiltrating from the land surface because of a spill or leak
may encounter two general conditions: (1) in the presence of moisture (water) within the
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vadose zone; DNAPL exhibits viscous fingering during infiltration (when a high-density,
low-viscosity fluid (DNAPL) displaces a lower-density, higher-viscosity fluid (water), the
flow is unstable, resulting in the occurrence of viscous fingering); and (2) if the vadose
zone is dry, viscous fingering is generally not observed (Palmer and Johnson, 1989).
When a spill of DNAPL is small, it will flow through the vadose zone until it reaches
residual saturation, i.e., until all the mobile DNAPL is trapped in the porous media.
This residual DNAPL may still cause formation of a dissolved plume in the underlying
saturated zone (aquifer) by partitioning into the vapor phase; these dense vapors may
sink to the capillary fringe where they are eventually dissolved in water and transported
downgradient. Infiltrating water can also dissolve the residual DNAPL and transport it
down to the water table.

Once DNAPL enters the saturated zone, its further migration will depend on the
amount (mass) of product and the aquifer heterogeneity, such as the presence of low-
permeable lenses and layers of clay. Figure 5.12 shows examples of free-phase (mo-
bile) DNAPL accumulation over low-permeable layers. This free-phase (pooled) DNAPL
serves as a continuing source of dissolved-phase contamination, which is carried down-
gradient by the flow of groundwater. As it migrates, the DNAPL may leave a residual
phase in the porous media of the saturated (aquifer) zone along its path. This residual
phase also serves as a source of dissolved-phase contamination. Being denser than wa-
ter, free-phase DNAPL moves because of gravity, not because of the hydraulic gradients
normally present in natural aquifers. As a consequence, DNAPL encountering a low-
permeable layer may flow along its slope, in a different (including opposite) direction
from the dissolved plume, as shown in Fig. 5.12. This free-phase DNAPL would also
create its own dissolved-phase plume. Migration of DNAPL in the unsaturated and sat-
urated zones may create a rather complex pattern of multiple secondary sources of free-
and residual-phase DNAPL, and multiple dissolved plumes at various depths within the
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FIGURE 5.12 Schematic of possible migration pathways of free-phase DNAPL and the derived
dissolved contaminant plumes in the subsurface. (From Kresic, 2007; copyright Taylor & Francis
Group, LLC; printed with permission.)
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aquifer. This pattern may not be definable based on the hydraulics of groundwater flow
alone and, in any case, presents a great challenge when attempting to restore an aquifer
to its beneficial use: “Once in the subsurface, it is difficult or impossible to recover all of
the trapped residual” (USEPA, 1992).

Two invaluable technical resources for the general study and characterization of
DNAPLs in the subsurface are books by Cohen and Mercer (1993) and Pankow and
Cherry (1996).

5.3.6 Agricultural Contaminants

Fertilizers
As a result of population growth, the available arable land per capita has decreased
and the demand for agricultural production has increased. Although the contribution of
agricultural production to the gross national product (GNP) in some countries has fallen,
production in absolute terms has increased greatly. This can be attributed to technological
developments such as increased mechanization, intensive agriculture, irrigation, and the
use of fertilizers and pesticides. Most forms of agricultural land use constitute an impor-
tant diffuse or nonpoint source of contamination of soils, surface water, and groundwater
(UNESCO, 1998).

Increases in soil fertility have been attained specially since 1960 by massive applica-
tion of inorganic fertilizers. Organic fertilizers have been used since the early history of
development, but the increased use of inorganic fertilizers began in the 1940s, reaching
its peak during the “Green Revolution” (1960 to 1970). For example, Foster (2000) shows
how the use of artificial fertilizers affected British agriculture between 1940 and 1980.
A threefold increase in food production was accomplished by a 20-fold increase in the
use of fertilizers. The unused nitrogen has, therefore, been lost to the atmosphere by
denitrification and leached to surface and groundwater as nitrate, or remains stored in
the unsaturated zone (Buss et al., 2005). This nitrate in the unsaturated zone will con-
tinue to serve as a long-term source of groundwater contamination even if application
of fertilizers were to discontinue today.

Since the 1980s, the application of fertilizers remained at relatively the same level or
has been decreasing in most European countries, South and North America (including the
United States), and Australia. During the same time period, total fertilizer consumption
in Asia almost doubled and is projected to more than double again by 2030 (UNESCO,
1998). Nevertheless, consumption in Asia represented only 19 percent of European con-
sumption in 1990. The largest users of fertilizers are Europe and the United States (100
to 150 kg/ha, with a 50 to 55 percent mineral components). In comparison, most Latin
American and African countries use less than 10 kg/ha (UNESCO, 1998).

Altogether, 16 mineral elements are known to be necessary for plant growth, but only
three are needed in large quantities—nitrogen, phosphorus, and potassium. The others,
called secondary elements and microelements, are generally required for cell metabolism
and enzymes and are required in very small amounts. Nitrogen is the most critical element
in the fertilizer program. It is lacking in nearly all agricultural soils because it leaches
readily and therefore has to be applied on a regular basis (UNESCO, 1998). Potassium also
leaches readily and has to be applied at the same rate as nitrogen, whereas phosphorous
accumulates in the soil and does not leach readily to the subsurface. Phosphorous is,
therefore, the main nonpoint source of contamination by surface runoff, which results in
eutrophication of surface water bodies.
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Organic fertilizers contain essential nutrients (nitrogen, phosphorous, and potas-
sium) and also stimulators and a considerable quantity of microbes that support bio-
logical activity and are needed for mineralizing nutrients. Worldwide, they commonly
include animal manure, crop residues, municipal sewage sludge and wastewater, and a
wide variety of industrial and organic wastes (UNESCO, 1998).

The first nitrogen fertilizer used commercially, Peruvian guano, formed by deposition
of excreta by seawolf, was organic in nature. It is very likely that the low levels of perchlo-
rate found in groundwater throughout agricultural areas in California and elsewhere can
be attributed to widespread use of guano during the first half of the twentieth century.
Perchlorate, a mineral salt of chlorine, also associated with manufacturing of rocket fuel,
ammunitions, and firework, is one of the most notorious emerging contaminants.

Pesticides
If treatment is not used to protect plants, insects and fungus can destroy crops. Unfor-
tunately, so far, the only proven efficient method for plant protection on a large scale is
through the application of chemicals. Plant extracts have been used as pesticides since
Roman times, nicotine since the seventeenth century and synthetic pesticides since the
1930s (Paul Muller discovered the insecticide properties of DDT in 1939). Today, new
active compounds are registered in different countries every year and usually have to be
handled with care because of their toxic properties (Fig. 5.13).

The word pesticide refers to any chemical that kills pests and includes insecticides,
fungicides, and nematocides; it also generally includes herbicides. Extensive use of pes-
ticides is not confined to rural agricultural areas only. They are commonly used in both
urban and suburban settings on lawns, parks, and golf courses. According to UNESCO
(1998), data on pesticide use are not available for most countries. It is, however, known
that the use of pesticides is high in developed countries where the total amount of chem-
icals used per hectare varies from 1 to 3 L/year (insecticides), and from 3 to 10 kg/yr
(fungicides). In developing countries, pesticides are often unavailable and beyond the
financial capabilities of farmers, and their use is limited to a few crops.

The use of herbicides is increasing worldwide. Normally, herbicides are applied at a
rate varying from 5 to 12 kg/ha. Preemergence herbicides are applied at lower rates (1
to 4 kg/ha).

Pesticides used in the 1950s and 1960s were generally characterized by low aqueous
solubility, strong sorption by soil components, and broad-spectrum toxic effects. These
pesticide properties are now known to accumulate in the environment and cause ad-
verse impacts on aquatic ecosystems via persistence and biomagnifications. Examples of
such pesticides are chlorinated hydrocarbon insecticides, including DDT and dieldrin.
However, only small amounts of these types of pesticides are likely to reach groundwater
systems (UNESCO, 1998). In contrast, newer pesticides are more soluble, less sorbed, and
readily degradable and have more selective toxicological effects. As a result, pesticide
application rates in developed countries have generally declined, but the solubility and
mobility characteristics of these compounds may lead to considerable groundwater con-
tamination. While the presence of nitrate in many aquifers in the world has been widely
reported, fewer cases of contamination by pesticides have been reported so far. Reasons
for this could be the potential time lag in the response of groundwater systems to this
contaminant input, the high costs involved in their chemical analysis, and, in some cases,
the disregard of the degradation products is the main reason (UNESCO, 1998).
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FIGURE 5.13 Wearing gloves, mask, and other protection is part of handling farm chemicals safely.
(Photograph courtesy of Tim McCabe, National Resources Conservation Service.)

In 1992, the USEPA issued the Pesticides in Ground Water Database (1971–1991),
which showed that nearly 10,000 of 68,824 tested wells contained pesticides at levels that
exceeded drinking water standards or health advisory levels. Almost all the data were
from drinking water wells. The USEPA has placed restrictions on 54 pesticides found in
groundwater, 28 of which are no longer registered for use in the United States but may
still be present in soils and groundwater due to this widespread historic use (Tiemann,
1996).

Figure 5.14 shows the results of a nationwide study conducted during 1992 to 2002 and
published by the USGS in 2006. One or more pesticides or their degradation products
were detected in water more than 90 percent of the time during the year in streams
draining watersheds with agricultural, urban, and mixed land uses. In addition, some
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FIGURE 5.14 (a) Pesticide occurrence in stream water (SW), shallow groundwater (SGW), and
major aquifers (MA) in the United States; most pesticides in this group are in use. (b)
Organochlorine pesticides in fish tissue (FT) and streambed sediment (BS); most pesticides in this
group are no longer used. (Modified from Gilliom et al., 2006.)

organochlorine pesticides that have not been used in the United States for years were
detected along with their degradation products and by-products in most samples of
whole fish or bed sediment from streams sampled in these land use settings. Pesticides
were less common in groundwater but were detected in more than 50 percent of wells
sampled to assess shallow groundwater in agricultural and urban areas.

As mentioned earlier, in addition to natural geologic sources, there are many anthro-
pogenic sources of arsenic. The most important are derived from agricultural practices,
such as the application of pesticides and herbicides. Inorganic arsenic was widely applied
before it was banned for pesticide use in the 1980s and 1990s. Lead arsenate (PbHAsO4)
was the primary insecticide used in fruit orchards prior to the introduction of DDT in
1947. Inorganic arsenicals have also been applied to citrus, grapes, cotton, tobacco, and
potato fields. For example, historic annual arsenic loading rates up to approximately 490
kg/ha (approximately 440 lb/acre) on apple orchards in eastern Washington led to ar-
senic concentrations in soil in excess of 100 mg/kg (Benson, 1976; Davenport and Peryea,
1991; from Welch et al., 2000). Agricultural soils in other parts of the United States also
have high arsenic concentrations exceeding 100 mg/kg due to long-term application
(20–40 years or more) of calcium and lead arsenate (Woolsen et al., 1971, 1973). Early
studies suggested that arsenic in eastern Washington orchards was largely confined to
the topsoil, although evidence for movement into the subsoil has been cited (Peryea,
1991). This apparent movement of arsenic suggests a potential for contamination of shal-
low groundwater. Application of phosphate fertilizers creates the potential for releasing
arsenic into groundwater. Laboratory studies suggest that phosphate applied to soils con-
taminated with lead arsenate can release arsenic to soil water. Increased use of phosphate
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at relatively high application rates has been adopted to decrease the toxicity of arsenic
to trees in replanted orchards. Laboratory results suggest that this practice may increase
arsenic concentrations in subsoil and shallow groundwater. Application of phosphate
onto uncontaminated soil may also increase arsenic concentrations in groundwater by
releasing adsorbed natural arsenic (Woolsen et al., 1973; Davenport and Peryea, 1991;
Peryea and Kammereck, 1997; Welch et al., 2000).

In some irrigated regions, automatic fertilizer feeders are attached to irrigation sprin-
kler systems. When the pump is shut off, water flows back through the pipe into the
well, creating a partial vacuum that may cause fertilizer to flow from the feeder into the
well. It is possible that some individuals even dump fertilizers (and perhaps pesticides)
directly into the well to be picked up by the pump and distributed to the sprinkler system
(USEPA, 1990).

Aurelius (1989; from USEPA, 1990) described an investigation in Texas where 188
wells were sampled for nitrate and pesticides in 10 counties where aquifer vulnerabil-
ity studies and field characteristics indicated the potential for groundwater contami-
nation from the normal use of agricultural chemicals. Nine pesticides (2,4,5-T, 2,4-DB,
metolachlor, dicamba, atrazine, prometon, bromacil, picloram, and triclopyr) were found
present in 10 wells, 9 of which were used for domestic supply. Also, 182 wells were tested
for nitrate, and, of these, 101 contained more than the regulatory limit. Of the high nitrate
wells, 87 percent were used for household purposes. In addition, 28 wells, of which 23
were domestic, contained arsenic at or above of 0.05 mg/L, which was the MCL at the
time (current MCL for arsenic is 0.01 mg/L).

Concentrated Animal Feeding Operations
CAFOs result from the consolidation of small farms with animals into larger operations,
leading to a higher density of animals per unit of land on CAFOs than on small farms.
For example, in 2005, the United States produced over 103 million pigs at 67,000 pro-
duction facilities (USDA, 2006a, 2006b; from Sapkota et al., 2007). Facilities housing over
55,000 pigs accounted for more than half of the total U.S. swine inventory, reflecting
the increasing consolidation and concentration of U.S. swine production (USDA, 2006a).
This trend in swine production has resulted in the concentration of large volumes of
manure in relatively small geographical areas. Manure is typically stored in deep pits or
outdoor lagoons and then applied to agricultural fields as a source of fertilizer. However,
as a result of runoff and percolation events, components of manure, including human
pathogens and chemical contaminants, can impact surface water and groundwater prox-
imal to swine CAFOs, posing risks to human health (Anderson and Sobsey, 2006; Sayah
et al., 2005). Specific swine production practices, including the use of nontherapeutic
levels of antibiotics in swine feed, can exacerbate the risks associated with exposures to
manure-contaminated water sources (Sapkota et al., 2007).

Elevated concentrations of nutrients, metals, bacteria, and a number of other chemi-
cals and pathogens are observed in surface and groundwater in many agricultural areas
throughout the United States. Excess nutrients may be an important contributing factor
for the growth and increase in dinoflagellates such as Pfiesteria. Many of the infectious
organisms that cause illness in animals can also cause disease in humans and can survive
in water. The most common pathogens that pose a human-health risk include Salmonella
spp., Escherichia coli O157:H7 (E. coli), Campylobacter spp., Listeria monocytogenes, as well
as viruses and protozoa such as Cryptosporidium parvum and Giardia. These organisms
have been found in groundwater in a number of communities (Rice et al., 2005).
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In a study of surface water and groundwater situated up- and downgradient from a
swine facility, Sapkota et al. (2007) found antibiotic-resistant enterococci and other fecal
indicators. Collected samples were tested for susceptibility to erythromycin, tetracycline,
clindamycin, virginiamycin, and vancomycin. The results of the study show that the me-
dian concentrations of enterococci, fecal coliforms, and E. coli were 4- to 33-fold higher
in down- versus upgradient surface water and groundwater. Higher minimal inhibitory
concentrations for four antibiotics were observed in enterococci isolated from down- ver-
sus upgradient surface water and groundwater. Elevated percentages of erythromycin-
and tetracycline-resistant enterococci were detected in downgradient surface waters, and
higher percentages of tetracycline- and clindamycin-resistant enterococci were detected
in downgradient groundwater. The authors concluded that these findings provide addi-
tional evidence that water impacted by swine manure could contribute to the spread of
antibiotic resistance.

5.3.7 Microbiological Contaminants
Microbiological contaminants are microorganisms potentially harmful to humans or ani-
mals. Jointly called pathogens, they include parasites, bacteria, and viruses. Although the
previous sections illustrate the seriousness of contamination with organic chemicals and
inorganic substances, pathogens are by far the most widely spread water contaminants.
As pointed out by researchers from the Johns Hopkins University, water-related diseases
are a human tragedy, killing millions of people each year, preventing millions more from
leading healthy lives, and undermining development efforts. About 2.3 billion people
in the world suffer from diseases that are linked to water, and some 60 percent of all
infant mortality is linked to infectious and parasitic diseases, most of them water related
(Hinrichsen et al., 1997).

Where proper sanitation facilities are lacking, waterborne diseases can spread rapidly.
Untreated excreta carrying disease organisms wash or leach into freshwater sources, con-
taminating drinking water. Diarrheal disease, the major waterborne disease, is prevalent
in many countries where sewage treatment is inadequate—human wastes are disposed
of in open latrines, ditches, canals, and water courses, or they are spread on cropland.
An estimated 4 billion cases of diarrheal disease occur every year, causing 3 to 4 million
deaths, mostly among children (Hinrichsen et al., 1997).

Although surface water is the primary recipient and host of pathogen contamination,
shallow groundwater is also greatly affected in many regions with poor or nonexistent
sanitation. However, some pathogens, such as parasites Giardia and Cryptosporidium, are
naturally present in surface water bodies and are not necessarily associated with poor
sanitation practices. For this reason, the USEPA has instituted specific water-treatment
requirements for public supply systems using “groundwater under direct influence”
(GWUI) of surface water.

The increased efforts to reclaim and reuse wastewaters and gray waters pose addi-
tional public health concerns. These concerns are heightened by the fact that the indicators
of the “sanitary quality” of waters, i.e., the total- and fecal-coliform bacteria, are unreli-
able indicators of the presence of a number of key pathogenic agents including enteric
viruses and cyst-forming protozoans. Wastewater reclamation does not have a specific
meaning in terms of the degree of treatment for different reclamation projects. Some
reuses of wastewater are allowed with very little additional treatment beyond the con-
ventional sewage treatment, of addressing enteric viruses and cyst-forming protozoans.
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Even after what is considered to be good conventional domestic wastewater treatment
and chlorination (chloramination), domestic wastewaters released to surface waters in
nearby streams, lakes, estuaries, or coastal marine waters, still contain large numbers
of enteroviruses and pathogenic protozoans that can readily cause human disease upon
ingestion and, to a lesser extent, body contact with these waters (Lee and Jones-Lee,
1993).

In addition to nonsanitary practices at the land surface, pathogens can enter ground-
water systems in natural surface water-groundwater interactions, or via artificial aquifer
recharge using surface water and treated wastewater. Once in the subsurface (aquifer),
their survival and transport will depend on various biogeochemical interactions with
native groundwater, porous media, and native microorganisms. Whereas some bacteria
and parasites cannot survive more than several weeks in the saturated zone regardless
of the native conditions, some viruses are known to survive for months or even years.

Pathogens can cause an adverse effect after an acute (short-term) exposure such as
ingestion of just one glass of water. They can also cause epidemics and chronic diseases.
In the early 1990s, for example, raw sewage water that was used to fertilize vegetable
fields caused outbreaks of cholera in Chile and Peru. In Buenos Aires, Argentina, a slum
neighborhood faced continual outbreaks of cholera, hepatitis, and meningitis because
only 4 percent of homes had either water mains or proper toilets, while poor diets and
little access to medical services aggravated the health problems (Hinrichsen et al., 1997).

Bacteria are microscopic living organisms usually consisting of a single cell. Water-
borne disease-causing bacteria include E. coli and Shigella. Protozoa or parasites are also
single-cell organisms. Examples include Giardia lamblia and Cryptosporidium. A virus is
the smallest form of microorganism capable of causing disease. A virus of fecal origin
that is infectious to humans by waterborne transmission is of special concern for drink-
ing water regulators. More than 120 different types of potentially harmful enteric viruses
are excreted in human feces and are widely distributed in type and number in domes-
tic sewage, agricultural wastes, and septic drainage systems (Gerba, 1999; from Banks
and Battigelli, 2002). Many of these viruses are stable in natural waters and have long
survival times, with half-lives ranging from weeks to months. Because they may cause
disease even when just a few virus particles are ingested, low levels of environmental
contamination may affect water consumers. From 1971 to 1979, approximately 57,974
people in the United States were affected by outbreaks of waterborne pathogens (Craun,
1986; from Banks and Battigelli, 2002). Outbreaks of waterborne disease attributed to
enteric viruses are poorly documented, even though viruses are commonplace in natu-
ral waters contaminated with human feces. Illnesses in humans caused by waterborne
viruses range from severe infections such as myocarditis, hepatitis, diabetes, and paral-
ysis to relatively mild conditions such as self-limiting gastroenteritis. Currently, enteric
viruses are included in the National Primary Drinking Water Standards issued by the
USEPA, while several other groups are on the contaminant candidate list (CCL). Studies
of possible groundwater contamination with viruses are still very rare (USEPA, 2003c),
but because of their presence on the CCL, and the new groundwater rule promulgated
by USEPA in 2006, the interest of the scientific community has increased.

Giardia (Fig. 5.15) was only recognized as a human pathogen capable of causing wa-
terborne disease outbreaks in the late 1970s. Its occurrence in relatively pristine water as
well as wastewater-treatment plant effluent called into question water system definitions
of “pristine” water sources. This parasite, now recognized as one of the most common
causes of waterborne disease in humans in the United States, is found in every region of
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FIGURE 5.15 Left: two Giardia intestinalis cysts in a wet mount under DIC microscopy; image taken
at 1000× magnification. The cysts are oval to ellipsoid and measure 8 to 19 μm (average 10 to
14 μm). Right: Giardia intestinalis trophozoites are pear shaped and measure 10 to 20 μm in
length. (Photographs courtesy of the Center for Disease Control (CDC) Parasite Image Library.)

the United States and throughout the world. In 1995, outbreaks in Alaska and New York
were caused by Giardia. The outbreak of giardiasis in Alaska affected 10 people and was
associated with untreated surface water. The outbreak in New York affected an estimated
1449 people and was associated with surface water that was both chlorinated and filtered
(USEPA, 2003c). The symptoms of giardiasis include diarrhea, bloating, excessive gas,
and malaise.

The infectious dose for Cryptosporidium is less than 10 organisms, and, presumably,
one organism can initiate an infection. As late as 1976, it was not known to cause dis-
ease in humans. In 1993, 403,000 people in Milwaukee, WI, became ill with diarrhea
after drinking water contaminated with the parasite, resulting in the largest waterborne
disease outbreak ever documented in the United States (Tiemann, 1996). For the 2-year
period of 1993 to 1994, the Center for Disease Control reported that 17 states identified 30
disease outbreaks associated with drinking water. Since then, attention has been focused
on determining and reducing the risk of cryptosporidiosis from public water supplies.
Crypto is commonly found in lakes and rivers and is highly resistant to disinfection.
Groundwater under the influence of surface water, and groundwater in highly transmis-
sive karst and gravel aquifers, is also susceptible to contamination with parasites such as
Giardia and Cryptosporidium. People with severely weakened immune systems are likely
to have more severe and more persistent symptoms than healthy individuals.

In a nationwide study by the USGS, microbiological data were collected from 1205
wells in 22 study units of the National Water-Quality Assessment (NAWQA) program
during 1993 to 2004. The samples of untreated groundwater were analyzed primarily for
concentrations of total-coliform bacteria, fecal-coliform bacteria, and E. coli, and for the
presence of coliphage viruses (Embrey and Runkle, 2006).

Nearly 30 percent of the 1174 wells analyzed tested positive for coliform bacteria. With
at least one well in each study unit or principal aquifer testing positive, fecal-indicator
bacteria were geographically widespread.

Samples were collected from 423 wells to test for the presence of coliphage viruses,
which are considered indicators of the potential presence of human enteric viruses. Col-
iphage were present in samples from four of the 11 study units—the Central Columbia
Plateau-Yakima, Georgia-Florida, San Joaquin, and Trinity, representing the Columbia
Plateau, Floridan, Central Valley, and Coastal Lowlands aquifers, respectively. Overall,
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coliphage viruses were present in less than 4 percent of domestic and public wells used
for drinking water supply.

Wells used for domestic supply made up the largest class of water use, with total-
coliform concentrations analyzed in 405 wells and E. coli concentrations analyzed in 397
wells, followed by public supply wells and unused wells with 227 and 37 analyses of
total-coliform bacteria, respectively. Total coliforms were detected in untreated water
from 33 percent of domestic wells and 16 percent of public supply wells; E. coli were
detected in 8 and 3 percent of domestic and public supply wells, respectively. Although
median concentrations were <1 CFU/100 mL for all classes of water use, as defined
in this report, the overall distribution of total-coliform concentrations was significantly
higher in domestic wells than in public supply wells.

Generally, coliform bacteria were detected more frequently and in higher concen-
trations in wells completed in sandstone or shale, and in sedimentary, carbonate, and
crystalline rocks than for wells in unconsolidated materials, in semiconsolidated sand, or
in volcanic rocks. More than 50 percent of sampled wells completed in carbonate rocks
(limestone and dolomite) or in crystalline rocks (schist and granite) tested positive for
coliform bacteria. The Floridan, Piedmont and Blue Ridge, Ordovician, and Valley and
Ridge aquifers, all of which had high detection rates or concentrations of coliform bac-
teria, are composed of these fractured and porous rocks. The lowest rates of detections
(less than 5 percent) were for wells in the Basin and Range and Snake River aquifers.
Materials in these aquifers are primarily unconsolidated sand, gravel, and clay, or basalt
with interbeds of sand, gravel, or clay.

The depths of public supply wells (median of 427 ft below land surface) and of
the wells in the Basin and Range aquifer (median depth of 400 ft) might explain, in
part, the relatively low detection frequencies of the coliform bacteria observed in these
samples. A thick unsaturated zone increases the potential for natural attenuation of
microorganisms, preventing the transport of bacteria into the groundwater. Fifty percent
of wells in principal aquifers with median depths of sampled wells ranging from 100
to 200 ft below land surface tested positive for total-coliform bacteria, whereas only 9
percent of wells in principal aquifers with median depths of sampled wells greater than
200 ft tested positive.

5.3.8 Emerging Contaminants
Thanks to the advancements of the communication age and the widespread use of the
Internet, the public around the globe is becoming increasingly informed about various
environmental concerns almost instantaneously. Traditional media is following this trend
by also publishing on the Internet. The end result is an ever-increasing transparency
when it comes to discussing the effects of environmental degradation on drinking water
resources. The following quotes from an article published in the Las Vegas Sun illustrate
this point and the role of media (October 20, 2006. Chemicals cause changes in fish and raise
concerns for humans, by Launce Rake):

There’s something wrong with the fish. It’s been confounding scientists for years: Male fish are devel-
oping female sexual characteristics in Lake Mead and other freshwater sources around the country.
On Thursday, the U.S. Geological Survey released a four-page summary of more than a decade of
studies linking wastewater chemicals to those changes. But a scientist who has studied the issue for
years complains that the report understates the danger of those toxins at Lake Mead and elsewhere.
The researcher had aired his concerns seven months ago—shortly after he was fired by the USGS.
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The federal agency says the researcher was fired for failing to publish his data. The researcher says
the federal agency wouldn’t allow him to publish. Both sides, however, agree on the basic issue: In
Lake Mead and in other freshwater sites, scientists have found traces of pharmaceuticals, pesticides,
chemicals used in plastic manufacturing, artificial fragrances and other substances linked to changes
in fish and animals. Thursday’s report noted that the primary source for the chemicals in Lake Mead
was the Las Vegas Wash, a man-made river made up almost entirely of treated wastewater from cities
in the Las Vegas Valley.

Gross said the problem is acute in Lake Mead and in other freshwater sites. One element left out of the
Thursday report is evidence of sperm failure in fish, he said. “On a national scale we see alterations in
fish,” said the scientist, who continues to research hormone-disrupting chemicals in Florida and other
states. “Endocrine (a hormone) disruption is widespread across the United States and is widespread in
Lake Mead.” Gross said his conclusions, shared by other researchers, are not popular: “The (Southern
Nevada) Water Authority doesn’t want to hear it. My agency doesn’t want to hear it. The Department
of Interior does not want to deal with it. They want to make the argument that there is nothing to
worry about, but common sense just suggests it is not that simple.”

Studies documenting sexual abnormalities in fish in the Potomac River—source of drinking water
for millions in the Washington, D.C., area—raised similar concerns in September. Water officials there
said the studies showed no evidence that drinking water was unsafe, but the studies did not answer
the question on potential impacts to human health.

The preceding quotes are an example of public concern with emerging contami-
nants—the constituents that are generally not regulated but whose relatively wide pres-
ence in drinking water supplies has been documented. The 1996 Amendments to the Safe
Drinking Water Act specify that development of new drinking water standards requires
broad public and scientific input to ensure that contaminants posing the greatest risk to
public health will be selected for future regulation. A contaminant’s presence in drink-
ing water and public health risks associated with a contaminant must be considered in
order to determine whether a public health risk is evident. In addition, the new contam-
inant selection approach explicitly takes into account the needs of sensitive populations
such as children and pregnant women. Under the 1996 Amendments, the CCL guides
scientific evaluation of new contaminants. Contaminants on the CCL are prioritized for
regulatory development, drinking water research (including studies of health effects,
treatment effects, and analytical methods), and occurrence monitoring. The Unregulated
Contaminant Monitoring Rule (UCMR) guides collection of data on contaminants not
included in the National Primary Drinking Water Standard. The data are used to evalu-
ate and prioritize contaminants that the USEPA is considering for possible new drinking
water standards. Currently, there are 37 SOCs on the USEPA’s CCL (USEPA, 2005c).

It is important to note that the USEPA has not limited itself to making regulatory
determinations for only those contaminants on the CCL. The agency can also decide to
regulate other unregulated contaminants if information becomes available, showing that
a specific contaminant presents a public health risk. Some of these “other” contaminants
have already been regulated by the various states, which often react faster to widely
expressed public concerns than the federal government. Examples include MTBE (an
infamous gasoline additive), which was regulated by quite a few states before it finally
made it on the last CCL, and 1,4-dioxane (solvent stabilizer), which is being increasingly
detected in association with 1,1,1-TCA plumes, is regulated by some states, but it is not
on the current CCL.

The main difficulty with the entire process of drinking water regulation is that human-
ity now lives in a chemical universe created by our diverse activities. Literally hundreds
of thousands of synthetic chemicals are being widely used in manufacturing and for
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various other purposes, with more than 1000 new ones introduced each year. In compar-
ison, the USEPA’s CCL list has 37 SOCs under evaluation. It is simply not feasible, and it
would certainly be cost prohibitive for any society, to engage in regulation of thousands
of chemicals that may be present in water supplies at some minute concentrations, but of
which is little known regarding their effects on the human health and the environment
at such low concentrations. Instead, it is likely that the entire field of water resources
management will be forced to take a holistic approach where drinking water regulations
will be an integral part of much broader environmental regulations, including those of
the carbon cycle. Simple examples are the questions of water treatment and the cost of it,
including the required energy; is it better to “completely” treat the drinking water or the
wastewater, no matter what, and how many chemical substances constitute the “com-
plete” list. And finally, how do we estimate the true cost and benefits of our decisions
with respect to the society and the environment?

Probably the only parts of the environment not yet widely influenced by the vast
number of anthropogenic chemical substances are deep pristine confined groundwater
systems. As such, they present an enormous treasure but are under increasing threat due
to their natural connectivity with the shallow systems. As illustrated in Chap. 8, artificial
aquifer recharge with surface water and treated wastewater is one of the most important
aspects of water supply sustainability. Wastewater is being increasingly viewed as a true
water resource and will certainly play a major role in water resources management in the
very near future. In fact, in some countries the term wastewater is being replaced with
the term “used water” to emphasize this trend.

With the advancement of analytical methods, which can detect concentrations at parts
per trillion (ng/L) or lower, a large picture of the numerous chemicals present in water
supplies has emerged only recently. Certain pharmaceutically active compounds (e.g.,
caffeine, aspirin, and nicotine), which have been known for over 20 years to occur in
the environment, are now joined by a broad group of chemicals collectively referred to
as PPCPs. It seems that this term has prevailed in practice as a synonym for emerging
contaminants, although water- and wastewater-treatment industry prefers to use the
term microconstituents.

PPCPs are a diverse group of chemicals comprising all human and veterinary drugs
(available by prescription or over the counter, including the new genre of “biologics”),
diagnostic agents (e.g., X-ray contrast media), “nutraceuticals” (bioactive food supple-
ments such as huperzine A), and other consumer chemicals, such as fragrances (e.g.,
musks) and sun-screen agents (e.g., methylbenzylidene camphor); also included are “ex-
cipients,” the so-called “inert” ingredients used in PPCP manufacturing and formulation
(Daughton, 2007). Nanomaterials are an emerging subgroup of microcostituents consid-
ered by many as the next industrial wonder. They are already present in cosmetics,
sunscreens, wrinkle-free clothing, and food products. Because of their small size, nano-
materials pose a challenge in terms of detection and treatment. Also because of their size
they can enter all human organs including the brain, but very little is known of their fate
and transport in the environment.

Only a subset of PPCPs, such as synthetic steroids, is known to be direct-acting en-
docrine disruptors. However, little is known about the individual and combined effects
of long-term exposure to most PPCPs and their degradation products at very low con-
centrations.

The widespread use of PPCPs in the environment is a result of their unavoid-
able, collective discharge by humans as well as animals. Some pharmaceuticals are not
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completely metabolized after consumption by humans or animals and are excreted in
their original form, while others are transformed into different compounds (conjugates).
Almost 20 percent of prescription drugs are flushed down the toilet unused, according
to some estimates (Jeyanayagam, 2008). Domestic sewage is a major source of PPCPs,
and CAFOs are a major source of antibiotics and possibly steroids (Daughton, 2007).

Free excreted drugs and derivatives can escape degradation in municipal sewage-
treatment facilities where their removal efficiency is a function of the drug’s structure and
treatment technology employed. Some conjugates can also be hydrolyzed back to the free
parent drug during the treatment process. After going through the wastewater-treatment
plant, PPCPs and their degradation products are discharged to receiving surface waters
and can find their way to groundwater, including by direct artificial aquifer recharge.
The full extent, magnitude, and ramifications of their presence in the aquatic environ-
ment are largely unknown (Daughton, 2007). Releases of PPCPs to the environment are
likely to continue as the human population increases and ages; the pharmaceutical in-
dustry formulates new prescription and nonprescription drugs and promotes their use,
and more wastewater is generated, which enters the hydrologic cycle and may impact
groundwater resources (Masters et al., 2004).

5.4 Drinking Water Standards

5.4.1 Primary Drinking Water Standards
National Primary Drinking Water Regulations (NPDWRs or Primary Standards) are
legally enforceable standards that apply to public water systems. Primary standards
protect drinking water quality by limiting the levels of specific contaminants that can
adversely affect public health and are known or anticipated to occur in water. They take
the form of maximum contaminant levels (MCLs) or treatment techniques (TTs). These
standards must be met at the point of delivery to any user of a public system (i.e., point
of use, or point of discharge from the water distribution system) or, in some cases, at
various points throughout the distribution system (USEPA, 2003a).

Once the USEPA has selected a contaminant for regulation, it examines the contam-
inant’s health effects and sets an MCL goal (MCLG). This is the maximum level of a
contaminant in drinking water at which no known or anticipated adverse health effects
would occur, and which allows an adequate margin of safety. MCLGs do not take cost
and technologies into consideration. MCLGs are nonenforceable public health goals.
In setting the MCLG, the USEPA examines the size and nature of the population ex-
posed to the contaminant, and the length of time and concentration of the exposure.
Since MCLGs consider only public health and not the limits of detection and treat-
ment technology, they are sometimes set at a level that water systems cannot meet. For
most carcinogens (contaminants that cause cancer) and microbiological contaminants,
MCLGs are set at zero because a safe level often cannot be determined (USEPA, 2003a,
2006).

MCLs, which are enforceable limits that finished drinking water must meet, are set
as close to the MCLG as feasible. The Safe Drinking Water Act (SDWA) defines “feasible”
as the level that may be achieved with the use of the BAT, TT, or other means specified
by USEPA, after examination for efficacy under field conditions (i.e., not solely under
laboratory conditions) and taking cost into consideration (USEPA, 2003a).
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For some contaminants, especially microbiological contaminants, there is no reliable
method that is economically and technically feasible to measure a contaminant at particu-
larly low concentrations. In these cases, the USEPA establishes TTs. A TT is an enforceable
procedure or level of technological performance that public water systems must follow
to ensure control of a contaminant. Examples of rules with TTs are the surface water-
treatment rule (aimed primarily at biological contaminants and water disinfection) and
the lead and copper rule.

As of January 2008, USEPA has set MCLs or TTs for 87 contaminants included in the
National Primary Drinking Water Standards list (Table 5.2).

The CCL guides scientific evaluation of new contaminants. Contaminants on the CCL
are prioritized for regulatory development, drinking water research (including studies of
health effects, treatment effects, and analytical methods), and occurrence monitoring. The
UCMR guides collection of data on contaminants not included in the National Primary
Drinking Water Standard. The data are used to evaluate and prioritize contaminants that
the USEPA is considering for possible new drinking water standards.

The CCL must be updated every 5 years, providing a continuing process to identify
contaminants for future regulations or standards and for prevention activities. To pri-
oritize contaminants for regulation, USEPA considers peer-reviewed science and data
to support an “intensive technological evaluation,” which includes many factors: oc-
currence in the environment, human exposure and risks of adverse health effects in the
general population and sensitive subpopulations, analytical methods of detection, tech-
nical feasibility, and impacts of regulation on water systems, the economy, and public
health (USEPA, 2003a). Table 5.3 shows the contaminants on the current candidate list
(CCL2) as of January 2008.

5.4.2 Secondary Drinking Water Standards
National Secondary Drinking Water Regulations (NSDWRs or Secondary Standards) are
nonenforceable guidelines regarding contaminants that may cause cosmetic effects (such
as skin or tooth discoloration) or have aesthetic effects (such as affecting the taste, odor, or
color of drinking water). The USEPA recommends secondary standards to water systems
but does not require systems to comply. However, states may choose to adopt them as
enforceable standards. NSDWRs are intended to protect “public welfare” (USEPA, 2003a).
There are 15 constituents included in the National Secondary Drinking Water Standards
list (Table 5.4).

5.5 Fate and Transport of Contaminants
Contaminants in the vadose and saturated zones are subject to various fate and trans-
port processes, which govern their mobility and longevity. Contaminants can enter the
subsurface dissolved in the infiltrating water or as immiscible liquids, which, in time,
will also dissolve into the ambient groundwater. Depending on the characteristics of the
contaminant and the geochemical environment, the velocity of contaminant migration
will be more or less retarded with respect to groundwater velocity as the contaminant
may adsorb onto solid particles of the porous media and diffuse into the pore space
of the solids and dead-end pores between the solids. The contaminant may also enter
into various biogeochemical reactions with the native groundwater and solids, which
can change its character and mobility. Irreversible precipitations from the solution or a



MCL or TT1 Potential Health Effects from Common Sources of Contaminant Public
Contaminant (mg/L)2 Exposure Above the MCL in Drinking Water Health Goal

OC Acrylamide TT8 Nervous system or blood problems Added to water during sewage/
wastewater increased risk of cancer
treatment

zero

OC Alachlor 0.002 Eye, liver, kidney, or spleen problems;
anemia; increased risk of cancer

Runoff from herbicide used on row
crops

zero

R Alpha
particles

15 picocuries
per Liter
(pCi/L)

Increased risk of cancer Erosion of natural deposits of certain
minerals that are radioactive and
may emit a form of radiation known
as alpha radiation

zero

IOC Antimony 0.006 Increase in blood cholesterol;
decrease in blood sugar

Discharge from petroleum refineries;
fire retardants; ceramics;
electronics; solder

0.006

IOC Arsenic 0.01 Skin damage or problems with
circulatory systems, and may have
increased risk of cancer

Erosion of natural deposits; runoff from
orchards, runoff from glass &
electronics production wastes

0

IOC Asbestos
(fibers
>10 mm)

7 million
fibers per
Liter (MFL)

Increased risk of developing benign
intestinal polyps

Decay of asbestos cement in water
mains; erosion of natural deposits

7 MFL

OC Atrazine 0.003 Cardiovascular system or reproductive
problems

Runoff from herbicide used on row
crops

0.003

IOC Barium 2 Increase in blood pressure Discharge of drilling wastes; discharge
from metal refineries; erosion of
natural deposits

2

OC Benzene 0.005 Anemia; decrease in blood platelets;
increased risk of cancer

Discharge from factories; leaching from
gas storage tanks and landfills

zero

382



OC Benzo(a)pyrene
(PAHs)

0.0002 Reproductive difficulties; increased
risk of cancer

Leaching from linings of water zero

IOC Beryllium 0.004 Intestinal lesions Discharge from metal refineries and
coal-burning factories; discharge
from electrical, aerospace, and
defense industries

0.004

R Beta particles
and photon
emitters

4 millirems
per year

Increased risk of cancer Decay of natural and man-made
deposits of certain minerals that
are radioactive and may emit forms
of radiation known as photons and
beta radiation

zero

DBP Bromate 0.010 Increased risk of cancer By-product of drinking water
disinfection

zero

IOC Cadmium 0.005 Kidney damage Corrosion of galvanized pipes; erosion
of natural deposits; discharge from
metal refineries; runoff from waste
batteries and paints

0.005

OC Carbofuran 0.04 Problems with blood, nervous
system, or reproductive system

Leaching of soil fumigant used on rice
and alfalfa

0.04

OC Carbon
tetrachloride

0.005 Liver problems; increased risk of
cancer

Discharge from chemical plants and
other industrial activities

zero

D Chloramines
(as Cl2)

MRDL = 4.01 Eye/nose irritation; stomach
discomfort, anemia

Water additive used to control
microbes

MRDLG = 41

OC Chlordane 0.002 Liver or nervous system problems;
increased risk of cancer

Residue of banned termiticide zero

TABLE 5.2 National Primary Drinking Water Standards (Continued )
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MCL or TT1 Potential Health Effects from Common Sources of Contaminant Public
Contaminant (mg/L)2 Exposure Above the MCL in Drinking Water Health Goal

D Chlorine (as
Cl2)

MRDL = 4.01 Eye/nose irritation; stomach
discomfort

Water additive used to control
microbes

MRDLG = 41

D Chlorine
dioxide (as
ClO2)

MRDL = 0.81 Anemia; infants & young children:
nervous system effects

Water additive used to control
microbes

MRDLG = 0.81

DBP Chlorite 1.0 Anemia; infants & young children:
nervous system effects

By-product of drinking water
disinfection

0.8

OC Chlorobenzene 0.1 Liver or kidney problems Discharge from chemical and
agricultural chemical factories

0.1

IOC Chromium
(total)

0.1 Allergic dermatitis Discharge from steel and pulp
mills; erosion of natural deposits

0.1

IOC Copper TT7; Action
Level = 1.3

Short-term exposure: gastrointestinal
distress; long-term exposure: liver
or kidney damage; people with
Wilson’s Disease should consult
their personal doctor if the amount
of copper in their water exceeds the
action level

Corrosion of household plumbing
systems; erosion of natural
deposits

1.3

M Cryptosporidium TT3 Gastrointestinal illness (e.g.,
diarrhea, vomiting, cramps)

Human and animal fecal waste zero

IOC Cyanide (as
free cyanide)

0.2 Nerve damage or thyroid problems Discharge from steel/metal
factories; discharge from plastic
and fertilizer factories

0.2

OC 2,4-D 0.07 Kidney, liver, or adrenal gland
problems

Runoff from herbicide used on row
crops

0.07
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OC Dalapon 0.2 Minor kidney changes Runoff from herbicide used on
rights of way

0.2

OC 1,2-Dibromo-3-
chloropropane
(DBCP)

0.0002 Reproductive difficulties; increased
risk of cancer

Runoff/leaching from soil fumigant
used on soybeans, cotton,
pineapples, and orchards

zero

OC o-Dichlorobenzene 0.6 Liver, kidney, or circulatory system
problems

Discharge from industrial chemical
factories

0.6

OC p-Dichlorobenzene 0.075 Anemia; liver, kidney or spleen
damage; changes in blood

Discharge from industrial chemical
factories

0.075

OC 1,2-Dichloroethane 0.005 Increased risk of cancer Discharge from industrial chemical
factories

zero

OC 1,1-Dichloroethylene 0.007 Liver problems Discharge from industrial chemical
factories

0.007

OC cis-1,2-
Dichloroethylene

0.07 Liver problems Discharge from industrial chemical
factories

0.07

OC trans-1,2-
Dichloroethylene

0.1 Liver problems Discharge from industrial chemical
factories

0.1

OC Dichloromethane 0.005 Liver problems; increased risk of
cancer

Discharge from drug and chemical
factories

zero

OC 1,2-Dichloropropane 0.005 Increased risk of cancer Discharge from industrial chemical
factories

zero

OC Di(2-ethylhexyl)
adipate

0.4 Weight loss, live problems, or
possible reproductive difficulties

Discharge from chemical factories 0.4

OC Di(2-ethylhexyl)
phthalate

0.006 Reproductive difficulties; liver
problems; increased risk of
cancer

Discharge from rubber and
chemical factories

zero

OC Dinoseb 0.007 Reproductive difficulties Runoff from herbicide used on
soybeans and vegetables

0.007
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MCL or TT1 Potential Health Effects from Common Sources of Contaminant Public
Contaminant (mg/L)2 Exposure Above the MCL in Drinking Water Health Goal

OC Dioxin
(2,3,7,8-
TCDD)

0.00000003 Reproductive difficulties; increased
risk of cancer

Emissions from waste incineration and
other combustion; discharge from
chemical factories

zero

OC Diquat 0.02 Cataracts Runoff from herbicide use 0.02
OC Endothall 0.1 Stomach and intestinal problems Runoff from herbicide use 0.1
OC Endrin 0.002 Liver problems Residue of banned insecticide 0.002
OC Epichlorohydrin TT8 Increased cancer risk, and over a

long period of time, stomach
problems

Discharge from industrial chemical
factories; an impurity of some water
treatment chemicals

zero

OC Ethylbenzene 0.7 Liver or kidneys problems Discharge from petroleum refineries 0.7
OC Ethylene

dibromide
0.00005 Problems with liver, stomach,

reproductive system, or kidneys;
increased risk of cancer

Discharge from petroleum refineries zero

IOC Fluoride 4.0 Bone disease (pain and tenderness
of the bones); children may get
mottled teeth

Water additive which promotes strong
teeth; erosion of natural deposits;
discharge from fertilizer and
aluminum factories

4.0

M Giardia lamblia TT3 Gastrointestinal illness (e.g.,
diarrhea, vomiting, cramps)

Human and animal fecal waste zero

OC Glyphosate 0.7 Kidney problems; reproductive
difficulties

Runoff from herbicide use 0.7

DBP Haloacetic
acids (HAA5)

0.060 Increased risk of cancer By-product of drinking water
disinfection

n/a6

OC Heptachlor 0.0004 Liver damage; increased risk of
cancer

Residue of banned termiticide zero
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OC Heptachlor
epoxide

0.0002 Liver damage; increased risk of
cancer

Breakdown of heptachlor zero

M Heterotrophic
plate count
(HPC)

TT3 HPC has no health effects; it is an
analytic method used to measure
the variety of bacteria that are
common in water; the lower the
concentration of bacteria in
drinking water, the better
maintained the water system is

HPC measures a range of bacteria
that are naturally present in the
environment

n/a

OC Hexachloro-
cyclopentadiene

0.05 Kidney or stomach problems Discharge from chemical factories 0.05

IOC Lead TT7; Action
Level =
0.015

Infants and children: delays in
physical or mental development;
children could show slight deficits
in attention span and learning
abilities; adults: kidney problems;
high blood pressure

Corrosion of household plumbing
systems; erosion of natural
deposits

zero

M Legionella TT3 Legionnaire’s Disease, a type of
pneumonia

Found naturally in water; multiplies in
heating systems

zero

OC Lindane 0.0002 Liver or kidney problems Runoff/leaching from insecticide used
on cattle, lumber, gardens

0.0002

IOC Mercury
(inorganic)

0.002 Kidney damage Erosion of natural deposits; discharge
from refineries and factories; runoff
from landfills and croplands

0.002

OC Methoxychlor 0.04 Reproductive difficulties Runoff/leaching from insecticide used
on fruits, vegetables, alfalfa,
livestock

0.04
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MCL or TT1 Potential Health Effects from Common Sources of Contaminant Public
Contaminant (mg/L)2 Exposure Above the MCL in Drinking Water Health Goal

IOC Nitrate
(measured as
nitrogen)

10 Infants below the age of 6 months
who drink water containing nitrate
in excess of the MCL could become
seriously ill and, if untreated, may
die; symptoms include shortness of
breath and blue baby syndrome

Runoff from fertilizer use; leaching
from septic tanks, sewage; erosion
of natural deposits

10

IOC Nitrite (measured
as nitrogen)

1 Infants below the age of 6 months
who drink water containing nitrite in
excess of the MCL could become
seriously ill and, if untreated, may
die; symptoms include shortness of
breath and blue baby syndrome

Runoff from fertilizer use; leaching
from septic tanks, sewage; erosion
of natural deposits

1

OC Oxamyl (Vydate) 0.2 Slight nervous system effects Runoff/leaching from insecticide
used on apples, potatoes, and
tomatoes

0.2

OC Pentachlorophenol 0.001 Liver or kidney problems; increased
cancer risk

Discharge from wood preserving
factories

zero

OC Picloram 0.5 Liver problems Herbicide runoff 0.5
OC Polychlorinated

biphenyls
(PCBs)

0.0005 Skin changes; thymus gland
problems; immune deficiencies;
reproductive or nervous system
difficulties; increased risk of cancer

Runoff from landfills; discharge of
waste chemicals

zero

R Radium 226 and
Radium 228
(combined)

5 pCi/L Increased risk of cancer Erosion of natural deposits zero
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IOC Selenium 0.05 Hair or fingernail loss; numbness in
fingers or toes; circulatory problems

Discharge from petroleum
refineries; erosion of natural
deposits; discharge from mines

0.05

OC Simazine 0.004 Problems with blood Herbicide runoff 0.004
OC Styrene 0.1 Liver, kidney, or circulatory system

problems
Discharge from rubber and plastic

factories; leaching from landfills
0.1

OC Tetrachloroethylene
(PCE)

0.005 Liver problems; increased risk of
cancer

Discharge from factories and dry
cleaners

zero

IOC Thallium 0.002 Hair loss; changes in blood; kidney,
intestine, or liver problems

Leaching from ore-processing sites;
discharge from electronics,
glass, and drug factories

0.0005

OC Toluene 1 Nervous system, kidney, or liver
problems

Discharge from petroleum factories 1

M Total Coliforms
(including fecal
coliform and E.
coli)

5.0%4 Not a health threat in itself; it is used
to indicate whether other potentially
harmful bacteria may be present5

Coliforms are naturally present in
the environment as well as
feces; fecal coliforms and E.
colionly come from human and
animal fecal waste.

zero

DBP Total Tri-
halomethanes
(TTHMs)

0.080 Liver, kidney, or central nervous
system problems; increased risk of
cancer

By-product of drinking water
disinfection

n/a6

OC Toxaphene 0.003 Kidney, liver, or thyroid problems;
increased risk of cancer

Runoff/leaching from insecticide
used on cotton and cattle

zero

TABLE 5.2 National Primary Drinking Water Standards (Continued )
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MCL or TT1 Potential Health Effects from Common Sources of Contaminant Public
Contaminant (mg/L)2 Exposure Above the MCL in Drinking Water Health Goal

OC 2,4,5-TP (Silvex) 0.05 Liver problems Residue of banned herbicide 0.05
OC 1,2,4-

Trichlorobenzene
0.07 Changes in adrenal glands Discharge from textile finishing

factories
0.07

OC 1,1,1-
Trichloroethane

0.2 Liver, nervous system, or circulatory
problems

Discharge from metal degreasing
sites and other factories

0.20

OC 1,1,2-
Trichloroethane

0.005 Liver, kidney, or immune system
problems

Discharge from industrial chemical
factories

0.003

OC Trichloroethylene
(TCE)

0.005 Liver problems; increased risk of cancer Discharge from metal degreasing
sites and other factories

zero

M Turbidity TT3 Turbidity is a measure of the cloudiness
of water. It is used to indicate water
quality and filtration effectiveness
(e.g., whether disease-causing
organisms are present). Higher
turbidity levels are often associated
with higher levels of disease-causing
micro-organisms such as viruses,
parasites and some bacteria. These
organisms can cause symptoms such
as nausea, cramps, diarrhea, and
associated headaches.

Soil runoff n/a

R Uranium 30 μg/L Increased risk of cancer, kidney toxicity Erosion of natural deposits zero
OC Vinyl chloride 0.002 Increased risk of cancer Leaching from PVC pipes;

discharge from plastic factories
zero

M Viruses (enteric) TT3 Gastrointestinal illness (e.g., diarrhea,
vomiting, cramps)

Human and animal fecal waste zero

OC Xylenes (total) 10 Nervous system damage Discharge from petroleum
factories; discharge from
chemical factories

10
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1 Definitions: MCLG, maximum contaminant level goal; MCL, maximum contaminant level; MRDLG,
maximum residual disinfectant level goal; MRDL, maximum residual disinfectant level; TT, treatment
technique.
2 Units are in milligrams per liter (mg/L) unless otherwise noted. Milligrams per liter are equivalent to
parts per million (ppm).
3 EPA’s surface water treatment rules require systems using surface water or ground water under the
direct influence of surface water to disinfect their water and filter their water or meet criteria for
avoiding filtration so that the following contaminants are controlled at these levels:

Cryptosporidium 99% removal; Giardia lamblia: 99.9% removal/inactivation; Viruses: 99.99%
removal/inactivation

Turbidity: may never exceed 1 NTU, and must not exceed 0.3 NTU in 95% of daily samples in any
month.

HPC: No more than 500 bacterial colonies per milliliter.
4 No more than 5.0% samples total coliform-positive in a month. (For water systems that collect fewer
than 40 routine samples per month, no more than one sample can be total coliform-positive per month.)
Every sample that has total coliform must be analyzed for either fecal coliforms or E. coli if two
consecutive TC-positive samples, and one is also positive for E. coli fecal coliforms, system has an acute
MCL violation.
5 Fecal coliform and E. coli are bacteria whose presence indicates that the water may be contaminated
with human or animal wastes.
6 Although there is no collective MCLG for this contaminant group, there are individual MCLGs for
some of the individual contaminants:

Haloacetic acids: dichloroacetic acid (zero); trichloroacetic acid (0.3 mg/L)
Trihalomethanes: bromodichloromethane (zero); bromoform (zero); dibromochloromethane

(0.06 mg/L). If more than 10% of tap water samples.
7 Lead and copper are regulated by a Treatment Technique that requires systems to control the
corrosiveness of their water.

To exceed the action level, water systems must take additional steps. For copper, the action level
is 1.3 mg/L, and for lead is 0.015 mg/L.

8 Each water system must certify, in writing, to the state (using third-party or manufacturers
certification) that when it uses acrylamide and/or epichlorohydrin to treat water, the combination (or
product) of dose and monomer level does not exceed the levels specified, as follows: Acrylamide =
0.05% dosed at 1 mg/L (or equivalent); Epichlorohydrin = 0.01% dosed at 20 mg/L (or equivalent).
From USEPA. http://www.epa.gov/safewater/contaminants/index.html#listmcl. Accessed January
2008.

TABLE 5.2 National Primary Drinking Water Standards (Continued )
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Microbial Contaminant Chemical Contaminant
Candidates Candidates CASRN

Adenoviruses 1,1,2,2-tetrachloroethane 79-34-5
Aeromonas hydrophila 1,2,4-trimethylbenzene 95-63-6
Caliciviruses 1,1-dichloroethane 75-34-3
Coxsackieviruses 1,1-dichloropropene 563-58-6
Cyanobacteria (blue-green

algae), other freshwater
algae, and their toxins

1,2-diphenylhydrazine 122-66-7

Echoviruses 1,3-dichloropropane 142-28-9
Helicobacter pylori 1,3-dichloropropene 542-75-6
Microsporidia (Enterocytozoon

& Septata)
2,4,6-trichlorophenol 88-06-2

Mycobacterium avium 2,2-dichloropropane 594-20-7
intracellulare (MAC) 2,4-dichlorophenol 120-83-2

2,4-dinitrophenol 51-28-5
2,4-dinitrotoluene 121-14-2
2,6-dinitrotoluene 606-20-2
2-methyl-Phenol (o-cresol) 95-48-7
Acetochlor 34256-82-1
Alachlor ESA & other acetanilide

pesticide degradation products
N/A

Aluminum 7429-90-5
Boron 7440-42-8
Bromobenzene 108-86-1
DCPA mono-acid degradate 887-54-7
DCPA di-acid degradate 2136-79-0
DDE 72-55-9
Diazinon 333-41-5
Disulfoton 298-04-4
Diuron 330-54-1
EPTC (s-ethyl-dipropylthiocarbamate) 759-94-4
Fonofos 944-22-9
p-Isopropyltoluene (p-cymene) 99-87-6
Linuron 330-55-2
Methyl bromide 74-83-9
Methyl-t-butyl ether (MTBE) 1634-04-4
Metolachlor 51218-45-2
Molinate 2212-67-1
Nitrobenzene 98-95-3
Organotins N/A
Perchlorate 14797-73-0
Prometon 1610-18-0
RDX 121-82-4
Terbacil 5902-51-2

TABLE 5.3 Contaminant Candidate List 2 as of January 2008
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Microbial Contaminant Chemical Contaminant
Candidates Candidates CASRN

Terbufos 13071-79-9
Vanadium 7440-62-2
Triazines & degradation products of 21725-46-2

triazines including, but not limited to 6190-65-4
Cyanazine

From USEPA. http://www.epa.gov/safewater/ccl/ccl2.html. Accessed January 2008.

TABLE 5.3 (Continued )

complete degradation (mineralization) permanently remove the contaminant from flow-
ing groundwater. Most other processes act to decrease the concentration of the dissolved
contaminant as it moves away from the source zone where it was introduced into the
subsurface. Unfortunately, predicting contaminant concentrations at some distance from
the source and after a certain time of travel is often very difficult because of the various
contaminant fate and transport mechanisms, many (if not all) of which cannot be quan-
tified exactly. It is, therefore, not uncommon for two or more parties (“stakeholders”) to
arrive at very different answers as to the expected (predicted) contaminant concentra-
tions, using presumably the same conceptual site model. This fact is especially important
when considering that most legal, engineering, and management decisions are based on

Contaminant Secondary Standard

Aluminum 0.05–0.2 mg/L
Chloride 250 mg/L
Color 15 (color units)
Copper 1.0 mg/L
Corrosivity noncorrosive
Fluoride 2.0 mg/L
Foaming Agents 0.5 mg/L
Iron 0.3 mg/L
Manganese 0.05 mg/L
Odor 3 threshold odor number
pH 6.5–8.5
Silver 0.10 mg/L
Sulfate 250 mg/L
Total Dissolved Solids 500 mg/L
Zinc 5 mg/L

From USEPA. http://www.epa.gov/safewater/contaminants/index.html#listsec. Accessed January
2008.

TABLE 5.4 National Secondary Drinking Water Standards
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predicted contaminant concentrations, in both time and space. Some of the related ques-
tions include the following:

� When and how much contaminant was introduced into the subsurface?
� Who is responsible for groundwater contamination (whose plume is it)?
� How long would it take for the contaminant to reach point A?
� What will be the contaminant concentration when it reaches point A?
� Will this remedial technology reach the groundwater cleanup goal expressed as

acceptable contaminant concentration at points A, B, C, etc.?
� How long will this remedial technology have to be implemented before cleanup

goals are achieved?
� What will be the cost of implementing this remedial technology?
� What will be the life-cycle cost of this remedial alternative?

Unfortunately, in too many cases there are no unique quantitative answers to these
and similar questions. This is probably the main reason why attorneys and courts are
inevitable and often the most important players in resolving groundwater management
and restoration issues, at least in the United States. Another possible explanation is that
water resources and environmental regulations in the United States, as well as the societal
framework, may not be conducive to a more holistic approach to management of water
(groundwater) resources. In any case, as illustrated in the following sections, selection
of “representative” quantitative parameters used in calculations of contaminant fate and
transport is not a straightforward process; it always leaves enough room for criticism
by those willing to practice it. One obvious answer to this problem is to collect as much
site-specific (field) information as possible.

5.5.1 Dissolution
The water solubility of a given substance is the maximum amount of that substance
water can dissolve and maintain in solution that is in equilibrium with the solid or liq-
uid source of the substance. Solubilities of various inorganic and organic substances are
extremely variable, from infinite (e.g., for liquid substances miscible with water such as
alcohol ethanol) to quite low, such as for NAPLs, which are immiscible with water. The
terms hydrophilic (water loving) and hydrophobic (water hating) are sometimes used
in reference to water solubility and water insolubility, respectively. The water solubility
of a substance is controlled by quite a few factors, including water temperature; pres-
sure; concentrations of hydrogen (H+) and hydroxyl (OH−) ions, i.e., pH of water; redox
potential (Eh); and relative concentrations of other substances in the solution. The rela-
tionships between these variables in actual field conditions are complex and constantly
changing, so that exact site-specific solubilities of various substances of interest cannot
be easily determined. Principles of analytic laboratory chemistry, combined with some
general assumptions and geochemical modeling, can be used to establish limits of nat-
ural solubilities of common substances. Various general texts in chemistry list aqueous
solubilities for inorganic and organic compounds, which can be used for initial analyses.

When a contaminant is highly soluble or completely miscible in water, such as many
inorganic salts (e.g., sodium chloride and perchlorate) and a number of miscible organic
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compounds (e.g., ethanol and 1,4-dioxane), the rate of dissolution by water (ground-
water) flowing through the source zone is not limited. The flux (concentration) of the
contaminant entering the subsurface will depend on the precipitation (or applied water)
infiltration rate and the mass of the contaminant, not on the contaminant’s solubility.
A continuous loading of the contaminant at the land surface (in the sources zone) may
result in its accumulation if the water infiltration rate is lower than the contaminant dis-
solution rate, which may happen in some arid regions. Accumulation can also occur at
the land surface and at some distance below if the evapotranspiration rate is higher than
the deep percolation rate, resulting in contaminant precipitation from the water solution.

The solubility product, which is a concept of physical chemistry, is an equilibrium
constant for the solution of a compound that dissociates into ions. For a saturated solu-
tion of a compound, the product of the molar concentrations of the ions is a constant at
any fixed temperature. Published values of individual solubility products often are in
disagreement with each other because of experimental difficulties. In addition, applying
mineral solubility products for pure water (ideal solution) when estimating solubility in
field conditions would be erroneous, since, to be precise in saturation calculations, it is
necessary to know the chemical form (single ions, complex ions, or neutral molecules)
and activity of all ionic species in a given solution, including possible chemical reactions
between various ions. Therefore, simple geochemical solubility calculations based on
published solubility products are only rough approximations. An additional complicat-
ing factor is that the so-called activity of an ionic species is not constant and changes with
concentration of both the individual ion considered and the other ions present in the so-
lution. In other words, for dilute solutions, it is often assumed that the activity of an ion
equals its mole fraction (concentration) in the solution, but this assumption may lead to
significant errors for more concentrated solutions. In either case, it would be more correct
to determine the actual ionic activities of particular ions for which the solubility calcu-
lations are made, as these activities are influenced by all the constituents in the solution.
The solubility product, and therefore solubility, generally increases with temperature,
but not in all cases. For substances that exhibit phase changes at a certain temperature,
such as inversion of gypsum to anhydrite, the solubility product decreases after the in-
version temperature (e.g., 60◦C for the gypsum-anhydrite inversion). The solubility of
solid inorganic substances is independent of pressure in common groundwater systems.
Figure 5.16 shows the dependence of solubility on temperature for some common solid
inorganic substances. The solubility product also increases with the rising concentration
of the solution. This effect is especially noticeable in highly concentrated mineralized
water and NaCl brines, in which the concentration can reach very high values (Matthess,
1982).

When an ionic substance (AB), such as halite (HCl; A = H, B = Cl), dissociates in an
ideal solution to form positively and negatively charged ions, the following relationship
is true at equilibrium:

K = [A+] × [B−]
[AB]

(5.11)

where AB = solid substance
A+ = cation part in dissolved phase
B− = anion part in the dissolved phase
K = general constant of the reaction
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FIGURE 5.16 Solubilities of some solid inorganic substances in water at different temperatures.
(Data from Matthess, 1982.)

At saturation, this general constant is exactly equal to the solubility product (Ksp) and the
solution is in equilibrium between the solid and dissolved phases of the substance (no ad-
ditional dissolution or precipitation of the substance from solution should occur). When
K < Ksp, the solution is undersaturated with respect to AB and can dissolve (hold) more
of it. When K > Ksp, the solution is supersaturated and precipitation of AB should occur.

Because of the complexity of dissolution and other chemical reactions in true ground-
water systems (as opposed to chemical relationships derived from laboratory experi-
ments), the use of geochemical models is arguably the only satisfactory approach for
estimating dissolution and precipitation of inorganic solutes. The most widely used geo-
chemical model for natural and contaminated waters is PHREEQC, developed at the
USGS and in the public domain (Parkhurst and Appelo, 1999). The user-friendly ver-
sion with a graphical user interface (PHREEQCI; USGS, 2002) includes the following
modeling capabilities:

� Aqueous, mineral, gas, surface, ion-exchange, and solid-solution equilibria
� Kinetic reactions
� One-dimensional diffusion or advection and dispersion with dual-porosity

medium
� A powerful inverse modeling capability, which allows identification of reactions

that account for the chemical evolution in observed water compositions
� Extensive geochemical databases

Speciation modeling available in PHREEQC uses a chemical analysis of a water to
calculate the distribution of aqueous species based on an ion-association aqueous model.
The most important results of speciation calculations are saturation indices for minerals,
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which indicate whether a mineral should dissolve or precipitate. Speciation modeling is
useful in situations where the possibility of mineral dissolution or precipitation needs
to be known, as in water treatment, aquifer storage and recovery, artificial recharge,
and well injection. Inverse modeling capability of PHREEQC can be used to deduce
geochemical reactions and mixing in local and regional aquifer systems, and in aquifer
storage and recovery studies. It calculates geochemical reactions that account for the
change in the chemical composition of water along a flowpath. For inverse modeling, at
least two chemical analyses of water are needed at different points along the flow path, as
well as a set of minerals and gases that are potentially reactive. Mole transfers of phases
are calculated, which account for the change in water composition along the flowpath.
The numerical method applied accounts for uncertainties in analytical data. A book by
Appelo and Postma (2006) includes numerous examples of geochemical reactions that
can be solved with PHREEQC.

Solubility of Organic Substances
Organic liquids and solids are generally much less soluble in water when compared to in-
organic salts, bases, and acids. However, there are organic liquids, such as some alcohols
and solvent stabilizers (1,4-dioxane for example), that are highly soluble or even com-
pletely miscible with water due to their polar nature and hydrogen bonds. As a general
rule, the most soluble organic species are those with polar molecular structure or those
containing oxygen or nitrogen in a simple, short molecular structure. Examples include
alcohols or carboxylic acids, which form hydrogen bonds with water molecules and fit
easily into the structure of water. Without hydrogen bonding, the solubility of organic
substances diminishes, since forcing a nonpolar organic molecule into the tetrahedral
structure of water requires considerable energy. The importance of hydrogen bonding
decreases with increasing molecule length and size. The larger the organic molecule
is, the larger the space that is required in the water structure and the less soluble the
compound is. For example, smaller alcohol molecules such as methanol and ethanol are
infinitely soluble, whereas octanol is only slightly soluble. This effect is also clear when
examining the solubility of aromatic compounds such as benzene, toluene, naphthalene,
and biphenyl. The solubility is inversely proportional to the molecular mass or size of
the molecules: it is the highest for benzene, which has the smallest molecular mass (78.0
g/mol) of the four, and the lowest for biphenyl, which has the largest molecular mass
(154.0 g/mol). The respective reported aqueous solubilities of benzene and biphenyl are
1780 and 7.48 g/m3 (Domenico and Schwartz, 1990).

Organic liquids that are hydrophobic (immiscible) because of their nonpolar nature
will always dissolve in water to some extent, even though the bulk of their volume may
remain in a separate (“free”) liquid phase for considerable periods of time. As discussed
earlier, such liquids are called NAPLs. Free NAPL phase may be distributed in a number
of ways in the subsurface, such as relatively extensive contiguous volumes of the liquid
called NAPL pools, or small globules and ganglia partially or completely surrounded by
water (such globules and ganglia are often called residual phase). Dissolution of different
NAPL phases in actual field conditions will depend on a number of factors such as
effective and total porosities of the porous media, groundwater flow rates, surface contact
area between the NAPL and groundwater (i.e., geometry of different NAPL phases), and
fate and transport characteristics including adsorption and diffusion. Assuming that a
NAPL would dissolve in the flowing groundwater, following some published solubility
value for pure water would therefore be erroneous. The actual dissolution of NAPL in
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the subsurface is often referred to as rate limited because of various limiting factors,
all of which act to decrease pure-water solubility. Even when assuming that some of
these factors can be estimated fairly accurately at a certain site, it is almost impossible to
reasonably accurately determine the distribution of free-phase and residual NAPL and
the actual geometric shapes of various NAPL bodies, which are needed to determine their
contact areas with water. When comparing two NAPL bodies with the same volume of
product, all other factors being equal, the time needed for complete source depletion will
be longer for the NAPL body with the smaller contact area. For example, an NAPL pool
resting on an impermeable layer is exposed to groundwater flux only at the top, while
irregular, suspended, and disconnected NAPL bodies have proportionally much greater
contact areas and are more quickly dissolved (depleted).

Another important consideration when estimating site-specific solubilities of organic
contaminants in the subsurface is that they are often commingled (there are more than
one in a mixture), which decreases their individual aqueous solubilities. The exception
is the presence of cosolvents, such as alcohols, which would act to increase solubilities
of some NAPLs. Effective aqueous solubility (Se

i ) of an individual liquid compound i , in
mg/L, is given as follows:

Se
i = XiSi (5.12)

where Xi = mole fraction of the individual compound and Si = pure-phase solubility
of liquid phase of the individual compound. This relationship is based on Raoult’s law
initially developed for gaseous compounds. Laboratory analyses suggest that Eq. (5.12)
is a reasonable approximation for mixtures of sparingly soluble hydrophobic organic
liquids that are structurally similar and that effective solubilities calculated for complex
mixtures (e.g., gasoline and other petroleum products) are unlikely to be in error by more
than a factor of 2 (Cohen and Mercer, 1993).

The true dissolution rate for NAPL is highly site specific and it changes in time.
Published solubilities for different hydrophobic organic substances should, therefore, be
used with care and only as a starting point for the related analyses. Cohen and Mercer
(1993) provide a detailed discussion on different approaches to determining aqueous
and field solubilities of NAPLs. Table 5.5 lists aqueous solubilities of common organic
contaminants compiled by the USGS (Lawrence, 2006).

5.5.2 Volatilization
Volatilization refers to mass transfer from liquid and solid to the gaseous phase. Chemi-
cals in the vadose zone gas may be derived from the presence of either NAPL-dissolved
chemicals or adsorbed chemicals. Chemical properties affecting volatilization include
vapor pressure, Henry’s constant, and aqueous solubility. Other factors influencing
volatilization rate are concentration of contaminant in soil, soil moisture content, soil
air movement, sorptive and diffusive characteristics of the soil, soil temperature, and
bulk properties of the soil such as organic-carbon content, porosity, density, and clay
content (Lyman et al., 1982; from Cohen and Mercer, 1993). VOCs in soil gas can (1)
migrate and ultimately condense, (2) sorb onto soil particles, (3) dissolve in groundwa-
ter, (4) degrade, and/or (5) escape to the atmosphere. Volatilization of flammable organic
chemicals in soil can create a fire or explosion hazard if vapors accumulate in combustible
concentrations in the presence of an ignition source (Fussell et al., 1981).
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Common or Water Solubility Henry’s Law
IUPAC Name Alternative Name (mg/L) at 25◦C Constant (H )

2-methoxy-2-
methylpropane

methyl tert-butyl ether, MTBE 36,200 0.070

1,2-dichloroethane 1,2-ethylidene dichloride,
glycol dichloride

8,600 0.140

chloromethane methyl chloride 5,320 0.920
chloroethane ethyl chloride,

monochloroethane
6,710 1.11

cis-1,2-dichloroethene cis-1,2-dichloroethylene,
cis-1,2-DCE

6,400 0.460

1,1-dichloroethane 1,1-ethylidene dichloride 5,000 0.630
1,1,2-trichloroethane methyl chloroform 4,590 0.092
trans-1,2-

dichloroethene
trans-1,2-dichloroethylene,

trans-1,2-DCE
4,500 0.960

chloroethene vinyl chloride, chloroethylene 2,700 2.68
1,1-dichloroethene 1,1-dichloroethylene, DCE 2,420 2.62
benzene — 1,780 0.557
1,1,1-trichloroethane methyl chloroform 1,290 1.76
1,1,2-trichloroethene 1,1,2-trichloroethylene, TCE 1,280 1.03
tetrachloromethane carbon tetrachloride 1,200 2.99
methylbenzene toluene 531 0.660
chlorobenzene monochlorobenzene 495 0.320
stryrene vinyl benzene 321 0.286
tetrachloroethene perchloroethylene,

tetrachloroethylene, PCE
210 1.73

1,2-dimethylbenzene o-xylene 207 0.551
1,4-dimethylbenzene p-xylene 181 0.690
1,3-dimethylbenzene m-xylene 161 0.730
ethylbenzene — 161 0.843
1,2-dichlorobenzene o-dichlorobenzene 147 0.195
1,2,4-trimethylbenzene pseudocumene 57 0.524
1,2,4-trichlorobenzene 1,2,4-trichlorobenzol 37.9 0.277
naphthalene naphthene 31.0 0.043
1,2,3-trichlorobenzene 1,2,6-trichlorobenzene 30.9 0.242

IUPAC, International Union of Pure and Applied Chemistry.
From Lawrence, 2006.

TABLE 5.5 Aqueous Solubility (in mg/L at 25◦C) and Henry’s Law Constant (in kPa m3/mol at
25◦C) for Common Organic Contaminants
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Volatilization of gasses from liquids and their dissolution into liquids follow Henry’s
law, which states that the amount of the dissolved gas in a liquid is directly proportional
to its pressure above the interface with liquid. Henry’s law can be expanded to state that
the dissolved concentration of a gas is also inversely proportional to its temperature: at a
constant pressure, the solubility of gasses increases with the decreasing temperature and
vice versa. At the boiling temperature of the liquid, all gasses escape the solution. When
there is more than one gas in the mixture, Henry’s law applies to the partial pressure of
each individual gas. Henry’s law relationship is expressed as follows:

Cg = Pg

KH
(5.13)

where Cg = concentration of the gas in liquid (solution), in moles per volume (m3 or L)
Pg = (partial) pressure of the gas in the gaseous phase above the interface with

the liquid (the unit is in atmospheres, atm, or pascals, Pa)
KH = Henry’s constant, in atm/(mol/dm3), or Pa/(mol/m3)

Published values of Henry’s constant for gasses, both common inorganic and various
organic, vary greatly and should be used with caution when attempting to calculate gas
concentrations in groundwater. Table 5.5 lists Henry’s constant for some common organic
contaminants compiled by the USGS (Lawrence, 2006).

The tendency of a dissolved organic chemical to volatilize from the aqueous solu-
tion increases with an increase in Henry’s constant. The same is true for the free liquid
phase of a chemical that has a high Henry’s constant. Organic chemicals with a high
Henry’s constant are called volatile and include a very important group of common or-
ganic groundwater contaminants such as aromatic and halogenated hydrocarbons (e.g.,
benzene and TCE). Transport of these chemicals in the subsurface may occur in both the
dissolved and the gaseous phases and may involve multiple exchanges between the two
phases as the site-specific conditions change in time and space. According to Henry’s law,
a decrease in vapor (gas) pressure above the solution would cause volatilization (escape)
of the dissolved gas into the gaseous phase above the interface. This phenomenon has
been widely exploited in remediation of groundwater contaminated with VOCs through
the use of various techniques that increase pressure gradients between the dissolved and
gaseous phases. For example, application of a vacuum in the unsaturated zone above
the water table would volatilize an aromatic organic compound from both the dissolved
phase and the free phase (if present), which is the principle of a remediation technology
called soil vapor extraction.

Raoult’s law has been used to quantify the volatilization of individual constituents
from a mixture of NAPLs. This law relates the ideal vapor pressure and relative concen-
tration of a chemical in solution to its vapor pressure over the NAPL solution (Cohen
and Mercer, 1993):

PA = XA · Po
A (5.14)

where PA = vapor pressure of chemical A over the NAPL solution
XA = mole fraction of chemical A in the NAPL solution
Po

A = vapor pressure of the pure chemical A
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Volatilization losses from the subsurface NAPL are expected where NAPL is close
to the ground surface or in dry pervious sandy soils, or where NAPL has a very high
vapor pressure (Feenstra and Cherry, 1988). Estimating volatilization from soil involves
(1) estimating the organic partitioning between water and air and between NAPL and
air and (2) estimating the vapor transport from the soil. Henry’s and Raoult’s laws are
used to determine the partitioning between water and air and between NAPL and air,
respectively. Vapor transport in the soil is usually described by the diffusion equation,
and several models have been developed where the main transport mechanism is macro-
scopic diffusion (e.g., Lyman et al., 1982). More complex models are also available (Falta
et al., 1989; Sleep and Sykes, 1989; Brusseau, 1991).

5.5.3 Advection
Advection is movement of the dissolved contaminant with (in) groundwater, and it refers
to the average linear flow velocity of the bulk of contaminant, i.e., to the center of mass of
the moving contaminant. As explained in the next section, some dissolved contaminant
particles, just like some water particles, will move faster than the others, resulting in
the longitudinal, transverse, and vertical spreading of the dissolved contaminant mass.
This spreading, or contaminant dispersion, results in mixing of the contaminant with the
native groundwater. However, the bulk of the dissolved contaminant will move with the
average linear groundwater velocity (vL), which is given as follows:

vL = K × i
nef

(5.15)

where K = hydraulic conductivity, which has units of length per time (m/d; ft/d)
i = hydraulic gradient (dimensionless)

nef = effective porosity of the porous aquifer material (dimensionless)

If no other fate and transport process were active (e.g., no dispersion, diffusion,
sorption, or degradation), the contaminant mass would move as a sharp front. For a
continuous source, the concentration behind the front would be the same as at the source,
while for a discontinuous, one-time source (plug), the shape of the contaminant plume
would stay the same as it travels away from the source (Fig. 5.17). However, because of
ever-present dispersion, the contaminant breakthrough curve, the plume shape, and the
concentrations inside the plume will change in both time and the space. Changes will
also occur due to other site-specific processes such as sorption or biodegradation.

All other things in a porous medium being equal (hydraulic gradient and hy-
draulic conductivity), a change in effective porosity will change the groundwater velocity
through that medium (e.g., higher effective porosity will decrease the groundwater ve-
locity). However, if effective porosity changes, this means that the porous material also
changes, which then means that the hydraulic conductivity changes as well. Therefore, it
is very important to understand that one cannot arbitrarily assume a change in effective
porosity without considering the related change of the hydraulic conductivity. Because
the hydraulic conductivity can change a couple of orders of magnitude for the seemingly
same material, it is a much more “sensitive” parameter (i.e., it has a greater impact on the
calculated velocity) than the effective porosity, which can only change within a limited
range. However, changing the effective porosity by a factor of 2 will simply double or
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FIGURE 5.17 Breakthrough curves (top) and contaminant plumes (bottom) emanating from a
continuous and a discontinuous source.

cut in half the time of travel. Finally, using the same effective porosity of, say 25 percent
for “all” porous media, silt, gravel, or clay, would be completely erroneous, regardless
of the intended level of effort (e.g., “it is just for screening purposes”).

The advection term, which translates to contaminant residence time between the
source zone and the receptor (or the point of discharge from the system), is particularly
important when considering fate and transport of contaminants that (bio)degrade. The
longer groundwater resident times would result in a more significant decrease in the
contaminant concentration, since more time will be available for its degradation before
it reaches the receptor.
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Characterization and quantification of the dissolved phase of groundwater contami-
nation can be performed with the following two approaches, which make the most sense
when applied together: (1) measurement (prediction) of the contaminant concentration
and (2) measurement (prediction) of the contaminant flux. Advective contaminant flux
(Qc) is simply the amount of contaminant, dissolved in groundwater and expressed with
its concentration (Cc), that flows through a certain cross section of the aquifer (A) driven
by the linear (effective) groundwater velocity (vL):

Qc = Cc × vL × A [kg/d] (5.16)

Whatever the investigative approach, it is very important to collect three-
dimensional, site-specific information on most (if not all) physical and chemical param-
eters needed to quantify the contaminant fate and transport. As emphasized throughout
this book, groundwater flow takes place in a three-dimensional space, which is heteroge-
neous and anisotropic by default. Fate and transport of dissolved contaminants take place
in the same three-dimensional heterogeneous space, and it is even more important not
to represent it as a “sand box”: a contaminant may move through a preferential, narrow,
and convoluted flow zone at some high concentration, and it may even remain unde-
tected, causing various negative impacts at distances far from the source. For this and
other reasons, costs and efforts associated with contaminant fate and transport charac-
terization, and subsequent groundwater remediation at an average “contaminated site,”
far outweigh most groundwater supply projects.

5.5.4 Dispersion and Diffusion
Dispersion is three-dimensional spreading of fluid particles as they flow through porous
media. On the microscopic scale, dispersion is caused by deviation in velocity of the fluid
particles. Particles within an individual pore will have different velocities; the ones in the
center of the pore will travel the fastest, whereas those next to the pore walls will hardly
move. Flow directions and velocities will also change as the particles navigate through
tortuous travel paths around the individual grains of the porous material.

As discussed by Franke et al. (1990), on a larger (macroscopic) scale, local hetero-
geneity in the aquifer causes both the magnitude and the direction of velocity to vary as
the flow concentrates along zones of greater permeability or diverges around pockets of
lesser permeability. The term “macroscopic heterogeneity” is used to suggest variations
in features large enough to be readily discernible in surface exposures or test wells, but too
small to map (or to represent in a mathematical model) at a working scale. For example, in
a typical problem involving transport away from a landfill or waste lagoon, macroscopic
heterogeneities might range from the size of a baseball to the size of a building.

Although the phenomenon of dispersivity has a physical explanation that is relatively
easy to understand, the process itself cannot be feasibly measured in the field. There are
no widely accepted or routinely applied methods of quantifying field-scale dispersivity,
and there are still very few credible large-scale field experiments that can help in better
understanding dispersivity in heterogeneous porous media. It has been argued that
defining the actual field distribution of hydraulic conductivity and its anisotropy to a
satisfactory level of detail would eliminate the need for quantifying yet another uncertain
parameter such as dispersivity. However, it is apparent that in many cases it would also
not be feasible to determine distribution of the hydraulic conductivity and effective
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porosity (and therefore the velocity field) with very fine resolution, particularly in cases
of large travel distances. It is for this reason that the dispersivity is explicitly included,
through surrogate parameters, in common equations of contaminant fate and transport,
in an attempt to somehow account for deviations from the average linear (advective)
flow velocity.

The key assumption in deriving a term to represent dispersion is that dispersion can
be represented by an expression analogous to Fick’s second law of diffusion (Anderson,
1983):

Mass flux due to dispersion = ∂

∂xi

(
D∗

ij
∂c
∂xj

)
(5.17)

where c = concentration and D∗
ij = the coefficient of dispersion (the i , j indices refer

to cartesian coordinates). The coefficient of dispersion is assumed to be a second-rank
tensor, where

D∗
ij = Dij + Dd (5.18)

Dij = coefficient of mechanical dispersion and Dd = coefficient of molecular diffusion (a
scalar). Molecular diffusion is a microscale process (it happens at the molecular level),
which causes movement of a solute in water from the area of its higher concentration
to the area of its lower concentration. An effective diffusion coefficient is generally as-
sumed to be equal to the diffusion coefficient of the introduced liquid (or ion) in water
times a tortuosity (convoluted travel paths between solids) factor, which accounts for
the obstructing effects of solids and tortuous paths of the fluid particles. Effective diffu-
sion coefficients are generally around 10−6 cm2/s, which means that, except for systems
in which groundwater velocities are very low, the coefficient of mechanical dispersion
will be one or more orders of magnitude larger than Dd. Therefore, in many practical
applications, the effects of molecular diffusion may be neglected and the coefficient of
dispersion assumed to be equal to the coefficient of mechanical dispersion (Anderson,
1979, 1983). An additional parameter called dispersivity (α), which has units of length,
relates the coefficient of mechanical dispersion (or just dispersion) to the average linear
velocity in the main direction of groundwater flow (v):

α = Dij

vL
(5.19)

The coefficient of mechanical dispersion and dispersivity are commonly expressed
with three components: longitudinal (in the main direction of groundwater flow), trans-
verse (perpendicular to the main direction in the horizontal plane), and vertical (perpen-
dicular to the main direction in the vertical plane): Dx , Dy, and Dz, respectively, and αx ,
αy, and αz, respectively.

A number of researchers have questioned the validity of the quantitative parameters
of dispersion described above and their inclusion in equations of contaminant fate and
transport. For example, the basic assumption of Fick’s law is that the driving force for the
diffusion is the concentration gradient. It is then assumed that Fick’s law is applicable
to hydrodynamic dispersion as shown with Eq. (5.17) and that coefficient of disper-
sion includes a coefficient of molecular diffusion—Eq. (5.18). However, the molecular
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diffusion is then ignored for all practical purposes. At the end, the pore channel veloci-
ties and their variations are “left” to be driven by concentration gradients even though
the molecular diffusion is excluded altogether (Knox et al., 1993).

Studies by various researchers have shown non-fickian behavior of dispersion in
porous media flow, arguing that use of the coefficient of mechanical dispersion and
dispersivity in fate and transport equations has to be reevaluated, including finding
a better mathematical formulation for all time and space scales, possibly in favor of
stochastic (probabilistic) approaches (e.g., Matheron and de Marsily, 1980; Smith and
Schwartz, 1980; Pickens and Grisak, 1981a, 1981b; Gelhar and Axness, 1983; Dagan, 1982,
1984, 1986, 1988). The main issues when assuming a fickian behavior of dispersion and
selecting a value for D or a (in any direction) are as follows (Anderson, 1983; Knox et al.,
1993):

� The approach to fickian flow is asymptotic in many cases, resulting in significant
non-fickian transport early in the process (dispersivity steadily increases with
distance before it reaches an asymptotic value after a long time).

� During development of the dispersion process, there are significant departures
from the classical normal concentration distribution associated with fickian pro-
cess. Concentration-time curves are typically skewed on the right, except for long
times or large distances from the source.

� There may be hydrogeologic settings where macroscopic dispersion never be-
comes a fickian process.

Unfortunately, dispersion remains one of the more uncertain and unquantifiable fate
and transport processes, posing a significant challenge to both the practitioners and the
legal community (courts), in trying to find the most appropriate ways of incorporating it
into predictive fate and transport models. The rule of thumb, suggested by the USEPA, is
that longitudinal dispersivity in most cases could be initially estimated from the plume
length as being 10 times smaller (Wiedemeier, 1998; Aziz et al., 2000). This means that, for
example, if the plume length is 300 ft, the initial estimate of the longitudinal dispersivity
is about 30 ft. However, recognizing the limitations of the available and reliable field-
scale data on dispersivity, the agency also suggests that the final values of dispersivity
used in fate and transport calculations should be based on calibration to the site-specific
(field) concentration data.

The main reason why very few (if any) projects for practical groundwater remedi-
ation consider field determinations of dispersivity is that they would require a large
number of monitoring wells and the application of large-scale tracer tests. Such studies
are expensive and are usually not feasible due to the generally slow movement of tracers
in intergranular porous media over long distances. Two of the most widely analyzed
and reported large-scale, controlled tracer field tests of dispersion, the Borden Landfill
test (Sudicky et al., 1983; Mackay et al., 1986; Freyberg, 1986) and the Cape Cod test
(Garabedian et al., 1991; LeBlanc et al., 1991), show similarly small macrodispersivity
values compared to the overall travel distance of the injected tracers. At the Borden land-
fill site, the dispersivities showed possible scale- and time-dependent behavior, with the
approximated asymptotic value of 0.43 m for the longitudinal dispersivity and the travel
distance of 65 m after 647 days. The transverse dispersivity was about 11 times smaller
than the longitudinal. At the Cape Cod site, the plume did not show time dependence:
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a constant longitudinal dispersivity of 0.96 m developed shortly after the tracer injec-
tion and a short period of nonlinear growth. The transverse and vertical dispersivities
were 0.018 and 0.0015 m, respectively, or 53 and 640 times smaller than the longitudinal
dispersivity. The travel distance of the plume was about 230 m after 461 days.

Xu and Eckstein (1995) authored one of the most widely cited practical studies relat-
ing the scale effects of dispersion and the selection of appropriate values of dispersivity.
The authors conclude that “. . . the rate of increase of dispersivity declines as the scale in-
creases. Theoretically, the rate will asymptotically approach zero as the scale approaches
infinity. However, our analysis shows that the rate of increase is very small, and the curve
of dispersivity versus scale is almost horizontal (with a slope angle of 0.24◦) when the
scale of flow exceeds 1 km. The increase in longitudinal dispersivity at that scale is so
small that it can be practically ignored without causing significant error.”

In their analysis, Xu and Eckstein used field data and model-calibration data re-
ported by Gelhar et al. (1992) and shown here in Fig. 5.18. Based on the weighted least-
squares data-fitting technique, which addresses the reliability of data and the nonlinear

RELIABILITY

High

Low

Intermediate

= 0.83.[log10(scale)]2.414

Longitudinal Dispersivity

(Xu and Eckstein, 1995)

Data Source: Gelhar et al.,1992

104

Scale (m)

Lo
ng

itu
di

na
ld

is
pe

rs
iv

ity
(m

)

103

102

101

100

10-1

10-2

10-3

10-1 100 101 102 103 104 105 106
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characteristics of the correlation between longitudinal dispersivity and the scale of ob-
servations, they proposed the following two equations for estimating the longitudinal
dispersivity:

αL = 0.94(log10 L)2.693 for 1:1.5:2 scheme (5.20)

αL = 0.83(log10 L)2.414 for 1:2:3 scheme (5.21)

where αL = longitudinal dispersivity (in units of length), L = scale (length of observa-
tion), and the first, second, and thirds numbers in the scheme correspond to the weighting
factors for low, medium, and high reliability data, respectively.

Gelhar et al. (1992) include 106 data classified as of high, low, or intermediate relia-
bility and state that the high reliability data are considered to be accurate within a factor
of about 2 or 3. Their dataset includes model-calibrated longitudinal dispersivities, some
of which are with low reliability and are at the same time extremely high (e.g., one data
point has longitudinal dispersivity of 20 km for a “modeled” migration scale of 100 km?!).
Neuman (1990) excludes available model-calibrated values of αL in a similar analysis and
proposes the following equation for longitudinal dispersivity when L ≥ 100 m:

αL = 0.32L0.83 (5.22)

Selecting a “representative” value of longitudinal dispersivity and then applying it
to predictive models of contaminant fate and transport is a rather subjective process.
Modeling should, therefore, include a thorough sensitivity analysis of this parameter,
with the understanding that “more emphasis should be placed on field study and the ac-
curate determination of hydraulic conductivity variations and other non-homogeneities
and less on incorporating somewhat “arbitrary” dispersion coefficients into complex
mathematical models” (Molz et al., 1983).

When the groundwater velocity becomes very low, due to small pore sizes and very
convoluted pore-scale pathways, diffusion may become an important fate and transport
process. Porosity that does not readily allow advective groundwater flow (flow under
the influence of gravity), but does allow movement of the contaminant due to diffusion,
is sometimes called diffusive porosity. Dual-porosity medium has one type of porosity
that allows preferable advective transport through it; it also has another type of porosity
where free gravity flow is significantly smaller than the flow taking place through the
higher effective (advective) porosity. Examples of dual-porosity media include fractured
rock, where advective flow takes place preferably through fractures, while the advective
flow rate through the rest of the rock mass, or rock matrix, is comparably lower, is much
lower, or does not exist for all practical purposes. This gradation depends on the nature of
matrix porosity; in some rocks such as sandstones and young limestones, matrix porosity
may be fairly high and it may allow a very significant rate of advective flow, often as high
as or higher than through the fractures. In most hard rocks, matrix porosity is usually
low, less than 5 to 10 percent, and it does not provide for significant advective flow.
Other examples of dual-porosity media include fractured clay and residuum sediments.
In some cases, various discontinuities and fractures in such media may serve as pathways
for advective contaminant transport, while the bulk of the sediments may have a high
overall matrix porosity and low effective porosity where advective transport is slow.
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Flow of solutes with high concentration through the fractures may result in the solute
diffusion into the surrounding matrix.

Diffusion is movement of a contaminant from higher concentration toward lower con-
centration solely due to concentration gradients; it does not involve “bulk,” free-gravity
movement of water particles (as in case of advection and dispersion). The contaminant
will move as long as there is a concentration gradient, including when this gradient
reverses, such as when fractures are flushed out by clean groundwater and the contam-
inant starts to move back from the invaded rock matrix into the fractures (the so-called
back-diffusion).

The rate of diffusion for different chemicals (solutes) in water depends on the con-
centration gradient and the coefficient of diffusion, which is solute specific (different
solutes have different coefficients of diffusion). The diffusion coefficients for electrolytes,
such as major ions in groundwater (Na+, K+, Mg2+, Ca2+, Cl−, HCO−

3 , and SO2−
4 ) range

between 1 × 10−9 and 2 × 10−9 m2/s at 25◦C (Robinson and Stokes, 1965; from Freeze
and Cherry, 1979). Coefficient of diffusion is temperature dependent and decreases with
the decreasing temperature (e.g., at 5◦C these coefficients are about 50 percent smaller
than at 25◦C).

Flux (F ) of a contaminant moving due to diffusion in a porous medium is described
by Fick’s first law:

F = −De
∂C
∂x

(5.23)

The second Fick’s law describes the change in concentration of a nonsorbing contam-
inant due to diffusion:

∂C
∂t

= De
∂2C
dx2 (5.24)

and if the contaminant is also subject to sorption as it moves through the porous media:

∂C
∂t

= De

R
· ∂2C

dx2 (5.25)

where De = effective coefficient of diffusion in the porous medium
R = coefficient of retardation (see next section on sorption and retardation)
C = contaminant concentration in groundwater

Because of tortuosity, effective diffusion coefficients in the subsurface are smaller than
in free water. The effective diffusion coefficient (De) can be determined by using the
known (experimentally determined) tortuosity of the porous media or by multiplying the
aqueous diffusion coefficient (D0) with an empirical coefficient, called apparent tortuosity
factor (τ ), which can range between 0 and 1. This empirical coefficient is related to the
aqueous (D0) and effective (De) diffusions, and the rock matrix porosity (θm) through the
following expression (Parker et al.; from Pankow and Cherry, 1996):

De

D0
= τ ∼= θ

p
m (5.26)
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where the exponent p varies between 1.3 and 5.4, depending on the type of porous
geologic medium. Low porosity values result in small τ values and low De values.
Laboratory studies of nonadsorbing solutes show that apparent tortuosity usually has
values between 0.5 and 0.01. For example, for generic clay τ is estimated at 0.33, for
shale/sandstone it is 0.10, and for granite it is quite small: 0.06 (Parker et al.; from Pankow
and Cherry, 1996).

Concentration profile of a nonsorbing solute in subsurface, moving only due to dif-
fusion and in one direction (x) from the high- into the zero-concentration layer, can be
analytically calculated for various times (t) based on Fick’s second law, using Crank’s
equation (Freeze and Cherry, 1979):

Ci (x, t) = C0erfc ·
( x

2
·
√

(Det)
)

(5.27)

where C0 = initial concentration on the high-concentration side of the contact between
two layers and erfc = complimentary error function.

5.5.5 Sorption and Retardation
Some critical processes that affect contaminant movement, without changing its chemical
nature, are the result of various interactions between the three media: contaminant,
water, and aquifer solids. Sorption is the general term that describes immobilization
of the contaminant particles by the porous media, regardless of the actual mechanism. It
may be the result of various more specific processes caused by geochemical interactions
(“forces”) between the solids and the dissolved contaminant. Cation exchange would be
one example of sorption where the contaminant is immobilized by the mineral (usually
clay) surfaces. This immobilization may not be permanent, and the contaminant may be
released back into the water solution by the reverse process when geochemical conditions
in the aquifer change (e.g., change of pH or inflow of another chemical species with the
greater affinity for cation exchange with the mineral surfaces). Adsorption is a term often
used to describe a process of contaminant particles (molecules) “sticking” to aquifer
materials simply because of the affinity for each other. For example, many hydrophobic
organic contaminants are adsorbed onto particles of organic carbon present in the aquifer
and can be desorbed if conditions change. Adsorption is commonly used interchangeably
with sorption, a more generic term, which sometimes may cause confusion. Absorption,
a rather vague term, usually refers to contaminant incorporation “deep” into the solid
particle structure, and it has chemical connotation. The term, however, is seldom used
since its net effect would be equal to a complete destruction of the contaminant, i.e., its
permanent removal from the flow system.

Sorption results in distribution of a solute between the solution (groundwater where
it is dissolved) and the solid phase (where it is held by the solids of the aquifer). This
distribution is called partitioning, and it is quantitatively described with the term dis-
tribution coefficient (or adsorption coefficient or partition coefficient), and denoted with
Kd. Because of sorption, contaminant movement in groundwater is slower than the aver-
age groundwater velocity. This effect of sorption is called retardation, and the affinity of
different solutes (chemicals dissolved in groundwater) to be retarded is quantified with
a parameter called retardation factor, denoted by R. The overall effect of sorption is a
decrease in dissolved contaminant concentration.



410 C h a p t e r F i v e

Adsorption/desorption will likely be the key process controlling contaminant migra-
tion in areas where chemical equilibrium exists, such as in areas far from the source. Kd

is a generic term devoid of any particular mechanism and used to describe the general
partitioning of aqueous-phase constituents to a solid phase due to sorption. In contrast,
dissolution/precipitation is more likely to be the key process where there is chemical
nonequilibrium, such as at a source, or in an area with high contaminant concentrations
or with steep pH and redox gradients.

The distribution coefficient, Kd, is defined as the ratio of the contaminant concentra-
tion associated with the solid (Cs) to the contaminant concentration in the surrounding
aqueous solution (Cw) when the system is at equilibrium:

Kd = Cs

Cw
(5.28)

Retardation due to sorption R is defined as follows:

R = vw

vc
(5.29)

where vw = linear velocity of groundwater through a control volume and vc = velocity
of contaminant through a control volume. If the contaminant is sorbed (retarded), R will
be greater than 1.

For the saturated groundwater flow in intergranular porous media, the retardation
coefficient R is defined as follows (USEPA, 1999a):

R = 1 + ρb · Kd

n
(5.30)

where ρb = bulk density of aquifer porous media (mass/length3)
Kd = distribution coefficient (length3/mass)

n = porosity of the media at saturation (dimensionless)

This equation can also be written as follows:

R = 1 +
(

1 − n
n

)
ρs × Kd (5.31)

where ρs = particle density of porous media (mass/length3), which is often assumed to
be 2.65 g/cm3 for most mineral soils (in the absence of actual site-specific information).

The relationship between the concentration of chemical sorbed onto solid surfaces
(Cs) and the concentration remaining in aqueous solution (Cw) at equilibrium is referred
to as the sorption isotherm because laboratory experiments for determining distribution
coefficient values are performed at constant temperature. Sorption isotherms generally
exhibit one of three characteristic shapes, depending on the sorption mechanism. These
isotherms are referred to as the Langmuir isotherm, the Freundlich isotherm, and the
linear isotherm, which is a special case of the Freundlich isotherm (Fig. 5.19).

The Langmuir isotherm model describes sorption in solute transport systems in which
the sorbed concentration increases linearly with increasing solute concentration at low
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FIGURE 5.19 Sorption isotherms.

concentrations and approaches a constant value at high concentrations (experimental
line flattens out). The sorbed concentration approaches a constant value because there
are a limited number of sites on the aquifer matrix available for contaminant sorption.
The Langmuir equation is described mathematically as follows (Devinny et al., 1990;
from Wiedemeier et al., 1998):

Cs = KCwb
1 + KCw

(5.32)

where Cs = sorbed contaminant concentration (mass contaminant/mass soil)
K = equilibrium constant for the sorption reaction (μg/g)

Cw = dissolved contaminant concentration (μg/mL)
b = maximum sorptive capacity of the solid surface

The Langmuir isotherm model is appropriate for highly specific sorption mechanisms
where there are a limited number of sorption sites. This model predicts a rapid increase in
the amount of sorbed contaminant as contaminant concentrations increase in a previously
pristine area. As sorption sites become filled, the amount of sorbed contaminant reaches
a maximum level equal to the number of sorption sites b.

The Freundlich isotherm is a modification of the Langmuir isotherm model in cases
when the number of sorption sites is large (assumed infinite) relative to the number of
contaminant molecules. This is generally a valid assumption for dilute solutions (e.g.,
downgradient from a petroleum hydrocarbon spill in the dissolved BTEX plume), where
the number of unoccupied sorption sites is large relative to contaminant concentrations.
The Freundlich isotherm is expressed mathematically as follows (Devinny et al., 1990;
modified from Wiedemeier et al., 1998):

Cs = KdCn
w (5.33)
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where Kd = distribution coefficient
Cs = sorbed contaminant concentration (mass contaminant/mass soil, mg/g)

Cw = dissolved concentration (mass contaminant/volume solution (mg/mL))
n = chemical-specific coefficient

The value of n in this equation is a chemical-specific quantity that is determined experi-
mentally. Values of n typically range from 0.7 to 1.1 but may be as low as 0.3 and as high
as 1.7 (Lyman et al., 1992; from Wiedemeier et al., 1998).

The simplest expression of equilibrium sorption is the linear sorption isotherm, a
special form of the Freundlich isotherm that occurs when the value of n is 1. The linear
isotherm is valid for a dissolved species that is present at a concentration less than one-
half of its solubility (Lyman et al., 1992). This is a valid assumption for BTEX compounds
partitioning from fuel mixtures into groundwater. Dissolved BTEX concentrations re-
sulting from this type of partitioning are significantly less than the pure compound’s
solubility in pure water. The linear sorption isotherm is expressed as follows (Jury et al.,
1991; from Wiedemeier et al., 1998):

Cs = KdCw (5.34)

where the notification is the same as in Eq. (5.33). Distribution coefficient Kd is the slope
of the linear isotherm plotted using experimental laboratory data.

As discussed by the USEPA (1999a), soil and geochemists knowledgeable of sorption
processes in natural environments have long known that generic or default Kd values
can result in significant error when used to predict the absolute impacts of contaminant
migration or site-remediation options. Therefore, for site-specific calculations, Kd values
measured at site-specific conditions are absolutely essential. The general methods used
to measure Kd values include the laboratory batch method, in situ batch method, labo-
ratory flow-through (or column) method, field modeling method, and Koc method. The
advantages, disadvantages, and, perhaps more importantly, the underlying assumptions
of each method are summarized in a two-volume reference text (USEPA, 1999a, 1999b),
which also includes a conceptual overview of geochemical modeling calculations and
computer codes as they pertain to evaluating Kd values and modeling of adsorption
processes.

Sorption of Organic Solutes
Organic solutes tend to preferably adsorb onto organic carbon present in the aquifer
porous media. This organic carbon in the soil is of various forms—as discrete solids, as
films on individual soil grains, or as stringers of organic material in soil grains. Distri-
bution coefficient (Kd) can be calculated for different organic solutes based on fraction
soil organic carbon contents ( foc) and partition coefficient with respect to the soil organic
carbon (Koc), using the following equation:

Kd = foc · Koc (5.35)

For various reasons (including time needed and the expense), practitioners often
forgo site-specific measurement of Kd and will instead calculate Kd using published Koc

values. However, as discussed by Gurr (2008), researchers and practitioners alike are far
from united around standard Koc values for nonpolar organics, even for well-studied
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Retardation Time to Migrate
Source log Koc (mL/g) Koc (mg/L) Coefficient 100 m (years)

USEPA, 2008 1.94 87 10.2 28
USEPA, 2008 2.18 150 16.9 46
Baker et al., 1997 1.81 65 7.8 21
SRC, 2007 2.02 104 12 33
Baker et al., 1997 2.16 145 16.4 45
Sabljic et al., 1995 1.95 90 10.6 29
Seth et al., 1999 1.46 29 4 11
Seth et al., 1999 2.06 116 13.3 36

The following conditions were assumed: linear groundwater velocity = 10 cm/day; effective porosity =
25%; soil bulk density = 2.5 g/cm3; soil fraction organic carbon = 0.01.

From Gurr (2008); courtesy of Malcolm Pirnie, Inc.

TABLE 5.6 Example Variation in Subsurface Migration Period Due to Varying Koc Values for
Trichloroethylene

contaminants. It is easy to find multiple Koc values for a single contaminant that vary
by orders of magnitude. And when one considers that these values are often reported as
log Koc, small variations in the reported log value can translate into decades when the
retardation factor is used to determine contaminant migration time periods. Table 5.6
illustrates how the variation of published log Koc values for TCE translates into differing
estimates of time to migrate 100 m in flowing groundwater.

The range in measured Koc values is understandable since sorption to natural organic
matter is an inherently complicated process. In addition to inevitable laboratory errors
and use of nonstandard laboratory procedures, the differences in the measured Koc values
can be explained by natural organic carbon chemistry, which can vary substantially from
one soil to the next. Nonpolar organics can also sorb to organic carbon still dissolved
in the aqueous phase, and also to colloids suspended in the water. If these factors are
not accounted for in the experimental method, the measured Koc value may be skewed
(Schwarzenbach et al., 2003).

While measuring Koc values can be difficult and error prone, the simplicity of calcu-
lating partitioning from Koc is attractive and easy to understand and, thus, is not likely
to soon be replaced with another method. Given such diversity in quality and result,
attempting to systematically choose reliable values from either published databases or
calculated values is a much more responsible approach than choosing a number at ran-
dom from published sources (Gurr, 2008).

The USEPA scientist Robert Boethling and his collaborators have provided guidance
in a 2004 article titled Finding and estimating chemical property data for environmental assess-
ment (Boethling et al., 2004). This paper provides a listing of online databases of physic-
ochemical parameters, and a list of papers and resources for estimating soil/sediment
sorption coefficients. Readers are cautioned, however, that many resources do not doc-
ument the methods used to measure Koc and that a reader must do his or her own due
diligence on data quality. Boethling et al. recognize that each individual conducting his
or her own review of data quality would be a waste of resources. The reader is instructed,
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instead, to use only the online databases or published compendiums where data evalu-
ation has already been conducted.

The USEPA web page contains “technical fact sheets” for some—but not all—common
groundwater contaminants that discuss a contaminant’s environmental fate, including
Koc values (USEPA, 2008). Although the USEPA is the primary regulator for contaminated
soil and groundwater, it does not appear that these values were published on their website
after rigorous analysis (such as values for MCLs in drinking water). The presentation of
values from one contaminant to another is uneven. A text description of the origins of the
values is sometimes presented, other contaminants have a range of values, and others
are called “estimated.” The USEPA provides no citations of sources of the data, nor does
it give indications that the data have been validated. Nonetheless, values published by
the USEPA cannot be discounted outright and have to be given due consideration (Gurr,
2008).

Three online databases listed by Boethling et al. (2004) include two hosted by federal
agencies, the Department of Agriculture and the National Institutes of Health (USDA,
2007; NIH, 2007), and one hosted by the Syracuse Research Corporation (SRC, 2007),
a nonprofit research and development (R&D) organization that companies and gov-
ernment agencies use for outsourced R&D. The Department of Agriculture focuses on
pesticides and only lists a range of Koc values for a given contaminant. The primary
focus of the National Institutes of Health database is toxicology, and environmental fate
is included secondarily. It likewise only lists a range of values. It is not immediately
apparent that the values in these databases have been validated. The database hosted
by the Syracuse Research Corporation, CHEMFATE, is a quality-controlled database of
physicochemical parameters. The description of the database on the Web site includes
discussion on the data validation process.

As Boethling et al. mentioned, many papers do not adequately state the origin of
their Koc datasets. A search of literature by Gurr (2008) found one important departure
from this trend—a paper published by Baker et al. (1997). These authors only accepted
Koc values if the investigators followed the American Society for Testing and Materials
(ASTM) method for determining a sorption constant (ASTM, 2001). ASTM standards are
widely used by environmental engineering and science professionals, making the Baker
dataset particularly attractive.

Table 5.7 compiled by Gurr (2008) lists the Baker dataset and the CHEMFATE dataset
side by side, with the USEPA values published on the agency’s web page within technical
fact sheets (with quotes from the text description of the USEPA values if available). Since
the source and quality of the USEPA values are not listed (and the compilation cannot
be discarded), the values must be scrutinized against the more reliable datasets of Baker
et al. (preferred due to ASTM standard application) and CHEMFATE. Using the following
set of criteria, Gurr selects the preferred Koc values, listed in Table 5.8:

1. If the three datasets agree, use the agreed value.

2. If values vary to some extent, but not substantially, default to the USEPA value.

3. If USEPA presents a range or set of values, choose the value that is corroborated
by the other sources (with preference to the Baker value).

4. If no USEPA value is listed, or is listed as “calculated” or “estimated”, use the
measured value from Baker or CHEMFATE.

5. If all the values vary substantially, do not recommend a value.



EPA Range

Low Value High Value Baker et al. CHEMFATE
Analyte Name log Koc log Koc EPA Text Description log Koc log Koc

Alachlor 2.08 2.28 log Koc values for alachlor have largely been in
the range 2.08–2.28

N/A 2.28

Atrazine 2.09 — average Koc value for 4 soils was determined
to be 122

2.33 N/A

Endrin 4.53 — estimated N/A 4.06
Heptachlor 4.48 — estimated N/A 3.54
Lindane 3.03 — a mean Koc of 1080.9 was obtained from Koc

determinations on three soils
N/A 3.03

Chlordane 4.19 4.39 estimated N/A N/A
1,1,1-Trichloroethane 1.91 1.95 based upon experimental measurement, the

mean Koc range of 1,1,1-trichloroethane in a
silty clay soil and sandy loam soil is 81–89

N/A 2.25

1,1,2-Trichloroethane 1.92 2.32 experimentally determined Koc values of
83–209

N/A 1.90

1,1-Dichloroethylene 2.18 — no experimental data is available on the
adsorption of 1,1-dichloroethylene. A low Koc

of 150 is calculated from a regression
equation

N/A 2.54

1,2,4-Trichlorobenzene 3.00 3.70 no details on origin of EPA values 4.02 3.16
1,2-Dibromo-3-chloropropane

(DBCP)
1.66 2.11 observed N/A 2.01

1,2-Dichloroethane 1.52 experimental Koc of 33 for silt loam which in
agreement with values calculated from the
water solubility

N/A 1.51

Chlorobenzene — — no values listed N/A 2.44

TABLE 5.7 Log Koc values from the USEPA (2008), Baker et al. (1997) and CHEMFATE Data Sets (Continued )
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Low Value High Value Baker et al. CHEMFATE
Analyte Name log Koc log Koc EPA Text Description log Koc log Koc

Tetrachloroethylene (PCE) 2.32 2.38 reported and estimated Koc (209–1685); also
“Koc = 210 (exp.) to 238 (est.)”

2.42 2.56

Trichloroethylene (TCE) 1.94 2.18 two silty clay loams (Koc = 87 and 150) 1.81 2.02
cis-1,2-Dichloroethylene 1.56 1.69 estimated N/A 1.70
trans-1,2-Dichloroethylene 1.56 1.69 estimated N/A 1.54
Vinyl chloride 1.75 — based on a reported water solubility of 2700

mg/L, a Koc of 56 was estimated
N/A 1.47

Benzene 1.99 — estimated 1.92 1.69
Toluene 1.57 2.25 reported Koc values: Wendover silty loam, 37,

Grimsby silt loam, 160, Vaudreil sandy loam,
46; sandy soil, 178; 100 and 151

2.06 1.98

Ethylbenzene 2.21 — the measured Koc for silt loam was 164 N/A 2.40
m-xylene 1.68 1.83 no details on origin of EPA values 2.22 2.28
o-Xylene 1.68 1.83 no details on origin of EPA values 2.11 2.11
p-xylene 1.68 1.83 no details on origin of EPA values 2.31 2.41

N/A, value was not present in the dataset; —, USEPA listed only a single value.
From Gurr (2008); courtesy of Malcolm Pirnie, Inc.

TABLE 5.7 Log Koc values from the USEPA (2008), Baker et al. (1997) and CHEMFATE Data Sets (Continued )
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Analyte Name Recommended Koc Justification
Alachlor 2.28 High EPA is identical to CHEMFATE

value
Atrazine 2.33 EPA value was average of a small

dataset; see reliable Baker data
Endrin No recommended value Reliable values are not available
Heptachlor No recommended value Reliable values are not available
Lindane 3.03 EPA value is identical to CHEMFATE

value
Chlordane No recommended value Reliable values are not available
1,1,1-Trichloroethane No recommended value Single reliable value is not available
1,1,2-Trichloroethane 1.92 EPA value is very close to

CHEMFATE value
1,1-Dichloroethylene No recommended value Reliable values are not available
1,2,4-Trichlorobenzene 3.7 High EPA value is between Baker

and CHEMFATE values
1,2-Dibromo-3-chloropropane

(DBCP)
2.01 CHEMFATE value is within EPA range

1,2-Dichloroethane 1.52 EPA value is very close to
CHEMFATE value

Chlorobenzene 2.44 No EPA value listed; use CHEMFATE
value

Tetrachloroethylene 2.38 High EPA is close to Baker value
Trichloroethylene 1.94 Low EPA value is between Baker

and CHEMFATE values
cis-1,2-Dichloroethylene 1.69 High EPA value is very close to

CHEMFATE value
trans-1,2-Dichloroethylene 1.56 Low EPA value is near CHEMFATE

value
Vinyl chloride 1.47 EPA value is estimated; use

CHEMFATE value.
Benzene 1.99 EPA value is very close to Baker

value
Toluene 2.06 Baker value is in the middle of the

EPA range
Ethylbenzene 2.4 EPA value is based on a single

measurement; use CHEMFATE
value.

m-xylene 2.22 No details on EPA values; Baker and
CHEMFATE are similar; use more
reliable Baker values

o-Xylene 2.11 No details on EPA values; Baker and
CHEMFATE are similar; use more
reliable Baker values

p-xylene 2.31 No details on EPA values; Baker and
CHEMFATE are similar; use more
reliable Baker values

From Gurr, 2008; courtesy of Malcolm Pirnie, Inc.

TABLE 5.8 Recommended log Koc Values (in mL/g)
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FIGURE 5.20 Calculated relationships between log Koc and log Kow, together with several reported
values of Koc for TCE. (From Gurr, 2008; courtesy of Malcolm Pirnie, Inc.)

The octanol-water partition coefficient (Kow) is a much easier value to measure exper-
imentally compared to Koc. The simple process of allowing a chemical to reach equilib-
rium concentrations in a mixture of pure octanol and pure water was developed by the
pharmaceutical industry to estimate the lipophilicity of pharmaceuticals. Environmental
chemists have adopted this value to estimate hydrophobicity of organic contaminants
(Schwarzenbach et al., 2003). And since hydrophobicity is also an important element
in soil/water partitioning (Kd), many investigators have searched for a mathematical
relationship between Kow and Koc.

To date, no investigator has proven that there is an exact relationship between Kow

and Koc. However, several investigators have used experimentally derived data for log
Kow and log Koc to construct linear empirical relationships that, while not exact for
all compounds, do provide general estimates for nonpolar organic compounds (Sabljić
et al., 1995; Baker et al., 1997; Seth et al., 1999).

Figure 5.20 is a plot of the relationships derived by Sabljić, Baker, and Seth for the log
Kow range of 1.7–4. Included in the figure are TCE data points from the USEPA, Baker,
and CHEMFATE datasets. Note that even though Kow is easier to measure than Koc,
different values still exist in the literature for the log Kow of TCE. A value of 2.29 was
assumed for plotting the relationships.

An accepted and scientifically rigorous relationship between a value that can be eas-
ily measured in the laboratory, Kow, and the value that is key to estimation of soil/water
partitioning at contaminated sites, Koc, would be very useful. However, Fig. 5.20 demon-
strates that such a precise relationship has not been established. For preliminary or com-
parative modeling, it is reasonable to use a recommended measured Koc value, since
the variability in Kow values and Koc/Kow relationships adds a degree of uncertainty.
It must be concluded that the primary value of Koc/Kow relationships is for estimating
parameters for emerging contaminants that are not well known. Regulators and chemi-
cal manufacturers, especially, can use these relationships to evaluate environmental risk
(Gurr, 2008).
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5.5.6 Biodegradation
Soils and porous media in groundwater systems contain a large variety of microorgan-
isms, ranging from simple prokaryotic bacteria and cyanobacteria to more complex eu-
karyotic algae, fungi, and protozoa. Over the past several decades, numerous laboratory
and field studies have shown that microorganisms indigenous to the subsurface environ-
ment can degrade a variety of organic compounds, including components of gasoline,
kerosene, diesel, jet fuel, chlorinated ethenes, chlorinated ethanes, the chlorobenzenes,
and many other compounds (Wiedemeier et al., 1998). To obtain energy for growth and
activity, under aerobic conditions (in the presence of molecular oxygen) many bacteria
couple the oxidation of organic compounds (food) to the reduction of oxygen in the
surrounding porous media. In the absence of oxygen (anaerobic conditions), microor-
ganisms may use compounds other than oxygen as electron acceptors.

As discussed by Wiedemeier et al. (1998), biodegradation of organic compounds in
groundwater occurs via three mechanisms:

1. Use of the organic compound as the primary growth substrate

2. Use of the organic compound as an electron acceptor

3. Cometabolism

The first two biodegradation mechanisms involve the microbial transfer of electrons
from electron donors (primary growth substrate) to electron acceptors. This process can
occur under aerobic or anaerobic conditions. Electron donors include natural organic
material, fuel hydrocarbons, chlorobenzenes, and the less oxidized chlorinated ethenes
and ethanes. Electron acceptors are elements or compounds that occur in relatively ox-
idized states. The most common naturally occurring electron acceptors in groundwater
include dissolved oxygen, nitrate, manganese (IV), iron (III), sulfate, and carbon dioxide.
In addition, the more oxidized chlorinated solvents such as PCE, TCE, DCE, TCA, DCA,
and polychlorinated benzenes can act as electron acceptors under favorable conditions.
Under aerobic conditions, dissolved oxygen is used as the terminal electron acceptor dur-
ing aerobic respiration. Under anaerobic conditions, the electron acceptors listed above
are used during denitrification, manganese (IV) reduction, iron (III) reduction, sulfate re-
duction, methanogenesis, or reductive dechlorination. Chapelle (1993) and Atlas (1984)
discuss terminal electron-accepting processes in detail.

The third biodegradation mechanism is cometabolism. During cometabolism the
compound being degraded does not benefit the organism. Instead, degradation is
brought about by a fortuitous reaction wherein an enzyme produced during an unrelated
reaction degrades the organic compound (Wiedemeier et al., 1998).

Fuel hydrocarbons are rapidly biodegraded when they are utilized as the primary
electron donor for microbial metabolism under aerobic conditions. Biodegradation of
fuel hydrocarbons occurs naturally when sufficient oxygen (or other electron acceptors)
and nutrients are available in the groundwater. The rate of natural biodegradation is
generally limited by the lack of oxygen or other electron acceptors rather than by the lack
of nutrients such as nitrogen or phosphorus. The rate of natural aerobic biodegradation in
unsaturated soil and shallow aquifers is largely dependent on the rate at which oxygen
enters the contaminated media. Biodegradation of fuel hydrocarbons is discussed in
detail by ASTM (1998), and Wiedemeier et al. (1999).

Bouwer et al. (1981) were the first to show that halogenated aliphatic hydrocarbons
(such as chlorinated solvents PCE and TCE) could be biologically transformed under
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anaerobic conditions in the subsurface environment. Since that time, numerous investi-
gators have shown that chlorinated compounds can degrade via reductive dechlorination
under anaerobic conditions. Anaerobically, biodegradation of chlorinated solvents most
often proceed through a process called reductive dechlorination. Highly chlorinated
compounds such as PCE, TCE, or TCA are more oxidized and thus are less susceptible to
oxidation. Therefore, they are more likely to undergo reductive reactions than oxidative
reactions. The reductive dechlorination of PCE to TCE, and then TCE to DCE, and finally
DCE to vinyl chloride is one of such reactions during which the halogenated hydrocarbon
is used as an electron acceptor, not as a source of carbon, and a halogen atom is removed
and replaced with a hydrogen atom (Fig. 5.21). Each step requires a lower redox potential
than the previous one. PCE degradation occurs in a wide range of reducing conditions,
whereas VC is reduced to ethene only under sulfate-reducing and methanogenic con-
ditions. During each of these transformations, the parent compound (R-Cl) releases one
chloride ion and gains one hydrogen. Two electrons are transferred during the process,
which may provide a source of energy for the microorganism. This reductive anaerobic
reduction of chlorinated solvents is expressed with the following general equation:

R − Cl + H+ + 2e → R − H + Cl− (5.36)

where R–Cl = chlorinated solvent structure.
Because chlorinated compounds are used as electron acceptors during reductive

dechlorination, there must be an appropriate source of carbon for microbial growth
in order for reductive dehalogenation to occur. Potential carbon sources can include
low-molecular-weight organic compounds (lactate, acetate, methanol, and glucose), fuel
hydrocarbons, by-products of fuel degradation (e.g., volatile fatty acids), or naturally
occurring organic matter (Wiedemeier et al., 1998). Bioremediation technologies often
involve injection of carbon sources (“food”), which stimulate the native microorganisms
and accelerate biodegradation.

Reductive dechlorination processes result in the formation of intermediates that are
more reduced than the parent compound. These intermediates are often more suscepti-
ble to oxidative bacterial metabolism than to further reductive anaerobic processes. For
example, because of the relatively low oxidation state of VC, this compound more com-
monly undergoes aerobic biodegradation as a primary substrate than reductive dechlori-
nation. For this reason, there may be accumulation of VC or DCE as a result of reductive
dechlorination in some cases, as these cannot be further degraded in the absence of
oxygen and specific microorganisms capable of a complete dechlorination. Bioaugmen-
tation, which is a remedial technology of adding exogenous bacteria (i.e., bacteria not
native to the contaminated aquifer), helps in preventing accumulation of the reductive
dechlorination intermediates such as VC. Vinyl chloride is more toxic and more mobile
in groundwater than the parent compounds and its accumulation is an undesired result
of biodegradation.

As discussed by Wiedemeier et al. (1998), biodegradation causes measurable changes
in groundwater chemistry. Table 5.9 summarizes these trends. During aerobic respiration,
oxygen is reduced to water, and dissolved oxygen concentrations decrease. In anaerobic
systems where nitrate is the electron acceptor, the nitrate is reduced to NO−

2 , N2O, NO,
NH+

4 , or N2 via denitrification or dissimilatory nitrate reduction, and nitrate concentra-
tions decrease. In anaerobic systems where iron (III) is the electron acceptor, it is reduced
to iron (II) via iron (III) reduction, and iron (II) concentrations increase. In anaerobic
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FIGURE 5.21 Reductive dehalogenation of chlorinated ethenes. (From Wiedemeier et al., 1998.)

systems where sulfate is the electron acceptor, it is reduced to H2S via sulfate reduc-
tion, and sulfate concentrations decrease. During aerobic respiration, denitrification, iron
(III) reduction, and sulfate reduction, total alkalinity will increase. In anaerobic systems
where CO2 is used as an electron acceptor, it is reduced by methanogenic bacteria during
methanogenesis, and CH4 is produced. In anaerobic systems where contaminants are
being used as electron acceptors, they are reduced to less chlorinated daughter products;
in such a system, parent compound concentrations will decrease and daughter product
concentrations will increase at first and then decrease as the daughter product is used as
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Terminal Electron Trend in Analyte Concentration
Analyte Accepting Process During Biodegradation

Fuel hydrocarbons Aerobic respiration,
denitrification, manganese
(IV) reduction, iron (III)
reduction, methanogenesis

Decreases

Highly chlorinated
solvents and
daughter products

Reductive dechlorination Parent compound concentration
decreases, daughter products
increase initially and then may
decrease

Lightly chlorinated
solvents

Aerobic respiration,
denitrification, manganese
(IV) reduction, iron (III)
reduction (direct oxidation)

Compound concentration
decreases

Dissolved oxygen Aerobic respiration Decreases
Nitrate Denitrification Decreases
Manganese (II) Manganese (IV) reduction Increases
Iron (II) Iron (III) reduction Increases
Sulfate Sulfate reduction Decreases
Methane Methanogenesis Increases
Chloride Reductive dechlorination or

direct oxidation of
chlorinated compound

Increases

Oxidation-reduction
potential

Aerobic respiration,
denitrification, manganese
(IV) reduction, iron (III)
reduction, methanogenesis

Decreases

Alkalinity Aerobic respiration,
denitrification, iron (III)
reduction, and sulfate
reduction

Increases

From Wiedemeier et al., 1998.

TABLE 5.9 Trends in Contaminant, Electron Acceptor, Metabolic By-product and Total Alkalinity
Concentrations During Biodegradation

an electron acceptor or is oxidized. As each subsequent electron acceptor is utilized, the
groundwater becomes more reducing and the redox potential of the water decreases.

Lawrence (2006) provides a detailed literature review and discussion on various
degradation mechanisms of VOCs commonly found in groundwater.

5.5.7 Analytical Equations of Contaminant Fate and Transport
General equation of contaminant fate and transport in one dimension (e.g., along hori-
zontal X axis), known as advection-dispersion equation, is as follows:
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∂C
∂t

= Dx

R
∂2C
∂x2 − vx

R
∂C
∂x

± Qs (5.37)

where C = dissolved contaminant concentration (kg/m3, or mg/L)
t = time (day)

Dx = hydrodynamic dispersion in x direction (m2/d)
R = retardation coefficient (dimensionless)
x = distance from the source along X axis (m)

vx = linear groundwater velocity in X direction (m/d)
Qs = general term for source or sink of contaminant, such as due to

biodegradation (kg/m3/d)

This term can also be expressed using the first rate degradation constant, λ (1/d), which
gives the following:

∂C
∂t

= Dx

R
∂2C
∂x2 − vx

R
∂C
∂x

− λC (5.38)

Eq. (5.37) does not have an explicit solution, and approximate solutions, based on
simplifying assumptions, have been proposed by various authors.

One of the most popular analytical solutions of the advection-dispersion equation
is the Domenico (1987) solution. This is an approximate three-dimensional solution that
describes the fate and transport of a decaying contaminant plume evolving from a fi-
nite planar source. This solution was based on an approach previously published by
Domenico and Robbins (1985) for modeling a nondecaying contaminant plume. Prior
to this work, several authors presented exact solutions to the same or similar problems
(Cleary and Ungs, 1978; Sagar, 1982; Wexler, 1992). However, these solutions are not
closed form expressions since they involve numerical evaluation of a definite integral.
This numerical integration step can be computationally demanding and can also intro-
duce numerical errors (Srinivasan et al., 2007). The key advantage of the Domenico
and Robbins (1985) approach is that it provides a closed-form solution without in-
volving numerical integration procedures. Due to this computational advantage, the
Domenico solution has been widely used in several public domain design tools, in-
cluding the USEPA tools BIOCHLOR and BIOSCREEN (Newell et al. 1996; Aziz et al.,
2000).

The analytical Domenico and Robbins (1985) solution for concentration of a semi-
infinite contaminated parcel, which moves in a homogeneous aquifer with a one-
dimensional velocity in the positive x direction away from the continuous finite source
(Fig. 5.22), including three-dimensional dispersion, and no degradation, has the follow-
ing form:

c(x, y, z, t) = co

8
erfc

[
x − vt

2(Dxt)1/2

]
×

{
erf

[
y + Y

2

2(Dyx/v)1/2

]
− erf

[
y − Y

2

2(Dyx/v)1/2

]}

×
{

erf

[
z + Z

2

2(Dzx/v)1/2

]
− erf

[
z − Z

2

2(Dzx/v)1/2

]}
(5.39)
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FIGURE 5.22 Parallelepiped source in the Domenico-Robbins analytical solution of the one-
dimensional contaminant transport with three-dimensional dispersion. (From Domenico and
Robbins, 1985; copyright Groundwater Journal; printed with permission.)

where c = the concentration in time t at the location with coordinates
x, y, z

co = initial concentration at the source
erf and erfc = error function and complimentary error function, respectively

v = groundwater (advection) velocity in the direction of flow
(x direction)

Dx , Dy, and Dz = dispersion coefficients in x, y, and z directions
(longitudinal, transverse, and vertical), respectively

X, Y, and Z = source dimensions (see Fig. 5.22)

In the 1987 solution, Domenico included a first-order decay term (k) leading to the
following approximate equation for concentration of a decaying (degrading) contami-
nant:

c(x, y, z, t) = co

8
fx(x, t) fy(y, x) fz(z, x)

where

fx(x, t) = exp

{
x

2αx

[
1 −

(
1 + 4kαx

v

)1/2
]}

× erfc

{
x − vt

(
1 + 4kαx

v

)1/2

2(αxvt)1/2

}

fy(y, x) =
{

erf

[
y + Y

2

2(αyx)1/2

]
− erf

[
y − Y

2

2(αyx)1/2

]}

fz(z, x) =
{

erf

[
z + Z

2

2(αzx)1/2

]
− erf

[
z − Z

2

2(αzx)1/2

]}
(5.40)

where αx = Dx/v, αy = Dy/v, and αz = Dz/v are the dispersivities in the x, y, and z
directions, respectively.
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Although the Domenico solution has been extensively used in the industry and sev-
eral widely used analytical groundwater transport models are based on it, its approximate
nature continues to be a subject of scientific debate. For example, West and Kueper (2004)
compared the BIOCHLOR model against a more rigorous analytical solution and con-
cluded that the Domenico solution can produce errors up to 50 percent. Guyonnet and
Neville (2004) compared the Domenico solution against the Sagar (1982) solution and
presented the results in a nondimensional form. They concluded that for groundwater
flow regimes dominated by advection and mechanical dispersion, discrepancies between
the two solutions can be considered negligible along the plume centerline. However,
these errors may increase significantly outside the plume centerline. Based on a rigorous
mathematical analysis, Srinivasan et al. (2007) conclude that the approximate Domenico
solution can be expected to produce reasonable estimates for advection-dominated prob-
lems; however, it can introduce significant errors for longitudinal dispersion-dominated
problems. Within the advective front, the longitudinal dispersivity plays a very impor-
tant role in determining the accuracy of the solution. The key assumption used to derive
the Domenico solution is the time reinterpretation step, where the time t in the trans-
verse dispersion terms is replaced with x/v. This substitution process is valid only when
the longitudinal dispersivity is 0. For all nonzero longitudinal dispersivity values, the
solution will have a finite error. The spatial distribution of this error is highly sensitive to
the value of αx and the position of the advective front (vt) and is relatively less sensitive
to other transport parameters. The authors conclude that the error in the Domenico solu-
tion will be low when solving transport problems that have low longitudinal dispersivity
values, high advection velocities, and large simulation times.

After their analysis of the approximate Domenico solution, West et al. (2007) conclude
that its accuracy is highly variable and dependent on the selection of input parameters.
For solute transport in a medium-grained sand aquifer, the Domenico (1987) solution
underpredicts solute concentrations along the centerline of the plume by as much as 80
percent, depending on the case of interest. Increasing the dispersivity, time, or dimen-
sionality of the system leads to increased error. Because more accurate exact analytical
solutions exist, the authors suggest that the Domenico (1987) solution and its predecessor
and successor approximate solutions need not be employed as the basis for screening
tools at contaminated sites (West et al., 2007).

Karanovic et al. (2007) present an enhanced version of BIOSCREEN that supplements
the Domenico (1987) solution with an exact analytical solution for the contaminant con-
centration. The exact solution is derived for the same conceptual model as Domenico
(1987) but without invoking approximations in its evaluation that introduce errors of un-
known magnitude in the analysis. The exact analytical solution is integrated seamlessly
within a modified interface BIOSCREEN-AT. The Excel user interface for BIOSCREEN-
AT is nearly identical to that for BIOSCREEN, and a user familiar with BIOSCREEN will
have no difficulty using BIOSCREEN-AT. BIOSCREEN-AT provides a simple and direct
way to calculate an exact solution to the transport equation and, if desired, to assess the
significance of the errors introduced by the Domenico (1987) solution for site-specific
applications.

The analytical models of fate and transport can be used for simple screening-level
analyses, since they assume simple planar geometry of the source zones and homoge-
neous isotropic aquifers. Numeric models are irreplaceable for actual field problems
where all parameters of groundwater flow, and contaminant fate and transport change
in all three dimensions.
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