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Preface 

This book was written in response to the positive feedback received from the wet-
land community with respect to the book Wetlands Systems to Control Urban 
Runoff by Miklas Scholz and published by Elsevier (Amsterdam) in 2006. More-
over, this new textbook covers all key types of wetland systems and not just those 
controlling urban runoff. The subtitle “Storm Water Management Control” em-
phasizes the shift in focus. 

The book covers broad water and environmental engineering issues relevant for 
the drainage and treatment of storm water and wastewater, providing a descriptive 
overview of complex ‘black box’ treatment systems and the general design issues 
involved. The fundamental science and engineering principles are explained to 
address the student and professional markets. Standard and novel design recom-
mendations for predominantly constructed wetlands and related sustainable drain-
age systems are provided to account for the interests of professional engineers and 
environmental scientists. The latest research findings in diffuse pollution and flood 
control are discussed to attract academics and senior consultants who should rec-
ommend the proposed textbook to final-year and postgraduate students, and 
graduate engineers, respectively. 

This original and timely book deals comprehensively not only with the design, 
operation, maintenance, and water-quality monitoring of traditional and novel 
wetland systems, but also with the analysis of asset performance and modeling of 
treatment processes and performances of existing infrastructure predominantly in 
developed countries, as well as the sustainability and economic issues involved 
therein. 

The book has five chapters. Chapter 1 provides an introduction to wetland sys-
tems. It is followed by a comprehensive chapter comprising a diverse selection of 
wetland case studies, and then by a brief chapter on carbon storage and fluxes 
within freshwater wetlands. Chapter 4 summarizes wetland systems used in sus-
tainable drainage and flood control applications. The final chapter covers a novel 
modeling application. 
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This comprehensive textbook is essential for undergraduate and postgraduate 
students, lecturers, and researchers in civil and environmental engineering, envi-
ronmental science, agriculture, and ecological fields of sustainable water man-
agement. It is an essential reference for the design, operation, and management of 
wetlands by engineers and scientists working for the water industry, local authori-
ties, non-governmental organizations, and governmental bodies. Moreover, con-
sulting engineers should be able to apply practical design recommendations and 
refer to a large variety of practical international case studies including large-scale 
field studies. 

The basic scientific principles should also be of interest to all concerned with 
constructed environments including town planners, developers, engineering tech-
nicians, agricultural engineers, and public health workers. The book was written 
for a wide readership, but enough hot research topics have been addressed to guar-
antee the book a long shelf life. 

Solutions to pressing water quality problems associated with constructed treat-
ment wetlands, integrated constructed wetlands, farm constructed wetlands and 
storm water ponds, and other sustainable biological filtration and treatment tech-
nologies linked to public health engineering are explained in the book. The case 
study topics are diverse: wetlands including natural wetlands and constructed 
treatment wetlands; sustainable water management including sustainable drainage 
systems and sustainable flood retention basins; and specific applications such as 
wetlands treating hydrocarbons. The research projects are multidisciplinary, holis-
tic, experimental, and modeling-orientated. 

The book is predominantly based on experiences of the author over the last 12 
years. Original material, published in more than 80 high-ranking journal papers 
and 100 conference papers, has been revisited and analyzed. Experience gained as 
an editorial board member of more than ten peer-reviewed journals ensures that 
this textbook will contain sufficient material to fill gaps in knowledge and under-
standing and allow the author to discuss the latest cutting edge research in areas 
such as integrated constructed wetlands and sustainable flood retention basins. 
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Chapter 1  
Introduction to Wetland Systems 

Abstract This introductory chapter provides a brief overview of the key wetland 
principles, which are not comprehensively covered in subsequent chapters. Most 
information provided is accepted knowledge that has been widely published else-
where. The fundamental hydrological, physical, and biochemical processes within 
wetland systems are reviewed briefly. The relationships between aggregates and 
microbial and plant communities, as well as the reduction of predominantly bio-
chemical oxygen demand, suspended solids, and heavy metals, are investigated. 
Most constructed wetland research studies show that after maturation of the bio-
mass that dominates the litter zone, organic and inorganic contaminants are usu-
ally reduced similarly for all constructed wetland types. This finding is, however, 
still controversial, and further research needs to be undertaken. Particular empha-
sis in the introduction is given to treatment wetlands and wetlands used as sustain-
able drainage systems to control urban runoff. These technologies are further dis-
cussed with the help of recent and relevant research case studies in subsequent 
chapters. 

1.1 Background 

Wetlands have been recognized as a valuable natural resource throughout human 
history. Their importance has been appreciated in their natural state by such peo-
ple as the Marsh Arabs around the confluence of the rivers Tigris and Euphrates in 
southern Iraq, as well as in managed forms; e.g., rice paddies, particularly in 
southeast Asia (Scholz 2006). 

The water purification capability of wetlands is being recognized as an attrac-
tive option in wastewater treatment. For example, the UK Environment Agency 
spends significant amounts of money on reed bed schemes in England and Wales. 
Such systems are designed, for example, to clean up mine water from collieries on 
which constructed wetlands and associated community parks are being built. 
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Figure 1.1 Irish wetland example with high biodiversity value 

Reed beds provide a useful complement to traditional sewage treatment systems. 
They are often a cheap alternative to expensive wastewater treatment technologies 
such as trickling filters and activated sludge processes. Vertical-flow and horizon-
tal-flow wetlands based on soil, sand, or gravel are used to treat domestic and indus-
trial wastewater. They are also applied to passive treatment of diffuse pollution 
including mine drainage as well as urban and motorway runoff after storm events. 

Furthermore, wetlands serve as a wildlife conservation resource and can also be 
seen as natural recreational areas for the local community. Phragmites spp., Typha 
spp., and other macrophytes typical for swamps are widely used in Europe and 
North America. Figures 1.1 and 1.2 show representative wetlands with a high bio-
diversity value. 

 

Figure 1.2 Spanish wetland with high biodiversity value 
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1.2 Definitions 

Defining wetlands has long been a problematic task, partly due to the diversity of 
environments, which are permanently or seasonally influenced by water, but also 
due to the specific requirements of the diverse groups of people involved with the 
study and management of these habitats. The Ramsar Convention, which brought 
wetlands to the attention of the international community, proposed the following 
definition (Convention on Wetlands of International Importance Especially as 
Waterfowl Habitat 1971): “Wetlands are areas of marsh, fen, peatland or water, 
whether natural or artificial, permanent or temporary, with water that is static or 
flowing, fresh, brackish or salt, including areas of marine water, the depth of 
which at low tide does not exceed six meters.” 

Another, more succinct, definition is as follows (Smith 1980): “Wetlands are 
a half-way world between terrestrial and aquatic ecosystems and exhibit some of 
the characteristics of each.” 

This complements the Ramsar description since wetlands are at the interface 
between water and land. This concept is particularly important in areas where 
wetlands may only be ‘wet’ for relatively short periods of time during a year, such 
as in areas of the tropics with marked wet and dry seasons. 

These definitions put an emphasis on the ecological importance of wetlands. 
However, the natural water purification processes occurring within these systems 
have become increasingly relevant to those people involved with the practical use 
of constructed or even semi-natural wetlands for water and wastewater treatment. 
There is no single accepted ecological definition of wetlands. However, wetlands 
are usually characterized by the presence of water, unique soils that differ from 
upland soils, and the presence of vegetation adapted to saturated conditions. 

Whichever definition is adopted, it can be seen that wetlands encompass a wide 
range of hydrological and ecological types, from high-altitude river sources to 
shallow coastal regions, in each case being affected by prevailing climatic condi-
tions. For the purpose of this text, however, the main emphasis will be upon wet-
land systems in a temperate climate. 

1.3 Hydrology of Wetlands 

The biotic status of a wetland is intrinsically linked to the hydrological factors by 
which it is affected. These affect the nutrient availability as well as physico-chem-
ical variables such as soil and water pH, and anaerobiosis within soils. In turn, 
biotic processes will have an impact upon the hydrological conditions of a wetland. 

Water is the hallmark of wetlands. Therefore, it is not surprising that the input 
and output of water (i.e., water budget; see below) of these systems determine the 
biochemical processes occurring within them. The net result of the water budget 
(hydroperiod) may show great seasonal variations, but ultimately delineates wet-
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lands from terrestrial and fully aquatic ecosystems. Wetlands in warm climates are 
in danger of drying out (Figure 1.3). This is likely to become an increasing prob-
lem if climate change can not be mitigated. 

From an ecological point of view, as well as an engineering one, the impor-
tance of hydrology cannot be overstated, as it defines the species diversity, pro-
ductivity and nutrient cycling of specific wetlands. That is to say, hydrological 
conditions must be considered, if one is interested in the species richness of flora 
and fauna, or if the interest lies in utilizing wetlands for pollution control. 

The stability of particular wetlands is directly related to their hydroperiod; that 
is the seasonal shift in surface and sub-surface water levels. The terms flood dura-
tion and flood frequency refer to wetlands that are not permanently flooded and 
give some indication of the time period involved in which the effects of inundation 
and soil saturation will be most pronounced. 

Of particular relevance to riparian wetlands is the concept of flooding pulses. 
These pulses cause the greatest difference in high and low water levels, and bene-
fit wetlands by the inflow of nutrients and washing out of waste matter. These 
sudden and high volumes of water can be observed on a periodic or seasonal basis. 
It is particularly important to appreciate this natural fluctuation and its effects, 
since wetland management often attempts to control the level by which waters rise 
and fall. Such manipulation might be due to the overemphasis placed on water and 
its role in the lifecycles of wetland flora and fauna, without considering the fact 
that such species have evolved in such an unstable environment. 

In general terms, wetlands are most widespread in those parts of the world 
where precipitation exceeds water loss through evapotranspiration and surface 
runoff. The contribution of precipitation to the hydrology of a wetland is influ-
enced by a number of factors. Precipitation such as rain and snow often passes 
through a canopy of vegetation before it becomes part of the wetland. The volume 
of water retained by this canopy is termed interception. Variables such as precipi-

 

Figure 1.3 Spanish wetland that regularly dries out during summer 
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tation intensity and vegetation type will affect interception, for which median 
values of several studies have been calculated as about 10% for deciduous forests 
and roughly 30% for coniferous woodland. The precipitation that remains to reach 
the wetland is termed the through-fall. This is added to the stem-flow, which is the 
water running down vegetation stems and trunks, generally considered a minor 
component of a wetland water budget (Scholz 2006). 

1.4 Wetland Chemistry 

Because wetlands are associated with waterlogged soils, the concentration of oxy-
gen within sediments and the overlying water is of critical importance. The rate of 
oxygen diffusion into water and sediment is slow, and this (coupled with microbial 
and animal respiration) leads to near anaerobic sediments within many wetlands. 
These conditions favor rapid peat build-up since decomposition rates and inorganic 
content of soils are low. Furthermore, the lack of oxygen in such conditions affects 
the aerobic respiration of plant roots and influences plant nutrient availability. 
Wetland plants have consequently evolved to be able to exist in anaerobic soils. 

While the deeper sediments are generally anoxic, a thin layer of oxidized soil 
usually exists at the soil–water interface. The oxidized layer is important, since it 
permits the oxidized forms of prevailing ions to exist. This is in contrast to the 
reduced forms occurring at deeper levels of soil. The state of reduction or oxida-
tion of iron, manganese, nitrogen, and phosphorus ions determines their role in 
nutrient availability and also toxicity. The presence of oxidized ferric iron gives 
the overlying wetland soil a brown coloration, while reduced sediments have un-
dergone ‘gleying,’ a process by which ferrous iron gives the sediment a blue-grey 
tint (Scholz 2006). 

Therefore, the level of reduction of wetland soils is important in understanding 
the chemical processes that are most likely to occur in the sediment and influence 
the water column above. The most practical way to determine the reduction state 
is by measuring the redox potential, also called the oxidation-reduction potential, 
of the saturated soil or water. The redox potential quantitatively determines 
whether a soil or water sample is associated with a reducing or oxidizing environ-
ment. Reduction is the release of oxygen and gain of an electron (or hydrogen), 
while oxidation is the reverse; i.e., the gain of oxygen and loss of an electron. 

Oxidation (and therefore decomposition) of organic matter (a much reduced 
material) occurs in the presence of any electron acceptor, particularly oxygen, but 
the rate will be slower in comparison with oxygen. Redox potentials are affected 
by pH and temperature, which influences the range at which particular reactions 
occur. 

Organic matter within wetlands is usually degraded by aerobic respiration or 
anaerobic processes (e.g., fermentation and methanogenesis). Anaerobic degrada-
tion of organic matter is less efficient than decomposition occurring under aerobic 
conditions. 
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Fermentation is the result of organic matter acting as the terminal electron ac-
ceptor (instead of oxygen as in aerobic respiration). This process forms low-
molecular-weight acids (e.g., lactic acid), alcohols (e.g., ethanol), and carbon 
dioxide. Therefore, fermentation is often central in providing further biodegrad-
able substrates for other anaerobic organisms in waterlogged sediments. 

The sulfur cycle is linked with the oxidation of organic carbon in some wet-
lands, particularly in sulfur-rich coastal systems. Low-molecular-weight organic 
compounds that result from fermentation (e.g., ethanol) are utilized as organic 
substrates by sulfur-reducing bacteria during the conversion of sulfate to sulfide. 

The prevalence of anoxic conditions in most wetlands has led to their playing a 
particularly important role in the release of gaseous nitrogen from the lithosphere 
and hydrosphere to the atmosphere through denitrification. However, the various 
oxidation states of nitrogen within wetlands are also important to the biogeochem-
istry of these environments. 

Nitrates are important terminal electron acceptors after oxygen, making them 
relevant in the process of oxidation of organic matter. The transformation of nitro-
gen within wetlands is strongly associated with bacterial action. The activity of 
particular bacterial groups is dependent on whether the corresponding zone within 
a wetland is aerobic or anaerobic. 

Within flooded wetland soils, mineralized nitrogen occurs primarily as ammo-
nium, which is formed through ammonification, the process by which organically 
bound nitrogen is converted into ammonium under aerobic or anaerobic condi-
tions. Soil-bound ammonium can be absorbed through rhizome and root systems 
of macrophytes and reconverted into organic matter, a process that can also be 
performed by anaerobic microorganisms. 

The oxidized top layer present in many wetland sediments is crucial in prevent-
ing the excessive build-up of ammonium. A concentration gradient will be estab-
lished between the high concentration of ammonium in the lower reduced sedi-
ments and the low concentration in the oxidized top layer. This may cause a 
passive flow of ammonium from the anaerobic to the aerobic layer, where micro-
biological processes convert the ion into other forms of nitrogen. 

In some wetlands, nitrogen may be derived through nitrogen fixation. In the 
presence of the enzyme nitrogenase, nitrogen gas is converted into organic nitro-
gen by organisms such as aerobic or anaerobic bacteria and cyanobacteria (blue-
green algae). Wetland nitrogen fixation can occur in the anaerobic or aerobic soil 
layer, overlying water, rhizosphere of plant roots, and on leaf or stem surfaces. 
Cyanobacteria may contribute significantly to nitrogen fixation. 

In wetland soils, phosphorus occurs as soluble or insoluble, organic or inor-
ganic complexes. Its cycle is sedimentary rather than gaseous (as with nitrogen) 
and predominantly forms complexes within organic matter in peatlands or inor-
ganic sediments in mineral soil wetlands. Most of the phosphorus load in streams 
and rivers may be present in particulate inorganic form. 

Soluble reactive phosphorus (SRP) is the analytical term given to biologically 
available ortho-phosphate, which is the primary inorganic form. The availability 
of phosphorus to plants and microconsumers is limited. Under aerobic conditions, 
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insoluble phosphates are precipitated with ferric iron, calcium, and aluminum. 
Phosphates are adsorbed onto clay particles, organic peat, and ferric and aluminum 
hydroxides and oxides. Furthermore, phosphorus is bound-up in organic matter 
through incorporation into bacteria, algae, and vascular macrophytes (Scholz 
2006). 

There are three general conclusions about the tendency of phosphorus to pre-
cipitate with selected ions. In acid soils, phosphorus is fixed as aluminum and iron 
phosphates. In alkaline soils, phosphorus is bound by calcium and magnesium. 
Finally, the bioavailability of phosphorus is greatest at neutral to slightly acid pH. 

The phosphorus availability is altered under anaerobic wetland soil conditions. 
The reducing conditions that are typical of flooded soils do not directly affect 
phosphorus. However, the association of phosphorus with other elements that 
undergo reduction has an indirect effect upon the phosphorus in the environment. 
For example, as ferric iron is reduced to the more soluble ferrous form, phospho-
rus as ferric phosphate is released into solution. Phosphorus may also be released 
into solution by a pH change brought about by organic, nitric, or sulfuric acids 
produced by chemosynthetic bacteria. Phosphorus sorption to clay particles is 
greatest under strongly acidic to slightly acidic conditions. 

The physical, chemical, and biological characteristics of a wetland system af-
fect the solubility and reactivity of different forms of phosphorus. Phosphate solu-
bility is regulated by temperature, pH, redox potential, the interstitial soluble 
phosphorus level, and microbial activity. 

Where agricultural land has been converted into wetlands, there can be a tenden-
cy towards solubilization of residual fertilizer phosphorus, which results in a rise 
in the soluble phosphorus concentration in floodwater. This effect can be reduced 
by physico-chemical amendment, applying chemicals such as alum and calcium 
carbonate to stabilize the phosphorus in the sediment of these new wetlands. 

The redox potential has a significant impact on the dissolved reactive phospho-
rus of chemically amended soils. The redox potential can vary with fluctuating 
water table levels and hydraulic loading rates. Dissolved phosphorus concentra-
tions are relatively high under reduced conditions and decrease with increasing 
redox potential. Iron compounds are particularly sensitive to the redox potential, 
resulting in the chemical amendment of wetland soils. Furthermore, alum and 
calcium carbonate are suitable to bind phosphorus even during fluctuating redox 
potentials. 

Macrophytes assimilate phosphorus predominantly from deep sediments, 
thereby acting as nutrient pumps. The most important phosphorus retention path-
way in wetlands is via physical sedimentation. Most phosphorus taken from sedi-
ments by macrophytes is reincorporated into the sediment as dead plant material, 
and therefore remains in the wetland indefinitely. Macrophytes can be harvested 
as a means to enhance phosphorus removal in wetlands. When macrophytes are 
harvested at the end of the growing season, phosphorus can be removed from the 
internal nutrient cycle within wetlands (Scholz 2006). 

Moreover, models showed a phosphorus removal potential of three-quarters of 
that of the phosphorus inflow. Therefore, harvesting would reduce phosphorus 
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levels in upper sediment layers and drive phosphorus movement into deeper lay-
ers, particularly the root zone. In deep layers of sediment, the phosphorus sorption 
capacity increases along with a lower desorption rate. 

In wetlands, sulfur is transformed by microbiological processes and occurs in 
several oxidation stages. Reduction may occur if the redox potential is slightly 
negative. Sulfides provide the characteristic ‘bad egg’ odor of wetland soils. 

Assimilatory sulfate reduction is accomplished by obligate anaerobes such as 
Desulfovibrio spp. Bacteria may use sulfates as terminal electron acceptors in 
anaerobic respiration in a wide pH range, but they are highest around neutral. 
Furthermore, the greatest loss of sulfur from freshwater wetland systems to the 
atmosphere is via hydrogen sulfide. 

Oxidation of sulfides to elemental sulfur and sulfates can occur in the aerobic 
layer of some soils and is carried out by chemoautotrophic (e.g., Thiobacillus spp.) 
and photosynthetic microorganisms. Thiobacillus spp. may gain energy from the 
oxidation of hydrogen sulfide to sulfur and, further, by certain other species of the 
genus, from sulfur to sulfate. 

In the presence of light, photosynthetic bacteria, such as purple sulfur bacteria 
of salt marshes and mud flats, produce organic matter. This is similar to the famil-
iar photosynthesis process, except that hydrogen sulfide is used as the electron 
donor instead of water. 

The direct toxicity of free sulfide in contact with plant roots has been noted. 
There is a reduced toxicity and availability of sulfur for plant growth if it precipi-
tates with trace metals. For example, the immobilization of zinc and copper by 
sulfide precipitation is well known. 

The input of sulfates to freshwater wetlands, in the form of Aeolian dust or as 
anthropogenic acid rain, can be significant. Sulfate deposited on wetland soils may 
undergo dissimilatory sulfate reduction by reaction with organic substrates. 

Protons consumed during this reaction generate alkalinity. This leads to an in-
crease in pH with depth in wetland sediments. It has been suggested that this ‘al-
kalinity effect’ can act as a buffer in acid-rain-affected lakes and streams.  

The sulfur cycle can vary greatly within different zones of a particular wetland. 
The variability in the sulfur cycle within the watershed can affect the distribution 
of reduced sulfur stored in soil. This change in local sulfur availability can have 
marked effects upon stream water over short distances. 

1.5 Wetland System Mass Balance 

The general mass balance for a wetland system, in terms of chemical pathways, 
uses the following main pathways: inflows, intra-system cycling, and outflows. 
The inflows are mainly through hydrologic pathways such as precipitation (parti-
cularly urban), surface runoff, and groundwater. The photosynthetic fixation of 
both atmospheric carbon and nitrogen is an important biological pathway. Intra-
system cycling is the movement of chemicals in standing stocks within wetlands, 
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such as litter production and remineralization. Translocation of minerals within 
plants is an example of the physical movement of chemicals. Outflows involve 
hydrologic pathways, but also include the loss of chemicals to deeper sediment 
layers, beyond the influence of internal cycling (although the depth at which this 
threshold occurs is not certain). Furthermore, the nitrogen cycle plays an important 
role in outflows, such as nitrogen gas lost as a result of denitrification. However, 
respiratory loss of carbon is also an important biotic outflow. 

There is great variation in the chemical balance from one wetland to another. 
Wetlands act as sources, sinks, or transformers of chemicals depending on wetland 
type, hydrological conditions, and length of time the wetland has received chem-
ical inputs. As sinks, the long-term sustainability of this function is associated 
with hydrologic and geomorphic conditions as well as the spatial and temporal 
distribution of chemicals within wetlands. 

Particularly in temperate climates, seasonal variation in nutrient uptake and re-
lease is expected. Chemical retention will be greatest in the growing seasons (spring 
and summer) due to higher rates of microbial activity and macrophyte productivity. 

The ecosystems connected to wetlands affect and are affected by the adjacent 
wetland. Upstream ecosystems are sources of chemicals, while those downstream 
may benefit from the export of certain nutrients or the retention of particular 
chemicals. 

Nutrient cycling in wetlands differs from that in terrestrial and aquatic systems. 
More nutrients are associated with wetland sediments than with most terrestrial 
soils, while benthic aquatic systems have autotrophic activity, which relies more 
on nutrients in the water column than in sediments. 

The ability of wetland systems to remove anthropogenic waste is not limitless. 
It follows that treatment wetlands may become saturated with certain contami-
nants and act rather as sources than sinks of corresponding pollutants. 

1.6 Macrophytes in Wetlands 

Wetland plants are often central to wastewater treatment wetlands. The following 
requirements of plants should be considered for use in such systems: 

• ecological adaptability; 
• tolerance of local conditions in terms of climate, pests, and diseases; 
• tolerance of pollutants; 
• resilience to hypertrophic waterlogged conditions; 
• ready propagation, rapid establishment, spread, and growth; 
• high pollutant removal capacity; and 
• direct assimilation or indirect enhancement of nitrification, denitrification, and 

other microbial processes. 

Interest in macrophyte systems for sewage treatment by the water industry 
dates back to the 1980s. The ability of different macrophyte species and their 
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assemblages within systems to most efficiently treat specific wastewaters has been 
proven. The dominant species of macrophyte varies from locality to locality. The 
number of genera (e.g., Phragmites spp., Typha spp., and Scirpus spp.) common to 
all temperate locations is great. 

The improvement of water quality with respect to key water quality variables 
including BOD, COD, total SS, nitrates, and phosphates has been proven. How-
ever, relatively little work has been conducted on the enteric bacteria removal 
capability of macrophyte systems. 

There have been many studies conducted to determine the primary productivity 
of wetland macrophytes, although estimates have generally tended to be fairly 
high. Little of aquatic plant biomass is consumed as live tissue; it rather enters the 
pool of particulate organic matter following tissue death. The breakdown of this 
material is consequently an important process in wetlands and other shallow aqua-
tic habitats. Litter breakdown has been studied along with intensive work on 
P. australis, one of the most widespread aquatic macrophytes. 

There has been an emphasis on studying the breakdown of aquatic macrophytes 
in a way that most closely resembles that of natural plant death and decomposi-
tion, principally by not removing plant tissue from macrophyte stands. Many spe-
cies of freshwater plants exhibit the so-called ‘standing-dead’ decay, which de-
scribes the observation of leaves remaining attached to their stems after 
senescence and death. Different fractions (leaf blades, leaf sheaths, and culms) of 
P. australis differ greatly in structure and chemical composition and may exhibit 
different breakdown rates, patterns, and nutrient dynamics. 

P. australis (Cav.) Trin. ex Steud. (common reed), formerly known as Phrag-
mites communis (Norfolk reed), is a member of the large family Poaceae (roughly 
8000 species within 785 genera). The common reed occurs throughout most of 
Europe and is distributed worldwide. It may be found in permanently flooded soils 
of still or slowly flowing water. This emergent plant is usually firmly rooted in 
wet sediment but may form lightly anchored rafts of ‘hover reed.’ 

It tends to be replaced by other species at drier sites. The density of this macro-
phyte is reduced by grazing (e.g., consumption by waterfowl) and may then be 
replaced by other emergent species such as Phalaris arundinacea L. (reed canary 
grass). 

P. australis is a perennial, and its shoots emerge in spring. Hard frost kills these 
shoots, illustrating the tendency for reduced vigor towards the northern end of its 
distribution. The hollow stems of the dead shoots in winter are important in trans-
porting oxygen to the relatively deep rhizosphere. 

Reproduction in closed stands of this species is mainly by vegetative spread, al-
though seed germination enables the colonization of open habitats. Detached 
shoots often survive and regenerate away from the main stand. 

The common reed is most frequently found in nutrient-rich sites and absent 
from the most oligotrophic zones. However, the stems of this species may be 
weakened by nitrogen-rich water and are consequently more prone to wind and 
wave damage. 
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Typha latifolia L. (cattail, reedmace, or bulrush) is a species belonging to the 
small family Typhaceae. This species is widespread in temperate parts of the 
northern hemisphere, but extends to South Africa, Madagascar, Central America, 
and the West Indies, and has been naturalized in Australia. T. latifolia is typically 
found in shallow water or on exposed mud at the edges of lakes, ponds, canals, 
and ditches and less frequently near fast flowing water. This species rarely grows 
at water depths of >0.3 m, where it is frequently replaced (outcompeted) by 
P. australis. 

Reedmace is a shallow-rooted perennial producing shoots throughout the grow-
ing season that subsequently die in autumn. Colonies of this species expand by 
rhizomatous growth at rates of about 4 m/a, while detached portions of rhizome 
may float and establish new colonies. In contrast, colony growth by seeds is less 
likely. Seeds require moisture, light, and relatively high temperatures to germi-
nate, although this may occur in anaerobic conditions. Where light intensity is 
low, germination is stimulated by temperature fluctuation. 

1.7 Physical and Biochemical Parameters 

The key physico-chemical parameters relevant for wetland systems include the 
BOD, turbidity, and the redox potential. The BOD is an empirical test to deter-
mine the molecular oxygen used during a specified incubation period (usually 5 d) 
for the biochemical degradation of organic matter (carbonaceous demand) and the 
oxygen used to oxidize inorganic matter (e.g., sulfides and ferrous iron). An ex-
tended test (up to 25 d) may also measure the amount of oxygen used to oxidize 
reduced forms of nitrogen (nitrogenous demand), unless this is prevented by an 
inhibitor chemical. 

Turbidity is a measure of the cloudiness of water, caused predominantly by 
suspended material such as clay, silt, organic and inorganic matter, plankton and 
other microscopic organisms, and scattering and absorbing light. Turbidity in 
wetlands and lakes is often due to colloidal or fine suspensions, while in fast-
flowing waters, the particles are larger and turbid conditions are prevalent pre-
dominantly during floods. 

The redox potential is another important water quality control parameter for 
monitoring wetlands. The reactivities and mobilities of elements such as iron, 
sulfur, nitrogen, carbon, and a number of metallic elements depend strongly on the 
redox potential conditions. Reactions involving electrons and protons are pH- and 
redox potential-dependent. Chemical reactions in aqueous media can often be 
characterized by pH and the redox potential together with the activity of dissolved 
chemical species. 

The redox potential is a measure of intensity and does not represent the capac-
ity of the system for oxidation or reduction. The interpretation of the redox poten-
tial values measured in the field is limited by a number of factors including irre-
versible reactions, ‘electrode poisoning,’ and multiple redox couples. 
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1.8 Constructed Treatment Wetlands 

Natural wetlands usually improve the quality of water passing through them, ef-
fectively acting as ecosystem filters. In comparison, most constructed wetlands are 
artificially created wetlands used to treat water pollution in its variety of forms. 
Therefore, they fall into the category of constructed treatment wetlands. Treatment 
wetlands are solar-powered ecosystems. Solar radiation varies diurnally, as well as 
on an annual basis.  

Constructed wetlands are designed for the purpose of removing bacteria, en-
teric viruses, SS, BOD, nitrogen (predominantly as ammonia and nitrate), metals, 
and phosphorus. Two general types of constructed wetlands are usually commis-
sioned in practice: surface-flow (i.e., horizontal-flow) and sub-surface-flow (e.g., 
vertical-flow) wetlands. 

Surface-flow constructed wetlands most closely mimic natural environments 
and are usually more suitable for wetland species because of permanent standing 
water. In sub-surface-flow wetlands, water passes laterally through a porous me-
dium (usually sand and gravel) with a limited number of macrophyte species. 
These systems often have no standing water. 

Constructed treatment wetlands can be built at, above, or below the existing 
land surface if an external water source is supplied (e.g., wastewater). The grading 
of a particular wetland in relation to the appropriate elevation is important for the 
optimal use of the wetland area in terms of water distribution. Soil type and 
groundwater level must also be considered if long-term water shortage is to be 
avoided. Liners can prevent excessive desiccation, particularly where soils have a 
high permeability (e.g., sand and gravel) or where there is limited or periodic flow. 

Rooting substrate is also an important consideration for the most vigorous 
growth of macrophytes. A loamy or sandy topsoil layer between 0.2 and 0.3 m in 
depth is ideal for most wetland macrophyte species in a surface-flow wetland. 
A sub-surface-flow wetland will require coarser material such as gravel or coarse 
sand. 

High levels of dissolved organic carbon may enter water supplies where soil 
aquifer treatment is used for groundwater recharge, as the influent for this method 
is likely to come from long hydraulic retention time wetlands. Consequently, there 
is a greater potential for the formation of disinfection byproducts. 

A shorter hydraulic retention time will result in less dissolved organic carbon 
leaching from plant material compared to a longer hydraulic retention time in a 
wetland. Furthermore, dissolved organic carbon leaching is likely to be most sig-
nificant in wetlands designed for the removal of ammonia, which requires a long 
hydraulic retention time. 

A more detailed discussion on constructed treatment wetlands is beyond the 
scope of this introduction section. Readers may wish to consult other textbooks 
such as Scholz (2006). 
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1.9 Constructed Wetlands Used for Storm Water Treatment 

Urban runoff comprises the storm water runoff from urban areas such as roads 
and roofs. Road and car park runoff is often more contaminated with heavy met-
als and organic matter than roof runoff. Runoff is usually collected in gully pots 
that require regular cleaning. Storm water pipes transfer urban runoff either di-
rectly to watercourses or to sustainable (urban) drainage systems (SUDS, also 
called best management practice (BMP) in the USA) such as ponds or wetlands. 
However, urban runoff is frequently only cleaned by silt traps that need to be 
cleaned regularly. 

Conventional storm water systems are designed to dispose of rainfall runoff as 
quickly as possible. This results in ‘end of pipe’ solutions that often involve the 
provision of large interceptor and relief sewers, huge storage tanks in downstream 
locations, and centralized wastewater treatment (Scholz 2006). 

Storm runoff from urban areas has been recognized as a major contributor to 
the pollution of the corresponding receiving urban watercourses. The principal 
pollutants in urban runoff are BOD, SS, heavy metals, deicing salts, hydrocarbons, 
and fecal coliforms. 

In contrast, SUDS such as combined attenuation pond and infiltration basin 
systems can be applied as cost-effective local ‘source control’ drainage solutions, 
e.g., for collection of road runoff. It is often possible to divert all road runoff for 
infiltration or storage and subsequent recycling. As runoff from roads is a major 
contributor to the quantity of surface water requiring disposal, this is a particularly 
beneficial approach where suitable ground conditions prevail. Furthermore, infil-
tration of road runoff can reduce the concentration of diffuse pollutants such as 
oil, leaves, metals, and feces, thereby improving the quality of surface water run-
off (Scholz 2006). 

Although various conventional methods have been applied to treat storm water, 
most technologies are not cost-effective or are too complex. Constructed wetlands 
integrated into a BMP concept are a sustainable means of treating storm water and 
have proven to be more economical (e.g., construction and maintenance) and en-
ergy efficient than traditional centralized treatment systems. Furthermore, wet-
lands enhance biodiversity and are less susceptible to variations of loading rates. 

Contrary to standard domestic wastewater treatment technologies, storm water 
(e.g., gully pot liquor and effluent) treatment systems have to be robust to highly 
variable flow rates and water quality variations. The storm water quality depends 
on the load of pollutants present on the road and the corresponding dilution by 
each storm event. 

In contrast to standard horizontal-flow constructed treatment wetlands, vertical-
flow wetlands are flat and intermittently flooded and drained, allowing air to refill 
the soil pores within the bed. While it has been recognized that vertical-flow con-
structed wetlands usually have higher removal efficiencies with respect to organic 
pollutants and nutrients in comparison to horizontal-flow wetlands, denitrification 
is less efficient in vertical-flow systems. When the wetland is dry, oxygen (as part 
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of the air) can enter the top layer of debris and sand. The following incoming flow 
of runoff will absorb the gas and transport it to the anaerobic bottom of the wet-
land (Scholz 2006). 

Heavy metals within storm water are associated with fuel additives, car body 
corrosion, and tire and brake wear. Common metal pollutants from cars include 
copper, nickel, lead, zinc, chromium, and cadmium. Metals occur in soluble, col-
loidal, or particulate forms. Heavy metals are most bioavailable when they are 
soluble, either in ionic or weakly complexed form. 

There have been many studies on the specific filter media within constructed 
wetlands to treat heavy metals economically, e.g., limestone, lignite, activated 
carbon, peat, and leaves. Metal bioavailability and reduction are controlled by 
chemical processes including acid volatile sulfide formation and organic carbon 
binding and sorption in reduced sediments of constructed wetlands. It follows that 
metals usually accumulate in the top layer (fine aggregates, sediment, and litter) of 
vertical-flow and near the inlet of horizontal-flow constructed treatment wetlands. 

Physical and chemical properties of the wetland soil and aggregates affecting 
metal mobilization include particle size distribution (texture), redox potential, pH, 
organic matter, salinity, and the presence of inorganic matter such as sulfides and 
carbonates. The cation exchange capacity of maturing wetland soils and sediments 
tends to increase as the texture becomes finer because more negatively charged 
binding sites are available. Organic matter has a relatively high proportion of 
negatively charged binding sites. Salinity and pH can influence the effectiveness 
of the cation exchange capacity of soils and sediments because the negatively 
charged binding sites will be occupied by a high number of sodium or hydrogen 
cations. 

Sulfides and carbonates may combine with metals to form relatively insoluble 
compounds. In particular, the formation of metal sulfide compounds may provide 

 

Figure 1.4 Experimental ponds located in Edinburgh for treatment of road runoff 
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long-term heavy metal removal, because these sulfides will remain permanently in 
the wetland sediments as long as they are not reoxidized. 

Combined wetlands and infiltration basins are cost-effective ‘end of pipe’ 
drainage solutions that can be applied to local source control. The aim is often to 
assess constraints associated with the design and operation of these systems, the 
influence of wetland plants on infiltration rates, and the water treatment potential. 
Road runoff may first be stored and treated in a constructed wetland before it is 
overflowed into parallel infiltration basins of which one can be planted and the 
other could be left unplanted (Figure 1.4). 

Combined wet and dry ponds as cost-effective ‘end of pipe’ drainage solutions 
can be applied to local source control; e.g., diversion or collection of roof drainage 
(Figure 1.5). It is often possible to divert all roof drainage for infiltration or stor-
age and subsequent recycling. As runoff from roofs is a major contributor to the 
quantity of surface water requiring disposal, this is a particularly beneficial ap-
proach where suitable ground conditions prevail. 

Furthermore, roof runoff water is usually considered to be cleaner than road 
runoff water. However, diffuse pollution from the atmosphere and degrading 
building materials can have a significant impact on the water quality of any sur-
face water runoff. 

Gully pots can be viewed as simple physical, chemical, and biological reactors. 
They are particularly effective in retaining suspended solids. Currently, gully pot 
effluent is extracted once or twice per annum from road drains and transported 
(often over long distances) for treatment at sewage works. A more sustainable 
solution would be to treat gully pot effluent locally in potentially sustainable con-
structed wetlands, reducing transport and treatment costs. Furthermore, gully pot 
effluent treated with constructed wetlands can be recycled for the cleansing of 
gully pots and washing of wastewater tankers.  

 

Figure 1.5 Experimental ponds located near Bradford, UK, for treating roof runoff 



16 1 Introduction to Wetland Systems 

Heavy metals within urban runoff are associated with fuel additives, car body 
corrosion, and tire and brake wear. Common metal pollutants from road vehicles 
include lead, zinc, copper, chromium, nickel, and cadmium. 

Storm water runoff is usually transferred within a combined sewer (rainwater 
and sewage) or separate storm water pipeline. Depending on the degree of pollu-
tion, it may require further conventional treatment at the wastewater treatment 
plant. Alternatively, storm water runoff may be treated by more sustainable tech-
nology including storm water ponds or simply by disposing of it via ground infil-
tration or drainage into a local watercourse (Scholz 2006).  

Common preliminary treatment steps for storm water that is to be disposed into 
a local watercourse are extended storage within the storm water pipeline and trans-
fer through a silt trap (also referred to as a sediment trap). The silt trap is often the 
only active preliminary treatment of surface water runoff despite the fact that 
storm water is frequently contaminated with heavy metals and hydrocarbons. 
Heavy metals within road runoff are associated with fuel additives, car body cor-
rosion, and tire and brake wear (Scholz 2006). 

The dimensioning of silt traps is predominantly based upon the settlement 
properties of the particles and the maximum flow-through velocity. As a general 
rule, the outflow should be located on the same axis as the inflow, so that continu-
ous flow will ensure particle settlement over the full length of the silt trap (Schmitt 
et al. 1999). The structure should be small and simple to keep capital costs low. 

Various international and British guidelines exist for the design of outflow 
structures. In practice, designs vary considerably. However, silt traps are usually 
longer than they are wide by a factor of up to five. Silt trap depths vary considera-
bly but are usually about 40 cm. However, it is often the lack of maintenance con-
cerning outflow structures like silt traps that leads to problems years after the 
structure has been commissioned. Accumulated sediment has to be removed from 
silt traps to retain their original design performance and to avoid resuspension of 
accumulated pollutants during storms, causing pollution in the receiving water 
bodies (Pontier et al. 2001). 

Watercourses in urban (built-up) areas that receive surface water runoff may 
be subject to pollution. This is particularly the case if silt traps, for example, are 
subject to insufficient maintenance (e.g., low frequency of sediment removal). 
Furthermore, the additional water load may contribute to local flooding (Pontier 
et al. 2001). 
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Chapter 2  
Wetland Case Studies 

Abstract This chapter comprises six sections providing an overview of various 
representative and timely wetland case studies. The focus is on the treatment of 
domestic wastewater, farmyard runoff, swine wastewater, wood storage site run-
off, and produced water containing hydrocarbons. Section 2.1 covers integrated 
constructed wetlands (ICW) for treating domestic wastewater. Section 2.2 pro-
vides guidelines for farmyard runoff treatment with farm constructed wetlands 
(FCW), a sub-type of ICW. Moreover, Section 2.3 covers a representative FCW 
case study on farmyard runoff treatment, and Section 2.4 describes ICW treating 
swine wastewater. Section 2.5 reviews wetlands controlling runoff from wood 
storage sites. Finally, Section 2.6 comprises a study reporting on wetlands for the 
treatment of hydrocarbons. All sections look at wetland systems from a holistic 
perspective, highlighting recent research findings relevant for practitioners. This 
chapter does not cover wetland systems such as sustainable (urban) drainage sys-
tems and sustainable flood retention basins used predominantly for flood control 
purposes. These techniques are discussed in detail in Chapter 4.  

2.1 Integrated Constructed Wetlands for Treating 
Domestic Wastewater 

2.1.1 Introduction 

Sustainable wastewater treatment is associated with low energy consumption, low 
capital cost, and, in some situations, low mechanical technology requirements. 
Therefore, wetland treatment systems could be efficient alternatives to conven-
tional treatment systems, especially for small communities, typically rural or sub-
urban areas, due to low treatment and maintenance costs (Scholz et al. 2002; Sou-
kup et al. 1994; Solano et al. 2003; Babatunde et al. 2008). Since the 1990s, 
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wetland systems have been used for treating numerous domestic and industrial 
waste streams including those from the tannery and textile industries, slaughter-
houses, pulp and paper production, agriculture (animal farms and fish farm efflu-
ents), and various runoff waters (agriculture, airports, highways, and storm water) 
(Kadlec et al. 2000; Haberl et al. 2003; Scholz 2006a; Vymazal 2007; Carty et al. 
2008). 

The concept of constructed wetlands applied to the purification of various 
wastewaters has received growing interest and is gaining popularity as a cost-
effective wastewater management option in both developed and developing coun-
tries. Most of these systems are easy to operate, require low maintenance, and 
have low capital investment costs (Machate et al. 1997). 

The treatment efficiency of most constructed wetlands depends on the water ta-
ble level and the dissolved organic concentration of the influent (Reddy and 
D’Angelo 1997). The water level within most wetland systems (except for tidal 
vertical-flow constructed wetlands (Scholz 2006a)) is permanently kept above the 
wetland soils to create fully saturated soil conditions, generally resulting in high 
contaminant removal efficiencies. The treatment efficiencies of wetlands varies 
depending on the wetland design, type of wetland system, climate, vegetation, and 
microbial communities (Vacca et al. 2005; Ström and Christensen 2007; Picek 
et al. 2007; Weishampel et al. 2009). 

The ICW concept was developed not only to address water pollution from dif-
ferent sources including domestic, industrial, and agricultural, but also to provide 
ecological services by restoring potentially lost environmental infrastructure in-
cluding wetlands. The main features of ICW are shallow water depth, emergent 
vegetation, and the use of in situ soils that imitate those found in natural wetland 
ecosystems. No artificial liners (e.g., plastic or concrete) are used in the construc-
tion of ICW. Scholz et al. (2007a, b) and Babatunde et al. (2008) described the 
detailed concept and removal processes of these robust, sustainable, and synergis-
tic systems by elucidating case studies in Ireland. Wastewater treatment in ICW 
systems takes place through various physical, chemical, and biological processes 
involving plants, microorganisms, water, soil, and sunlight (Kadlec and Knight 
1996; Scholz 2006a; Mitsch and Gosselink 2007). 

Although constructed wetlands are mechanically simple treatment systems, the 
passive treatment processes that remove contaminants are intricate; for instance, 
the hydrology, microbiology, and water chemistry are complex and intercon-
nected. Research conducted on these systems demonstrates high removal percent-
ages for 5-d biochemical oxygen demand (BOD), chemical oxygen demand 
(COD), suspended solids (SS), and pathogens, whereas nutrient removal percent-
ages are usually low and variable. Mitsch and Gosselink (2007) claimed that effec-
tive nutrient removal could be achieved after a few growing seasons because of 
the lack of well-developed below- and aboveground plant–microbial interactions 
during the initial seasons. It is a common notion that the nutrient removal effi-
ciency of constructed treatment wetlands decreases with age, especially for phos-
phorus removal as the mineral sediment becomes fully saturated; i.e., no free ad-
sorption sites remain (Kadlec 1999). 
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Most previous studies were based on either pilot plant-scale or laboratory-scale 
experimental systems. Very few studies have been carried out on the assessment 
of performance of full-scale constructed wetlands treating domestic wastewater. 
There is currently no information on the performance of new and mature ICW 
systems treating domestic wastewater in the public domain. The purpose of this 
study was thus: 

• to assess for the first time the treatment performance of an ICW system treating 
domestic wastewater on an industrial scale after 1 year of operation; 

• to compare for the first time the annual and seasonal treatment efficiency of 
a full-scale mature and new ICW system; and 

• to investigate the impacts of potential contamination of nearby surface waters 
and groundwater, taking into consideration that an artificial liner is not present. 

2.1.2 Materials and Methods 

2.1.2.1 Site Description 

The case study systems comprise two ICW for treating domestic wastewater in 
Ireland. The ICW in Glaslough (Figures 2.1 and 2.2) is situated in the County 
of Monaghan (northern part of the Republic of Ireland), at a longitude of 
06°53′37.94″W and a latitude of 54°19′6.01″N. The typical annual rainfall is 
approx. 970 mm over the last 50 years. However, the mean annual rainfall of 
1256 mm was exceptionally high in 2008. 

The system was commissioned in October 2007. Its purpose is to treat sewage 
and to contribute to the improvement of the water quality of the Mountain Water 
River. The inflow rate ranges between approx. 85 and 105 m3/d. The correspond-
ing outflow (approx. between 1 and 50 m3/d) was very low due to evapotranspira-
tion and infiltration of treated wastewater. The dilution of the wastewater due to 
rainfall on the wetlands is roughly between 35 and 65%, depending very much on 
the season and daily flow fluctuations. 

The Glaslough ICW system has a design capacity equivalent to 1750 inhabi-
tants and covers a total area of 6.74 ha. The water surface area of the constructed 
cells is 3.25 ha. 

The ICW in Glaslough (Figure 2.1) consists of a small pumping station, two 
sludge cells, and five shallow vegetated cells. Domestic sewage from the village is 
pumped to the pumping station on site and from there to one of the sludge cells. 
There are two sludge collection cells that can be operated alternately to allow for 
subsequent desludging of the other cell if it is not in operation. From the sludge 
cell the wastewater flows by gravity through the five vegetated cells and the efflu-
ent finally discharges directly to the adjacent Mountain Water River. The wetlands 
were planted with Carex riparia, Curtis, Phragmites australis, (Cav.) Trin. ex 
Steud., Typha latifolia, L., Iris pseudacorus L., Glyceria maxima (Hartm.) 
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Holmb., Glyceria fluitans (L.) R. Br., Juncus effusus L., Sparganium erectum 
L. emend Rchb, Elisma natans (L.) Raf. and Scirpus pendulus, Muhl. The ICW is 
flanked by the Mountain Water River and the Glaslough Stream.  

 

Figure 2.2 Wetland cell in Glaslough, near Monaghan, Ireland 
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Figure 2.1 Sketch showing groundwater and surface water monitoring and inlet and outlet points 
for the integrated constructed wetland in Glaslough, near Monaghan, Ireland 
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Figure 2.3 Sketch showing groundwater and surface water monitoring and inlet and outlet points 
for the integrated constructed wetland system in Dunhill, near Waterford, Ireland 

The ICW system in Dunhill (County Waterford, southeastern part of Ireland) is 
situated at a longitude of 07◦02'40"W and a latitude of 52°11'28"N (Figures 2.3 
and 2.4). The typical annual rainfall is approx. 1000 mm. Until 2000, sewage at 
Dunhill village was directed to a wastewater treatment plant (septic tank system). 

 

Figure 2.4 Integrated constructed wetland system in Dunhill, near Waterford, Ireland 
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In late 2000, the system was upgraded with the help of an ICW system that was 
fully operational by February 2001. The wastewater inflow was approx. 40 m3/d. 
The corresponding outflow was roughly 24 m3/d. Dilution of the wastewater due 
to rainfall is approx. between 5 and 20%, depending on season. However, detailed 
daily flow values are not available for this complex open system. 

The main purpose was to treat sewage and to contribute to the improvement of 
the water quality of the Annestown stream. The system has a total area of 0.3 ha. 
The primary vegetation types used in the ICW are emergent plant species (helo-
phytes). The system is gravity-fed and therefore has no energy consumption. 
Wastewater from households is collected via the sewage system and then trans-
ported to the wetland system. A single influent entry point is located in the first 
cell. The ICW system was based on four cells operating in series. The final efflu-
ent enters the Annestown stream via the outlet of the final ICW cell. 

2.1.2.2 Sampling and Analytical Methods 

Grab samples for the inlet and outlet of each wetland cell were taken approx. quar-
terly at the ICW in Dunhill, while a substantial suite of hi-tech automatic sampling 
and monitoring instrumentation has been used for approx. weekly sampling at the 
ICW in Glaslough: ISCO 4700 Refrigerated Automatic Wastewater Sampler (Tele-
dyne Isco, Nebraska, USA), Siemens Electromagnetic Flow Meter F M MAGFLO 
and MAG5000 (Siemens Flow Instruments A/S, Nordborgrej, Nordborg, Den-
mark). Furthermore, both the flow rates (Figure 2.5) and key weather parameters 
(Figure 2.6) were automatically recorded. 

 

Figure 2.5 Computer screenshot of automatic flow recording software output in Glaslough, 
Ireland 



2.1 Integrated Constructed Wetlands for Treating Domestic Wastewater 25 

Furthermore, the Mountain Water River and Glaslough Stream were also moni-
tored (Figure 2.1). Water samples were analyzed for variables including the BOD, 
COD, SS, pH, ammonia nitrogen, nitrate–nitrogen, and molybdate reactive phos-
phorus (MRP; equivalent to SRP) at the Monaghan County Council water labora-
tory using American Public Health Association standard methods (APHA 1998) 
unless stated otherwise. 

All cells consist of one inflow and one outflow structure, and the flow between 
each cell has been controlled by gravity through PVC pipes. Artificial liners were 
not used for both wetlands. However, the subsoil was worked and used as a natu-
ral liner. 

Six piezometric groundwater-monitoring wells (Figure 2.1) were sampled at the 
Glaslough site to monitor the groundwater quality. The wells were placed within 
the ICW system and along the suspected flow path of contaminants towards the 
receiving watercourse. The ICW system was constructed using in situ soils. Sub-
soil obtained from the ICW site was reworked to line the ICW banks and cell beds 
to reduce groundwater infiltration and, subsequently, pollution. When polluted 
water flows through the ICW system, suspended solids settle naturally on the soil 
surface, obstructing infiltration of pollutants through the wetland cells (Kadlec and 
Knight 1996; Scholz 2006a; Wallace and Knight 2006). 

The water table at the ICW site is relatively high (i.e., 1.8 to 2.0 m below the 
ICW beds), so it is very important to monitor the ICW system and ensure that it 
has no negative effect on the groundwater. Six piezometers were placed at vari-
ous depths (between 2.49 and 3.87 m). A site investigation by the Geological 
Survey of Ireland (IGSL Ltd., Unit F, M7 Business Park, Naas, County Kildare, 
Ireland) in September 2005 indicated a soil coefficient of permeability of approx. 

 

Figure 2.6 Computer screenshot of automatic weather station software output in Glaslough, 
Ireland 
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9 × 10–11 m/s. Piezometer 1 near wetland cell 1 (close to a small hill) and piezo-
meter 6 (located across the Glaslough stream) are outside of the ICW system 
(Figure 2.1). 

For the ICW system in Dunhill, two piezometric groundwater-monitoring wells 
were sampled at a depth of 5 m (Figure 2.3). The wells were placed within the 
ICW system and along the suspected flow path of contaminants to assess the risk 
of groundwater contamination. The subsequent water quality analysis for both 
ICW systems was carried out according to APHA (1998). 

The stream water quality adjacent to the ICW systems was regularly monitored 
to assess the impact of ICW on receiving waters and verify that the ICW discharge 
was not polluting the receiving waters. The Mountain Water River is sampled at 
two locations, one upstream and one approx. 400 m downstream of the discharge 
point. Moreover, the Glaslough stream (not a directly receiving watercourse) is 
monitored at three points. 

The Annestown stream near the ICW in Dunhill is also monitored to check for 
compliance with discharge standards. The two sampling points are located approx. 
4 km upstream and 3.5 km downstream of Dunhill village. 

2.1.2.3 Statistical Analyses 

All statistical analyses were carried out using the computer software package Ori-
gin 7.5. A parametric analysis of variance (ANOVA) was used to determine any 
significant (p < 0.05) differences in removal percentages and the seasonal effect on 
water quality for both ICW systems. 

2.1.3 Results and Discussion 

2.1.3.1 Water Quality of the ICW System in Glaslough 

The approximate mean inflow values in Glaslough were as follows: BOD, 
768 ± 451.0 mg/l; COD, 1279 ± 697.8 mg/l; SS, 2184 ± 3844.8 mg/l; ammonia–
nitrogen, 32 ± 11.1 mg/l; nitrate–nitrogen, 5 ± 3.8 mg/l; MRP, 4 ± 2.0 mg/l; pH, 
7 ± 0.4. These values indicate a very high variability of the domestic wastewater 
entering the ICW system (Kayranli et al. 2010). 

However, the ICW system has shown a very good treatment performance, de-
spite being a new (i.e., not mature) system. The ICW system removed approx. 
99% of BOD, 97% of COD, 100% of SS, 99% of ammonia–nitrogen, 94% of 
nitrate–nitrogen, and 99% of MRP during this period. The results show that the 
pollutant removal capacity is very high due to its large wetland size, providing 
high mean retention times. Findings contrast with the general idea that the organic 
matter removal rate increases depending on the constructed wetland’s age (Kadlec 
1999). An increase in age is also associated with an increase in microbial popula-
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tion. Furthermore, microbial biofilm formation on the bed material within the 
wetland leads to higher biological degradation rates (Picard et al. 2005). 

There is very little information on full-scale representative constructed wet-
lands for treating domestic wastewater in the scientific literature. However, nu-
merous studies refer to pilot-scale and microcosm-scale constructed wetlands for 
treating domestic wastewater. Ciria et al. (2005) assessed the role of Typha latifo-
lia L. (reedmace, cattail, or bulrush) in constructed wetlands of 40 m2 each, filled 
with gravel as the supporting medium. Their study showed that BOD and COD 
removal efficiencies were 97 ± 1.2% and 79 ± 0.3% in the first year, respectively, 
and in the second year, the BOD removal efficiency did not change (97 ± 3.0%), 
while the COD removal efficiency increased slightly (81 ± 1.0%). Furthermore, a 
study by Hamouri et al. (2007) achieved removal efficiencies of 78% for COD 
and 79% for BOD with respect to the combination of a two-step up-flow anaerobic 
reactor and sub-surface horizontal-flow constructed wetland (Hamouri et al. 
2007). Between 71 and 75% removal efficiencies for COD and BOD were noted 
for constructed wetlands treating secondary treated sewage (Thomas et al. 1995). 

The main nitrogen removal process within constructed wetland systems in-
clude uptake from plants and other living organisms, sedimentation, nitrification, 
denitrification, ammonia volatilization, and cation exchange for ammonium 
(Newman et al. 1999; Yang et al. 2001; Scholz 2006a; Wallace and Knight 2006; 
Mitsch and Gosselink 2007). Kadlec et al. (2000) have explained that interactions 
between nitrogen on one hand and water, sediment, plant, and biomass on the 
other make it difficult to assess the real efficiency of nitrogen removal due to 
storage in the system. 

The overall ammonia–nitrogen reduction is relatively high in comparison to 
other microcosm wetlands treating domestic wastewater: 76 to 92% for sub-
surface constructed mangroves in Hong Kong (Wu et al. 2008); 52% for a combi-
nation of free surface-flow wetland cells that were fed with municipal lagoon 
effluents in Canada (Cameron et al. 2003); 10 to 20% for a continuous-flow, free 
water surface pilot wetland planted with Lemna gibba L. (duck weed) in Israel 
(Ran et al. 2004); 9% for a sub-surface horizontal-flow constructed wetland in 
Morocco (Hamouri et al. 2007); and 14 to 24% for a constructed wetland treating 
secondary treated sewage in Australia (Thomas et al. 1995). 

Seasonal variations in performance related to nutrient removal were also inves-
tigated. The BOD concentrations within the influent and the effluent were rela-
tively high in summer and autumn compared to other seasons. However, the BOD 
removal efficiency in summer was similar to those of the other seasons. The COD 
concentration in the influent was lower in spring compared to the other seasons. 
However, lower COD concentrations within the effluent (27.0 ± 9.52 mg/l; re-
moval efficiency of 98%) were recorded during winter in comparison with con-
centrations (52.6 ± 53.48 mg/l; removal efficiency 96%) in spring. In contrast, the 
lower effluent concentrations (1.3 ± 1.49 mg/l) were recorded for SS in autumn. 
Hunt and Poach (2001) explain that constructed wetland systems cannot com-
pletely remove carbon and solid compounds because wetland plants produce plant 
litter, which continuously adds carbon and other compounds to the system. 
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The highest ammonia–nitrogen and nitrate–nitrogen concentrations within the 
influent were 35.3 ± 9.87 mg/l in spring and 7.7 ± 2.60 mg/l in summer, respec-
tively. On the other hand, the lowest ammonia–nitrogen and nitrate–nitrogen con-
centrations in the effluent were 0.0 ± 0.15 mg/l in autumn (removal efficiency of 
100%) and 0.2 ± 0.12 mg/l (removal efficiency of 83%) in winter, respectively. 
The effluent ammonia–nitrogen concentrations were slightly higher in winter 
compared to the other seasons. This can be explained by the fact that nitrification 
of ammonia–nitrogen is relatively low in winter due to the lack of oxygen and low 
temperatures, which negatively affect nitrification rates within constructed wet-
lands (Kayranli et al. 2010). Moreover, the effluent nitrate–nitrogen concentration 
was slightly different irrespective of seasonal change, although the influent ni-
trate–nitrogen concentration was considerably higher in summer and autumn than 
in spring and winter. This indicates that the denitrification rate for the system was 
rather high, especially in summer and autumn due to high temperatures, elevated 
microbial activity, and the presence and easy availability of organic carbon. 

Oxygen is generally used for nitrification and organic matter reduction. How-
ever, oxygen is partly generated due to photosynthesis during the daytime and 
supports the oxygen demand for stabilization of organics and nitrification. Plant 
rhizosphere aeration may stimulate aerobic decomposition processes, increasing 
nitrification and subsequent gaseous losses of nitrogen via denitrification and 
decreasing relative levels of dissimilatory nitrate reduction to ammonium (Tanner 
et al. 1995). Microbial activity and plant nutrient uptake within wetlands are both 
directly and indirectly affected by temperature. Nitrification is a temperature-
dependent process. Werker et al. (2002) reported that nitrification rates in con-
structed wetlands become increasingly inhibited at temperatures of about 10°C, 
and rates drop rapidly at 6°C. Akratos and Tsihrintzis (2007) noted high tempera-
ture requirements for the removal of nitrogen compounds such as ammonia at 
temperatures above 15°C. Temperature sharply affected the system performance 
due to changing biological activities with temperature. 

Ciria et al. (2005) reported that ammonia–nitrogen and nitrate–nitrogen reduc-
tion rates were significantly higher in the second compared to the first year of 
operation, and they obtained the highest removal rates of 22 ± 0.8% for ammonia–
nitrogen and 64 ± 0.9% for nitrate–nitrogen in autumn of the first year and 
40 ± 3.5% for ammonia–nitrogen in summer and 75 ± 2.1% for nitrate–nitrogen in 
winter for the second year. In comparison to the previous study, the ammonia–
nitrogen and nitrate–nitrogen removal efficiencies for all seasons are significantly 
higher for the ICW system. 

Phosphate removal mechanisms are based on physical (sedimentation), chemi-
cal (adsorption), and biological processes. Phosphorus can be reduced directly by 
plant uptake or chemical storage within sediments (Bonomo et al. 1997). In con-
trast, Sakadevan and Bavor (1998) suggested that long-term phosphorus removal 
mechanisms in constructed wetland systems are likely due to uptake by the sub-
stratum, litter, and aluminum/iron compounds, while plant uptake is often a rela-
tively small fraction. Furthermore, Kadlec (1999) reported that the phosphorus 
reduction capacity decreases with age because the mineral sediments become fully 
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saturated within the wetland systems, i.e., no free adsorption sites remain. The 
annual MRP reduction rate for Glaslough was 99.2%, which means that the sys-
tem has a high phosphorus adsorption and storage capacity and high plant uptake 
capacity. However, the system is relatively young as well. 

2.1.3.2 Receiving Stream Water Quality 

The Mountain Water River is adjacent to the sludge cells and to wetland cells 1, 2, 
and 5, whereas the Glaslough Stream is adjacent to wetland cells 4 and 5. At the 
discharge point, mean effluent concentrations were 0.4 mg/l for ammonia–nitro-
gen, 1.0 mg/l for nitrate–nitrogen, and 0.1 mg/l for MRP, whereas mean river 
downstream concentrations were 0.40 mg/l for ammonia–nitrogen, 1.02 mg/l for 
nitrate–nitrogen, and 0.1 mg/l for MRP. The river water quality did not change in 
the downstream compared to the upstream stretch. This indicates that the river has 
sufficient assimilative capacity. 

In summer, the SS and nitrate–nitrogen concentrations in the Mountain Water 
River were slightly higher downstream than upstream, which was, however, not 
statistically significant (p < 0.05). Similarly, the BOD and COD concentrations of 
the influent and effluent were higher in summer than during the other seasons. 
This can be explained by the decrease in flow rate, and also by high evaporation 
rates in summer, while pollutant loads remain similar. The river and stream water 
quality is variable and depends predominantly on precipitation patterns. Further-
more, especially in spring and autumn, high precipitation rates occur during peri-
ods when the buffering capacity of the receiving water is enhanced by an in-
creased dilution ratio. 

The Mountain Water River had mean ammonia–nitrogen, nitrate–nitrogen, and 
MRP concentrations of 0.4 ± 0.28 mg/l, 1.0 ± 0.41 mg/l, and 0.1 ± 0.06 mg/l for the 
upstream and 0.4 ± 0.28 mg/l, 1.0 ± 0.38 mg/l, and 0.1 ± 0.06 mg/l for the down-
stream stretches, respectively. The Glaslough Stream, which originally passed 
through the site, was diverted and widened around the perimeter of cell 4. There is 
no discharge point from the ICW system into the Glaslough Stream, but there are 
three sampling points to assess potential contamination from the ICW. Concerning 
the mean water quality values, ammonia–nitrogen, nitrate–nitrogen, and MRP 
concentrations were 0.3 ± 0.32 mg/l, 1.2 ± 0.37 mg/l, and 0.1 ± 0.07 mg/l, respec-
tively. The water quality was better downstream than upstream. The ammonia–
nitrogen, nitrate–nitrogen, and MRP concentrations for the sample points adjacent 
to cell 5 and after cell 5 were 0.3 ± 0.12 and 0.2 ± 0.11 mg/l, 0.9 ± 0.44 and 
0.8 ± 0.50 mg/l, and 0.1 ± 0.07 and 0.2 ± 0.13 mg/l, respectively. This indicates that 
the ICW system does not pollute the nearby Glaslough Stream. 

Molybdate reactive phosphorus effluent concentrations are in compliance with 
the Irish Phosphorus Regulations (1998) (Environmental Protection Agency 
1998), which set an annual median threshold of 0.03 mg/l for rivers. However, 
neither the Mountain Water River nor the Glaslough Stream upstream of the ICW 
system complied with this regulation. 
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Concerning the Annestown Stream, the MRP concentration at the monitoring 
station Ballyphilip (4 km upstream of the ICW system) was well below the target 
phosphorus concentration of 0.03 mg/l, set by the Irish Phosphorus Regulations 
from 1998 (Environmental Protection Agency 1998). However, there has been a 
very slight increase (0.002 mg/l) in the MRP concentration 3.5 km downstream of 
the ICW system. 

A slight increase in nutrient concentrations between the two monitoring points 
upstream and downstream of the ICW system was noted. However, only ammo-
nia–nitrogen increased significantly (p < 0.05), while increases in nitrate–nitrogen 
and MRP concentrations were statistically insignificant. The increase in nutrient 
concentration downstream of the ICW system may be attributed to runoff contain-
ing nutrients originating from intensive cattle farming. Furthermore, the ICW 
system is overloaded; over the course of time, new housing developments in Dun-
hill have led to an increase in sewage. 

2.1.3.3 Groundwater Quality 

The mean ammonia–nitrogen, nitrate–nitrogen and MRP concentrations within 
piezometer 1 were 0.5 ± 0.28, 0.3 ± 0.15, and 0.2 ± 0.41 for MRP, respectively. 
Piezometer 2 is located in the west of the ICW system near cell 1, whereas pie-
zometers 3 and 4 can be found in the east near cells 2 and 5. The mean ammo-
nia–nitrogen, nitrate–nitrogen, and MRP concentrations for piezometer 2 were 
0.7 ± 0.42 mg/l, 0.2 ± 0.10 mg/l, and 0.4 ± 0.31 mg/l, which indicate a slight in-
crease in concentrations. No groundwater contamination was observed. The wa-
ter quality characteristics of piezometers 3 and 4 concerning ammonia–nitrogen, 
nitrate–nitrogen, and MRP were as follows: 4.6 ± 4.42 mg/l and 0.3 ± 0.28 mg/l, 
0.8 ± 0.51 mg/l and 0.5 ± 0.55 mg/l, and 0.4 ± 0.53 mg/l and 0.2 ± 0.50 mg/l, re-
spectively. The mean water quality concentrations for piezometer 3 are higher 
than for piezometer 4. This can be explained by the observation that piezometer 
3 is located near wetland cell 2, which contains more pollutants than other cells 
(except for cell 1). Furthermore, low infiltration takes place within cell 2 due to 
the presence of a sandy layer at the bottom. The mean water quality values re-
garding piezometer 6, which is located across the Glaslough Stream, were 
2.8 ± 1.51 mg/l, 0.9 ± 0.83 mg/l, and 0.2 ± 0.20 mg/l for ammonia–nitrogen, ni-
trate–nitrogen, and MRP, respectively. The ammonia–nitrogen concentrations 
were often high at piezometer 6, which is located near an equestrian center, po-
tentially polluting the groundwater. 

In Dunhill, piezometer 1 near wetland cell 2 and piezometer 2 near cell 3 are 
located within the ICW system to monitor groundwater quality (see also Fig-
ure 2.3). Concerning piezometer 1, 4.7 ± 12.25 mg/l and 0.4 ± 0.93 mg/l have been 
measured for ammonia–nitrogen and MRP, respectively. The water quality for 
piezometer 2 was as follows: ammonia–nitrogen and MRP had mean concentra-
tions of 2.6 ± 1.16 mg/l and 0.0 ± 0.02 mg/l, respectively. This can be explained by 
the fact that the ammonia–nitrogen reduction due to the ICW system is relatively 
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low because of overloading. Moreover, some infiltration may occur from cell 2. 
Concerning MRP, values were low within the piezometer sample water. It is most 
likely that MRP is taken up by the soil via adsorption (Kayranli et al. 2010). 

2.1.3.4 Comparison of Nutrient Removal Performances 

Overall, both ICW systems indicate significant (p < 0.05) COD and BOD re-
moval efficiencies. Concerning the other water quality data, ammonia–nitrogen, 
nitrate–nitrogen, and MRP removal efficiency for the Glaslough system were 
high: 99.0%, 93.5%, and 99.2%, respectively. In comparison, the ICW in Dunhill 
had removal efficiencies of 58%, –80.8% (source rather than sink), and 34.0%, 
respectively. Nitrate–nitrogen and MRP concentrations within the effluent gradu-
ally increased. The decreasing nutrient removal rates for Dunhill are probably 
due to the increased system overload. Ammonia–nitrogen, nitrate–nitrogen, and 
MRP concentrations within the effluent are three times higher for the fourth year 
of its operation than for the previous three years. Nitrate–nitrogen concentrations 
within the effluent were higher than for the influent, which means that some 
ammonia–nitrogen is transferred into nitrate–nitrogen via nitrification. However, 
ammonia–nitrogen and nitrate–nitrogen were both released from the ICW in 
Dunhill. 

The organic material present within the ICW cells also has an indirect impact 
on the bacterial community. For instance, the litter on top of the sediment is likely 
to have limited the diffusion of oxygen to the lower sediment layers, creating 
anoxic conditions and, hence, making conditions favorable for denitrification. This 
possible process has been described previously by Bastviken et al. (2005) for a 
comparable system. Most denitrifiers are heterotrophs, and the supply of organic 
carbon by macrophytes may have raised the overall heterotrophic activity, leading 
to the consumption of oxygen (Souza et al. 2008). Thus, it is likely that the oxy-
gen availability within the sediment was reduced, and denitrification was subse-
quently supported (Bastviken et al. 2005). 

The COD and BOD effluent concentrations within both ICW systems were 
generally higher in summer and autumn than in winter and spring. However, the 
removal efficiencies for these parameters did not change significantly for either 
system. This is probably due to the increase in organic loading rate as a conse-
quence of an increase in the evaporation rate and a decrease in the precipitation 
rate. On the other hand, effluent ammonia–nitrogen, nitrate–nitrogen, and MRP 
concentrations did not change significantly for the ICW system in Glaslough, 
whereas these variables increased for the system in Dunhill. 

The difference in removal rate could also be due to higher hydraulic retention 
times provided for the ICW system in Glaslough, performing better in terms of 
MRP removal compared to the system in Dunhill. The Glaslough system removed 
99.2% more MRP than the ICW system in Dunhill. The difference in MRP reduc-
tion is likely due to Glaslough’s subsoil and sediment, which may not have 
reached the saturation threshold (Kayranli et al. 2010). 
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2.1.3.5 Comparison of Nutrient Reduction in Wetland Cells 

The ICW systems operate as sequential multicellular structures and have a minimum 
number of four wetland cells. The influent (i.e., effluent from the sedimentation cell) 
to the first wetland cell in Glaslough has the following characteristics: BOD, 
405.1 ± 204.03 mg/l; COD, 773.0 ± 506.67 mg/l; SS, 238.3 ± 158.03 mg/l; ammonia–
nitrogen, 37.3 ± 10.73 mg/l; nitrate–nitrogen, 3.6 ± 2.54 mg/l; MRP, 4.1 ± 1.89 mg/l. 
The corresponding effluent of cell 1 is as follows: 35.6 ± 29.59 mg/l for BOD, 
127.3 ± 71.00 mg/l for COD, 30.6 ± 44.06 mg/l for SS, 18.4 ± 7.53 mg/l for am-
monia–nitrogen, 1.3 ± 1.13 mg/l for nitrate–nitrogen, and 3.2 ± 1.24 mg/l for MRP. 

In comparison, the influent (i.e., effluent from a septic tank) to the ICW in 
Dunhill has the following water quality characteristics: 358.4 ± 200.57 mg/l for 
BOD; 554.4 ± 288.19 mg/l for COD; 303.5 ± 335.46 mg/l for SS; 52.6 ± 39.30 mg/l 
for ammonia–nitrogen; 0.6 ± 1.74 mg/l for nitrate–nitrogen; 7.8 ± 3.38 mg/l for 
MRP. An improvement due to treatment in wetland cell 1 was noticed: 
55.3 ± 28.65 mg/l for BOD; 149.6 ± 69.80 mg/l for COD; 42.8 ± 36.71 mg/l for SS; 
49.9 ± 37.92 mg/l for ammonia–nitrogen; 1.1 ± 1.37 mg/l for nitrate–nitrogen; 
7.0 ± 4.69 mg/l for MRP. 

These findings indicate that variables including BOD, COD, and SS were sig-
nificantly reduced within the first cell of both systems even after 5 years of ICW 
operation in Dunhill. Nitrate–nitrogen and MRP concentrations were reduced sig-
nificantly within the first cell, whereas the ammonia–nitrogen reduction rate was 
higher in wetland cell 2 than in cell 1. However, the ICW in Glaslough had a higher 
pollutant reduction capacity than that in Dunhill. This is most likely due to over-
loading of the ICW system in Dunhill. 

As can be seen from Figures 2.7–2.9, ammonia–nitrogen and MRP were re-
moved in significant (p < 0.05) amounts after the contaminated water passed 
approx. 30% of the ICW area in Glaslough, whereas the COD, BOD, and SS were 
reduced after passing 20% of the ICW area. This can be explained by the low 
COD/BOD ratio of 1.45, which means that most pollutants in the contaminated 
water are biodegradable. Concerning the ICW in Dunhill, nutrient reduction rates 
were low in the first cell (Figures 2.10 and 2.11). The BOD, COD, and SS concen-
trations were mostly reduced within the first cell (Figure 2.12). 

Kadlec et al. (2000) and Carty et al. (2008) report that nutrient reductions occur 
predominantly within the initial wetland cells (as confirmed in this study, except 
for MRP) and that pollutants are reduced effectively, if the hydraulic retention 
time is relatively high. This is promoted by allowing the pollutant plume to spread 
as slowly as possible throughout flatly designed ICW cells. 

The nitrate–nitrogen concentrations within the ICW systems were low. It is likely 
that nitrate and oxygen provided electron acceptors in the lower layer of the wetland 
cells (Eriksson and Weisner 1996). Furthermore, Nielsen et al. (1990) reported that 
the high number of denitrifying bacteria was dependent on the accumulation of plant 
detritus within ICW systems. The overall heterotrophic activity is increased by the 
supply of sufficient organic matter. This leads to the consumption and subsequent 
reduction of oxygen within the sediment, thus supporting denitrification. 



2.1 Integrated Constructed Wetlands for Treating Domestic Wastewater 33 

0

10

20

30

40

50

60

70

80

Effluent Pond 4 Pond 5 Pond 3 Pond 2 Pond 1 Influent 

A
m

m
on

ia
-n

itr
og

en
 (m

g/
l)

 

Figure 2.7 Ammonia–nitrogen concentrations for the integrated constructed wetland system in 
Glaslough, Ireland 
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Figure 2.8 Molybdate reactive phosphorus concentrations for the integrated constructed wetland 
system in Glaslough, Ireland 
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Figure 2.9 Biochemical oxygen demand (BOD), chemical oxygen demand (COD), and sus-
pended solid (SS) concentrations for the integrated constructed wetland system in Glaslough, 
Ireland 
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Figure 2.10 Ammonia–nitrogen concentrations for the integrated constructed wetland system in 
Dunhill, Ireland 
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Figure 2.11 Molybdate reactive phosphorus concentrations for the integrated constructed wet-
land system in Dunhill, Ireland 

 

Figure 2.12 Biochemical oxygen demand (BOD), chemical oxygen demand (COD), and sus-
pended solid (SS) concentrations for the integrated constructed wetland system in Dunhill,  
Ireland 
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2.1.4 Conclusions and Further Research Needs 

The ICW concept has been successfully applied for the first time on an industrial 
scale for the treatment of domestic wastewater in real case studies that were fully 
scientifically monitored and assessed. The new and mature ICW systems success-
fully removed traditional pollutants such as BOD from domestic wastewater. 
Concerning the new ICW system (1 year of operation) in Glaslough, the nutrient 
reduction efficiencies are significantly high, whereas the nutrient reduction effi-
ciencies (including nitrate–nitrogen and MRP) started to decrease after 5 years of 
operation due to overloading of the mature ICW. However, the BOD, COD, SS, 
and ammonium–nitrogen concentrations were reduced within the mature ICW 
system even after approx. 5 years of operation. However, while nitrification of 
ammonia–nitrogen was significant, the denitrification rate started to decrease as 
the ICW matured. 

Both groundwater and surface water monitoring results indicated that the ICW 
system in Glaslough had neither polluted the groundwater nor decreased the water 
quality of the receiving watercourse. All nutrient concentrations for the receiving 
watercourse were lower downstream than upstream of the ICW system outlet. On 
the other hand, nutrient removal within the open ICW system is complex due to 
water, sediment, plant, and microbial interactions, so it was impossible to come up 
with consistent nutrient balances. 

The novel use of ICW to treat domestic wastewater is a valuable and appropri-
ate technology. It is especially suitable for small communities in both developed 
and developing countries. The absence of an artificial liner made of materials such 
as plastic or concrete makes the ICW technology affordable. However, any ICW 
system should be mature and sufficiently large to avoid potential groundwater 
contamination. 

There is scope for further research on the assessment of water balances and 
processes responsible for the self-sealing effect observed in mature wetlands. A 
detailed assessment of the microbial population dynamics and the role of species 
influencing treatment performance would therefore be beneficial. 

2.2 Guidelines for Farmyard Runoff Treatment with Wetlands 

2.2.1 Introduction 

The loss of nutrients and contaminants from agricultural land, farmyards (Fig-
ure 2.13), dairy parlors, tracks, and roofs to rivers, lakes, and groundwater can 
have a detrimental impact on water quality. Both point and diffuse sources of 
pollution from agriculture contribute to the degradation of water quality and 
aquatic ecosystems (e.g., fish kills and loss of habitat) through eutrophication, 
contamination of groundwater, siltation, and direct toxicity to organisms, which 
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consequently affect biodiversity, fisheries, recreation, and public health. They also 
affect farmers, exposing them to fines and prosecutions, and the wider community 
by the subsequent degradation and loss of water supply within affected watersheds 
(Harrington and Ryder 2002; Mantovi et al. 2003; Scholz et al. 2007a, b). 

There is a wide range of laws and policies at national and international levels 
(e.g., Zedler 2003 and Scholz 2006) that aim to control and mitigate the risks of 
water pollution caused by agricultural contaminants. Several BMP are available 
for farmyard runoff treatment as part of “treatment trains” (Scholz 2006a, b); i.e., 
sets of measures that range from pollution source control to dirty water collection 
and treatment. The most common measures implemented at the farm scale include 
the following (Rice et al. 2002; Hilton 2003): 

• animal diet improvement to reduce nutrient losses; 
• roofing of silage pits and areas of farmyards where excrement is expected to 

accumulate; 
• clean roof water diversion to drains to reduce the volume of dirty water to be 

stored and spread; 
• upgrading of buildings and of manure, slurry, fuel, and pesticide storages to 

avoid leaks and spillages; 
• basins and biobeds for pesticide wash water storage and treatment; and 
• swales, buffer strips, and wetlands to store and clean farmyard runoff before 

discharge to watercourses (Poe et al. 2003). 

In addition to the previously mentioned BMP, farm constructed wetlands 
(FCW) are recommended for the collection and treatment of farmyard runoff, 
before it is released into watercourses, to protect surface water and groundwater 
resources (Scholz et al. 2007a, b). The US and New Zealand approaches to FCW 
have been summarized by USEPA (1995a, b) and NIWA (1997), respectively. 

 

Figure 2.13 Typical farmyard in Scotland 
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2.2.2 Farm Constructed Wetlands: Definition and Background 

2.2.2.1 Introduction 

An FCW is defined as an ecologically engineered system comprising a series of 
shallow, free-surface-flow constructed wetland cells (see below) containing emer-
gent vegetation, which is designed to receive and treat farmyard runoff (Carty 
et al. 2008; Scholz et al. 2007a, b). Most FCW are being developed to benefit both 
the environment and farmers by reducing the impact of potential pollution inci-
dents, helping to manage farm effluents, and enhancing habitat, biodiversity, and 
landscape in a way that is practical, efficient, affordable, and cost-effective (Har-
rington et al. 2005). Typical FCW design and operation contrast with those of 
constructed reed beds, which can be seen as being ‘closer’ to the traditional 
wastewater treatment philosophy based predominantly on civil engineering princi-
ples (Mantovi et al. 2003; Kantawanichkul and Somprasert 2005; Sun et al. 2006). 

The design approach for the construction of farm wetlands proposed in this 
universal guideline for temperate climate is largely inspired by the ICW concept 
(Harrington and Ryder 2002; Scholz et al. 2007a, b) pioneered in Ireland by the 
National Parks and Wildlife Service (Department Environment Heritage and Local 
Government, Ireland) and is based upon data on performance over the last 10 
years of 13 ICW constructed within the Anne Valley in southern Ireland. The ICW 
concept is based on the following principles (Harrington et al. 2005):  

• the containment and treatment of influents within shallow vegetated ponds 
using local soil material, wherever possible; 

• the aesthetic placement of the containing wetland structure into the local land-
scape (“landscape fit”) to enhance a site’s ancillary values; and 

• the enhancement of habitat and biodiversity. 

The design endeavors to optimize natural biological, chemical, and physical 
processes of pollutant removal in a way that does not produce a negative impact 
on aquatic and terrestrial ecosystems (Scholz et al. 2007a, b).  

2.2.2.2 Effluent Types and Processes 

All FCW can be designed to treat various types of wastewater from farms includ-
ing dairy, machinery, vegetable and mushroom washings, runoff from silos, yards 
and other areas of hard-standing (usually only lightly contaminated by manure or 
silage), and dairy cow access tracks (Poe et al. 2003; Carty et al. 2008; Scholz 
et al. 2007). However, FCW are usually not designed for the treatment of more 
nutrient-rich effluent types such as slurries, raw milk, and washings from pesticide 
sprayer and dipping equipment. 

Within an FCW, the contaminated effluent is treated through various physical, 
chemical, and biological processes involving plants (predominantly macrophytes), 
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algae, microorganisms, water, soil, and sun (e.g., direct process via photodegrada-
tion). The main processes for which detailed examples can be found elsewhere 
(Carty et al. 2008; Mantovi et al. 2003; Scholz and Xu 2002; Scholz and Lee 
2005; Scholz 2006a; Scholz et al. 2007a, b; Zedler 2003) are as follows: 

• physical filtration of suspended solids by wetland vegetative biomass acting as 
a hydrological baffle to incoming flows (optimized by high vegetation density 
and low flow velocity); 

• settling of suspended particulate matter by gravity (optimized by low flow 
velocity, low wind speed, low disturbance, and long residence time); 

• uptake, transformation and breakdown of nutrients, hydrocarbons and pesti-
cides by biomass, plants and microbes (increased by a relatively high tempera-
ture, long residence time, contact with microorganisms and plants, high micro-
organism and plant density, and a relatively high organic matter content); 

• accumulation and decomposition of organic matter, which is important for 
nutrient cycling (optimized by low velocity and availability of adsorption sites 
on suitable aggregates); 

• microbial-mediated processes such as nitrification (aerobic) and denitrification 
(anaerobic), which are important for the cycling of nitrogen (see also Poe et al. 
(2003)); 

• chemical precipitation and sorption of nutrients such as phosphorus (see also 
Braskerud (2002)) by soil (influenced by the availability of sorption sites, pH, 
and redox potential); and 

• predation and natural dieoff of pathogens (e.g., Escherichia coli and Crypto-
sporidium) (optimized by high diversity and density of natural predators (e.g., 
protozoa), and increased exposure to ultraviolet light). 

2.2.2.3 Functions, Values, and Principles 

The profiles and infrastructural details required to support habitat development 
and biodiversity enhancement are, on the basis of experience, best addressed in the 
design and construction of the wetland. This is particularly relevant to the devel-
opment of transitional habitats between the terrestrial embankment and wetland 
zones (Scholz and Lee 2005; Scholz 2006a). 

Wide, shallow, and low elevated embankments promote floral and faunal diver-
sity. Shallow and deep wetland areas with either south- or north-facing aspects are 
also important to enhance the habitat. Local vegetation is best incorporated wher-
ever possible. Care should be taken when locating an FCW immediately adjacent 
to woodland as problems may arise from shading and seepage of water via root 
systems. Many FCW can be dynamic ecosystems and their habitats may change 
unless managed and maintained. For example, the management of water depth to 
facilitate optimal water treatment is particularly important in this regard (Dunne 
et al. 2005a, b; Scholz 2007; Scholz et al. 2007a, b; see also below). 



40 2 Wetland Case Studies 

Wetlands, including FCW, can have considerable aesthetic appeal. The combi-
nation of water, vegetation, and associated wildlife are the principal elements of 
visual enhancement, and there are many examples of this throughout the world. 
The aesthetic appeal of an FCW can be maximized through appropriate land-
forming design that is implemented during construction (Scholz 2007). 

The process of design ensures that the final wetland structure ‘fits’ well into the 
landscape, e.g., by designing curvilinear enclosing embankments that conform to a 
site’s topography. Subsequent vegetation development will further enhance the 
visual natural appearance of the system. Appropriate land forming of the structure 
to fit the landscape also reduces FCW maintenance, thus enhancing a variety of 
amenity values and improving its sustained functionality (Dunne et al. 2005a, b; 
Scholz 2006b; Scholz et al. 2007a, b). 

2.2.2.4 Benefits of Farm Constructed Wetlands 

The main benefits of FCW as discussed by Zedler (2003), Scholz and Xu (2002), 
Scholz et al. (2007), and other researchers (see below) are summarized below: 

• High level of treatment and robustness: efficient treatment (up to 99% reduc-
tion by concentration) of contaminants such as phosphorus (Braskerud 2002), 
nitrate–nitrogen, nitrite–nitrogen, ammonia–nitrogen, BOD, suspended solids, 
hydrocarbons, and pathogens. 

• Runoff and flood management: FCW are designed sufficiently large to manage 
heavy rainfall events, providing attenuation for increased effluent volumes dur-
ing storm events. By functioning as ‘buffer zones’ and attenuating peak flows, 
they contribute to the reduction of flooding incidents downstream (Scholz and 
Lee 2005; Scholz 2007). 

• Relatively low cost and simplicity of operation: FCW have minimal equipment 
needs and little, if any, energy use since water can be transferred by gravity 
through the system. They are also simple to operate and more cost-effective 
than alternative methods of disposing of farm runoff (Poe et al. 2003). 

• Odor minimization: odor can be a serious problem when handling and treating 
agricultural wastes. Odors are minimized in FCW through the use of a dense 
plant cover, appropriate plant species, a shallow water level, and surface-flow 
maintenance. 

• Aesthetically pleasing: FCW enhance the landscape by adding colors and tex-
ture and by increasing the diversity of plants and habitats (Scholz 2007). 

• Habitat and biodiversity enhancement: FCW provide habitats for a wide variety 
of birds, mammals, reptiles, amphibians, and invertebrates (e.g., Froneman 
et al. 2001). 

• Contingency measures: FCW can help to mitigate the impact of accidental 
spillages, acting as buffer zones and giving time to implement emergency 
measures.  
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2.2.2.5 Limitations of Farm Constructed Wetlands 

All FCW have some limitations, although these can be managed by designing and 
maintaining FCW for their design goals, as outlined in this sub-section. The main 
limitations as discussed by Scholz et al. (2007) and Carty et al. (2008) are as follows:  

• Some FCW have a relatively large land requirement compared to conventional 
wastewater treatment systems (Scholz 2006). 

• The removal of pollutants may vary during the year and in the long term due to 
seasonal weather patterns (e.g., as reported by Dunne et al. (2005b)) and also 
variations in the inflow of pollutants. In some circumstances, pollutants might 
even be released (e.g., as reported by Thorén et al. (2004)), but this can be 
minimized by the use of a modular approach (i.e., using a series of FCW cells) 
and by designing the system for extreme rainfall events. 

• Emission of greenhouse gases (e.g., methane and nitrous oxide as reported by 
Hefting et al. (2003)). 

• Most FCW should be regarded primarily as water treatment systems and treated 
accordingly; i.e., not used for bathing, fishing, or animal watering due to the 
possible presence of pathogens, toxins, and parasites. 

• Although safety and health concerns for humans and livestock may arise from 
FCW because they contain standing water, such concerns can be minimized by 
the use of gently sloping sides, marginal vegetation, and by raising public 
awareness. 

• Some FCW pollutants (e.g., heavy metals and pesticides) may cause harm to 
wildlife, but this impact can be mitigated by an appropriate design taking into 
account ecological aspects and by keeping certain types of effluents (e.g., pesti-
cide washings) away from the FCW. 

• Some infiltration of water to groundwater may occur. However, infiltration is 
reduced by the use of shallow water depths and an adequate substrate such as 
clay (Hill et al. 2000) and decreases over time through sealing of the bed of the 
wetland by accumulated organic matter and sediment (Harrington et al. 2005). 

2.2.3 Farm Constructed Wetland Site Suitability 

2.2.3.1 Effluent to Be Treated 

In order to decide if a FCW is needed and appropriate for a given farm, a site-
specific approach is required, usually involving the following steps (Zedler 2003; 
Carty et al. 2008): 

1. assessment of the type and volume of the effluent to be treated (present and 
future) and the infrastructure present on the farm; 

2. determination of the need for a FCW from an assessment of existing on-farm 
measures and potential cost-effective alternatives for dirty water management; 
and 
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3. determination of the characteristics of the site available for FCW construction 
and assessment of any potential impacts that may result from FCW implemen-
tation. 

It is recommended that specialist advice from a suitably qualified consultant or 
engineer be sought when assessing the need for a FCW and the suitability of an 
FCW site. To decide whether a FCW is an appropriate option for a farm, the farmer 
or farm advisor will need to assess the present effluent management, types of efflu-
ent, present storage facilities, the economics of developing a FCW, and the likeli-
hood that a FCW will improve existing conditions. When assessing the type and 
volume of effluent to be treated, the present and possible future loading (e.g., in-
creased stock numbers, impervious areas, and shed roofs) should be considered. 

Precipitation events are the primary factor affecting design, as there is almost 
no attenuation of farmyard-intercepted rain. The hydraulic flux in any year arising 
from storm events can be between 25 and 100 times the mean flow from the farm-
yard. It is this flux that must be appropriately managed within the FCW design. 

Most FCW are designed to deal with storm events and the variable composition 
of influents through including sufficient wetland area for flow attenuation and 
water treatment. The areas of yards, tracks, and roofs within the farmyard must be 
calculated to determine the volumes to be treated. Each farmyard will have vary-
ing daily water usages (e.g., yard washings and parlor washings), which must be 
calculated as part of the total volumes of water and runoff produced on site (Carty 
et al. 2008). 

Before implementing a FCW, it is necessary to ensure that BMP are employed 
to decrease the contamination of the farmyard runoff (e.g., improved cattle diet, 
roofing of feeding areas, and separation of roof runoff). It is also important to look 
at potential alternatives available to the farmer to deal with the contaminated 
farmyard runoff (e.g., storage and subsequent land spreading (Bowmer and Laut 
1992), and overland flow) as discussed elsewhere (Harrington et al. 2005; Scholz 
et al. 2007a, b). 

Carty et al. (2008) provide a decision support tree for the treatment of farmyard 
and roof runoff with FCW. This tree can be used as a template and might require 
modification to address differences in regional and national legislation. 

2.2.3.2 Site Characteristics 

Each FCW design is site specific requiring “expert judgment” as discussed by 
Scholz (2006a, 2007). Therefore, a comprehensive site-specific assessment com-
bining site investigation and desk study is necessary to determine the site character-
istics, assess any potential impacts, decide on any groundwater and surface water 
protection measures, and provide data that will be used in the design of the FCW. 

The site assessment should be undertaken by a person who is professionally 
qualified, has experience in all of the required disciplines, and can call in experts 
if necessary to clarify any anomalies that may arise. When assessing the site suit-
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ability, the relevant bodies and authorities should be consulted in the context of 
the prevailing legislation. The following existing characteristics of a site should be 
assessed: topography, geology, soils and subsoils, hydrogeology, hydrology, flora 
and fauna, archaeological and architectural features, and natural interest. 

Climatic conditions, including rainfall and evapotranspiration, will determine 
the volumes to be treated by the FCW system and the residence time within the 
FCW. Due to the sources of effluent (mainly precipitation-generated runoff) and 
the effects of climate, discharge from the FCW may be confined to wet periods. 

Ideally, an FCW should be developed on gently sloping land (Harrington et al. 
2005). Areas that are steeply sloping require larger wetland areas, deeper soils and 
subsoils, more excavation, and probably increased costs of construction. When 
assessing the proposed site, consideration should be given to the approximate area 
of land required for the wetland, embankments, and access (see below). 

The location of a wetland down gradient from the farmyard will allow for the 
effluent to flow by gravity and thus remove the need for pumping. Existing Irish 
FCW have been located at varying distances from 5 m to greater than 500 m from 
the farmyard. The FCW cells and embankments should be designed so that water 
flows through the FCW by gravity (Scholz et al. 2007). 

A topographical survey of the farmyard and the proposed FCW site, at a scale of 
at least 1:500, is recommended. The survey should include contours (0.5-m con-
tours), location and use of buildings, boundaries, hydrological features, and any 
features of archaeological and architectural interest. 

A desk study should be undertaken in advance of the site visit to establish the 
geological context of the site. A number of trial holes should be dug on the pro-
posed site to examine the type, depth, and texture of the underlying soil and sub-
soil. Trial holes should be dug to a depth of between 2 and 3 m, with a minimum 
of four trial holes per approx. 4000 m2. Where the soil texture is not easily deter-
mined by hand assessment methods on site, a laboratory test can be conducted to 
determine soil permeability, particle size distribution, or both. 

Where low-permeability soils suitable for the construction of a wetland (such as 
clays) are not found on site, alternative measures should be taken (Carty et al. 2008): 

• Import suitable soils: there may be a requirement to import soils for part or all 
of the FCW. Additional soils can sometimes be found on the farm or locally, 
but this may incur additional costs for transportation, particularly if located 
away from the farm. Importing soil from another site or farm may require a li-
cense subject to national guidelines and laws. 

• Use of an artificial liner: the use of an artificial plastic liner, similar to that 
required for a landfill, can also be considered. However, its use will incur a 
much greater cost and may require replacement in the future. Furthermore, the 
installation of an artificial liner requires the expertise of an engineer and con-
sultation with the local authorities and regulators. 

Field drains are widely used in agricultural land. All field drains must be lo-
cated (through local knowledge or through site excavation) to assess whether they 
are likely to conduct water to the FCW or provide a pathway for water to leave the 
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FCW before completing treatment. A trench or drain dug during construction 
around the perimeter of the proposed FCW site to a depth of at least 1 m should 
intercept any field drains and divert their flow to surface water. 

The types of flora, fauna, and habitats on and adjacent to the site should be de-
scribed to determine whether the development of an FCW will have any negative 
impacts (e.g., removal of hedgerows, nesting areas, and trees). The positive con-
tribution of the FCW in creating new habitats or enhancing existing habitats and 
biodiversity should also be considered (Froneman et al. 2001). 

The proximity to dwelling houses must be determined to assess issues such as 
security, health, safety, and odors. In some instances, access to the FCW by hu-
mans or livestock may need to be restricted by appropriate fencing or hedging, 
although this may only be required around the initial FCW pond. 

The location and type of any archaeological or architectural feature on or adja-
cent to the site must be assessed, subject to national guidelines, using a combina-
tion of site investigation and desk study (Scholz 2007; Carty et al. 2008). 

Carty et al. (2008) show a decision support tree for finding a suitable site for an 
FCW. This tree may require alteration depending on regional and national differ-
ences in managing agricultural land. 

2.2.3.3 Discharge Options 

Any nearby surface water features such as rivers, streams, lakes, and drains should 
be noted during the survey. In most cases, a local river, stream, ditch, or even 
woodland will provide the final discharge point for the water that has been treated 
by the FCW. As well as assessing the suitability of a watercourse as a potential 
discharge point, consideration must be given to high water levels, other discharges 
upstream and downstream, water abstractions downstream, and flooding. Where 
an FCW is to be developed in a floodplain, the potential impacts upstream and 
downstream must be assessed. In some instances, the floodplain may be protected, 
in which case an FCW may not be permitted. Regional and national authorities 
need to be consulted (e.g., UNEP 2003; Zedler 2003; Scholz 2006a). 

The final discharge should be to surface water with sufficient assimilative ca-
pacity, such as a stream or river with significant flows throughout the year, rather 
than to a field drain that has low assimilative capacity and often dries out. The 
discharge of the treated waters should have a negligible effect on the receiving 
water (e.g., Zedler 2003). 

Where a discharge to surface water is not possible or not suitable, a wet wood-
land or willow bed could be used. The woodland can be designed to have a zero 
discharge or minimal discharge; however, it must be noted that this may require a 
large area (Scholz 2006; Zheng et al. 2006). 

It is recommended that an FCW should not be immediately adjacent to surface 
water to minimize the impact of any failure of the FCW. The buffer distance de-
pends on the adjacent surface water and the ground conditions; a minimum of 5 to 
10 m is recommended. 
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During the site assessment, information on the following should be collected: 
wells, springs, water table elevation, aquifers, nearby surface and groundwater 
supplies, and connectivity with surface water features, since they will cause in-
creased volumetric loading to the system, reducing residence time and treatment. 
Furthermore, sufficient distance must be provided between an FCW and up-
gradient and down-gradient water supplies (Scholz 2006a; Zedler 2003). 

The height of the water table must be recorded. The base of the FCW cells 
should be above the water table, so sites with high water tables will not be suit-
able. The vulnerability of groundwater to pollution is assessed through combining 
information from groundwater vulnerability maps (where available) with a site-
specific study and investigation of soil and geological conditions. 

2.2.4 Design Guidelines for Farm Constructed Wetlands 

2.2.4.1 Background and Water Treatment Requirements 

Once site assessment and selection has been completed, the detailed design of an 
FCW can be conducted, taking into account the farm and farmyard structure and 
management practices. When designing a FCW, the following aspects are there-
fore of major importance (Zedler 2003; Harrington et al. 2005): 

• objectives behind the construction of the FCW; 
• characteristics of the farmyard runoff to be treated (volume and quality); 
• water quality targets to be achieved; and 
• land availability to achieve the target water quality. 

Adequate pretreatment, retention time, management, and operation (e.g., re-
moval of sediment and regular inspection) and design for management (e.g., ac-
cess) are required to achieve effective water treatment through a FCW. A FCW 
that is fit for a certain purpose should have the following attributes (Harrington 
and Ryder 2002; Rice et al. 2002; Scholz et al. 2007a, b): 

• be reliable and efficient in water treatment, particularly during storm events, 
extreme rainfall with increased hydraulic loadings, and also under relatively 
cold conditions; 

• be capable of coping with accidental spillages; 
• be flexible and versatile; 
• be relatively simple to build; 
• have low operation and maintenance requirements and costs; 
• have low energy consumption; 
• be a good landscape fit; 
• enhance habitat and biodiversity (Froneman et al. 2001); and 
• be safe for farmers and for the public. 
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2.2.4.2 Runoff Capture and Conveyance 

One of the early steps in FCW construction should be to ensure that any contami-
nated runoff, such as from roofs, farmyards, and tracks, be captured properly. 
Runoff from adjacent land should usually not enter the FCW. However, regional 
recommendations may vary. 

The conveyance of waters to, within, and from the FCW must consider the fol-
lowing (Scholz 2006a): collecting water from the farm, conveying that water to 
the wetland, moving water within the wetland, and moving water out of the wet-
land. Where possible, the effluent should flow by gravity to minimize maintenance 
and energy costs. 

It is essential that any containment be secure and that only water with accept-
able concentrations of contaminants be discharged to watercourses or groundwa-
ter. The FCW embankments retaining the water flowing through the system must 
be sufficiently high to allow for the accumulation of sediment and detritus. The 
soil lining the base must adequately impede infiltration to protect groundwater 
(Dunne et al. 2005a, b; Keohane et al. 2005; Scholz et al. 2007b). 

2.2.4.3 Hydraulics, Water Balance, and Residence Time 

The periodic nature of precipitation and the interception and uptake of water by 
emergent vegetation, evaporation, and ground infiltration has the capacity to arrest 
water flow between the individual segments of a FCW. This creates a freeboard 
between the outlet level and the level of the water contained within an individual 
wetland cell. It also provides each wetland cell with ‘additional’ receiving hydrau-
lic capacity before flow to the next segment can resume, thus enhancing the hy-
draulic residence time (Dunne et al. 2005a, b; Scholz et al. 2007). 

The treatment effectiveness of surface-flow wetland systems in comparison to 
sub-surface-flow systems (Mantovi et al. 2003) is typically based on having ap-
propriate hydraulic residence times, which depend very much on the specific site 
conditions (Harrington et al. 2005). In shallow, emergent, or vegetated wetlands, 
such as FCW, this depends on having sufficient functional wetland area with an 
appropriate length-to-width ratio and a high emergent vegetation density. The 
hydraulic effectiveness of the FCW can be maximized by the following measures 
(Scholz et al. 2007): 

• segmentation of the wetland into a number of wetland cells of appropriate con-
figuration (see below); 

• avoidance of preferential flow; 
• dense vegetation stand; and 
• managing the water depth to ensure optimal functioning (Scholz 2007). 

The velocity of the water flow through the FCW is determined by the volumet-
ric flow and the cross-sectional area of the water channel. Minimizing the velocity 
enhances the settling of suspended solids and promotes a longer contact time with 
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emergent vegetation whose surfaces support biofilms (Scholz et al. 2002; Kanta-
wanichkul and Somprasert 2005; Scholz et al. 2007). 

Wind and temperature gradients can generate water movement between the dif-
ferent aquatic strata within a wetland cell. Emergent vegetation minimizes mixing, 
thereby allowing the cleaner water to flow preferentially along the surface, espe-
cially during periods of large precipitation-generated flow. In the initial receiving 
wetland cell, floating vegetation may develop (typically Glyceria fluitans and 
Agrostis stolonifera) and water flow will be partially sub-surface, thus having the 
additional advantage of reducing odors (Dunne et al. 2005a; Scholz and Lee 2005; 
Scholz et al. 2007). 

2.2.4.4 Wetland Sizing, Inlet, and Outlet 

The design and sizing of FCW has often focused on phosphorus, which is recog-
nized as one of the most difficult contaminants to remove from water and is a 
limiting nutrient in many freshwater ecosystems (Braskerud 2002). For example, a 
catchment-specific study of 13 wetland systems in Waterford (Ireland) showed 
that, to achieve a mean MRP concentration at the outlet of 1 mg/l or less, the wet-
land area required was at least 1.3 times the farmyard area, and that each system 
should contain approximately four cells. 

The design is based on two assumptions: the larger a wetland, the more phos-
phorus removal can be expected; and all ICW studied near Waterford (Ireland) 
were at the designated threshold of failure for phosphorus (1 mg/l MRP for the 
outflow or near it in cases of no flow (Scholz et al. 2007). This finding relating to 
MRP is, however, not universally applicable. 

The aspect ratio is defined as the mean length of the wetland system divided by 
the mean width. The study conducted in Ireland showed that to obtain an outlet 
MRP concentration of 1 mg/l or less, the FCW aspect ratio should be less than 2.2. 
In fact, the closer the aspect ratio is to 1 (i.e., the more the FCW shape is square or 
round), the better the wetland treatment (Scholz et al. 2007). 

Sizing must also take into account the footprint of the upper embankments, 
which should be between 2 and 3 m wide to ensure stability and to provide easy 
access for maintenance and monitoring. For safety reasons, inner embankments 
should be gently sloping. 

Inlets and outlets should be kept as simple as possible and avoid the use of con-
crete and overengineered structures. Pipe diameters should be at least 150 mm to 
avoid clogging. Stone chippings should be placed beneath the inlet and outlet 
pipes to prevent scouring. Elbow pipes fitted to linear ones can be used to control 
the water level and the outflow of each cell. Carty et al. (2008) provide further 
details on sustainable wetland design. 

2.2.4.5 Landscape Fit, Biodiversity, and Life Span 

The potential visual aspect of the FCW system design is important for achiev-
ing empathy from both farm dwellers and the local community. Usually, FCW 
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with curvilinear shaping and virtually level embankments have a more ‘natural’ 
appearance. 

Several measures can improve the landscape fit and biodiversity of an FCW. 
Through BMP on the farm, the level of contaminated water discharging to the 
ponds can be reduced (Scholz 2006a; Zheng et al. 2006). Wherever possible, the 
FCW should be located near (but not connected to) existing wetlands, ponds, and 
lakes to allow for natural colonization by plants and animals. The FCW cells 
should be irregular in shape, with gently sloping embankments and areas of deeper 
water, and contain islands where sufficient area is available. The use of locally 
occurring wetland plant species for establishing habitats and enhancing biodiver-
sity appropriate to the locality is also likely to further increase the robustness and 
sustainability of the system (Froneman et al. 2001; Scholz 2007; Scholz et al. 
2007b). 

The area surrounding the FCW can be planted with trees and shrubs, but trees 
are not recommended on the FCW embankments. If possible, small pools around 
the main system should be created to collect runoff from adjacent fields and create 
additional aquatic habitat (Froneman et al. 2001; Carty et al. 2008). 

Wetland embankment height, inflowing solids, and accumulating detritus de-
termine the functional life span of each segment of the FCW. With detritus accu-
mulation and a minimum embankment height of 1 m, a life span of between 50 
and 100 years is expected. However, the life span can be virtually indefinite if 
detritus removal takes place regularly, as discussed by Scholz et al. (2007b) and in 
the section on maintenance below. 

2.2.5 Construction and Planting 

2.2.5.1 Construction 

Ideally, the construction of an FCW should be undertaken during the dry season 
and the involvement of the farmer is encouraged. Construction of an FCW should 
be undertaken by a competent machine operator and signed off by a qualified 
engineer on completion, although regional and national requirements for construc-
tion vary. The main stages of construction are as follows (McCuskey et al. 1994; 
Scholz et al. 2007a, b): 

1. Stripping of topsoil from FCW area and retention of it for later use (if applica-
ble); 

2. excavation of subsoil; 
3. layering and compaction of soils for cell liner (laying of an artificial liner if 

required); 
4. creation of gently sloping embankments (at least 1 in 3), with height >1.0 m 

and tops 2 to 3 m wide to guarantee stability and sufficient access around the 
wetland; 
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5. potential redistribution of topsoil (if nutrient poor) over the base of the ponds; 
6. pipe laying between cells; 
7. placement of stones or chippings beneath inlet and outlet pipes; and 
8. planting of FCW cells. 

The machinery required for construction comprises a tracked excavator and 
bulldozers and a vibrating roller where a higher degree of soil compaction is re-
quired. The topsoil is stripped from the FCW area and retained for later use. The 
depth of excavation will vary depending on the depth of the overlying topsoil 
(McCuskey et al. 1994; Carty et al. 2008). 

Subsoil is excavated to form the base of each pond and to provide material for 
the embankments. The depth of excavation will depend on the topography and 
elevations required between each pond; typically, an excavation of 0.5 m below 
the ground level is required for flat sites. Where surrounding land slopes towards 
the FCW system, a drain or an embankment should be constructed around the 
system to divert potentially large volumes of runoff away from the system 
(McCuskey et al. 1994; Carty et al. 2008). 

The amount of compaction and layering will depend on the type of material be-
ing used to construct the FCW and should be determined during the site assess-
ment of the soils. Where the soil permeability is sufficiently low, no layering is 
required. Medium- to low-permeability soils will require layering and compaction 
to ensure a permeability of approx. 10–8 m/s. Regional and national guidelines on 
soil permeability thresholds should be consulted by the designers. 

Pipe ducting and elbows are placed at the inlet and outlet points for each FCW 
cell (see above) to ensure that the movement of water in each cell is across the 
maximum distance from the point of inflow to the exit. Furthermore, piping 
should be positioned in accessible locations and placed as low as possible to the 
base of the exit point of the upper cell to ensure the possibility of drainage. In 
FCW discharging to surface waters prone to flooding, a non-return valve should 
be placed on the outlet pipe to prevent any flood water from entering the wetland 
system. Stones or chippings should be placed beneath the inlet and outlet pipes to 
prevent scouring of the wetland floor and to provide access for monitoring 
(McCuskey et al. 1994; Carty et al. 2008). 

The banks and floor of the wetland cells should normally be compacted and 
smoothed off using tracked excavators that are suitable for use on difficult wet 
terrain. Where a greater degree of compaction is required, rollers are used. 

Measures should be employed during the construction of an FCW to limit the 
impact on surface water (runoff and siltation) and groundwater through proper 
management and supervision following national guidelines. 

Depending on the location of the site, there may be a need for fencing to restrict 
access to humans and livestock. When determining the type of fencing, the farmer 
will need to consider the extent of fencing, costs, and human and machinery ac-
cess. In most cases, fencing similar to that already used on the farm will be suit-
able (Carty et al. 2008). 
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2.2.5.2 Planting 

The primary vegetation used in FCW is composed of emergent aquatic plant spe-
cies (helophytes). These species have evolved to enable them to root in soils with 
little or no available oxygen, growing vertically through the water column with 
most of their leaves in the air. They have specially adapted tissues and physiolo-
gies that facilitate oxygen storage and its transportation from the leaves through 
the stem to the roots. The soil and water characteristics influence the type of helo-
phyte species and their treatment performance (Scholz 2006a; Scholz et al. 2007). 
Helophytes in FCW have important functions such as the following (Scholz and 
Lee 2005; Jiang et al. 2007): 

• provision of a support structure for microbial colonies to develop; 
• facilitation of aerobic microbial activity (principal treatment removal process); 
• uptake of nutrients; 
• source of organic matter; 
• reduction of water flow to increase residence time and settlement; and 
• reduction of final volumetric discharge through plant transpiration and inter-

ception. 

While more than 100 native helophyte species can be used, about 20 species are 
actively planted in constructed wetland systems (Scholz and Lee 2005; Scholz 
2006a). Initial plant establishment is the dominant influence on the vegetation 
structure on an FCW during its early years. Plant establishment is dependent upon 
the nature of the influent and water depth, plant species and physiological matur-
ity, and planting density (Scholz et al. 2007b). Interspecies competition and other 
biotic factors, especially waterfowl, influence long-term vegetation development 
(Froneman et al. 2001; Scholz 2006a). 

Plants should be sourced from existing (constructed or natural) wetlands where 
permitted or from accredited plant nurseries. Care must be taken to ensure that 
non-native species are not introduced. Seedlings are usually not recommended as 
they are more vulnerable to pollution and water level variations and take longer to 
establish (Carty et al. 2008). 

If plants are sourced from existing wetlands, sufficient root material should be 
obtained to allow the plants to establish, while also ensuring that the root system 
of the original plant can regenerate. Harvesting should be carried out ideally by 
hand and over a sufficiently large area to minimize disturbance to the plants and 
its environment. 

Planting of mature macrophytes should be carried out by hand into water or 
suitably saturated soils, ideally with 50 to 100 mm of water above the topsoil. 
Water levels should be maintained between 100 and 200 mm for at least the first 6 
weeks after planting, and the wetland should not be allowed to dry out below the 
soil surface. Shallow waters (<100 mm) will encourage establishment of grasses 
and weeds, which can restrict the growth of the wetland vegetation. Water may 
need to be sourced from nearby surface water features during planting, as the 
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effluent from the farmyard may only provide sufficient cover for the first cell 
(McCuskey et al. 1994; Scholz and Lee 2005). 

The area of each wetland should be planted with various wetland species to in-
crease biodiversity. The first wetland cell will receive a higher pollution load, 
often with a high ammonia–nitrogen concentration, so a minimum of three plants 
per square meter is recommended to increase plant success. Subsequent cells will 
have reduced effluent loadings, and a minimum of two plants per square meter is 
therefore recommended. The farmer may wish to allow areas within the final cells 
to colonize naturally. Provided that planting is carried out at the beginning of the 
growing season and water levels are maintained between 100 and 200 mm for the 
initial few months, a desirable vegetation cover of at least 80% after 2 years 
should be attained. To establish a dense cover in a shorter period, the initial plant-
ing densities should be doubled (Carty et al. 2008). 

Prior to the commissioning of the FCW, the system should be signed off by a 
competent engineer (depending on regional guidelines) and have all monitoring 
and maintenance features and fencing in place. During the first few months, water 
levels within the wetland ponds should be at a minimum, approx. 100 to 200 mm, 
to provide favorable conditions for plant establishment. It is possible that some 
effluent may need to be diverted away from the FCW during the start-up stage; 
e.g., stored or land spread (McCuskey et al. 1994; Carty et al. 2008). 

2.2.6 Maintenance and Operation 

2.2.6.1 Pipe Maintenance and Flow Control 

The success of a FCW will depend on the maintenance and operation of the sys-
tem. While a FCW is designed to be as self-maintaining as possible, it is crucial 
that a maintenance program be adopted to ensure continued effective water treat-
ment and ‘rejuvenation of the system’. 

All inlet and outlet pipes within the FCW system should be visually inspected 
weekly for blockages, sediment accumulation, and debris. Blockages will affect 
the hydraulics of the FCW system, while sediment accumulation may indicate 
inadequate solids separation further up in the system. Any blockages and sediment 
or debris accumulations around the inlet or outlet pipes should be cleared (Har-
rington et al. 2005; Scholz 2006a). 

During prolonged dry periods, water depths within the ponds will decrease, es-
pecially in down-gradient regions of the wetland. It is essential to ensure that soils 
are flooded (to at least 50 mm). Usually, FCW should not be allowed to dry out as 
cracks may form in the base, which may cause higher infiltration rates in the short 
term when effluent reenters the cell. Once the emergent vegetation is established, 
FCW in temperate regions should be able to cope with reduced water depths, and 
even drying out, for periods of several months. 
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Any adjustment of pipes must be carried out gradually as these movements may 
cause huge surges of effluent to subsequent wetland cells or receiving surface or 
groundwaters, reducing residence time and treatment within the system. 

2.2.6.2 Vegetation and Sediment Maintenance 

Water levels should be maintained at less than 300 mm to ensure good plant 
growth. However, most macrophytes tolerate short periods of increased water 
depth (up to 500 mm), such as that associated with high rainfall, as well as low 
water depths or even no water during dry weather. Major changes in vegetation 
cover and composition should be noted as a possible indicator of changes (i.e., 
degradation or improvement) in wetland performance. Pest control might be re-
quired if unwanted plant species take over a wetland. 

Sediment accumulating within a wetland comprises organic material from the 
influent and dead plant matter, and also mineral sediment from eroded tracks. 
Existing constructed wetlands have shown varying accumulation rates depending 
on the type of loading and the amount of vegetation cover within the wetland. The 
removal of accumulated sediment is usually confined to the first cell (Scholz et al. 
2007). 

For a heavily loaded system, the inclusion of an open water pond at the initial 
stage of the FCW as a sediment trap may extend the operational life of subsequent 
cells before the removal of material is required. Any pond located within the ini-
tial wetland cell would require relatively frequent material removal (most likely 
biannually) but could be configured to be as accessible as a standard slurry storage 
tank (Scholz 2006a; Scholz et al. 2007b). 

The most appropriate way of managing the material removed is likely to be 
land spreading on the farm in accordance with good farm management practice. 
Information on the solid content and nutrient composition, particularly phospho-
rus, is required to ensure that the usage complies with farm nutrient management 
requirements (Bowmer and Laut 1992; Carty et al. 2008). 

As the farm’s nutrient management requirements may not allow the full amount 
of removed sediment to be spread on the land for one year, it is likely that occa-
sional storage of removed sediment would be required for some sites. The storage 
requirements specified in good agricultural practice regulations with respect to 
farmyard manure should also suffice for FCW sediment to ensure environmental 
protection. 

2.2.6.3 Safety, Security, and Maintenance 

It is recommended that the farmer undertake regular visual inspection of the inter-
nal and external faces of the wetland embankments to check for any water leak-
age, slippage, or distortion. The internal embankment face can be checked by 
walking along the embankment crests and external embankment faces by walking 
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along the external boundary of each cell. Any defects such as leakages, slippages, 
or distorted areas should be addressed immediately. 

Access around the wetland should be maintained by managing vegetation 
growth on the embankments. Under normal operating conditions, growth on some 
pond crests will need to be cut biannually using a mower or topper. Security and 
safety considerations for both humans and livestock should be incorporated into 
the design of the FCW subject to national guidelines. Access to the influent-
receiving segment of the FCW may have to be limited through fencing or by exist-
ing hedgerows around the FCW. 

2.2.6.4 Monitoring the Final Effluent and Receiving Watercourses 

The monitoring of the FCW and the final effluent will allow the farmer to assess 
the performance of the wetland system and to detect any malfunction. The general 
appearance of the final effluent should be noted, paying particular attention to 
water color, the presence of “sewage fungi” (Scholz 2006a), smell, and any evi-
dence of plant material in the discharge. If the final discharge water appears to be 
heavily discolored or polluted or contains plant material, then the outlet pipe 
should be isolated immediately by closing the gate valve. However, water that is 
visibly clear may also have a high nutrient load, which can only be determined by 
laboratory analysis. 

The condition and appearance of the receiving waters at the point of discharge 
should be checked on a monthly basis and following extreme events such as high 
rainfall. The farmer should assess the condition and appearance of water, both 
upstream and downstream of the discharge location. Heavily discolored water or 
the appearance of sludge-type material may indicate an upstream pollution source. 
Foaming immediately downstream of the discharge point may indicate pollution in 
the final effluent. The outlet pipe from the FCW should be isolated immediately 
by closing the gate valve in the event of any suspected pollution incident. The 
farmer should obtain advice from a suitable agricultural advisor and the regulator 
(Scholz 2006a; Carty et al. 2008). 

2.2.7 Conclusions 

This sub-section proposes, for temperate climates, universal design, operation, and 
maintenance guidelines for a FCW, which are a specific application of ICW. 
Guidelines have been proposed for assessing the need for FCW and their site suit-
ability. The overall design of FCW is empirical, site specific, and predominantly 
based on expert judgment. The guideline is based on minimizing costs for the 
benefit of the farm owner but not at the expense of the environment. Therefore, 
FCW may require considerably more land than conventional treatment technolo-
gies, which are usually associated with greater maintenance and capital costs. 
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2.3 Integrated Constructed Wetland for Treating 
Farmyard Runoff 

2.3.1 Introduction 

Farmyard runoff, which is rich in nutrients, is a source of diffuse pollution and 
potentially a serious risk to receiving watercourses by contributing to eutrophica-
tion (Cleneghan 2003). Constructed wetlands have been used worldwide to treat 
different categories of wastewater including domestic, industrial, acid mine drain-
age, agricultural runoff, and landfill leachate (Kadlec and Knight 1996; Scholz 
2006a). 

The ICW concept (Harrington et al. 2007; Scholz et al. 2007a, b) is based on an 
approach that endeavors to achieve water treatment, landscape fit, and biodiversity 
enhancement targets by an innovative wetland design methodology. One sub-
group of ICW is the FCW as defined by Carty et al. (2008). 

The conventional practice in Ireland is land spreading of farmyard dirty water 
(Tunney et al. 1997). The storage and spreading is governed by rules to prevent 
water pollution. However, this practice requires considerable labor and machinery 
resources as well as storage infrastructure. Improper storage and spreading has 
been linked to water pollution, particularly to increased levels of nitrogen and 
phosphorus in surface and ground waters (Healy et al. 2007). In contrast, the ICW 
concept is founded on the holistic use of land to protect and improve water quality. 
These systems are areas of land–water interface that form an integral part of the 
environmental and ecological structure of the landscape. They act as buffer lands 
that control the transfer and storage of farmyard dirty water rich in nutrients 
(Scholz et al. 2007b). 

The main characteristics of an ICW, such as shallow water depth, emergent 
vegetation, and the use of in situ soils, mimic those found in natural wetland eco-
systems (Harrington et al. 2005). Scholz et al. (2007a, b) reported on the detailed 
concept of these synergistic, robust, and sustainable systems by referring to case 
studies in Ireland. 

Contaminated effluent is treated in an ICW through various physical, chemical, 
and biological processes involving plants, microorganisms, water, soil, and 
sunlight (Kadlec and Knight 1996; Scholz 2006a). The extent of treatment in con-
structed wetlands depends upon the wetland design, microbial community, and 
types of aquatic plants involved. Water quality improvements are predominantly 
caused by bacteria (Ibekwe et al. 2003); for instance, most of the biological degra-
dation takes place within bacterial films present on sediments, soils, live sub-
merged plants, and the associated litter. Microbes catalyze chemical changes in 
wetland soils and indirectly control the nutrient availability to plants and, in turn, 
the water quality (Mitsch and Gosselink 2007). The litter and associated sediment 
originating from decaying macrophytes provide considerable surface area for the 
attachment of biofilms and are therefore important for microbial processes such as 
the transformation of nutrients in wetlands (Scholz 2006a). 
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Some of the main processes for nitrogen transformation in constructed wetlands 
are nitrification, denitrification, and anammox (Shipin et al. 2005; Vymazal 2007), 
which are all microbe-mediated processes (Wallace and Knight 2006). It is ex-
pected that nitrogen removal will fluctuate and increase over time as vegetation 
becomes established and sufficient carbon is available for denitrification (Kadlec 
and Knight 1996). 

Wetlands have a relatively high capacity to store nutrients (Braskerud 2002). 
Phosphorus assimilation in constructed wetlands depends on factors such as the 
influent phosphorus concentration, the rate of internal biomass cycling, and the 
wetland age (Kadlec 1999; Wallace and Knight 2006). However, the long-term 
storage of phosphorus in these systems is linked to the cycling of phosphorus 
through the growth, death, and decay of plant biomass. Previous studies on wet-
land ecosystem structure and function have shown that soil is the most important 
long-term ecosystem phosphorus storage compartment (Richardson and Marshall 
1986). Processes such as soil adsorption and peat accumulation control the long-
term sequestration (i.e., capture) of phosphorus (Richardson and Marshall 1986; 
Reddy et al. 1999). 

Most previous studies have been short term, and on either pilot plant- or labora-
tory-scale experimental systems. Very few studies have been conducted on full-
scale constructed wetlands with long-term evaluations (Brix et al. 2007; Newman 
et al. 1999). There is a lack of information on the performance of mature con-
structed wetland and ICW systems including FCW structures. The purpose of this 
study was therefore: 

• to evaluate the treatment efficiency of a full-scale mature ICW system that has 
been in operation for 7 years; 

• to assess the annual and seasonal variations in nutrient removal; 
• to identify the presence of microorganisms responsible for nitrogen transforma-

tions within these systems; and 
• to investigate the impacts of potential contamination of nearby surface waters 

and groundwater. 

2.3.2 Material and Methods 

2.3.2.1 Site Description 

The researched ICW treatment system is a FCW, situated in County Waterford 
(southeast of Ireland) at a longitude of 07°02′40″ W and a latitude of 52°11′28″ N 
(Figure 2.14). The case study area is located in a temperate zone with a mean 
annual temperature and precipitation of 11.4ºC and 1094 mm, respectively (Met 
Éireann 2007). Mean seasonal temperatures for the region in 2007 were as fol-
lows: winter, 7.8ºC; spring, 10.3ºC; summer, 14.9ºC; and fall, 12.2ºC. 

The ICW system was constructed in 2000 and commissioned in February 2001 
to contribute to the improvement of the water quality of the Annestown Stream. 
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The ICW system has a total area of 0.76 ha. The primary vegetation types used in 
the ICW are emergent plant species (helophytes). The first three cells were 
densely vegetated, while the last cell had only sparse vegetation. 

The cells were not lined with an artificial liner. However, the subsoil was re-
worked and used as a natural liner. The cells were only partly planted with vegeta-
tion naturally available on the site. Further plant growth occurred by natural re-
cruitment. Each cell had one inflow and one outflow structure. The water flow 
between each cell was by gravity through a PVC pipe. 

The effluent entering the ICW system comes from a dairy farm of 0.5 ha with 
77 cows. The wastewater contained farmyard and roof runoff occasionally con-
taminated by manure and was conveyed to the ICW system by gravity through 
a pipe. 

The key features of this constructed wetland were horizontal surface flow and 
intermittent hydraulic loading. The ICW system was based on four cells operated 
in series. A single influent entry point was located at the first cell. The first three 
cells had depths of approx. 1 m, while the fourth cell was approx. 1.5 m deep. 

2.3.2.2 ICW Design 

Information on topography, hydrogeology, surface water, groundwater, and sub-
soil is important for assessing the ICW site suitability prior to the design and con-
struction phase. Details concerning site assessment criteria have been documented 
by Scholz et al. (2007b). 

The ICW system was designed not only to improve water quality but also to inte-
grate the structure naturally into the landscape and enhance biodiversity. The design 
philosophy is in agreement with the guidelines proposed by Carty et al. (2008). 

 

Figure 2.14 Location of the integrated constructed wetland site within the Annestown catchment 
near Waterford, Ireland 
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A detailed site-specific assessment combining site investigation and desk study 
was conducted to determine the site characteristics and assess any potential im-
pacts on groundwater and surface waters. The site was assessed by characteristics 
such as topography, geology, soils and subsoils, hydrogeology, hydrology, flora 
and fauna, archaeological and architectural features, and natural interest. 

A topographical survey of the farmyard and the proposed ICW site was con-
ducted that included contours (0.5 m contours), location and use of buildings, 
boundaries, and hydrological features. The nearby surface water features such as 
rivers, streams, and drains were also noted during the survey. The suitability of the 
nearby stream as a potential discharge point was also assessed. 

During the site assessment, information on wells, springs, water table elevation, 
aquifers, nearby surface and groundwater supplies, and connectivity with surface 
water features was also gathered. The soil and geological conditions were also 
studied. 

2.3.2.3 Sampling and Analytical Methods 

Grab samples for each wetland cell inlet and outlet were taken on an approxi-
mately fortnightly basis. Liquid samples were analyzed for variables including the 
5 d at 20ºC N-allythiourea biochemical oxygen demand (BOD), chemical oxygen 
demand (COD), suspended solids (SSs), ammonia–nitrogen, nitrate–nitrogen, 
molybdate reactive phosphorus (MRP; equivalent to SRP), total coliforms (TCs), 
and E. coli at the Waterford County Council water laboratory using predominantly 
American Public Health Association standard methods (APHA, 1998) unless 
stated otherwise. 

Continuous flow measurements were undertaken between April 2003 and June 
2004. From June 2004, spot measurements were made of flows into and out of 
each ICW cell. Furthermore, flows entering and leaving ICW cells were monitored 
and recorded using standard Greyline flow meters and associated data loggers. 
Blockages due to vegetation required frequent maintenance of the flow meters. 

Four piezometric groundwater-monitoring wells were placed up-gradient (one 
well), within (two wells), and down-gradient (one well) at different depths at the 
ICW site in fall 2004. These wells were sampled on a quarterly basis throughout 
2004 and 2007. The day before sample extraction, all wells were purged (i.e., 
process of removing water that is unrepresentative of the surrounding strata) prior 
to sampling, and subsequent analysis was carried out according to APHA (1998). 

The water quality of the receiving stream, which is a tributary of the Annes-
town Stream, was monitored (Figure 2.14). Grab samples were collected from 
21 locations along the stream located adjacent to the ICW. Three points were 
sampled upstream, up to 16 parallel to cell 4, and 2 points downstream to assess 
the effect of the ICW system on the associated receiving watercourse. In 2007, 
grab samples were taken predominantly during an intense period for monitoring 
the water quality of the receiving watercourse. The sampling scheme was designed 
to monitor the water quality during periods of relatively low and normal flows. 
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Weekly samples were collected in late spring and during the following summer. 
Later on, monthly samples were collected during fall and winter. Nutrient analysis 
was conducted at the Waterford County Council water laboratory using American 
standard methods (APHA 1998). 

In May 2007, sediment samples were collected with a sediment sampler (dia-
meter of 4 cm) from the wetland cells to identify bacterial groups responsible for 
nitrogen transformations in the ICW. Predominantly triplicate field sediment sam-
ples were collected 1 m to the left, 1 m in front, and 1 m to the right of each sam-
pling point located near the inlet of each ICW cell and outlet of the last ICW cell 
to reduce bias and to gain more representative samples. Samples were stored at 
−20ºC before analysis. 

All samples were frozen immediately after collection and sent off to Linköping 
University (Sweden) for subsequent molecular microbiological analysis involving 
standard techniques (e.g., extraction of deoxyribonucleic acid (DNA), polymerase 
chain reaction (PCR), and gel electrophoresis) as outlined by Sundberg et al. (2007). 

Sediment samples were subjected to DNA extraction using a FastDNA SPIN 
kit for Soil (Bio 101, La Jolla, CA). Samples (0.25 g) were suspended in a sodium 
phosphate buffer supplied with the kit as stipulated by the manufacturer and ho-
mogenized for 180 s with a handheld blender (DIAX 900 Homogeniser Tool G6, 
Heidolph, Kelheim, Germany). 

Bead beating was undertaken to disrupt the soil aggregates and to lyse bacterial 
cells mechanically. Bead beating was extended to 3 × 30 s to achieve good homo-
genization of the samples. The subsequent centrifugation was extended to 2 × 5 min 
and the centrifugation after washing with SEWS-M, a salt and ethanol wash solution 
(Qbiogene, USA), was extended to 5 min. The extracted DNA was stored at –20ºC. 

Figure 2.15 Denaturing gradient gel electro-
phoresis profiles of polymerase chain reaction 
products: ammonia-oxidizing bacteria for four 
example wetland cells
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The ammonia-oxidizing bacterial community (Figure 2.15) was assessed using 
group-specific PCR primers, which were unique sequences from 16S ribosomal 
ribonucleic acid (rRNA) genes, while the denitrifying bacterial community (Fig-
ure 2.16) was assessed using primers that were unique sequences from the func-
tional gene nitrous oxide reductase (nosZ). A primer is a nucleic acid strand that 
serves as a starting point for DNA replication and is required because most DNA 
polymerases (i.e., enzymes that catalyze the replication of DNA) cannot synthe-
size de novo DNA. Ribosomal ribonucleic acid is one of the three major types of 
ribonucleic acid (RNA). Ribosomal ribonucleic acid and the genes that encode 
them are ideal biomarkers (Head et al. 1998). 

The extracted DNA from all samples was diluted tenfold to avoid inhibition of the 
PCR by humic substances. The PCR amplification was undertaken using forward 
and reverse primers (CTO189f – GC A/B – GC, CCGCCGCGCGGCGGGCGG-
GGCGGGGGCACGGGGGGAGRAAAGCAGGGGATCG; CTO189f – GC C, 
CGCCCGCCGCGCGGCGGGCGGGGCGGGGGCACGGGGGGAGGAAAGTA
GGGGATCG; CTO654r, CTAGCYTTGTAGTTTCAAACGC) for ammonia-oxi-
dizing bacteria as reported by Kowalchuk et al. (1997). The gas chromatograph 
clamps for primers are underlined (if used). The PCR was performed on a PTC-100 
thermal cycler (MJ Research, San Francisco, CA, USA) in a 50-µL mixture. 

The forward and reverse primers (nosZF, CG (C/T) TGT TC (A/C) TCG ACA 
GCC AG; nosZ1622R-GC, GGCGGCGCGCCGCCC GCCCCGCCCCCGTCG-
CCC CGC (G/A) A (C/G) GGC AA (G/C) AAG GT (G/C) CG) targeting the 

Figure 2.16 Denaturing gradient gel electro-
phoresis profiles of polymerase chain reaction 
products: denitrifying bacteria for four exam-
ple wetland cells 
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nosZ gene (Throbäck et al. 2004) were used in a subsequent PCR. The GC clamps 
for all primers are underlined. 

The PCR was again performed on a PTC-100 thermal cycler in a 50-µL mix-
ture including 1.33 U of Taq polymerase and 5 µL of the supplied buffer (includ-
ing 1.5 mM MgCl2; Roche Diagnostic, Manheim, Germany), each nucleotide at a 
concentration of 200 µM, the primers at 0.125 µM each, 600 ng µ/l bovine serum 
albumin, and 2 µL of the DNA template. 

The PCR products of DNA extraction and PCR reactions were examined by 
agarose gel electrophoresis. The agarose mixture (1% agarose in Tris acetate 
ethylenediaminetetraacetic acid (EDTA)) was melted by heating in a microwave 
for approx. 2 min and subsequently poured into an agarose gel casting tray. The 
solidified gel was covered with an electrophoresis Tris acetate EDTA buffer be-
fore running electrophoresis at 120 V for 40 min.  

The PCR products and dye supplied with the DNA extraction kit (2μL of dye 
and 4μL of PCR products) were placed into loading wells. The first well of each 
row was loaded with 2μL of GeneRuler (1 kb DNA ladder; 1000 base pairs for 
ammonia-oxidizing bacteria and nitrous oxide reductase nosZ) and 4μL of distilled 
water. The electrophoresis was run for 40 min at 120 V (Owl Scientific, Woburn, 
MA, USA). The gel was then placed in ethidium bromide solution (immersed for 
15 min), located in the fume cupboard, and subsequently washed with tap water. 
The ethidium-bromide-stained gel was then visualized by UV illumination.  

2.3.2.4 Statistical Analyses and Limitations 

All statistical analyses were performed using the analytical and graphical software 
tool Origin 7.5. The seasonal effects on water quality improvement were tested by 
ANOVA at p < 0.05. 

There was no true experimental replication because all ICW are different from 
each other, and only one ICW was studied in detail. However, the experimental 
error was reduced due to an assessment of potential outliers and sub-sampling 
where required. The limitations associated with the statistical analysis of this case 
study suggest that the outcomes presented may only be valid for the specific ICW 
system assessed and very similar systems. 

The ICW system studied is semi-natural and open. Considering that flow rates 
are therefore partly unknown and that flow estimations would result in very inac-
curate constituent mass estimations, the display of constituent concentrations was 
chosen instead. This is common practice for less engineered and rather natural 
systems. 

It has to be emphasized that ICW are not fully engineered treatment wetlands 
where the inflow and outflow rates are known and where losses to groundwater 
are zero. Moreover, ICW are purely driven by hydrology (i.e., storm events) and 
not by rather constant inflow rates, which are common for constructed wetlands 
treating, for example, domestic wastewater. 
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2.3.3 Results and Discussion 

2.3.3.1 Water Quality 

The mean inflow values were as follows: BOD, 540.2 ± 697.13 mg/l; 
COD, 1501.7 ± 2007.07 mg/l; SS, 261.4 ± 1004.74 mg/l; ammonia–nitrogen, 39.62 ± 
41.762 mg/l; nitrate–nitrogen, 3.81 ± 3.375 mg/l; MRP, 11.55 ± 10.049 mg/l; total 
coliforms, 1.3 × 106 ± 1.5 × 106 colony-forming units (CFU)/100 ml; E. coli, 9.6 × 
105 ± 10.0 × 105 CFU per 100 ml; pH, 7.5 ± 0.90. These values indicate the very high 
variability of the farmyard runoff quality entering the ICW system (Mustafa et al. 
2009). 

The mean effluent water quality was as follows: COD, 75.5 ± 92.68 mg/l; BOD, 
12.9 ± 10.60 mg/l; SS, 16.3 ± 17.61 mg/l; ammonia–nitrogen, 0.37 ± 0.562 mg/l; 
nitrate–nitrogen, 0.99 ± 1.812 mg/l; MRP, 0.94 ± 0.628 mg/l; TC, 1.0 × 104 ± 1.3 × 
104 CFU per 100 ml; E. coli, 30.1 ± 34.4 CFU/100 ml; pH, 7.6 ± 0.55. The findings 
indicate that the ICW system had a high capacity to remove pollutants due to the 
large size of the wetland cells and the relative high mean retention time. More-
over, microbiological contaminants were removed well, most likely due to preda-
tion and unfavorable growth conditions at low temperature (Scholz 2006a). 

For example, the overall reduction of 97.6% in BOD is similar to the 97% re-
ported for a comparable system in the state of Maryland, USA (Schaafsma et al. 
2000), and the 99% calculated for an ecological treatment system comprising a 
series of reactors, clarifiers, and wetlands in the state of Ohio, USA (Lansing and 
Martin 2006). Furthermore, the removal efficiency is higher in comparison to 
other wetlands treating similar types of influents: 65 and 76%, Connecticut, USA 
(Knight et al. 2000 and Newman et al. 1999, respectively); 40 to 50%, New Zea-
land (Tanner et al. 1995); 80%, Oregon, USA (Skarda et al. 1994). 

Concerning other parameters, the COD and SS removal efficiencies were also 
high: 94.9% and 93.7%, respectively. This can also be explained by the large size 
of the wetland cells and the high retention times. The mean pH value increased 
slightly between influent and effluent from 7.5 to 7.6. 

2.3.3.2 Comparison of Annual Treatment Performances 

There were no significant annual trends in mean ammonia–nitrogen and MRP 
reduction between 2001 and 2007. Concerning nitrate–nitrogen, however, the 
mean reduction decreased by 6.2% in 2007, which was, however, statistically not 
significant. The MRP reductions were similar to the SS reductions, which might 
indicate that phosphorus is often bound to SS within the inflow water (Scholz 
2006a; Mustafa et al. 2009). 

As the ICW system continued to mature, the microbial communities (see be-
low) and aquatic vegetation became more established, resulting in a stable system 
with high pollutant removal capacity. The overall nutrient removal efficiency of 
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the system was high: 99.6% for ammonia–nitrogen, 86.8% for nitrate–nitrogen, 
and 93.2% for MRP, even in the sixth year of its operation. This finding contrasts 
with the common notion that the nutrient removal efficiency of constructed treat-
ment wetlands decreases with age, especially for phosphorus removal as the min-
eral sediment becomes fully saturated; i.e., no free adsorption sites remain (Kadlec 
1999; Kent 2000). This may imply that ICW cannot be compared with traditional 
treatment wetlands in terms of their capacity to retain nutrients. 

The characteristics of soil have an important influence on the magnitude of 
phosphorus losses. Different factors such as particle size distribution, organic 
content, and iron and aluminum concentrations influence the ability of wetland 
soil to hold phosphorus (Sharpley 1995; Leinweber et al. 1999; Daly 2000). In 
general, soils with high clay content have a higher capacity to bind phosphorus 
than those with sandy and organic soils (Sharpley 1995; Maguire et al. 1997; 
Leinweber et al. 1999; Daly 2000). 

Also soils with higher iron and aluminum content were found to have a greater 
capacity to bind phosphorus (Daly 2000). Dunne et al. (2005a) demonstrated with 
the help of an intact soil/water column study that the phosphorus sorption para-
meters were significantly related to the amorphous forms of iron and aluminum 
oxides in soils. The soils containing about twice as much amorphous forms of iron 
and aluminum had a higher phosphorus sorption capacity (1601 ± 32 mg/kg as 
compared to 674 ± 62 mg/kg). Previous research conducted by Dunne et al. 
(2005a, b) showed that the soil in the current study site area contains high propor-
tions of sand, silt, and clay (12 ± 0.3% sand, 54 ± 2.0% silt, and 33 ± 1.7% clay), 
and most likely also relatively high amounts of iron and aluminum, resulting in a 
greater phosphorus binding capacity of the soil. 

Furthermore, as the wetland ages, the continuous accumulation of withered 
plant biomass increases the phosphorus storage capacity of the ICW system. 
Moreover, the wetland plants were not harvested, resulting in the accumulation of 
organic matter (Seo et al. 2005). The wetland subsequently changes from an ini-
tially mineral-based system to an organic-based system with higher phosphorus 
removal capacity. 

2.3.3.3 Seasonal Performance 

Seasonal variations in performance concerning nutrient removal were observed. 
The ammonia–nitrogen concentrations within the inflow were relatively high in 
summer and fall compared to winter and spring. In comparison, the ammonia–
nitrogen outlet concentrations were higher during fall compared to other seasons. It 
follows that the mean removal efficiencies were higher during spring (99.4%) and 
summer (99.7%) and slightly lower during fall (98.7%) and winter (99.3%). Al-
though the mean removal efficiencies in fall and winter were relatively high, the 
mean concentrations of the inflow drastically increased during these two seasons 
and the mean concentrations in the outflow were 0.92 ± 0.769 and 0.60 ± 0.201 mg/l, 
respectively. The ammonia–nitrogen concentrations in the outflow were signifi-
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cantly greater (p < 0.05) during fall than summer. This can be explained by the ob-
servation that there was reduced outflow and a longer retention time during summer 
compared to fall (see below). 

In comparison to previous constructed treatment wetland studies (Gottschall 
et al. 2007; Newman et al. 1999), the ICW system has very high nutrient removal 
efficiencies, indicating its high treatment performance. The MRP concentrations 
were also efficiently removed in spring (95.7%), summer (90.7%), fall (94.9%), 
and winter (93.2%). The MRP outlet concentrations were significantly greater 
during fall than during summer because there was reduced outflow and a longer 
retention time during summer. 

2.3.3.4 Flows 

Mean monthly inflows and outflows from the ICW system during the monitoring 
period (2003–2007) were 180 ± 217.5 m3/month and 45 ± 132.3 m3/month, respec-
tively. Although inflow to the ICW system was recorded usually between August 
and December, there was no corresponding outflow during most of this period, 
indicating that there was only a short discharge period to the receiving water-
course. The flows through the wetlands decreased during summer, and the ICW 
system was not discharging to the receiving watercourse. 

Flow monitoring indicates that approx. 25% of the influent into the ICW sys-
tem is subsequently discharged at the outlet as effluent. Based on flow and weath-
er monitoring data, the breakups of inflow and outflow compositions are summa-
rized in Figure 2.17. During dry periods, increased storage capacity was created 
within the ICW cells due to losses via evapotranspiration and infiltration. These 
processes provided additional storage buffer capacity for runoff within the ICW 
system prior to discharge during storm events. 

The intermittent nature of the outflow and the great loss of partially treated ru-
noff to the ground have a great impact on calculating and interpreting treatment 
performances. It follows that it is very difficult to accurately determine constituent 
masses. Therefore, calculations such as removal performances are based on con-

 

Figure 2.17 Composition of integrated constructed wetland: (a) inflow, and (b) outflow 



64 2 Wetland Case Studies 

stituent concentrations. Moreover, the lack of outflow data during drier in com-
parison to wetter periods is likely to result in less accurate interpretations for 
summer than winter data. 

The microbial transformations within the wetland systems are a function of the 
available area for biofilm growth. In ICW systems, the dense vegetation stands 
and the associated litter provide large surface area for biofilm biomass and hence 
enhanced treatment capability. The biofilm entraps both organic and inorganic 
solids. The formation of biomass is greatest at the inlet of the wetland cell, where 
the organic loading is highest (Ragusa et al. 2004; Scholz 2006a), and decreases 
progressively as the wastewater passes through the system. The biofilm not only 
reduces the pollutant concentrations but also decreases the hydraulic conductivity 
by reducing the pore volume (Mustafa et al. 2009). 

In addition to the biofilm formation, the organic matter and humic substances, 
which develop rapidly within the wetland soils, increase the availability of carbon 
supporting denitrification and the biological feedback mechanisms that secure 
water retention. These processes result in flow impedance and, subsequently, self-
sealing of the ICW cell. This leads to a progressive contaminant reduction within 
the discharge to the groundwater. 

2.3.3.5 Receiving Stream Water Quality 

The construction and commissioning of the ICW system led to the transformation 
of a non-point source to an identifiable point source of potentially polluted water 
(i.e., if treatment is insufficient). The land owner has, therefore, the responsibility 
to maintain the system to uphold BMP. However, there are currently no discharge 
standards for the final effluent in Ireland. 

The final effluent of the ICW is discharged into a small stream through the out-
let from cell 4. At the discharge point, mean outlet ammonia–nitrogen concentra-
tions were 0.37 ± 0.562 mg/l, while nitrate–nitrogen and MRP concentrations were 
0.99 ± 1.812 mg/l and 0.94 ± 0.628 mg/l, respectively. 

The final ICW cell 4 is adjacent to the stream and has the second largest rela-
tive reduction in MRP, which is, however, not statistically significant. The most 
important and statistically significant (p < 0.05) observation is the great removal 
capacity of the first cell, where most SS-containing nutrients settle out. 

Most nitrate–nitrogen concentrations at the point of confluence between the 
outlet of the final ICW cell 4 and the receiving stream, and after this point, are less 
than the corresponding concentrations for the preceding sampling points measured 
upstream. Further downstream, some measured nutrient concentrations decrease, 
indicating that the stream has sufficient assimilative capacity to buffer the ICW 
outflow concentrations, except for sampling point 14. This can be explained by 
two factors: the presence of a field drain discharging water rich in nutrients and 
the narrowing of the stream at that point. However, the trend reversed further 
downstream because field drains were absent. 
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Overall, the monitored stream had a median ammonia–nitrogen concentration 
of 0.05 mg/l, nitrate–nitrogen concentrations of 0.134 mg/l, and MRP concentra-
tions of 0.029 mg. Phosphorus, which is a limiting nutrient, is in compliance with 
the Irish Phosphorus Regulations (1998). The key nutrient indicator for Irish rivers 
is MRP, which should be less than 0.03 mg/l for the annual median concentration. 

Moreover, the ICW effluent is variable and depends predominantly on the pat-
terns of precipitation. Outflows from the system are highly variable (1.5 ± 
4.41 m3/d) because the inflow quality and quantity of the ICW system is predomi-
nantly a function of precipitation intensities and patterns. Furthermore, there is no 
outflow from the system during periods of very low inflows, indicating that there 
is only a short discharge period to the receiving stream. Discharge from the ICW 
system during periods of high precipitation generally occurs during periods when 
the buffering capacity of the receiving water is enhanced by an increased dilution 
ratio (Mustafa et al. 2009). 

2.3.3.6 Groundwater Quality 

The ICW site was constructed using in situ soils. The subsoil was reworked and 
used in lining the bed and banks of all cells to reduce the risk of infiltrating pollut-
ants. As the contaminated farmyard runoff passes through the ICW system, the 
suspended matter settles on the soil surface and subsequently hinders infiltration 
of contaminants through the wetland cells (Kadlec and Knight 1996; Scholz 
2006a; Wallace and Knight 2006). 

The mean ammonia–nitrogen concentration of the well located up-gradient was 
0.79 mg/l, which indicates pollution but not originating from the ICW system. The 
nitrate–nitrogen and MRP concentrations were 0.02 mg/l and 0.12 mg/l, respec-
tively. The mean ammonia–nitrogen concentration for the down-gradient well was 
0.50 mg/l, which is less in comparison to the other wells located up-gradient and 
between ICW cells. Other nutrients determined down-gradient were below the 
detection limit of 0.02 mg/l. It follows that ammonia–nitrogen from the ICW is not 
impacting negatively on groundwater. 

This finding is confirmed by an assessment of the nutrient data for the two 
wells between cells 3 and 4. The wells located between the ICW cells have a rela-
tively high ammonia–nitrogen concentration because their sampling points are 
most influenced by the short distance to the cell sediments, which are rich in am-
monia–nitrogen. The nitrate concentrations are also well below internationally 
recommended thresholds of approx. 25 mg/l nitrate. 

Generally, the presence of high phosphate concentrations in groundwater is an 
indication of a shallow subsoil depth and the presence of preferential flow paths 
through the subsoil. However, in this case, where approx. 50% of the ICW water 
discharges to groundwater, the mean nitrate–nitrogen and MRP concentrations in 
all the down-gradient monitoring wells were <0.03 mg/l, indicating that the 
groundwater in the vicinity of the ICW system is not polluted by infiltration of 
contaminants from the ICW cells receiving nutrient-enriched runoff. 
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The soil investigation results at the time of construction indicated the presence 
of clay in the substratum of the ICW. Furthermore, the presence of hydrogel 
formed on the detritus confirms the low mobility of nutrients in subsoil and show 
the important role that subsoil plays in attenuating the pollutants. 

Furthermore, there are many biogeochemical processes that play essential roles 
in impeding the infiltration of pollutants to the groundwater. For example, the ICW 
vegetation provides a large surface area to support microbial biofilms (Wallace and 
Knight 2006). Detritus provides a carbon source to microbes for denitrification and 
assists in the long-term sequestration of phosphorus (Wallace and Knight 2006). 
The production of methane during anaerobic metabolism inhibits the loss of water 
through its capillary-pore structures (Kellner et al. 2004; Tokida et al. 2005). 

Virtually all ICW cells remove nutrients successfully. Nutrient enrichment of 
groundwater beneath the ICW system is of great concern, because high concentra-
tions may have a direct effect on sensitive receptors (EPA 2002). The transportation 
and attenuation of pollutants in ICW cells depend predominantly on wetland soil, 
physical impedance and underlying geological formations; e.g., attenuation of am-
monia during migration in the sub-surface is known to occur (Erskine 2000). The 
key processes are sorption (cation exchange) and biological degradation control of 
ammonium in sub-surfaces (Buss et al. 2004). Concerning wetland peat, methane 
bubbles originating from microbial anaerobic processes lower the hydraulic con-
ductivity (Kellner et al. 2004). The biofilm matrix formed on detritus acts like 
a hydrogel, which withstands changes in fluid shear stresses (Harrison et al. 2005). 

2.3.3.7 Nitrogen Transformations Within the Sediment 

In comparison to ammonia oxidizers, denitrifiers were more abundant in most of 
the collected sediment samples. Since the nitrate concentrations within the ICW 
systems were low, it is likely that oxygen and nitrate serve as electron acceptors in 
the lower layer of the wetland cells (Eriksson and Weisner 1996). This might have 
promoted the growth of denitrifying bacteria. 

Denitrifying bacteria were detected in each cell of the ICW system, while am-
monia-oxidizing bacteria were identified in the first, second, and third cells. Deni-
trifying bacteria were estimated to be present in higher numbers than ammonia-
oxidizing bacteria. 

The organic material present within the ICW cells also had an indirect impact 
on the bacterial community. For example, the litter on top of the sediment is likely 
to have limited the diffusion of oxygen to the lower sediment layers, creating 
anoxic conditions, and, hence, making conditions favorable for denitrification. 
This possible process has been described previously by Bastviken et al. (2005) for 
a comparable system. Most denitrifiers are heterotrophs, and the supply of organic 
carbon by macrophytes may have raised the overall heterotrophic activity, leading 
to the consumption of oxygen (Souza et al. 2008). Thus, it is likely that oxygen 
availability within the sediment was reduced, and subsequently denitrification was 
supported (Bastviken et al. 2005). 
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There was a reduced availability of organic matter at the bottom of ICW cell 1, 
where the greatest biofilm formation took place and the maximum biodegradation 
of organic matter occurred (e.g., >85% BOD reduction). This led to decreased 
numbers of heterotrophic bacteria and consequently created conditions that fa-
vored the growth of ammonia-oxidizing bacteria. 

The high number of denitrifying bacteria was linked to the accumulation of 
plant detritus over the years. The overall heterotrophic activity was increased by 
the supply of sufficient organic matter. This led to the consumption and subse-
quent reduction of oxygen within the sediment, thus supporting denitrification 
(Nielsen et al. 1990). 

2.3.3.8 Integrated Constructed Wetland Sizing for Nutrient Reduction 

Most ICW systems have a multicellular configuration with a minimum number of 
four cells. The systems operate as a set of sequential containment and treatment 
structures that intercept and control contaminants. The first cell receives the most 
contaminated influent. It is lined with organic matter. The loss of water through 
infiltration to the ground is kept low by the dense vegetation and associated litter 
with biofilms, while the subsequent wetland cells receive less contaminated water 
(Carroll et al. 2005). 

A regression analysis for the 13 ICW located in the Annestown Stream water-
shed suggested that for sufficient MRP removal, a good correlation coefficient 
between the effective ICW area and the farmyard area can be determined (Scholz 
et al. 2007). The required effective ICW area for effective MRP removal should 
be at least 1.3 times the farmyard area. A factor of two is, however, recommended 
in practice to be on the safe side. 

According to this design criterion, a farmyard area of 5000 m2 required an ef-
fective ICW area for sufficient MRP removal of at least 6500 m2. The actual ICW 
area was, however, 1.5 times the farmyard area, which is sufficiently large. 

Most of the nutrient reductions occur in the initial cells. The effluent should 
stay as long as possible in the ICW system to allow for the development of mature 
ICW ecosystems effective in removing pollutants. This is achieved by allowing 
the pollutant plume to spread as slowly as possible throughout flatly designed 
ICW cells. Further details on sustainable wetland design have been published by 
Carty et al. (2008). 

2.3.3.9 Overall Catchment Characteristics 

Figures 2.18 to 2.21 show major overall catchment characteristics. The valley is 
dominated by pasture (Figure 2.18) used for cattle grazing. The runoff is usually 
higher in the upland areas, as indicated in Figure 2.19. Nitrogen loading rates are 
higher in the lowland areas (Figure 2.20). In comparison, no clear trend is visible 
for phosphorus (Figure 2.21). 
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Figure 2.18 Land use in the Annestown Stream watershed 
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Figure 2.19 Annual runoff generated in the Annestown Stream watershed 
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Figure 2.20 Total nitrogen loading rate calculated by the rational method for the Annestown 
Stream watershed 
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Figure 2.21 Total phosphorus loading rate calculated by the rational method for the Annestown 
Stream watershed 
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2.3.3.10 Soft Criteria 

Landscape fit is one of the key objectives of the ICW concept (Harrington et al. 
2005, 2007; Scholz et al. 2007b). The case study ICW system was therefore de-
signed by utilizing the natural contours and features of the landscape. The utiliza-
tion of natural contours resulted in reduced construction costs, leading to a cost-
effective design of the ICW. Costs associated with cut and fill volumes were re-
duced by this technique. The shape of the valley and the crest and slope of hills were 
taken into account during the integration of the ICW site into the landscape. 

Curvilinear shapes of cells that follow the natural contours were utilized to 
support the even distribution of flows within the system. The growth of vegetation 
in the cells of this ICW has assisted in the creation of a more natural look and a 
good fit with the surrounding landscape. 

Furthermore, the ultimate aim of an ICW is to ensure that the water quality is 
improved and that the final result enhances the surrounding landscape and con-
tributes to an improvement in the local biodiversity, as discussed by Carty et al. 
(2008). For example, the common newt (Triturus vulgaris) and invertebrates that 
are important indicators for ‘good’ water quality became abundant. Furthermore, 
Dytiscus circumflexus, a rare water beetle, has been identified along with mayflies 
and dragonflies within the case study ICW site boundaries. The ICW system has 
also attracted birds including the grey heron (Ardea cinerea) and mallard (Anas 
platyrhynchos). However, a quantitative assessment of the biodiversity was be-
yond the scope of this sub-section. 

2.3.4 Conclusions 

The studied ICW system reduced contaminant concentrations present in the farm-
yard runoff. Nutrients including ammonia–nitrogen and MRP were effectively 
reduced even after 7 years of operation. Hence, the structure acts as a sink (not 
source) for nutrients. Furthermore, the BOD, COD, SS, total coliforms, and E. coli 
values were also reduced within the ICW system. 

Denitrifying bacteria were counted in greater numbers than ammonia-oxidizing 
bacteria within the sediments of the ICW cells. Thus, the benthos of this system 
supported denitrification and, consequently, made it a sink for nutrients. 

The groundwater and surface water monitoring results indicated that the ICW 
system had not polluted the groundwater or degraded the water quality of the re-
ceiving watercourse. Nutrients including nitrate–nitrogen within receiving water 
bodies were lower downstream than upstream of the ICW system. However, the 
case study system is highly complex, and it is therefore difficult to define reliable 
nutrient balances. 

The long-term assessment demonstrates that the example ICW system can be 
considered an effective and sustainable wastewater treatment option for farm-
yard runoff rich in nutrients. Dense stands of wetland plants contributed to very 
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high evapotranspiration rates, which reduced the likelihood of floods further 
downstream during the summer by providing additional storage volume. Fur-
thermore, the natural design enhanced the local biodiversity and improved land-
scape aesthetics. 

2.4 Integrated Constructed Wetlands for Treating 
Swine Wastewater 

2.4.1 Introduction and Agricultural Practice 

Constructed wetlands have become widespread as an alternative and cost-effective 
method of treating wastewaters including agriculture-related wastewater streams 
(Harrington et al. 2005; Kivaisi 2001; Scholz and Lee 2005; Sievers 1997; Stone 
et al. 2002). As opposed to traditional mechanical and chemical treatment tech-
niques such as sludge treatment plants or trickling filters, constructed wetlands 
implement only processes that occur naturally. The effective treatment of swine 
wastewaters (also called pig slurry in Europe) has been studied in greater depth 
over the past two decades, with more and more processes being examined and 
scrutinized. 

The majority of research originated in the USA, where government agency 
guidelines were published for the construction and operation of constructed wet-
lands for various applications, but predominantly for domestic wastewater and 
storm water treatment (USEPA 1988, 2000). However, with respect to the com-
plex nature of diffuse agricultural pollution, these guidelines were found to be 
inadequate (Sievers 1997; Stone et al. 2002, 2004) and resulted in mediocre over-
all treatment results due to the absence of a pretreatment stage promoting sedi-
mentation or nitrification. Particularly livestock waste and wastewater are difficult 
to treat sufficiently by constructed wetlands due to their high concentrations of 
pollutants including suspended solids, nutrients, and bacteria (He et al. 2006). 
Moreover, an increasing number of livestock on farms and high production rates 
result in very high volumes of wastewater that prove to be a challenge to con-
structed treatment wetlands. 

In the European Union, the Nitrates Directive 91/676/EEC (EEC 1991) has put 
pressure on piggeries due to the restrictions placed on land spreading of corre-
sponding wastewaters at certain times of the year. Considering that suitable farm-
land for spreading is limited and other landowners are often unable to spread pig-
gery waste as fertilizer, expensive and high-maintenance equipment is often 
purchased that can put great financial burdens on piggeries and farmers. The holis-
tic approach of using constructed wetlands for the treatment of wastewater is 
therefore rapidly becoming a far more appealing approach to many farmers. How-
ever, constructed wetland acceptance will be hindered without greater understand-
ing of the processes involved and guidance to their construction, operation, and 
maintenance. 
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The initially widely used guidelines from the USEPA (1988, 2000) were suffi-
cient for certain types of wastewaters. Long and narrow systems often yielded 
respectable results despite high flow velocity measurements. This basic design has 
progressed to more sophisticated wetland system designs adopted to cold, temper-
ate, and tropical climates (Kantawanichkul 2003; Puustinen 2005). Different de-
signs include vertical-flow, horizontal surface-flow, and sub-surface-flow systems 
(Scholz 2006a). 

The basis for the use of constructed wetlands for wastewater treatment is well 
established and its ‘fine-tuning’ for the use of intense agricultural wastes is ongo-
ing. However, some systems such as ICW have produced exceptionally positive 
treatment results for farmyard runoff and domestic wastewater (Scholz et al. 2007) 
and are therefore being considered also for swine wastewater treatment. 

The aim of this review is to assess the current level of knowledge and under-
standing with respect to the treatment of wastewater high in ammonia–nitrogen 
with constructed wetlands. The review will focus on swine wastewater treatment 
representing a ‘worst-case scenario’ for wetland designers. The reasoning for 
further research needs incorporating multidisciplinary and holistic views is also 
outlined. 

2.4.2 International Design Guidelines: Global Scenario 

2.4.2.1 American Guidelines 

Since the early 1980s, a wide range of constructed wetland publications originating 
from the USA have been published. These include guidance manuals, case studies, 
bibliographies, assessments of technologies involved (both free surface water wet-
lands and sub-surface-flow wetlands), and the availability of a description and 
performance database, the so-called North America Treatment Wetland Database, 
which is based on constructed wetlands currently in use (Knight et al. 2000). 

The US Environmental Protection Agency (USEPA) released a manual in 1988 
for the design of constructed wetlands for the treatment of municipal wastewaters 
(USEPA 1988). The design parameters presented in the manual are based on a 
large number of empirical formulae and led to what is known as the “rational 
method” (Sievers 1997), which predicts wetland area based upon desired organic 
matter (5-d biochemical oxygen demand) removal. 

The specific processes taking place in constructed wetlands are similar to those 
that occur in conventional treatment systems including treatment methods de-
signed to promote denitrification. The use of emergent vegetation is crucial in both 
sub-surface and free surface water systems. The emergent vegetation controls 
water flow and provides the main source of treatment through the plants’ rhizo-
sphere where most treatment processes take place. 

The USEPA (1988) design manual recommended the use of constructed wet-
lands for the treatment of acid mine drainage and storm water, and further sug-
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gested that constructed wetlands could also enhance existing predominantly natural 
wetlands. The manual acknowledged the considerable costs of more ‘traditional’ 
treatment systems and emphasized that constructed wetlands are a cost-effective 
alternative that are based on natural processes occurring in natural wetlands. The 
construction of wetlands in areas where they did not previously exist highlights that 
there is less regulation with regard to constructed wetlands than in comparison to 
natural wetlands. These and similar aspects about the ease of implementation and 
construction of constructed wetlands have been the driving factors behind the de-
velopment of constructed wetlands for wastewater treatment since the late 1970s. 
Moreover, their performance, especially when compared to industrial methods, is 
a crucial factor promoting their increase of acceptance (Scholz 2006a). 

The early design manual (USEPA 1988) was followed up by a series of guid-
ance documents and manuals in the USA and elsewhere (Carty et al. 2008; Conte 
et al. 2001; USDA 1991; USEPA 2000). Similar guidelines were released by the 
United States Department of Agriculture under the Natural Resource Conservation 
Service (USDA 1991). This handbook recommends constructed wetlands for the 
treatment of agricultural and domestic wastewater, mine drainage, and storm wa-
ter. Similar to the USEPA (1988) manual, it also relies on the constructed wetland 
design based predominantly on biochemical oxygen demand concentrations, but 
expanded the design parameters by including ammonia–nitrogen as the new key 
design factor and recommended the implementation of a minimum 12-d residence 
time for the influent to be treated. 

Both manuals are similar, but have led to mixed results. Some reports have 
shown that nutrient concentrations were significantly higher than expected (Siev-
ers 1997) when using the USEPA (1988) guideline. In comparison, others have 
shown that results are directly in line with the expected effluent quality using the 
USDA (1991) guideline (Stone et al. 2002). 

The manual “Constructed Wetland Treatment of Municipal Wastewaters” 
(USEPA 2000) is recommended for the design of constructed wetlands as a func-
tional part of a wastewater management strategy, and not as a guidance manual for 
a “specific regulatory program.” It therefore gives in-depth guidance for both free 
surface-flow wetlands and vegetated submerged beds. 

The USEPA (2000) manual describes constructed wetlands and the associated 
terminology, applications, and apparent misconceptions in a manner that is easy to 
understand. It allows for a wide array of people to comprehend the design, appli-
cation, and implementation of constructed wetlands. However, its attempt to clar-
ify certain aspects of constructed wetland design is confusing. On one hand, it 
explains that constructed wetlands are well defined by equations based upon a 
wide range of literature summarizing good research, but it states on the other hand 
that they cannot be designed purely by such equations. The document then gives 
example designs using these equations for the design of constructed wetlands for 
municipal wastewater treatment without outlining other design criteria in detail. 

What has been consistent in the implementation of constructed wetlands is the 
focus on phosphorus treatment. It had been shown on several occasions that initial 
treatment was quite effective, but that after a relatively short period of time the 
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reduction levels diminished considerably (Scholz 2006a; Sievers 1997; Stone et al. 
2002). As phosphorus is deemed very important with regard to water quality, 
several studies recommend constructed wetlands only as a method of pretreatment 
when based upon the USEPA (1988) and USDA (1991) manuals. 

There is little or no information in early guidance documents with regard to the 
use of constructed wetlands for the treatment of piggery wastewater. The USEPA 
online database does include some information for constructed wetlands that are or 
were being used for the treatment of piggery wastewater, but the information is 
not comprehensive. Usually, only the number of cells involved in the wetland 
systems themselves is stated. The USEPA and NRCS documents have both been 
implemented for the treatment of piggery wastewater and have shown inconclu-
sive findings (Sievers 1997; Stone et al. 2002). 

Sievers (1997) implemented the USEPA (1988) guidelines for four constructed 
wetland cells, which were run in parallel; two were surface-flow wetlands and two 
were free surface water wetlands. Only one cell of each wetland system type re-
ceived wastewater from a primary anaerobic lagoon, while the remaining cells 
received wastewater from a secondary lagoon. The results from these cells were 
highly variable and most likely due to seasonal changes. The inability of the con-
structed wetland to consistently achieve a biochemical oxygen demand concentra-
tion of 30 mg/l or less was presumed to be a result of the wetlands’ maintaining 
anaerobic conditions. Over a 2-year study period, no nitrate was detected in the 
constructed wetland system, thus suggesting insignificant nitrification. Phosphorus 
removal was also very low. The primary removal method was adsorption on soil. 
Despite low overall removal rates, the cells receiving wastewater from the primary 
lagoon provided relatively good treatment, most likely due to a longer retention 
time. 

Stone et al. (2002) used the Natural Resources Conservation Service presump-
tive design method. This involved four wetland cells (i.e., two cells connected in 
series). These cells had a length-to-width ratio of 9:1, and both were planted with 
either bulrushes or cattails (Typhaceae). Over a 6-year period, the macrophytes 
were examined while receiving effluent from an anaerobic lagoon, which was 
mixed with freshwater prior to entering the wetland. 

The wetlands were found to be relatively effective at the removal of nitrogen 
with mean total nitrogen and ammonia–nitrogen reductions of approx. 85% each 
over the duration of the study period. At lower rates, the total phosphorus removal 
rate was approx. 88%. Total phosphorus removal was reduced to 25% and 38% for 
the two systems, if operated under higher loading rates. Stone et al. (2002) sug-
gested that pretreatment would be required for the effective removal of phospho-
rus when high loading rates were applied. The constructed wetland sizing that was 
applied to these systems was dependent upon the loading rates and the concentra-
tions of the wastewater being treated. This was found to result in a constructed 
wetland that was only slightly bigger (approx. 5%) than a similar system designed 
according to Natural Resources Conservation Service guidelines (see above). 

The American guidance manuals (USDA 1991; USEPA 1988, 2000) have been 
relied upon for use in a wide range of applications with regard to various waste-
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waters. However, their usefulness regarding the treatment of swine wastewater 
was seen to be limited. Most constructed wetland designs lack the treatment capa-
bility to reach set standards for swine wastewater without pretreatment (Stone 
et al. 2002; Sievers et al. 1997). The manuals, while trying to be robust and highly 
descriptive, are overburdened with technical data and specific empirical formulae 
that are supposed to be applied to a treatment method that is extremely complex in 
both the reactions that are taking place in the constructed wetland as well as the 
external influences such as climatic conditions. These circumstances are stated in 
the more recent USEPA (2000) guidance manual for municipal wastewaters and 
described as a misconception. 

Changes in the retention time impact the effectiveness of constructed treatment 
wetlands. The use of the Natural Resources Conservation Service method requires 
a minimum retention time of 12 d (Stone et al. 2002). Sievers (1997) noted im-
proved performances in cells with longer retention times. This observation is taken 
into account in the more recent USEPA (2000) guidance manual. Earlier versions 
recommended between 6 and 7 d retention time. 

The American guidelines for municipal water treatment are extensive and pro-
vide a large amount of information on all aspects of wetland design. They are 
recommended for industries and communities that can sustain the “expertise re-
quired to maintain them” (USEPA 2000). While being very technical in places, 
they do provide insight into all the major design aspects. However, there are no 
specific guidelines with regard to the implementation of constructed wetlands used 
for the treatment of agricultural wastewater. Therefore, municipal guidelines have 
been implemented by researchers and operators to examine their potential for use 
in swine wastewater treatment. However, these designs often fell short of the ex-
pected results (Cronk 1996). 

2.4.2.2 Other Guidelines 

Similar to what has been published in the USA, many other countries have their 
own guidance manuals for the use of constructed wetlands for the treatment of 
various wastewaters. Early guidelines were adapted for semi-arid (Australia), 
boreal (Finland), tropical (Thailand), Mediterranean (Italy), and temperate (Ire-
land, England, and Scotland) climates as discussed elsewhere (Carty et al. 2008; 
Conte et al. 2001; Puustinen and Jormola 2005). 

The guidance manuals are used predominantly for the design and construction 
of wetlands for the treatment of municipal wastewater as well as storm water 
(Stone et al. 2002). Some of these guidelines are relatively new (Conte et al. 2001; 
Puustinen and Jormola 2005) in comparison to some that have been researched 
and implemented in other regions, namely Australia. A large proportion of the 
material that is used in the USA is based on data from Australia (USEPA 1988, 
2000). Australia has been using constructed wetlands for several decades for the 
treatment of storm water in urban areas. Indeed, similar to the guidance material in 
the USA, other manuals and documents also primarily recommend constructed 
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wetlands for the treatment of (pretreated) municipal wastewaters and storm water 
(Conte et al. 2001). 

Several countries with areas characterized by a tropical climate such as China, 
Thailand, Malaysia, Brazil, and Australia have implemented constructed wetlands 
for wastewater treatment (He et al. 2006; Kantawanichkul 2003; Li et al. 2008; 
Sezerino et al. 2003). The functionality of constructed wetlands and their effi-
ciency and size is influenced by the significantly higher temperature of their sur-
roundings. Tropical constructed wetlands, like their temperate counterparts in 
Europe and the USA, are used predominantly for storm water and wastewater 
management (Kantawanichkul and Somprasert 2005), but are also being imple-
mented for the treatment of agricultural waste and wastewater. The outline designs 
that are in use vary very little from those in most other regions, and the main dif-
ferences are in wetland system operation. Specific guidance manuals have not 
been developed, and notes refer to the same design types as those used elsewhere. 
However, a combination of various types of constructed wetlands has been used in 
some case studies where space was limited (Kantawanichkul 2003, 2005). 

Due to the high robustness of constructed wetlands and their wide treatment 
applications, they can even be found in harsh boreal climates that have extreme 
weather conditions. For example, the use of constructed wetlands in Finland for 
agricultural wastewater treatment is relatively new in comparison to other coun-
tries (Puustinen and Jormola 2005). Finnish designers rely heavily on optimizing 
the hydraulic efficiency, preventing flows that are linear, and preferring diffuse 
flows instead. 

Constructed wetlands in Finland, for example, are designed and built with 
a broader spectrum of use than just a single purpose such as municipal or agricul-
tural wastewater treatment. They are designed for floodwater mitigation, wastewa-
ter treatment, habitat creation, biodiversity support, and esthetic functionality 
(Puustinen and Jormola 2005). The primary Finnish research site is the Hovi con-
structed wetland in southern Finland (Puustinen and Jormola 2005). In the mate-
rial documenting this wetland, it states that the size of the constructed wetland 
with regard to the catchment area is critical. These data are referenced against data 
from constructed wetlands in the USA and compared with data from Finland. 

The high number of studies performed on this single wetland, which was estab-
lished in 1998, has resulted in two manuals (Puustinen and Jormola 2005) pro-
vided by the Finnish Environment Institute. One manual gives an overview of the 
implementation of constructed wetlands, their role, and general information, and 
the other provides specific design guidelines. 

2.4.2.3 Recent Innovations 

The application of constructed wetlands for the treatment of agricultural waste and 
wastewater is not a new concept, but is one that has been refined since the construc-
tion of wetlands became viable for this specific application (Dunne et al. 2005a; 
Hunt et al. 2002, 2004; Knight et al. 2000; Sievers 1997). There have been several 
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recent innovations regarding the design, operation, and management of constructed 
wetlands. For example, different types of vertical-flow wetlands are in use (He et al. 
2006; Kantawanichkul et al. 2001; Molle et al. 2008; Sezerino et al. 2003). Some of 
these systems are common for swine wastewater treatment due to their increased 
capacity to remove organic matter and ammonia–nitrogen (He et al. 2006). 

Different methods of introducing wastewater into constructed wetlands (e.g., 
continuous, batch, and “tidal” (Lee et al. 2006) flow operation) and “antisized reed 
bed systems” (Zhao et al. 2004), where, in contrast to normal vertical-flow systems 
with finer material at the top of the system, the coarser material is located at the top 
instead, have been successfully operated (Lee et al. 2006; Scholz 2006a; Scholz 
and Xu 2001; Zhao et al. 2004). Zhao et al. (2004) examined the improved capabil-
ity of such systems to deal with the clogging of the bedding material, as well as 
avoiding the possible detrimental effects of clogging on functionality and sustain-
ability. The study found very little difference in the actual removal capacity of 
nutrients in the systems, but the accumulation of material in the set-ups was sig-
nificantly slower in the antisized systems. In situations where vertical-flow wet-
lands are used, this would lead to the improved sustainability of the constructed 
wetland, especially in more remote areas where access to skilled personnel would 
be more difficult (USEPA 2000). 

Another, more encompassing, approach has been undertaken in Ireland with re-
gard to the overall design, construction, and management of wetlands. The ICW 
concept has been developed for the design of wetlands for agriculture including 
swine wastewater interception, and the design takes into account rather holistic 
variables before construction (Harrington et al. 2005). These additional variables 
are primarily of a social, economic, and environmental nature. The ICW approach 
also integrates wetlands into the surrounding landscape to give a more natural 
appearance of the overall structure (Scholz et al. 2007b). 

Carty et al. (2008) have published the scientific justification for the Farm Con-
structed Wetland Design Manual for Scotland and Northern Ireland. This docu-
ment addresses an international audience interested in applying wetland systems in 
the wider agricultural context. Most FCW combine farm wastewater treatment 
with landscape and biodiversity enhancements and are a specific application and 
class of ICW that have wider applications in the treatment of other wastewater 
types such as domestic sewage (Scholz et al. 2007b). Carty et al. (2008) discuss 
universal design, construction, planting, maintenance, and operation issues rele-
vant specifically for FCW, including wetland systems treating piggery wastewater 
in a temperate climate, but highlight also catchment-specific requirements to pro-
tect the environment. 

Furthermore, the design suggestions by Healy et al. (2007) complement the 
guidelines proposed by Scholz et al. (2007b) and Carty et al. (2008). Healy et al. 
(2007) discuss the performance and design criteria of constructed wetlands for the 
treatment of domestic and agricultural wastewater, and sand filters for the treat-
ment of domestic wastewater. It also proposes sand filtration as an alternative 
treatment mechanism for agricultural wastewater and suggests corresponding 
design guidelines. 
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Chen et al. (2008) examined modified free water surface-flow constructed wet-
lands to polish treated swine wastewater. The assessed treatment process (i.e., 
conventional three-stage treatment scheme followed by a modified free water 
surface wetland (with or without plants) with a 2-d hydraulic retention time) was 
a promising option to meet Chinese swine wastewater discharge restrictions 
(COD: 600 mg/l, BOD: 80 mg/l, SS: 150 mg/l). 

Most recently, Zhang et al. (2009) proposed the application of self-organizing 
map models as prediction tools for the performance of wetland-based agroecosys-
tems for the treatment of agricultural wastewater to protect receiving watercourses. 
By utilizing the self-organizing map model, the expensive biochemical oxygen 
demand outflow concentrations, which are time consuming to measure, were pre-
dicted well by other inexpensive variables, which were quicker and easier to meas-
ure. This novel approach allows for the real-time control of the outflow water qual-
ity of wetland systems and potentially also of other treatment system applications. 

2.4.3 Operations 

2.4.3.1 Loading and Flow Rates 

The operation of standard constructed wetlands is relatively uniform, regardless of 
the flow type (e.g., surface flow, sub-surface flow, or vertical flow). The influent 
enters the wetland system and flows through one or a series of wetland cells, 
which are usually heavily vegetated. Where the differences lie are the various 
aspects with regard to specific design. 

The design of constructed wetlands is therefore of great importance to ensure 
that they perform well and are suited to the location and to the treatment role that 
they are supposed to fulfill. Comprehensive research into the most appropriate 
loading rates, input concentrations, and flow rates has been undertaken (Kanta-
wanichkul et al. 2001; Knight et al. 2000; Lee et al. 2004; Szogi and Hunt 2001). 

The North American Treatment Wetland Database contains design data for 
over 400 constructed wetlands, both study- and full-scale systems. A study spon-
sored by the Gulf of Mexico Program established a similar database, the Livestock 
Wastewater Treatment Database (Knight et al. 2000). The North American Treat-
ment Wetland Database stores information on all types of treatment wetlands, 
whereas the Livestock Wastewater Treatment Database stores information specifi-
cally for livestock-related wastewaters. These two databases were combined due 
to their similarity in design to form the North American Database version 2.0 
(Knight et al. 2000). 

The loading and flow rates in constructed wetlands vary greatly. The Livestock 
Wastewater Treatment Database recorded data from 68 sites in North America. 
The mean hydraulic loading rate was 4.7 cm/d. Mean system flows of 10 m3/d 
have been calculated. Most of the systems used for livestock wastewater treatment 
are of small size with a mean area of only 0.6 ha. Constructed wetlands treating 
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swine wastewater are slightly larger with mean areas of 1 ha. Knight et al. (2000) 
concluded that concentration removal rates were a function of the inlet concentra-
tion and the hydraulic loading rates. 

The USEPA (1988) guidelines recommend loading rates of 112 kg BOD5/ha/d 
and flow rates of 200 m3/ha/d. The Livestock Wastewater Treatment Database 
stated mean flow rate of 10 m3/ha/d is significantly lower than this, but the major-
ity of the sites examined in the livestock database were research-based systems of 
relatively small size. 

The loading rates that are used in constructed wetlands vary greatly with re-
spect to their intended use. In dairy wastewater treatment, designers have applied 
very light loading rates (3.6 g/m2/d; Dunne et al. 2005a), heavy rates (Lee et al. 
2004; USEPA 1988), tidal-flow-governed rates (Zhao et al. 2004), and changing 
rates (Lee et al. 2004). Several studies in the tropics with high hydraulic loading 
rates in constructed wetlands treating swine wastewater have shown that removal 
rates decrease with significant increases in loading rates (Kantawanichkul and 
Somprasert 2005; Kantawanichkul et al. 2003). 

2.4.3.2 Water Depth 

The water depths in constructed wetlands are highly variable. The USEPA (1988) 
guidelines recommend that the variable depth should be part of the design equa-
tions that are used to determine the sizing of the corresponding constructed wet-
land cells. Wetlands range from shallow systems with a depth of approx. 0.25 m 
(Harrington and Ryder 2002; Harrington et al. 2005) to deep ones of 1.2 m 
(USEPA 1988). A technical report by the USEPA (1999) recorded water depths of 
between 0.1 and 1.5 m. The depth of water is often the key parameter to nitrogen 
control in wastewater treatment. Shallow water depths are associated with the 
highest ammonia–nitrogen diffusion and nitrogen losses (Szogi and Hunt 2001). 

The water depth also has an important impact on the growth of macrophytes 
that are used in constructed wetland systems. Depending on the species that are 
planted, greater water depth can inhibit macrophyte growth and colonization of the 
wetland cells. Some genera of macrophytes are capable of coping with deep water 
levels (Clarke and Baldwin 2002; USEPA 1988), but others are not and therefore 
require shallower water for most of their growing season. High water levels would 
result in wetlands being more susceptible to the effects of high nutrient concentra-
tions and may lead to the death of more sensitive species. Shallower systems also 
help to increase nitrification by increasing the aerobic conditions present in the 
cells (Carty et al. 2008; Scholz 2006a). 

2.4.3.3 Pretreatment of Wastewater 

Pretreatment is often important to achieve a better and more effective treatment of 
wastewaters (Cronk 1996; Hunt and Poach, 2001). Early guidelines (USEPA 1988) 
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recommended the use of conventional pretreatment units such as sedimentation 
basins to reduce suspended solids and BOD concentrations and suggested the add-
ition of chemicals to remove phosphorus. 

Constructed wetlands are often viewed as long-term solutions to wastewater 
treatment. They are low-tech and low-cost and have a design life of usually more 
than 25 years. However, their longevity can be impeded by the accumulation of 
detritus and sediment build-up. The removal of solids in a pretreatment stage has 
therefore been recommended for many years (Hunt and Poach 2001; Cronk 1996; 
USEPA 1988). Some studies have suggested that some constructed wetland types 
themselves can be used as a pretreatment step, being part of a sustainable drainage 
system, also called BMP in the USA (Cook et al. 1996). 

Furthermore, the dilution of wastewaters to improve treatment is a common 
practice in constructed wetland operation (Harrington et al. 2005). This method is 
often just a simple addition of water to wastewater. However, heavily polluted 
wastewater can also be diluted by less contaminated wastewaters such as roof and 
yard runoff. The dilution of wastewaters is important in promoting good nutrient 
removal within constructed wetlands. Moreover, if the organic loading rates are 
excessive, this can result in decreased removal performances (Kantawanichkul 
et al. 2003) and an increase in the risk of ammonia toxicity to some constructed 
wetland plants (Hunt et al. 2002, 2004). 

Partial nitrification of wastewater prior to its treatment in a constructed wetland 
has also been examined as a means of affecting nitrogen removal and ammonia 
volatilization (Sommer et al. 1993; Poach et al. 2003). The most common method 
of additional nitrification of wastewaters is the recirculation of the wastewater 
itself or the use of partially nitrified lagoon wastewater, as shown by numerous 
previous researchers (He et al. 2006; Humenik et al. 1999; Hunt and Poach 2001; 
Kantawanichkul et al. 2001; Poach et al. 2003). 

Pretreatment to achieve nitrification can reduce ammonia volatilization due to 
reduced concentrations of ammonia in the wastewater (Poach et al. 2003). As 
a result, these reduced concentrations help to minimize the potential risk of am-
monia toxicity to wetland plants. The anaerobic conditions that exist in wetland 
soils (Scholz 2006a) limit the rate of nitrification, suggesting that denitrification in 
wetlands is nitrate-limited (Hunt and Poach 2001; Hunt et al. 2002, 2004). 

Recirculation of wastewaters has been shown to have a positive effect on total 
nitrogen removal across the world. Kantawanichkul (2001) showed that the recir-
culation of effluent in a combined vertical-flow and horizontal-flow wetland sys-
tem increased the total nitrogen removal rate from 71 to 85%. Humenik (1999) 
reported that nitrified lagoon water added to constructed wetland microcosms led 
to nitrogen removal rates that were four to five times that of non-nitrified liquid. 

Pilot-scale plants in China (He et al. 2006) were used to test for various recir-
culation rates. Findings showed increased ammonia–nitrogen removal rates in 
comparison to non-recirculated effluent. However, the researchers reported no 
great increase in phosphorus removal. This study showed that the use of recircula-
tion helped to form an oxide environment in the wetland. 
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Furthermore, the partially nitrified state of recirculated effluent has consistently 
shown its benefit to nitrogen removal in constructed wetland systems. Recircula-
tion technologies decrease ammonia volatilization, which is not desirable due to it 
being an atmospheric pollutant (Sommer et al. 1993; Poach et al. 2004), and help 
to abate ammonia toxicity with regard to the most commonly used macrophytes. 

2.4.4 Macrophytes and Rural Biodiversity 

2.4.4.1 Macrophyte Types and Characteristics 

The range of macrophytes that are planted in constructed wetlands is wide and 
varied. They are intrinsic to the use of constructed wetlands and play a vital role in 
nutrient removal (Brix 1994; Hunt and Poach 2001). The USEPA (1988) guidance 
manual refers to cattails, reeds, rushes, bulrush, and sedges, all of which have 
different ranges of pH tolerance. For example, cattails usually tolerate pH values 
of between 4 and 10, while other aquatic plants such as rushes and sedges have 
much narrower tolerance margins. The USDA (1991) guidebook on constructed 
wetlands lists several species that have been identified as being suitable for use in 
constructed wetland systems in North America. The guidebook also states that not 
all wetland plants are suitable for treatment systems, since they should be able to 
tolerate continuous flooding and exposure to high nutrient concentrations in the 
influent (USDA 1991). Tanner (1996) summarized a list of properties that wetland 
plants should have: 

• ecological acceptability (no significant weed or disease risks or danger to the 
ecological or genetic integrity of surrounding natural ecosystems); 

• tolerance of local climatic conditions, pests, and diseases; 
• tolerance of pollutants and hypertrophic waterlogged conditions; 
• ready propagation and rapid establishment, spread, and growth; and 
• high pollutant removal capacity. 

The principal functions that macrophytes provide are numerous: stabilization of 
the beds, provision of physical filtration, prevention of clogging of vertical sys-
tems, insulation against frost in winter, and provision of a large surface area for 
microbial communities, which are vital to successful wastewater treatment (Brix 
1994; Scholz 2006a). In addition to supporting the treatment processes in con-
structed wetlands, macrophytes also serve highly underrated functions in tradi-
tional civil engineering design by promoting natural aesthetics and landscape 
integration. 

Furthermore, planting of the most suitable and often native species is important 
in the ICW concept to improve the biodiversity of the vicinity around the structure 
(Harrington et al. 2005; Scholz et al. 2007b). The predominantly aquatic plants 
provide habitats for wildlife such as mammals, birds, and insects. The biodiversity 
of macroinvertebrates has been shown to be extremely high in certain ICW in 
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Ireland, e.g., some wetland systems have up to 60% of the country’s native species 
of aquatic macroinvertebrates present. The adaptation of wetland plants to live in 
anaerobic soils is important as their root structures provide aerobic areas that help 
to sustain nitrifying bacteria (Brix 1994). As well as providing oxygen for bacte-
ria, they also provide oxygen to the anaerobic substrate and thus help to stimulate 
aerobic decomposition. 

2.4.4.2 Toxicity Tolerance Thresholds 

The toxicity tolerance thresholds and the corresponding uptake rates of pollutants 
by wetland plants have been researched (Brix 1994; Harrington 2005; Hill et al. 
1997; Hubbard et al. 1999). However, these studies have usually examined the 
more common genera used in constructed wetlands (Brix 1994; Clarke and Bald-
win 2002; Hubbard et al. 1999). For example, Clarke and Baldwin (2002) tested 
common species such as softrush (Juncus effuses L.), broadleaf arrowhead (Sagit-
taria latifolia Willd.), softstem bulrush (Schoenoplectus tabernaemontani C.C. 
Gmel.), lesser bulrush (Typha angustifolia L.), and common bulrush (Typha latifo-
lia L.) at varying ammonia concentrations and water depths. 

Other studies have assessed more genera growing in temperate or tropical cli-
mates (Tanner 1996). However, findings concerning the effect of ammonia on 
plants are not fully conclusive. The preference to pretreat wastewater prior to it 
entering the wetland system or the recycling of effluent suggests that the aquatic 
plants studied were most likely susceptible to ammonia toxicity, although some 
studies suggest that the plants are more tolerant than is commonly reported in the 
literature, stating that there was no apparent effect on some plants due to relatively 
high ammonia concentrations (Hill et al. 1997). 

Comparisons between different plant species have been undertaken to examine 
their uptake rates (Hubbard et al. 1999; Poach et al. 2003; Tanner 1996). Brix 
(1994) reported on the uptake rates of common emergent, free-floating, and sub-
merged plant species in wetlands. For example, bulrush (Typha latifolia L.) had an 
impressive nitrogen uptake rate for relatively small planted areas, but low phos-
phorus uptakes for considerably larger areas. The nutrients are, however, bound in 
the biomass but could be removed by harvesting. 

With plants being an important integral part of constructed wetlands, attention 
has been paid to the opportunity to use them for additional purposes. Therefore, 
cash crops such as soybean and rice have been assessed in terms of their use in 
wastewater treatment (Humenick et al. 1999; Szogi et al. 2000, 2003, 2004). 

These research studies indicate that such plants are able to grow in treatment 
wetlands receiving swine wastewater. The potential yield from such cash crops 
could make constructed wetlands that use these plants more attractive, particularly 
in developing countries. Constructed wetlands could be used for the treatment of 
wastewater and also to yield a steady food supply or income. This would be par-
ticularly beneficial for small-scale farmers, because they would be able to produce 
their own feed while treating their own wastewater at the same time. 
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Alternative methods of using aquatic plants are not limited to cash craps. The 
most common macrophytes planted on floating mats in anaerobic lagoons treating 
swine wastewater have been assessed by Hubbard et al. (2004). The nutrient up-
take rates were relatively high. Less commonly used plant species native to certain 
regions have been examined as well. For example, vetivergrass (Vetiveria zizani-
oides Nash) was used in Thailand (Kantawanichkul et al. 2003). This grass was 
suitable for tropical hydraulic and organic loading rates. 

2.4.5 Nutrients 

2.4.5.1 Nutrient Transformation Processes 

The primary objective of constructed wetlands is the removal of excessive concen-
trations of nutrients in wastewater (Lee et al. 2004; Poach et al. 2002; Prantner 
et al. 2001). The removal is supported by means of sedimentation, adsorption, 
organic matter accumulation, microbial assimilation, nitrification, denitrification, 
and ammonia volatilization (Brix 1994; Poach et al. 2003). However, denitrifica-
tion is far more preferable to ammonia volatilization as a means of nitrogen reduc-
tion, considering that ammonia volatilization results in ammonia gas release, 
which is an atmospheric pollutant (Sommer et al. 1993; Poach et al. 2004). Deni-
trification, however, is limited in constructed wetlands by the availability of nitrate 
and nitrite (Hunt and Poach 2001; Hunt et al. 2002, 2004). 

Denitrifying enzyme activity is correlated to areas where there are high 
amounts of nitrate and nitrite. Moreover, denitrifying enzyme activity has been 
shown to increase over time with the maturity of constructed wetlands, an in-
creased rate of nitrogen application, and water depth (Hunt et al. 2002), which 
leads to increased ammonia volatilization. This is seen as a particular problem, 
especially with regard to swine wastewater and its high nutrient content. 

The phosphorus cycle is dissimilar to both the carbon and nitrogen cycles in that 
it does not involve a series of oxidation-reduction reactions. In comparison, it is 
predominantly a sedimentary cycle (Van der Valk 2006), as shown in Figure 2.22. 

The most common method of enhancing denitrification is to recirculate the 
wastewater or to add partially nitrified water (He et al. 2006; Kantawanichkul 
et al. 2001; Poach et al. 2003). This is done by recycling the effluent back into 
the system or by the addition of partially nitrified storage or lagoon water. It fol-
lows that denitrification is promoted by supplying the system with greater 
amounts of nitrate and nitrite throughout the treatment process, thereby reducing 
the risk of volatilization. However, a complete removal of the volatilization proc-
ess is unrealistic. 

Seasonal and temperature effects on denitrification have also been examined 
(Reddy et al. 2001; Trias et al. 2004). There is a moderate positive correlation 
between temperature and the removal rates in wastewaters. Trias et al. (2004) 
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reported variable findings for swine wastewater treatment with respect to total 
suspended solids ranging from 77% at moderate temperatures to 42% during the 
warmest period. 

Studies with marsh–pond–marsh designs have assessed differences in the 
amount of ammonia volatilization taking place in constructed wetlands (Poach 
et al. 2004; Reddy et al. 2001). While Reddy et al. (2001) saw rates of nitrogen 
removal similar to those of continuous marsh systems (often >70%) and medium 
phosphorus removal rates (30 to 45%), it was not observed how much of the nitro-
gen removal was associated with volatilization. 

Poach et al. (2002) highlighted the fact that it was not known if volatilization of 
free ammonia governed nitrogen removal in constructed wetlands. Findings indi-
cated that between 7 and 16% of the nitrogen removal was achieved by ammonia 
volatilization. This gave an indication as to how much nitrogen removal was being 
caused by volatilization, but also showed that it was not the principal nitrogen 
removal method. 

Poach et al. (2004) used the marsh–pond–marsh design a further time to high-
light the differences between the pond and marsh sections with regard to volatili-
zation. The pond sections had significantly higher proportions (23 to 36%) of 
volatilization than the marsh areas (<12%). Volatilization was the dominant nitro-
gen removal mechanism in the pond sections (54 to 79%). It follows that marsh 
areas should be constructed within wetland systems used for the treatment of 
wastewaters from confined animal operations such as swine waste and wastewater. 
However, relatively low removal rates of nitrogen (30%) and phosphorus (8%) 
have been reported for long and narrow marsh–pond–marsh systems in the state of 
North Carolina, USA (Stone et al. 2004). 

 

Figure 2.22 Simplified phosphorus and nitrogen cycles within integrated constructed wetlands 
treating swine wastewater 
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2.4.5.2 Phosphorus 

Phosphorus is among the most difficult nutrients to remove from wastewater. This 
has created problems for many types of treatment systems such as constructed 
wetlands, where it is retained but often only temporarily (Pant et al. 2001; Reddy 
et al. 2001; Sievers 1997; Stone et al. 2002, 2004). Like nitrogen, phosphorus is 
partly removed in constructed wetlands by plant uptake, accretions of wetland 
soils, microbial immobilization, retention by root bed media, and precipitation in 
the water column (Reddy et al. 2001; Scholz 2006a). 

Phosphorus removal rates in the literature are very diverse and subject to the 
boundary conditions of the individual case study. Some research studies with 
constructed wetlands have shown average phosphorus removal rates (He et al. 
2006; Knight et al. 2000; Lee et al. 2004; Reddy et al. 2001; Sezerino et al. 2003). 
However, some other studies have reported very low rates (Shappell et al. 2007; 
Stone et al. 2004; Szogi et al. 2004), while a relatively large proportion of investi-
gations have shown very high removal rates, usually >70% (Harrington et al. 
2005; Hunt and Poach 2001; Prantner et al. 2001). 

In wetland soils, phosphorus is present as soluble or insoluble, organic or inor-
ganic complexes (Scholz and Lee 2005). The phosphorus cycle is not gaseous, as 
opposed to that of nitrogen; rather it is sedimentary and is retained in the wetland 
(Figure 2.22). Inorganic or mineralized organic phosphorus may be retained by 
oxyhydroxides of iron and aluminum in acidic soils and by calcium minerals in 
alkaline soils (Reddy and D’Angelo 1997; Scholz and Lee 2005). Soluble phos-
phorus can be removed by periphyton and subsequently by deposition of dead 
biomass on soil and detritus surfaces (Reddy and D’Angelo 1997). 

In aerobic conditions, insoluble phosphates are precipitated with ferric iron, 
calcium, and aluminum (Drizo et al. 2002; Scholz and Lee 2005). This has led to 
experiments with various aggregates that are used as the primary substrate in con-
structed wetlands (Drizo et al. 2002; Scholz and Xu 2001). Most of these com-
pounds readily bond to phosphorus and are seen as an effective method of increas-
ing or sustaining phosphorus removal and retention within constructed wetlands. 

The partly aerobic and partly anaerobic conditions within wetlands are impor-
tant for phosphorus removal. In anaerobic soils and detritus, forms of organic 
phosphorus are relatively resistant to enzyme hydrolysis, which would otherwise 
release the phosphorus back to the bioavailable pool of nutrients (Reddy and 
D’Angelo 1997). In aerobic conditions, however, phosphorus is bound to organic 
matter and is incorporated into bacteria, algae, and macrophytes (Brix 1994; Red-
dy and D’Angelo 1997; Scholz and Lee 2002). 

As phosphorus is retained in the constructed wetland itself or released in low 
concentrations as part of the wetland discharge, there has been concern among 
wetland critics with regard to the long-term ability of constructed wetlands to 
retain phosphorus effectively. Nevertheless, there seems to be an agreement that 
wetland size matters, i.e., the larger the wetland, the better the long-term removal 
of phosphorus through adsorption and precipitation (Harrington et al. 2005; 
O’ Sullivan et al. 1999; Pant et al. 2001). It follows that an appropriately sized 
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wetland system has a long design life and its capacity to treat phosphorus and 
other nutrients can be greatly increased. Moreover, the design life can be enhanced 
by harvesting macrophytes at the end of the growing season. This maintenance 
method leads to the removal of large amounts of phosphorus captured within a 
relatively small amount of biomass.  

2.4.6 Pathogens, Odor, and Human Health 

The ability of wetlands to remove pathogens and bacteria is well documented. 
Wetlands are similar to biofilters, which are governed by the following processes 
(Brix 1994; Scholz 2006a):  

• chemical: oxidation; adsorption; exposure to toxins released by microorgan-
isms; 

• biological: antibiosis; ingestion by nematodes, protozoans, and cladocera; lytic 
bacteria; bacteriophage attacks; natural decay; and 

• physical: filtration; sedimentation; aggregation; ultraviolet radiation. 

The removal of pathogens from swine wastewater is important for human 
health and safety reasons. Pathogens such as Salmonella may enter the human 
body via surface waters contaminated by runoff containing traces of swine waste-
water, which has been land-spread. Considering the treatment of swine wastewater 
with constructed wetlands, very high removal rates of enteric microbes and patho-
gens such as Salmonella, faecal coliforms, and E. coli (Hill and Sobsey 2001) as 
well as Giardia and Cryptosporidium (Karim et al. 2004) have been reported. 

Hill and Sobsey (2001) documented pathogen removal ratios of between 70 and 
90% in surface-flow wetlands and between 80 and 99.99% in sub-surface-flow 
wetlands with varying organic loading rates. A study of the removal of enteric 
pathogens showed that there were greater occurrences of Giardia cysts and 
Cryptosporidium oocysts in the sediments than in the water column itself. This 
may be indicative of the greater removal rates with regard to pathogens in sub-
surface-flow systems. 

Odor removal in wetlands has become an important factor with regard to the 
construction of wetlands for agricultural wastewater treatment systems (Harring-
ton et al. 2005). The capacity for well-vegetated systems to reduce malodors is 
important for their acceptance, particularly in populated areas. Wetland acceptance 
would result in their wider application in wastewater treatment, especially for 
municipal systems and rural farming communities. 

The odor-reduction capability of livestock wastewater treatment wetlands has 
been primarily anecdotal (Wheeler et al. 2007). However, studies have been per-
formed to quantify odor from constructed wetlands treating swine wastewater. 
Findings indicate that constructed wetlands are very capable of reducing malodor 
from the wastewater being treated, which is seen as an additional benefit (Wheeler 
et al. 2007).  
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2.4.7 Conclusions and Further Research Needs 

Wetlands have been part of human society for hundreds of years, but it is only in 
the past several decades that they have been used with the specific intent and pur-
pose of treating wastewater. Different wetland systems, regardless of their given 
title (e.g., constructed wetlands, treatment wetlands, or ICW), have proven to be 
highly efficient at treating agricultural wastewaters. A wide range of studies on 
their operation and inner workings allowed for much better understanding of the 
biochemical processes that take place. This led to their application in the treatment 
of high strength ammonia–nitrogen polluted waters such as swine wastewater, 
which is perceived to be difficult to purify because of its high strength and ammo-
nia content. 

Due to their high efficiency and relatively low land use, cost, maintenance, and 
operation effort, wetland systems are ideal as an alternative to traditional wastewa-
ter treatment technologies for the treatment of swine wastewaters. The restrictions 
that are put upon piggery farmers, for example, by the European Union Nitrates 
Directive prevent farmers from using methods of wastewater disposal such as land 
spreading that are not sustainable. The use of constructed wetlands for the treat-
ment of swine wastewater, either as its main treatment method or as a secondary 
or even tertiary treatment, has shown consistently high removal rates for nutrient 
and other pollutants as well as a reduction of distinctive malodor that is associated 
with swine waste. 

The greater use of ICW should be considered as a standalone technique or in 
conjunction with traditional aerobic digesters or land-spreading methods to im-
prove the overall treatment efficiency, reduce costs, and allow for a more holistic 
approach to wastewater treatment. 

There is a further research need for more well-documented case studies demon-
strating good practice in the treatment of ammonia-rich wastewater with ICW 
systems. The greatest challenges entail overcoming the toxicity thresholds for 
different plant species and avoiding groundwater contamination if no impermeable 
artificial liner is applied for economic reasons. Furthermore, there is the potential 
that novel analytical tools such as self-organizing map models may help to im-
prove traditional constructed wetland guidelines and manuals by optimizing de-
sign calculations based on artificial intelligence. 

2.5 Wetlands to Control Runoff from Wood Storage Sites 

2.5.1 Introduction and Objectives 

Handling of wood in different shapes and forms at small or industrial scales takes 
place in all regions with climatic conditions allowing trees to grow and people to 
reside. Wood is an important natural resource and is used all over the world as, for 
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example, an energy source, building material, raw material for paper, furniture, 
and tools, and for art and decoration purposes. The environmental impact of log-
ging, transport, storage, debarking, sawing, milling, chopping, and pulping of 
wood depends on the scale and location of the operation, tree species, handling 
methods, and preventative measures that have been chosen to reduce the corre-
sponding impacts on the environment and receiving watercourses (Zenaitis et al. 
2002). 

The environmental impacts from sites handling wood include emissions of par-
ticles (Kauppinen et al. 2006) and volatile organic compounds from wood (Rice 
and Erich 2006; Welling et al. 2001), emissions from the use of energy fuels (Ze-
likoff et al. 2002), release of storm water that has been in contact with wood or 
irrigation water used to protect wood (Bailey et al. 1999; Woodhouse and Duff 
2004), and emissions and spillages from machines and vehicles used at the site 
(Orban et al. 2002; WDOE 1995). Furthermore, noise (Kraus 1985), odor (Nichol-
son 1987), and light (Chalkias et al. 2006) emissions from wood handling sites are 
also seen as undesirable. 

This section focuses on the impacts of wood storage and the corresponding 
mechanical wood handling processes on the receiving watercourses and the envi-
ronment and assesses the techniques that could be used to reduce adverse im-
pacts. The specific environmental effects of logging and transport (Lindholm and 
Berg 2005) are not discussed in this section. A detailed discussion on the envi-
ronmental impacts of water emissions from pulp and paper mills (McMaster et al. 
2006) is also excluded because the impact from these sites originates to a large 
extent from the extensive use of chemicals. However, a summary of experimental 
treatment techniques for organic material originating from wood in effluent from 
pulp and paper mills is included in this section because these methods can also be 
used for runoff treatment from other sites handling wood. 

This sub-chapter summarizes the findings published in high-impact journal pa-
pers to enable further research into developing cost-effective and low-tech treat-
ment methods to reduce the environmental impact of runoff from wood handling 
sites. The first sub-section presents the background and purpose of this section. 
The second sub-section describes the pollution potential that storage and different 
kinds of mechanical handling of wood have on the groundwater or the receiving 
watercourses in the vicinity of the handling sites. The third sub-section summa-
rizes the methods that are currently applied to reduce the pollution. The section 
concludes with a brief discussion regarding the cost-effectiveness of the different 
methods for reducing the environmental impact of runoff, a summary of conclu-
sions, and key recommendations for relevant future research. 

The sub-chapter focuses on wetland treatment and soil infiltration because this 
kind of treatment can, given suitable ground conditions, be applied at sites of dif-
ferent sizes at a relatively low cost. Some more high-tech methods are also dis-
cussed briefly. The objectives are as follows: 

• to summarize the reasons for pollution generation at wood handling sites; 
• to characterize the runoff and its effect on the receiving watercourses; 
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• to summarize treatment methods including soil infiltration and wetland treat-
ment; and 

• to discuss treatments (used in recent experiments) for organic matter in pulp 
and paper mill wastewater. 

2.5.2 Pollution Potential of Runoff from Wood Handling Sites 

2.5.2.1 Reasons for Pollution Generation at Wood Handling Sites 

Contaminated storm water runoff from log yards is generated when precipitation 
comes into contact with wood, woody debris, and equipment at outdoor wood 
sorting, processing, and storage facilities (Woodhouse and Duff 2004). Runoff can 
also be generated by applications of water for dust and fire control (Orban et al. 
2002). In northern Europe and Canada, it is also common that stored logs are irri-
gated with water to protect them from cracking and biological attack (Webber and 
Gibbs 1996). The water keeps the moisture content in the sapwood above 50%, 
which prevents them from drying and being damaged by fungi and insects (Liukko 
and Elowsson 1999). There are techniques, such as climate-controlled sprinkling 
(Liukko 1997), that can be applied to minimize the amount of sprinkling water 
(Figure 2.23). The sprinkling intensities can be decreased with this method by 
between 31 and 97% over a 24-h period (Liukko and Elowson 1995). However, 
runoff is not completely eliminated because of necessary safety margins and main-
tenance water pressures in the sprinkling systems. A medium-sized log yard in 
central Sweden with climate-adapted sprinkling in a non-recirculating system uses 
approx. 100,000 m3 water between May and September. During this period, the 
amount of log yard runoff may be as high as 70,000 m3 (Jonsson 2004). 

 

Figure 2.23 Log sprinkling resulting in large amounts of sprinkling water that runs off from 
a log yard 
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Soluble compounds and particles from bark and wood are taken up by the water 
and become part of the site runoff (Bailey et al. 1999; Woodhouse and Duff 
2004). The pollution potential of the runoff depends on factors such as tree spe-
cies, the amount of water that is in contact with the wood, whether irrigation water 
is collected and recirculated, if the runoff is treated to reduce the concentration of 
pollutants, and the size and condition of the receiving watercourse. If the runoff is 
released to a small watercourse, it will have a considerable negative effect on the 
ecosystem simply due to the resulting comparatively large proportion of polluted 
water (Hedmark and Scholz 2008). 

2.5.2.2 Characteristics of Runoff 

Because of dissimilar conditions at different log yards, scientific studies have 
come to different conclusions concerning the pollution potential of runoff from 
wood handling sites. There are considerable differences in the characteristics of 
the runoff. These differences exist for various reasons; e.g., the species of tree 
stored on the log yard, the proportion of the runoff that has come in contact with 
stored wood, and the dilution or pretreatment of the runoff before sampling. Dif-
ferent species of trees contain varying concentrations and types of soluble com-
pounds, and the ease with which the resultant extractives are leached from the 
wood also greatly influences the runoff concentration and the corresponding toxic-
ity (Zenaitis et al. 2002). It is also reasonable to assume that the duration of time 
for which the wood has been stored before the samples are taken influences the 
concentration of pollutants in the runoff because of degradation processes in the 
wood (Feist et al. 1971). 

Despite the differences between studies, some general conclusions can be 
drawn from the characteristics of various runoffs. It appears that the main problem 
connected with pollution from log yard runoff is the high amount of organic mat-
ter that results in increased oxygen demand when it degrades in the receiving wa-
tercourse (Jonsson et al. 2006). Some of the organic compounds may also be toxic 
to aquatic plants and animals. In addition, the increased concentrations of phos-
phorus in log yard runoff might lead to considerable loads in the large runoff vol-
umes produced from a sprinkled log yard every year (Hedmark and Scholz 2008). 

The amount of organic matter in runoff is generally relatively high if compared 
to concentrations in the receiving watercourses (e.g., www.environment-agen-
cy.gov.uk). The published studies show that water-soluble compounds present in 
bark and wood are released and appear in high concentrations in the corresponding 
runoff. 

Some researchers have gone into detail to find out which organic substances are 
present in runoff (Borgå et al. 1996a; DeHoop et al. 1998; Field et al. 1988; Tao 
et al. 2005; Taylor et al. 1996; Wang et al. 1999). The compounds that are gener-
ally found are phenols, resin acids, tannins and lignins, and volatile fatty acids. 
These compounds may be toxic to aquatic plants and animals. Of the organics 
extracted from softwood, tannins, lignins, phenols, tropolones, and resin acids are 
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of greatest concern because they are seen to be contributors to runoff toxicity 
(Samis et al. 1999). Two studies (Bailey et al. 1999; Doig et al. 2006) also found 
elevated concentrations of metal (zinc and aluminum, and zinc, respectively). In 
the study by Bailey et al. (1999), the high concentrations of zinc were thought to 
originate from buildings in the studied sawmill area. 

The amount of particles in the runoff can also be relatively high. A study in 
British Columbia, Canada, focused on the characterization of particles in fresh and 
primary treated log sort yard runoff and found that the suspended and colloidal 
particles in the runoff were largely organic in nature (Doig et al. 2006). 

Concentrations of phosphorus can be sufficiently high as to cause eutrophica-
tion in the receiving watercourses (Scholz et al. 2007). Another common charac-
teristic of runoff is that the concentration of nitrogen is generally relatively low if 
compared to corresponding concentrations in natural watercourses (Scholz 2006a). 
The pH has been shown to be very low in some studies (Thuja plicata (red cedar), 
Chamaecyparis nootkatensis (yellow cedar), and Populus tremuloides Michx. 
(trembling aspen)), and neutral in other studies (Picea abies (L.) Karst (Norway 
spruce), and Pinus sylvestris L. (Scots pine)). According to studies where different 
tree species have been directly compared with each other, there are differences in 
the runoff generated. For example, emissions from storage of Picea abies are 
generally greater than those from Pinus sylvestris (Borgå et al. 1996b). In leaching 
experiments reported by Pease (1974), the relative COD leaching rates of four 
species of trees were, in descending order, T. plicata, C. nootkatensis, Tsuga het-
erophylla (hemlock), and Picea sitchensis (Sitka spruce). 

An interesting finding by Borgå et al. (1996b) is that the release of pollutants 
from the stored wood might be affected by the chemistry of the water that comes 
in contact with the wood, in this case, sprinkling water. The nutrient content of the 
water used for sprinkling had a significant effect on the pollutants emitted from 
stacks of Picea abies and Pinus sylvestris. This was explained by the dependency 
of the growth of bacterial biomass in the log piles. Rapid growth of bacterial bio-
mass caused by high concentrations and loads of nutrients in the sprinkling water 
reduced the initially high environmental loadings from the wood. 

Many geoclimatic, operational, and physical factors contribute to the volume 
and characteristics of runoff, and a management tool to predict relative environ-
mental risks from different sites would be of considerable value. In a study by 
Orban et al. (2002), the authors attempted to develop such a tool. A survey was 
devised and distributed to log yard operators in British Columbia, Canada. The 
survey provided information on site characteristics, volumes and types of wood 
processed, operational practices, incidence of runoff, runoff treatment practices, 
and the ultimate receiving environment. Multidiscriminant analysis was used to 
determine which factors were correlated to environmental risk posed by runoff. In 
order of importance, volume of wood stored onsite (largest contribution), fre-
quency of runoff events, and color intensity of runoff (smallest contribution) were 
factors that significantly contributed to risk and were correlated positively. The 
methods used in this study could be applied as tools to evaluate the need for reme-
diation at different log yards. 
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2.5.2.3 Effects of Runoff on Receiving Watercourses 

Pollutants in runoff influence the receiving watercourse in different ways, largely 
depending on the geographical location, size, and chemical and biological charac-
teristics of the watercourse. Organic material can cause oxygen depletion when it 
is biologically and chemically degraded, organic compounds and metals can have 
a toxic effect on plants and animals, nutrients in the runoff can lead to eutrophica-
tion, and particles in the runoff can have a negative impact on plant and animal 
life due to clouding of the water and sedimentation on substrates (Scholz 2006a; 
Hedmark and Scholz 2008). 

A study of invertebrates in the Sapele stretch of the Benin River (Niger delta, 
Nigeria) found that sensitive species of genera such as Ephemeroptera (mayfly) or 
Plecoptera (stonefly) were absent from the location where wood waste discharge 
was emitted into the river (Arimoro and Osakwe 2006). The wood waste discharge 
altered the water chemistry and stimulated the abundance of less-sensitive macro-
invertebrate species. 

Dumping and rafting logs in water also leads to a potentially serious environ-
mental impact. A study on water quality and benthic organisms at 16 marine sites 
in southeast Alaska (USA) showed a layer of bark covering the bottoms at all log 
dumping sites, and this layer was associated with a high biological oxygen de-
mand (Pease 1974). The benthic epifauna was reduced in abundance only at the 
oldest active log dump studied, but the bottom fauna was reduced in all the bark-
covered areas. Organic compounds leached rapidly from all species of log studied 
but were precipitated by the seawater. Significant effects on water quality were 
found at only two of the sites. 

Some studies also report toxic effects, which seem to be closely related to the 
tree species investigated. In leaching experiments for T. plicata, C. nootkatensis, 
T. heterophylla, and P. sitchensis (Pease 1974), P. sitchensis and T. plicata were 
found to be the most toxic to Oncorhynchus gorbuscha (pink salmon) fry in 
freshwater, and C. nootkatensis was found to be the most toxic in seawater. All 
wood species were found to be more toxic in freshwater than in seawater. 

Populus tremuloides logs in Canada have been reported to produce a dark, wa-
tery, and acutely toxic leachate (Taylor et al. 1996). Median acutely toxic concen-
trations of leachate were consistently between 1 and 2% of its full strength for 
Oncorhynchus mykiss (rainbow trout) and Daphnia magna. Inhibition of bacterial 
metabolism (Microtox) began at concentrations below 0.3%. The leachate was less 
toxic to plant life but inhibited growth at concentrations between 12 and 16%. 
Oxygen depletion, low pH, and phenolic compounds contribute to the toxicity of 
P. tremuloides leachate, but much of the toxic effect must be attributed to other 
unidentified constituents (Taylor et al. 1996). 

Another Canadian study (Bailey et al. 1999) found that runoff from nine saw-
mills in British Columbia was toxic to juvenile O. mykiss, mainly because of the 
content of zinc, tannins, and lignins. A third study (Taylor and Carmichael 2003) 
comprising tests on O. mykiss, D. magna, and luminescent bacteria (Microtox) 
showed that leachate from P. tremuloides varied from weakly toxic (median lethal 
concentration >10%) to very toxic (median lethal concentration <1%) levels. 
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A study on T. plicata and C. nootkatensis wood waste including trimmings, off-
specification wood chips, shredded bark and roots, and sawdust (Tao et al. 2005) 
showed that the runoff was very toxic to aquatic life with a 96-h median lethal 
concentration of 0.74% leachate. According to Tao et al. (2007), the acute toxicity 
of wood leachate is usually attributed to tannins, lignins, tropolone, terpene, lig-
nans, and low pH. 

A study on log yard runoff from Picea abies and Pinus sylvestris found distil-
lable phenols and diterpene resin acids that are potentially toxic to aquatic life 
(Borgå et al. 1996a). However, in a Swedish study (Arvidsson 2006), undiluted 
runoff from a sprinkled log yard at a sawmill storing the same two species was 
found not to have any negative effect on the reproduction of Daphnia sp.. 

It is difficult to directly compare the environmental impacts of pulp and paper mill 
effluents with the corresponding impacts from sawmills, log yards, and wood waste 
handling sites. The sizes of the sites and the corresponding scales of operation are 
generally greater at pulp and paper mills compared to other wood handling sites, and 
the use of chemicals in the processes is more intense. The impacts of the effluents on 
the local watercourses, however, have a lot in common because of the comparably 
high content of organic compounds from the wood handled at the sites. With this in 
mind, a few representative studies on the effects of the organic matter in effluents 
from pulp and paper mills on local watercourses have been included in this section. 

Karrasch et al. (2006) investigated the impact of pulp and paper mill effluents 
on the water quality, microplankton system, and microbial self-purification capac-
ity (i.e., degradation of polymeric organic compounds via extracellular enzymes) 
of the Biobio River, Chile. They found that the impact of the effluents on the water 
quality was indicated by raised conductivity, increased concentrations of nitrate, 
nitrite, and SRP, the appearance of tannins and lignins, and a steady accumulation 
of inorganic and organic suspended matter along the river. Very low and declining 
concentrations of chlorophyll a and heterotrophic flagellate densities were re-
ported. The pulp and paper mill effluents resulted in high bacterial abundances and 
biomass concentrations in the river water, showing that bacteria adapted to the 
effluent made effective use of the available nutrients and that the grazing pressure 
from heterotrophic flagellates was reduced (Hedmark and Scholz 2008). 

Furthermore, Karrasch et al. (2006) showed that a pulp mill contributed to the 
self-purification of an affected river stretch. However, the elevated degradation 
capacity was not sufficient to compensate for the high load of organic material in 
the paper plant effluent, which, together with its toxic effects, significantly inter-
fered with the ecological status of the Biobio River. 

2.5.3 Treatment Methods 

2.5.3.1 Overview of Applied Treatment Technologies and Methods 

Several different technologies such as biological systems (e.g., aeration lagoon, 
activated sludge process, and constructed wetland) and physical and chemical 
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systems (e.g., aeration, carbon adsorption, coagulation, ion exchange, neutraliza-
tion, precipitation, reverse osmosis, chemical oxidation using ozone, calcium hy-
pochlorite, hydrogen peroxide, and potassium permanganate, and chelation) have 
been proposed by Orban et al. (2002) and Samis et al. (1999) for the treatment of 
runoff from wood handling sites. Given the high load of organic compounds in the 
runoff, any method used to effectively treat this wastewater has to allow for the 
degradation of these compounds. 

Different types of soil–plant systems and wetlands (Scholz and Lee 2005; 
Scholz et al. 2007) might also be used to treat log yard runoff with high concentra-
tions of phosphorus. When the elevated level of phosphorus in the runoff is a 
problem, an efficient purification method must reduce the concentration of phos-
phorus in the water before it reaches the receiving watercourse. The methods that 
have been used in laboratories or field-scale trials have focused mainly on the 
degradation of the organic matter in the runoff and the accompanying reduction of 
toxicity. 

2.5.3.2 Soil Infiltration 

The reduction of pollutants that is achieved by soil infiltration of runoff is due to 
physical, chemical, and biological processes taking place in the soil–plant water 
ecosystems (Wang et al. 1999). A soil infiltration system example is shown in 
Figure 2.24. The degree of degradation, assimilation, sorption, exchange, and 
neutralization during the infiltration also depends on the velocity of the solution 
through the soil. Biological degradation, mineralization, and adsorption are the 

 

Figure 2.24 Experimental soil infiltration system treating log yard runoff near Heby, Sweden 
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major mechanisms contributing to the reduction of organic substances in the soil 
column. If contaminants are predominantly retained through adsorption alone, 
then a breakthrough of high concentrations of organics in the leachate can occur 
when the soil adsorption capacities are exceeded (Wang et al. 1999). 

An early study by Peek and Liese (1974) in Lower Saxony (Germany) con-
cluded that the purifying capacity of the soil in the area where windthrown timber 
was stored and sprinkled for a year was sufficient to prevent a decline of water 
quality in an adjoining well or stream. More recent studies have shown that infil-
tration of log yard runoff in unlined wetlands planted with different plant species 
have been successfully used for a sawmill in central Sweden (Hedmark and Jons-
son 2008), even at irrigation intensities of up to 66 mm/d. The purification effi-
ciency of the infiltration wetland was continuously high for total organic carbon, 
total phosphorus, and phenols, and the purification capacity was clearly main-
tained after 4 years of irrigation. During the fourth year of operation, however, the 
concentrations of total phosphorus in the groundwater below the irrigated area 
increased significantly compared to previous years. This may indicate that the soil 
is close to the saturation point for total phosphorus (Casson et al. 2006). 

Other reports by Jonsson et al. (2004, 2006) based on soil infiltration experi-
ments in field-scale studies utilizing lysimeters have shown good purification 
results. There was no difference in purification efficiency for total organic carbon, 
distillable phenols, total phosphorus, and total nitrogen when comparing treat-
ments by Elytrigia repens (L.) (couch grass), Salix sp. (willow), and Alnus gluti-
nosa (L.) Gärtner (alder) with each other. No clear differences were found be-
tween lysimeters containing sand or clay. Lysimeters with high levels of irrigation 
showed greater retention than those with low levels. 

2.5.3.3 Wetland Treatment 

Constructed wetlands are recognized as low cost and ‘minimal’ maintenance sys-
tems that could lower the impact of wastewater or storm water discharges on natu-
ral water bodies (Scholz 2006a; Scholz and Lee 2005). Wetlands, ponds, lagoons, 
and trenches (Figure 2.25) are sometimes used at sawmills and log yards to en-
hance treatment of runoff including sedimentation of particles. For example, a 
vegetated trench is used for treatment of log yard runoff from a sawmill in Box-
holm, Sweden. This wetland performs well in terms of organic matter removal. 

In a study by Doig et al. (2006), the composition of the organic matter in the 
runoff from a log sort yard was examined before and after treatment in a lagoon. 
The fresh runoff had chemical oxygen demand concentrations ranging between 
346 and 3690 mg/l. In a rainfall-generated sample, particulates (i.e., particles 
greater than approx. 1.5 μm) contributed up to 52% of the total COD, and colloids 
(particles between 0.02 μm and approx. 1.5 μm) were associated with only 39% of 
the corresponding COD. Following primary treatment in a lagoon, the organic 
particles found were mostly of a colloidal nature. Primary treatment experiments 
showed that between 27 and 54% of the COD could be removed by settling, de-
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pending on the initial concentration. An additional 33% of COD was removed, 
probably due to biological degradation during settling. The COD of the ultimately 
treated effluents remained relatively high (378 to 533 mg/l), indicating that not all 
suspended material could be removed through settling and biodegradation alone, 
and that the application of further treatment methods would be required. 

The use of vegetated wetlands usually leads to better purification results than 
lagoons or ponds (Scholz 2006a). There are various reasons for the better effi-
ciency. For example, macrophytes act as mechanical filters and provide substrate 
for microorganisms, which take part in degradation and absorption processes of 
pollutants. Furthermore, aquatic plants aerate water and the root zone, and reduce 
the flow speed of the water, giving particles more time to settle. Sediment adsorp-
tion is likely to affect the treatment performance in surface-flow constructed wet-
lands predominantly during the initial and transitional operating periods. However, 
the major mechanism for the removal of organic carbon from wood waste leachate 
during long-term operation is likely to be biological degradation (Tao et al. 2007). 

Tao et al. (2006) studied the treatment performances of four vegetated surface-
flow mesocosm wetlands fed with different dilutions of wood waste leachate over 
a period of 12 weeks. The wood waste leachate was diluted before discharge to 
constructed wetlands to prevent potentially adverse impacts of the raw leachate on 
heterotrophic bacteria and aquatic plants. During a subsequent period of 13 weeks, 
the effluent of a vegetated wetland fed with the raw leachate was further treated in 

Figure 2.25 Wetland trench 
treating log yard runoff near 
Boxholm, Sweden  
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both a vegetated wetland and an open wetland. The highest reduction rates for 
COD as well as tannins and lignins were achieved in the wetland fed with the raw 
leachate. The most diluted (up to six times) wood waste leachate yielded the high-
est reduction efficiencies. Up to 47 mg/l volatile fatty acids in the influent were 
depleted through wetlands with a hydraulic retention time of 13 d. In this study, 
the vegetation made an insignificant difference in terms of the treatment perform-
ance for wood waste leachate. The COD as well as tannins and lignins were fur-
ther removed through the wetlands operating in series, though at lower reduction 
rates. The performance of wetlands for the treatment of wood waste leachate was 
partly regulated by the dissolved oxygen concentration and the availability of 
bacterial substrates. 

In another field experiment, Tao et al. (2006) studied how different hydraulic 
retention times affected the purification efficiency of four surface-flow mesocosm 
wetlands. The wetlands were fed with diluted wood waste leachate, which was 
acidic, of very high oxygen demand, and toxic. Mass reduction efficiencies of 
COD, tannins, and lignins increased significantly with hydraulic retention time 
when 10% leachate was diluted with tap water. When a more recalcitrant influent 
was fed into the wetlands, there was a slight increase of reduction efficiency with 
increasing hydraulic retention time. Precipitation and evapotranspiration had pro-
found impacts on the overall performance and its variability. 

Another study on the effectiveness of constructed wetlands for the treatment of 
wood waste leachate was conducted by Masbough et al. (2005) on a wood waste 
storage site, adjacent to the Lower Fraser River (near Mission, British Columbia, 
Canada). The leachate was characterized by high oxygen demand, tannins and 
lignins, and volatile fatty acid concentrations, but by low pH and nutrient values. 
Diluted leachate passed through six pilot-scale wetland cells, four planted with 
Typha latifolia L. (reedmace) and two unplanted controls, with a mean depth of 
0.4 m and a hydraulic retention time of 7 d. Nutrient addition and pH adjustments 
were made to improve contaminant removal. Reductions in contaminants were 
consistently achieved, with mean removals for BOD, COD, volatile fatty acid, and 
tannins and lignins of 60, 50, 69, and 42%, respectively. Furthermore, aging of the 
constructed wetland system increased the treatment performance. 

2.5.3.4 Other Treatment Methods 

Where it is not possible to construct wetlands or use infiltration as a treatment 
method, for example due to limited land availability, more high-tech methods can 
be used to reduce the impact of contaminated runoff from wood handling sites. 
There are only a limited number of studies so far concerning runoff from log yards 
and sawmills. More studies have been conducted on wastewater from pulp and 
paper mills, and those are discussed in Section 2.5.3.5. 

In a study by Woodhouse and Duff (2004) on runoff from a sawmill on Van-
couver Island (British Columbia, Canada), five runoff samples were treated in a 
laboratory-scale attached microbial growth reactor. Six samples were acutely toxic 
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(EC50 < 100%) based on the Microtox assay. The samples were effectively treated 
in the attached microbial growth reactor. Treatment for 24 h at 34°C resulted in 
substantial reductions of BOD, COD, and tannins and lignins. Near complete 
removal of acute toxicity and color were also observed. Twenty-four-hour treat-
ment at lower temperatures (24°C and 5°C) also substantially reduced the concen-
trations of organic matter and the toxicity. 

In another Canadian study, samples of log yard runoff were obtained from two 
British Columbia coastal sawmills (Zenaitis and Duff 2002). Centrifuged samples 
were treated with ozone doses up to approx. 0.5 mg ozone/mg COD in a lab-scale 
reactor. Ozonation was found to significantly reduce toxicity, tannin and lignin, 
and dehydroabietic acid concentrations. However, there were only moderate re-
ductions in COD and BOD. At slightly acidic to neutral conditions, pH had no 
effect on the COD. Tannin and lignin, and toxicity removal were slightly im-
proved in neutral solutions compared to acidic ones, while dehydroabietic acid 
removal significantly improved. 

In another study on Vancouver Island (British Columbia, Canada), ozone 
treatment of log yard runoff was combined with biological treatment (Zenaitis 
et al. 2002). Batch biological treatment of log yard runoff reduced the BOD, COD, 
and tannin and lignin concentrations considerably. Acute toxicity decreased from 
an initial EC50 of 1.83% to a value of 50.4% after 48 h of treatment. 

The efficiency of ozone as a pre- and postbiological treatment stage was also 
assessed by Zenaitis et al. (2002). During ozone pretreatment, the combined tan-
nin and lignin concentration and the acute toxicity were rapidly reduced. Preo-
zonation had a minor reduction effect on the BOD and COD. However, a larger 
fraction of residual COD was non-biodegradable after ozonation. 

Moreover, biologically treated effluent was subjected to ozonation to determine 
whether further improvements in effluent quality could be achieved. Reductions in 
COD and in tannin and lignin concentrations were observed during ozonation. 
However, no further improvement in toxicity was observed. Ozonation increased 
the BOD due to chemical conversion (Zenaitis et al. 2002). 

2.5.3.5 Treatments Used for Organic Matter in Pulp 
and Paper Mill Wastewater 

In this section, the focus will be on techniques that are applicable for the treatment 
of organic matter contained within log yard runoff and wood waste leachate as 
well as within effluents from pulp and paper mills. The effluent characteristics of 
pulp and paper mills can differ considerably from those of the runoff from wood 
handling sites because of the chemicals used in the production processes. How-
ever, a relatively large proportion of organic material in the wastewater originates 
from the wood handled at the sites (Wang et al. 1999). 

The wastewaters from mechanical pulping and secondary fiber pulping and the 
condensates from chemical pulping are non-toxic to methanogenic degradation and 
contain easily degradable organic compounds. Anaerobic digestion is therefore an 
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attractive treatment for these effluents (Rintala and Puhakka 1994). This technology, 
often in combination with aeration units, is now well established in the industry. 

Munoz et al. (2006) applied different advanced oxidation processes to remove 
the organic carbon content of a paper mill effluent originating from a pulp bleach-
ing process. The oxidation processes comprised titanium-dioxide-mediated het-
erogeneous photocatalysis, titanium-dioxide-mediated heterogeneous photocataly-
sis assisted with hydrogen peroxide, titanium-dioxide-mediated heterogeneous 
photocatalysis coupled with Fenton, photo-Fenton, ozonation, and ozonation with 
ultraviolet-A light irradiation. The results showed that all selected oxidation proc-
esses considerably decreased the dissolved organic carbon content. 

Moreover, a life cycle assessment indicated that heterogeneous photocatalysis 
coupled with the Fenton’s reagent had the lowest environmental impact and 
a moderate to high dissolved organic carbon removal rate. On the other hand, 
heterogeneous photocatalysis appeared to be the worst oxidation process both in 
terms of dissolved organic carbon abatement rate and corresponding environ-
mental impact. The environmental impact of the studied advanced oxidation proc-
esses is attributable to the high electrical energy consumption necessary to run 
a UV-A lamp or to produce ozone (Munoz et al. 2006). 

Nair et al. (2007) studied the effect of phenol degrading Alcaligenes spp. on 
paper factory effluent. Three techniques were applied: use of free cells, immobi-
lized cells, and a continuously operated packed bed reactor. An almost complete 
reduction of phenol was found for all techniques. When comparing them with each 
other, the reduction capacity for COD was the best with the continuously operated 
packed bed reactor, even at a much shorter treatment time. After the complete 
removal of phenol, the strain could still further enhance the reduction of the COD, 
which clearly indicated that this strain could also oxidize organic matter other than 
phenol in the paper factory effluent. 

Uğurlu et al. (2006) studied the effectiveness of electrochemical treatment for 
the high concentration of organic pollutants in paper mill effluents. They used 
a working electrode cell consisting of a graphite electrode and powder-based acti-
vated carbon. Electrolysis time, voltage, initial pH, activated carbon, sodium chlo-
ride concentration, and air flow were selected as parameters. The removal effi-
ciency significantly depended on the applied cell voltage, air flow, time, salt 
concentration, and pH. COD and lignin and phenol removal efficiencies from the 
paper mill effluent were just below 90% after electrolysis. 

Ozonation has been evaluated for the treatment of both log yard runoff and 
pulp mill effluents. In a study by El-Din et al. (2006b), ozonation of resin and 
fatty acids, which were found in pulp mill effluents, was assessed using rapid-scan 
stopped-flow spectrophotometry. The resin and fatty acid oxidation (i.e., degrada-
tion) efficiency increased with an increase of ozone and temperature. Microtox 
bioassay tests showed that there was an increase in toxicity for resin acid as 
a result of ozonation. The toxicity of fatty acid samples, however, decreased as 
a result of ozonation. 

In a further study by El-Din et al. (2006a), ozonation of abietic and linoleic ac-
ids (resin and fatty acids) was assessed at various pH levels and low temperatures 
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(0 to 10°C) using a rapid-scan stopped-flow spectrophotometer. Degradation of 
abietic and linoleic acids could be enhanced by manipulating reaction conditions 
including ozone dose, temperature, and pH. Ozonation of abietic acid led to 
a 140% increase in Microtox toxicity, whereas it was reduced to half in the case of 
linoleic acid. 

Wetlands have also been investigated for the treatment of wastewater from 
pulp and paper mills. The capacity of a pilot project sub-surface batch flow con-
structed wetland in the tropics to remove phenol from pretreated pulp and paper 
mill wastewater was studied under varying hydraulic retention times (Abira et al. 
2005). Initial results based on a 15-month study indicated that mean removal 
efficiencies for phenol were variable but reached 60 and 77% at 5-d and 3-d hy-
draulic attention times, respectively. It was thought that the longer retention time 
might have caused oxygen and nutrient deficiencies, which may have reduced the 
removal performance. Although phenol was sometimes not detectable in the wet-
land outflow, mean values over the experimental period did not meet national 
guidelines. 

Irrigation and infiltration of pulp mill effluents have also been investigated. For 
example, large barrel lysimeters containing intact soil cores were irrigated with 
thermomechanical pulp effluent in New Zealand for 16 months (Wang et al. 
1999). The thermomechanical pulp mill used Pinus radiata D. Don (radiata pine) 
as its main wood source. The primary treated effluent was applied on the lysime-
ters at a loading rate of 30 mm/week. Analysis of the effluent showed low concen-
trations of nutrients and inorganic contaminants, but high concentrations of wood-
derived organic contaminants such as total organic carbon, COD, BOD, and wood 
extractives. Removal rates through the soil core were greater than 90% for total 
organic carbon, COD, BOD, turbidity, resin acids, phytosterols, and phenols. No 
excessive nutrient and heavy metal leaching was observed during the experimental 
period. 

2.5.4 Discussion, Conclusions, and Further Research 

2.5.4.1 Discussion Concerning the Cost-effectiveness 
of the Treatment Methods 

The literature review presented here has highlighted that runoff from wood han-
dling sites can cause negative environmental effects in receiving watercourses. 
However, it is common in industry that no treatment of wastewater is done prior to 
its release. As knowledge regarding the content and the environmental impact of 
the runoff increases, environmental authorities are demanding more frequently 
that the pollution loads from the sites be reduced. Low-cost biotechnologies such 
as constructed wetlands for the treatment of runoff have gained considerably in 
popularity (Scholz 2006a). 
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The review presented here indicates that for sawmills and log yards, it is impor-
tant to select a treatment method with reasonable costs for installation and mainte-
nance. Treatment with constructed wetlands or infiltration in soil and plant sys-
tems has been shown to be effective for reducing the concentrations of organic 
matter and phosphorus and for reducing the toxicity of the runoff from wood han-
dling sites. These methods do not require high technical maintenance, and the 
amount of labor necessary to keep them operating is low. The cost of construction, 
however, depends on the soil properties and the cost of land at each site. 

Constructed wetlands are less costly than conventional techniques used for the 
treatment of wastewater and are a viable option for wood handling operators. At 
sites with a shortage of land for constructed wetlands or soil infiltration, it is likely 
to be necessary to invest in treatment methods that are more costly, energy de-
manding, or high-maintenance such as ozonation. 

The processes used to treat the organic matter in pulp and paper mill effluents 
are also applicable to treat runoff from wood storage sites. However, the cost of 
the treatment may be an important limiting factor. Based on the author’s experi-
ences, sawmills and other wood handling sites usually have a smaller turnover 
than pulp and paper mills and therefore do not have the same means to invest in 
high-tech water treatment equipment. 

Based on the author’s professional experience, ozonation is generally associ-
ated with very good purification efficiencies for organic matter and can also 
reduce the accompanying toxicity of these compounds. Ozonation of some com-
pounds such as resin acid can lead to increased toxicity. However, this depends 
on the formation of degradation products of higher toxicity than the original 
compounds. 

The degree of purification that needs to be achieved largely depends on the 
condition of the receiving watercourse and demands from the environmental au-
thorities and the public. It follows that different treatment methods alone or in 
combination with each other (treatment train) might be fit to a given purpose 
(Scholz 2006a). 

Constructed wetland biotechnology could be enhanced by taking advantage of 
recent advances in microbiology. For example, Doradoa et al. (2000) indicated the 
potential of wood pretreatment with selected sapstain fungi for decreasing effluent 
toxicity in pulping (Doradoa et al. 2000). The combination of this pretreatment 
method with constructed wetlands is likely to lead to a reduction in required wet-
land area, making this biotechnology more attractive for areas where land is 
costly. 

2.5.4.2 Summary of Conclusions 

This section addresses the timely and urgent need of the wood and sawmill in-
dustries to assess various soft technologies including wetland systems to treat 
and attenuate log yard runoff. Moreover, the pollution potential of runoff from 
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wood handling sites has been assessed. Organic matter and phosphate are the key 
contaminants. 

The reasons for pollution generation at wood handling sites have been high-
lighted, and the runoff and its effect on the receiving watercourses have been as-
sessed. Soft treatment biotechnologies including wetland and soil infiltration have 
been characterized and assessed. Various wetland systems including a novel com-
bination of a size-optimized wetland with a runoff conveyance channel (case study 
in Boxholm, Sweden) have been suggested for future application. The proposed 
system reduces phosphates and organic matter to concentrations below common 
wastewater treatment guidelines. The key advantage of most relevant wetland and 
soil infiltration systems is that they require little energy and low maintenance. 

Ozonation has been shown to often effectively decrease acute toxicity, but to 
have little effect on the COD and BOD. Ozonation of some organic compounds 
(e.g., resin acid,) can also lead to increased toxicity. Therefore, this high energy-
consuming advanced oxidation technology is often unsuitable for the treatment of 
log yard runoff. 

Finally, various treatment methods used for the removal of organic matter in 
pulp and paper mill wastewater have been assessed. Based on this review, wet-
land systems similar to those treating log yard runoff are recommended for the 
industry. 

2.5.4.3 Further Recommended Research 

The environmental impact from each separate wood handling site is relatively 
small, but cumulatively, the overall environmental impact from the storage and 
handling of wood is likely to be of high significance in terms of the pollution load. 
This hypothesis needs to be tested in future research studies. 

It is also common that irrigation water for a log yard is abstracted from a wa-
tercourse close to the yard, and in small watercourses overabstraction can lead to 
drying out or a significant reduction of the water level, which may have negative 
effects on both the biology and the chemistry of the watercourse. However, no 
research on this aspect of the wood handling industry’s environmental impact can 
be found in the public domain. 

This section supports the reader in choosing a sustainable and cost-effective 
treatment technique for runoff from wood handling sites. However, no ultimate 
method that gives sufficient long-term removal of phosphorus was found. Further 
studies on sustainable treatment methods that can effectively remove phosphorus 
from runoff are therefore strongly recommended. 

Further research should be undertaken on the ‘real’ whole life costs and tangi-
ble benefits of wetland treatment systems compared with traditional methods such 
as the activated sludge process and percolation filtration. Moreover, the modeling 
of wetland performance for highly dynamic (i.e., seasonal operation and fluctuat-
ing stock capacities) systems such as log yards remains a challenge. 
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2.6 Wetlands for Treating Hydrocarbons 

2.6.1 Introduction 

2.6.1.1 Constructed Treatment Wetlands 

Wetlands are complex and integrated systems in which water, animals, plants, 
microorganisms, and the environment interact to improve the water quality (Guir-
guis 2004). Man has started to mimic nature by building wetlands to treat a variety 
of waters, wastewaters, storm waters, gully pot liquor, acid-mine drainage waters, 
landfill leachate, irrigation waters, agricultural wastewater, runoff waters, indus-
trial wastewater, and produced waters (Moshiri 2000; Rew and Mulamoottil 1999; 
Scholz 2004; Vrhovsek et al. 1996; Yang et al. 2001). However, very little is 
known about the processes involved and the use of constructed treatment wetlands 
in the removal of petroleum hydrocarbons from processed water. This has limited 
the effective application of this technology in the oil and gas industries. 

Vertical-flow and horizontal-flow constructed reed beds based on soil, sand, or 
gravel are used frequently to treat domestic and industrial wastewater (Kadlec and 
Knight 1996). Constructed wetlands for wastewater treatment have several advan-
tages such as low operational costs and habitat enhancement over conventional 
treatment methods (Cooper et al. 1996; Moshiri 2000). The wetland treatment 
performance depends on the interactions between many different physical and 
biochemical components. It follows that some functions such as the role of aggre-
gates (also called substrate or wetland media) within constructed wetlands are not 
completely understood (Scholz 2006a). 

Vertical-flow wetland systems have a structural makeup of several layers of 
aggregates. Water is forced to flow perpendicular to the length of the wetland. 
Wetlands consist of different sizes of gravel and sand and are often planted with 
macrophytes, which provide oxygen to the rhizosphere, thereby creating an aero-
bic environment (Scholz 2006a). This in turn supports microbial communities, 
which can either directly biodegrade organics or catalyze chemical reactions and 
subsequently support biotransformation processes. Bacteria capable of degrading 
volatile organics such as benzene, toluene, ethylbenzene, and p-xylene have been 
found in the rhizosphere (Hiegel 2004; Sugai et al. 1997). Numerous benzene-
degrading aerobic microorganisms have been identified; the most notable are the 
Pseudomonas spp., which may account for up to 87% of the gasoline-degrading 
microorganisms in contaminated aquifers (Ridgeway et al. 1990). Petroleum 
wastes have been documented to degrade in natural wetland environments (Wal-
lace and Knight 2006; Wemple and Hendricks 2000). Benzene is biodegradable, 
particularly in the presence of oxygen (Wemple and Hendricks 2000). Benzene 
degradation has also been demonstrated in the presence of nitrate–nitrogen (Bur-
land and Edwards 1999). Many studies have shown that microbial degradation of 
petroleum hydrocarbons in the environment is strongly influenced by physical and 
chemical factors such as temperature, oxygen, nutrients, salinity, pressure, water 
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activity, and pH and the chemical composition, physical state, and concentration 
of the contaminant, as well as by biological factors such as the composition and 
adaptability of the microbial population (Burland and Edwards 1999). 

Kadlec (2001) states that aeration is an important component of sub-surface-
flow wetland design because an active aeration system enhances both volatilization 
and aerobic degradation of hydrocarbons. The transfer of oxygen to contaminated 
aquifers to stimulate aerobic degradation is a common bioremediation practice 
(Lovley and Lloyd 2000). The biodegradability of the most water-soluble compo-
nents of gasoline such as benzene (Paje et al 1997; Solano-Serena et al. 1999), 
toluene (Leahy and Olsen 1997), ethylbenzene (Di Lecce et al. 1997), and xylene 
(Di Lecce et al. 1997) compounds has been clearly established. 

Because biodegradation and evaporation processes compete in removing petro-
leum hydrocarbons, biodegradative losses cannot be differentiated clearly from 
volatility losses (Zhou and Crawford 1995). Mitsch and Gosselink (1993) revealed 
that freshwater wetlands are typically considered to be nutrient-limited due to the 
heavy demand for nutrients by the plants, and they could also be nutrient traps, as 
a substantial amount of nutrients may be trapped in biomass. Hence the addition of 
nutrients is necessary to enhance the biodegradation of oil pollutants (Choi et al. 
2000; Kim et al. 2005). However, studies in the past (Chaillan et al. 2006) have 
shown that excessive nutrient concentrations can inhibit biodegradation activity, 
and several authors have reported the negative effect of high nitrogen, phosphorus, 
and potassium levels on the biodegradation of hydrocarbons (Chaineau et al. 
2005; Oudot et al. 1998), and particularly on the aromatics (Carmichael and 
Pfaender 1997). 

2.6.1.2 Benzene Removal 

There is a gap in knowledge concerning the optimization of those process condi-
tions that would foster a more efficient application of the constructed wetland 
technology particularly for the removal of hydrocarbons under different climatic 
and other variable environmental conditions. However, the number of research 
projects concerning constructed wetlands for hydrocarbon treatment has consid-
erably increased (Baris et al. 2001; Eke and Scholz 2006; Myers and Jackson 
2001; Omari 2003; Xia 2003). 

Since 1995, journal articles and symposia proceedings indicate the petroleum 
industry’s interest in using constructed wetlands to manage process wastewater 
and storm water at a variety of installations including refineries, oil and gas wells, 
and pumping stations (Knight 1999). The area of emphasis in this research is the 
use of constructed wetlands for the treatment of dissolved petroleum hydrocarbon 
compounds, hence the need to have an understanding of what constitutes petro-
leum and its degradation products. There are four basic petroleum compounds 
(Harayama et al. 2004): 

• saturated hydrocarbons, the primary component; 
• aromatic hydrocarbons (at least one aromatic ring within the molecule); 
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• resins, which are mostly unknown; and 
• asphaltenes. 

These compounds are relatively large molecules and tend to posses small 
amounts of nitrogen, sulfur, or oxygen (Harayama et al. 2004). Untreated petro-
leum industry wastewaters contain phenolics (Knight 1999), sulfides, and various 
trace metals (Knight 1999). Hydrocarbons are highly soluble and neurotoxic and 
cause cancer (Hiegel 2004). Monoaromatic for benzene, toluene, ethylbenzene, 
and xylenes (BTEX), hydrocarbons (i.e., benzene, toluene, ethylbenzene, and 
xylene) are commonly found in gasoline and are highly volatile substances 
(Coates et al. 2002). Due to their relatively high solubility and toxicity, they repre-
sent a significant health risk in contaminated environments. Of all the BTEX com-
pounds, benzene poses the gravest concern because it is the most toxic and a well-
known human carcinogen. The benzene ring (Figure 2.26) is a chemical structure 
that is common in nature. Moreover, the thermodynamic stability of the benzene 
ring increases its persistence in the environment; therefore, many aromatic com-
pounds are major environmental pollutants (Dagley 1986; Díaz Eduardo 2004). 

Their major industrial source is petroleum and natural gas, formed geochem-
ically from biomass under high pressure and temperature (Heider et al. 1998). 
Aromatic hydrocarbons are one of the most abundant class of organic compounds 
and constituents of petroleum and its refined products. Monocyclic aromatic hy-
drocarbons are of major concern, because of their toxicity, high solubility, and 
ability to migrate within groundwater. These BTEX compounds are of primary 
discharge concern for the water quality of receiving waters (Caswell et al. 1992). 
The BTEX fraction of total volatile hydrocarbons is primarily responsible for most 
of the total toxicity in gasoline-contaminated groundwater. Hence, an attempt to 
reduce toxicity requires targeting these compounds for destruction. Many compo-
nents of hydrocarbon mixtures are toxic and relatively soluble in water. In natural 
gas, benzene concentrations typically range from about 0 to 1,000 mg/l; in crude 
oils from virtually zero to 10,000 mg/l (Janks and Cadena 1991). Benzene has 
relatively high water solubility (1,780 mg/l). Water contamination by oil explora-
tion and production operations, tank farms, underground storage tank leakage, and 
refineries has become a concern to the oil and gas industry. 

Hydrocarbon degradation is less dependent on the actual reactions taking place 
than it is on the processes occurring in the surrounding ecosystem (Sugai 1997). 
Aerobic biodegradation and volatilization constitute a coupled pathway that con-
tributes significantly to the natural attenuation of hydrocarbons (Lahvis et al. 1999). 

Figure 2.26 Chemical structure of benzene 
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Achieving high treatment performances within a short time is critical, so the design 
can be amended to allow manipulations of environmental conditions to enhance 
dissolved hydrocarbon treatment. Environmental conditions to be taken into consid-
eration include dissolved oxygen (DO), pH, temperature, and nutrient requirements 
(i.e., nitrogen and phosphorus) of the wetland plants and microbes. Associated con-
tamination is therefore a major environmental problem due to the manufacture, 
transportation, and distribution of petroleum (Atlas and Cerniglia 1995). 

2.6.1.3 Novelty, Aim, and Objectives 

The research uses data gathered from experimental small-scale wetlands to assess 
the efficiency of benzene removal in each wetland and to compare different oper-
ational conditions. The research covers the assessment of environmental, physical, 
and microbial processes. This enhances operational knowledge and understanding 
of treatment wetlands and provides data that could be used to design full-scale 
wetland systems for efficient hydrocarbon treatment, and to model biodegradation 
and operational processes. Improved system control should include knowledge 
and understanding concerning environmental requirements such as oxygen avail-
ability, water inundation duration and temperature variability, fertilizer require-
ments for wetland microbes, and characterization of microbes capable of degrad-
ing petroleum hydrocarbons. 

The overall aim is therefore to advance understanding of the application of con-
structed treatment wetlands for benzene removal. The objectives are to assess: 

• the current literature on benzene removal with constructed wetland systems; 
• investigation of the main benzene removal pathways; 
• variables and boundary conditions impacting operation and treatment perform-

ance (e.g., temperature level and variability, macrophytes, and aggregates); 
• the efficiency of different wetland set-ups in removing benzene, COD, BOD, 

and nutrients; 
• the effect of nutrient concentration increases on benzene removal within wet-

lands; and 
• the impact of seasonal change and environmental control on the treatment effi-

ciency of benzene and other water quality variables such as COD, BOD, DO, 
redox potential, turbidity, and nutrients. 

2.6.2 Materials and Methods 

2.6.2.1 Experimental System Design and Operation 

Two experimental small-scale constructed wetland rigs with six wetlands each are 
located on The King’s Buildings campus in Edinburgh, UK (Table 2.1; Fig-
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ures 2.27 and 2.28). The systems have been in operation since April 2005. The 
wetlands were designed to simulate physical, chemical, and microbiological proc-
esses occurring in full-scale semi-natural wetlands. One experimental rig was 
situated outdoors to assess seasonal changes, while the other system was placed 
indoors to allow better control over the environmental changes. The word ‘con-
trol’ indicates in this case that the data variability of most environmental variables 
was relatively low due to the relative absence of seasonal impacts. 

Since summer 2006, a temperature and humidity control unit was in operation 
to reduce the variability of temperature even further. The indoor rig was located 
below three plant grow lights (Sylvania 15000 Hour, 36 W, 1200 mm, T8 Grolux 
Fluorescent Tube; supplied by Lyco Direct Limited (Bletchely, Milton Keynes, 
England), product code number: EV1768) simulating day and night conditions. 

The wetland rigs were designed to optimize the chemical, physical, and micro-
biological processes naturally occurring within wetlands. Phenomena studied 
include biomass manipulations, loading rate variations, and changes to the cycle of 
filling and emptying of the wetlands. 

Round grey polyvinyl chloride drainage pipes (height: 75 cm; diameter: 10 cm), 
which are resistant to hydrocarbons, were used to construct vertical-flow wetlands. 
The outlet valves are located at the center of the bottom plate of each wetland and 
are used for the regulation of flow and sampling. Passive aeration is encouraged 
with 1.3-cm-diameter ventilation pipes reaching down to 10 cm above the bottom 
of each wetland. The wetlands are very small in comparison to large-scale systems 
used in industry, but previous findings based on similar column experiments have 
been fully accepted by the scientific community (Eke and Scholz 2006; Hiegel 
2004; Scholz 2004, 2006a; Omari 2003; Wallace and Knight 2006). 

Table 2.1 Packing order of the experimental constructed wetland set-up for inside and outside 
wetlands. All wetlands were alternatingly inundated and subsequently fully drained two times 
per week 

Height 
(cm) 

Wetland 
1 

Wetland 
2 

Wetland 
3 

Wetland 
4 

Wetland 
5 

Wetland 
6 

61–75 (top) W+B+F W+F W+B+F W+F W+B+F W+F 
56–60 5+P+W+B+F 5+P+W+F 5+W+B+F 5+W+F W+B+F W+F 
51–55 5+P+W+B+F 5+P+W+F 5+W+B+F 5+W+F W+B+F W+F 
36–50 4+P+W+B+F 4+P+W+F 4+W+B+F 4+W+F W+B+F W+F 
26–35 3+W+B+F 3+W+F 3+W+B+F 3+W+F W+B+F W+F 
11–25 2+W+B+F 2+W+F 2+W+B+F 2+W+F W+B+F W+F 
0–10 (bottom) 1+W+B+F 1+W+F 1+W+B+F 1+W+F W+B+F W+F 

W: water; B: benzene; F: fertilizer (8 g of N-P-K Miracle-Gro fertilizer were added to all wet-
lands every 2 weeks until 29 May 2006 when the concentration was increased to 30 g. From 
26 June 2006 onwards, the concentration was lowered to 15 g every 2 weeks.); P: Phragmites 
australis (Cav.) Trin. ex Steud. (nine plants of roughly equal biomass and strength per wetland); 
1: stones (37.5–75 mm); 2: large gravel (10–20 mm); 3: medium gravel (5–10 mm); 4: small 
gravel (1.2–5 mm); 5: sand (0.6–1.2 mm). 
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The wetland systems have different wetland bed volumes depending on the 
composition of layers of aggregates such as stones, gravel, and sand. Selected 
wetlands were planted with Phragmites australis (Cav.) Trin. ex Steud. (Ta-
ble 2.1). Nine plants of roughly equal biomass and strength obtained from a local 
supplier (Alba Trees Public, Lower Winton, Gladsmuir, East Lothian, Scotland) 
were planted in each ‘planted wetland’. 

Wetlands 5 and 6 are strictly speaking rather pond systems (extended storage) 
considering that they do not contain any aggregates. Moreover, wetland 6, con-

Figure 2.27 Schematic represen-
tation showing wetland set-up 
and internal structure of experi-
mental constructed treatment 
wetland cell 1 

1 2 3 4 5 6
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taining only water and fertilizer, can be considered a ‘blank.’ Wetlands 1, 3, and 5 
of both rigs received tap water mixed with a concentration of 1 g/l benzene two 
times per week. Benzene was used as an example volatile hydrocarbon to assess 
the removal of low-molecular-weight petroleum compounds. Benzene (BDH ana-
lytical reagent, C6H6 (99.7%)), supplied by VWR International Ltd (Hunter 
Boulevard, Lutterworth, UK) was used. Benzene was chosen for various reasons: 

• It is a common constituent of liquid fuels. 
• It can be used as a surrogate for a mixture of hydrocarbons to allow for easy 

interpretation of the data and subsequent modeling. 
• The traditional treatment technologies used by the oil industry such as hydro-

cyclones and separators predominantly remove heavy hydrocarbons but not 
aromatic components in the dissolved water phase. 

• The thermodynamic stability of the benzene ring increases its persistence in the 
environment; therefore, many aromatic compounds are major environmental 
pollutants. 

While hydrocarbons dissolved in water are a suitable source of carbon and en-
ergy for microbes, they are an ‘incomplete food source’ since they do not contain 
nutrients such as nitrogen, phosphorus, and potassium required for microbial 
growth. In order to stimulate the growth of microbiological biomass and P. aus-
tralis, 8 g of the well-balanced nitrogen–phosphorus–potassium Miracle-Gro 
(formerly Osmocote, produced by Scot Europe B. V., The Netherlands) fertilizer 
were added to all wetlands every 2 weeks until 29 May 2006, when the concentra-

Figure 2.28 Indoor experi-
mental wetland filters treating 
benzene  
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tion was increased to 30 g to assess the effect of nutrient concentration increases 
on benzene removal. From 26 June 2006 onwards, the concentration was lowered 
to 15 g every 2 weeks, which was seen as a more realistic fertilizer concentration 
to reduce the fertilizer budget and to avoid too high outflow concentrations, which 
would have been detrimental to the environment (Table 2.1). The system was 
designed to operate in batch flow mode to reduce pumping costs.  

All wetlands were alternatingly inundated and subsequently fully drained two 
times per week to encourage rapid air penetration through the soil (Table 2.1) 
(Cooper et al. 1996). During draining, the water flowed rapidly out of the system, 
and air was subsequently drawn deeply into the lower part of the wetland. This 
aerated the system and speeded up the rate of hydrocarbon degradation during the 
2 or 3 d when the wetlands were not inundated.  

Water samples were tested twice per week for COD, pH, DO, turbidity, redox 
potential, conductivity, ammonia–nitrogen, nitrate–nitrogen, ortho-phosphate–
phosphorus, and temperature. The BOD was analyzed in all water samples using a 
respirometric method with the help of the OxiTOP IS 12-6 system, supplied by the 
Wissenschaftlich-Technische Werkstatten (WTW), Weilheim, Germany. This 
equipment uses the principle of piezoresistive measure of pressure differences. 
Samples were analyzed for benzene removal once per month until January 2007. 
Samples were tested twice per month afterwards. Benzene content was determined 
with the Perkin Elmer GC-FID and headspace sampler (models 9700 and HS-101 
respectively) instrument. 

All water quality variables were determined according to the American Standard 
Methods for the Examination of Water and Wastewater (1998) unless stated other-
wise. Statistical differences were assessed by ANOVA and Tukey’s Honestly Sig-
nificantly Different test (p < 0.05), which is based on the “studentized range distri-
bution” (Rice Virtual Lab, Lane D; http://davidmlane.com/hyperstat/B95118.html). 

2.6.2.2 Biodegradation and Volatilization Determination 

Biodegradation and volatilization were also tested in separate experiments. Two 
extra wetlands (heights: 24 cm; diameters: 5 cm) were set up under controlled 
environmental conditions; one wetland comprised aggregates and detritus contain-
ing mature microbial biomass (284 g detritus was taken from the upper layer of the 
contaminated parent wetland 3 located indoors) and the other wetland was left 
empty. The small wetlands were constructed in the same way as the large wetlands 
except for the absence of ventilation pipes. The purpose of this auxiliary experi-
ment was to assess the main removal pathways of benzene (combined biodegrada-
tion and adsorption versus volatilization) in constructed treatment wetlands. Sam-
ples were taken after 1, 2, 3, 6, and 9 d, and benzene content was subsequently 
determined using headspace and gas chromatography.  
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2.6.3 Results and Discussion 

2.6.3.1 Treatment Performance Comparisons 

Considering the benzene inflow concentration of approx. 1.3 g/l, the findings indi-
cate high percentage mean removal efficiencies (85 to 95%) for wetlands contain-
ing P. australis and aggregates (wetlands 1 and 3 of the indoor and outdoor rig; 
Table 2.1) and are comparable to data published elsewhere (Myers and Jackson 
2001). The findings indicate a high variability of the benzene outflow concentra-
tions. In contrast, wetlands without aggregates and P. australis (i.e., wetland 5 of 
the indoor and outdoor rig; Table 2.1) had slightly lower mean treatment perform-
ances (86 to 93%). The removal rate achieved in wetland 5 has been predomi-
nantly attributed to the presence of fertilizer (Table 2.1) enhancing the biodegrada-
tion rate, because some microbial communities are able to utilize the nitrogen 
component (i.e., nitrate–nitrogen) of the fertilizer.  

The relatively low removal rate for wetland 5 is an indication that aggregates 
play an indirect role in the treatment of benzene by providing habitat for nitrifying 
microorganisms (Eke and Scholz 2008). In comparison, the treatment efficiencies 
for wetlands planted with P. australis were similar to the efficiency of the corre-
sponding unplanted wetlands. The treatment performances reduced during the 
winter of the second year (2006/7) with increasing hydrocarbon accumulation 
within the corresponding wetlands. This finding is in accordance with data pre-
sented previously (Cooper et al. 1996; Scholz 2006a). 

Concentrations of DO were variable (0 to 12 mg/l). The low DO concentrations 
(0 to 1 mg/l) in the system during inundation could be due to the lasting effects of 
rapid aerobic degradation processes observed after drawing air into the system, 
thus causing a sudden change of the microbiology and subsequent imbalance pro-
moting predominantly aerobic microorganisms in the wetlands. High DO variabil-
ity was expected considering the relatively high influent concentrations of benzene, 
low retention time, small size of the experimental wetlands, and sudden environ-
mental changes due to rapid operational changes (see above and Table 2.1). 

Control of the variability of environmental variables such as temperature, pres-
sure, and light resulted in improved overall treatment performances of the wet-
lands. The temperature data (standard deviation: 3.7oC) of the indoor rig were 
relatively stable, particularly after the temperature was fully controlled (Fig-
ure 2.29). Benzene treatment performances were better for the indoor rig versus 
the outdoor rig. The overall removal efficiencies were lower for the outdoor ex-
perimental rig (e.g., benzene, 85 to 86%) in comparison to the experimental rig 
placed indoors (e.g., benzene, 93 to 95%). 

2.6.3.2 Impact of Volatilization 

Figure 2.30 shows a comparison of benzene removal for wetlands with and with-
out biomass. The impacts of volatilization, biodegradation, and adsorption on the 
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benzene removal efficiency are often difficult to separate quantitatively from each 
other. Preliminary findings indicate that biodegradation and adsorption dominate 
for a retention time of 1 d. However, volatilization becomes the major removal 
mechanism afterwards. Water and oil are likely to separate if the inflow is not in 
motion (Eke and Scholz 2008). 
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Figure 2.29 Comparison of monthly mean temperatures for inside and outside rigs, and Edinburgh 
(Met Office (http://www.metoffice.gov.uk/education/secondary/teachers/ukclimate.html#3.2)) 
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Figure 2.30 Comparison of benzene removal for wetlands with and without biomass 
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2.6.4 Conclusions 

The findings suggest that intermittently flooded vertical-flow constructed wetlands 
treat benzene effectively in the presence of sufficient oxygen and fertilizer, which 
provides nitrate as used as an alternative electron acceptor during anaerobic peri-
ods of full inundation. Relatively high and stable temperatures (i.e., no seasonal 
variations) lead to improved hydrocarbon treatment efficiencies. 

As benzene and its degradation products started to accumulate in the wetlands, 
removal efficiencies subsequently diminished. Findings show also that benzene 
removal was highest in wetlands with aggregates and biomass providing habitat 
for hydrocarbon-degrading microbes. However, further studies on estimating the 
microbial biomass are encouraged. 

Metabolic processes of microorganisms are likely to play an important role in 
removing hydrocarbon compounds in both controlled and semi-natural wetlands. 
The results show also that P. australis does not play a significant role (despite 
providing additional oxygen via its rhizomes) in removing benzene, unless suffi-
cient nutrients (including fertilizer) are available.  

Findings indicate also that both biodegradation and volatilization support 
treatment. Volatilization is the dominant mechanism for benzene removal after 1 d 
of retention time. However, optimizing environmental conditions such as locating 
wetlands in areas with relatively high temperatures enhances the biodegradation 
rate. Further research is required to quantify volatilization, aerobic and anaerobic 
biodegradation, adsorption, absorption, mineralization, and other removal mechan-
isms in large-scale constructed treatment wetlands.  
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Chapter 3  
Carbon Storage and Fluxes 
Within Wetland Systems 

Abstract This chapter critically reviews recent literature on carbon storage and 
fluxes within natural and constructed freshwater wetlands and specifically ad-
dresses concerns of readers working in the field of applied science. The purpose is 
to review and assess the distribution and conversion of carbon in the water envi-
ronment, particularly within constructed wetland systems. A key aim is to assess if 
wetlands are carbon sinks or sources. Carbon sequestration and fluxes in natural 
and constructed wetlands located around the world are assessed. All facets of 
carbon (solid and gaseous forms) have been covered. Conclusions are based on 
these studies. Findings indicate that wetlands can be both sources and sinks of 
carbon, depending on their age, operation, and the environmental boundary condi-
tions such as location and climate. Suggestions for further research needs in the 
area of carbon storage in wetland sediments are outlined to facilitate the under-
standing of the processes of carbon storage and removal and also the factors that 
influence them. This timely chapter should help engineers to make the right deci-
sions when designing wetlands taking climate change into consideration. 

3.1 Introduction 

3.1.1 Wetlands and Processes 

Wetlands are areas of water-saturated soil and include small lakes, floodplains, 
and marshes. Wetlands only cover a small proportion of the Earth’s land surface 
(between approx. 2 and 6%, depending on definitions) but contain a large propor-
tion of the world’s carbon (approx. 15 × 1014 kg) stored in terrestrial soil reservoirs 
(Schlesinger 1991; Amthor et al. 1998; Whiting and Chanton 2001). Wetlands 
play an important role in carbon cycling because they represent 15% of the terres-
trial organic matter losses to the oceans (Hedges et al. 1997; Stern et al. 2007). 
Among all terrestrial ecosystems, they have the highest carbon density. Further-
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more, wetlands are a diffuse source of humic substances for some receiving 
freshwater systems (Stern et al. 2007). 

Decomposition within wetlands is a complicated process as it involves aerobic 
and anaerobic processes. Organic matter decomposition is often incomplete under 
anaerobic conditions. The lack of oxygen is therefore the main factor determining 
plant detritus turnover. Consequently, plant remains coming from the inflow, the 
wetland biomass, or from the vegetation growing along the wetland margins accu-
mulate within the wetland system, and different decomposition stages can be iden-
tified (Gorham et al. 1998; Collins and Kuehl 2001; Holden 2005). A net retention 
of organic matter and plant detritus can be observed in most wetlands (Mitsch and 
Gosselink 2007). Organic matter accumulation in wetland sediments depends on 
the ratio between inputs (organic matter produced in situ and ex situ) and outputs. 
The latter may be due to the decomposition under waterlogged conditions, erosion 
due to high precipitation, and soil disturbance in general (Gorham et al. 1998). 

Since 1980, treatment wetland systems have gained popularity and have been 
applied successfully for the treatment of numerous waste streams (Kadlec et al. 
2000; Haberl et al. 2003; Zhang et al. 2005; Vymazal 2007) and runoff from urban 
areas (Scholz 2006), farmyards (Carty et al. 2008), and log yards (Hedmark and 
Scholz 2008). The concept of constructed wetlands applied for the purification of 
wastewaters has received growing interest because most of these systems are easy 
to use, require only little maintenance, and have low construction costs (Machate 
et al. 1997). Dissolved organic matter is a very important water quality parameter 
associated with the performance of treatment wetland systems. Some microorgan-
isms including bacteria use dissolved organic matter as an energy source for proc-
esses such as denitrification. However, too high levels of dissolved organic matter 
can prevent light penetration within the water column (Pinney et al. 2000; Li et al. 
2008). The treatment efficiencies of wetlands vary depending on climate, vegeta-
tion, microorganism communities, and type of wetland system (Waddington et al. 
1996; Schlesinger 1997; Joabsson et al. 1999; Trettin and Jurgensen 2003; Whalen 
2005; Picek et al. 2007; Ström and Christensen 2007; Weishampel et al. 2009). 

Scientists have carried out detailed investigations concerning wetland biochem-
istry and hydrology. Nevertheless, there is no commonly accepted agreement if 
wetlands are actually carbon sources or sinks. There is disagreement in the inter-
pretation of variables, reactions, and the impact of environmental conditions on 
carbon storage and release. Therefore, recommendations on how to adapt policies 
and planning processes to enhance carbon storage vary considerably. Comparisons 
of carbon storage and flux data vary greatly as a function of region and climate 
(Kayranli et al. 2010). 

3.1.2 Global Warming 

Global warming mitigation is becoming increasingly important as the effects of 
climate change are becoming apparent around the world. Depending predominantly 
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on the meteorological and hydrological conditions, wetlands can absorb carbon 
dioxide from the atmosphere and capture it within the sediment, and may therefore 
be greenhouse gas sinks. The high productivity, high water table, and low decom-
position rate associated with wetlands lead to carbon storage within the soil, sedi-
ment, and detritus (Whiting and Chanton 2001). The process of locking carbon diox-
ide away from the atmosphere is called carbon sequestration (Kayranli et al. 2010). 

On the other hand, wetlands are considered to be greenhouse gas sources par-
ticularly with respect to the emission of methane gas to the atmosphere. Methane 
has a much higher global warming potential than carbon dioxide and contributes 
to the atmospheric sorption of infrared radiation and subsequent warming (Carroll 
and Crill 1997; Whiting and Chanton 2001; Zhang et al. 2005). Minimizing meth-
ane fluxes from created and restored wetlands should therefore be a vital aim in 
combating climate change. Improved design, construction, and operation of wet-
lands used for treatment and conservation purposes should therefore help to miti-
gate global warming by reducing the release of greenhouse gases and enhancing 
carbon storage at the same time (Kayranli et al. 2010). 

3.1.3 Purpose and Review Methodology 

This review focuses on the assessment of the key processes determining carbon 
removal, sequestration, and fluxes within wetlands. It has specifically been written 
for applied scientists and engineers working worldwide and complements other 
more ecology-based papers such as that by Bridgham et al. (2006) focusing on 
Northern America. The aims of the key sections are: 

• to discuss carbon turnover and removal processes within wetlands; 
• to highlight processes where wetlands can be described as carbon sources or 

carbon sinks; 
• to discuss the effect of global warming on wetlands. 

3.2 Carbon Turnover and Removal Mechanisms 

3.2.1 Carbon Turnover 

Various reactions utilizing carbon take place within wetlands. The key processes 
are respiration in the aerobic zone, fermentation, methanogenesis, and sulfate, 
iron, and nitrate reduction in the anaerobic zone. Organic matter typically contains 
between 45 and 50% carbon. Wetlands contain large amounts of dissolved organic 
matter, promoting microbial activity (Bano et al. 1997; Zweifel 1999). Bacterial 
oxidation of dissolved organic carbon subsequently results in mineralization, 
which is a process whereby organic substances are converted into inorganic sub-
stances (Hensel et al. 1999). 
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Respiration is the biological conversion of carbohydrates into carbon dioxide, 
and fermentation is the conversion of carbohydrates into chemical compounds 
such as lactic acid, or ethanol and carbon dioxide. In a wetland, organic carbon is 
converted into compounds including carbon dioxide and methane or stored in 
plants, dead plant matter, microorganisms, or peat. A significant part of the BOD 
may be particle-bound and, therefore, susceptible to removal by particulate set-
tling (Kadlec et al. 2000; Kayranli et al. 2010). 

3.2.2 Carbon Components 

Wetlands contain five main carbon reservoirs: plant biomass carbon, particulate 
organic carbon, dissolved organic carbon, microbial biomass carbon, and gaseous 
end products such as carbon dioxide and methane. The latter four are present in 
water, detritus, and soil (Kadlec and Knight 1996). Wynn and Liehr (2001) out-
lined a carbon cycle comprising the following key components: plant biomass, 
standing dead plants, particulate organic carbon, dissolved organic carbon, and 
refractory carbon (i.e., resistant carbon, which would retain its strength at high 
temperatures). These carbon reservoirs can be used in the description of carbon 
cycles (Kayranli et al. 2010). 

Active biomass may comprise wetland plants and periphyton (microorganisms 
and detritus attached to submerged surfaces) and contributes to the transformation 
of inorganic carbon such as carbon dioxide into organic carbon through photosyn-
thesis. The productivity of wetlands varies due to the time of year, geographic 
location, nutrient status, and type of vegetation. Particulate organic carbon consists 
of decaying plant matter, microbial cells, particulate influent, and particulate or-
ganic substances found on the soil surface. Dissolved organic carbon comprises 
dissolved BOD and other carbon components in solution. While dissolved organic 
carbon typically represents <1% of the total organic carbon in soil, it represents 
approx. 90% of the total organic carbon in surface waters (Kadlec and Knight 
1996; Wynn and Liehr 2001; Reddy and Delaune 2008). Microbial biomass car-
bon occurs in heterotrophic microfloral catabolic activities, transforming organic 
carbon (energy reserve of the ecosystem) back into inorganic carbon and mineral-
izing particulate organic carbon and dissolved organic carbon (D’Angelo and 
Reddy 1999; Picek et al. 2007). The turnover of active biomass happens relatively 
quickly, usually in the order of days, while the corresponding turnover of soil or-
ganic matter takes decades. Soil microbial biomass can be regarded as a signifi-
cant carbon sink (Kayranli et al. 2010). 

3.2.3 Carbon Removal Mechanisms 

Carbon processing in the wetland environment is complex, and the various decom-
position reactions take place in different horizons; e.g., respiration and methane 
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oxidation occur in the aerobic zones while methanogenesis occurs in anaerobic 
zones (Knight and Wallace 2008). However, the highest rates of decomposition are 
found closest to the wetland surface where there is an elevated input of fresh litter 
and recently synthesized labile organic matter (Sherry et al. 1998). 

The organic matter content within wetland systems is impacted by processes 
such as biodegradation, photochemical oxidation, sedimentation, volatilization, 
and sorption. Some of these mechanisms provide natural organic matter accumula-
tion via microbial or vegetative decay (Burgoon et al. 1995; Reddy and D’Angelo 
1997; Stottmeister et al. 2003; Quanrud et al. 2004; Li et al. 2008). Moreover, the 
accumulation of organic matter is a potential energy source for microbial commu-
nities (Turcq et al. 2002; Reddy and Delaune 2008). 

Dissolved organic matter degradation is expected to occur via heterotrophic up-
take by aerobic and anaerobic bacteria, and degradation by ultraviolet light. Sev-
eral authors have reported on dissolved organic matter transformations in algae 
(Kragh and Søndergaard 2004), forest vegetation (Li et al. 2008), Typha spp. wet-
land plant material (Pinney et al. 2000), microbial groups (Ibekwe et al. 2003; Li 
et al. 2008), and soils (Qualls and Haines 1992). Dissolved organic matter from 
plant exudates appears more dominant during warm months with active plant 
growth (Pinney et al. 2000). 

Organic matter accumulates when primary productivity is faster than the cor-
responding decomposition rate, leading to a net accumulation of organic matter 
(Mitsch and Gosselink 2007). Due to slow organic mater decomposition rates, 
strata are built up and compressed to form different soil layers. Organic matter 
from inflow and wetland plants is accumulated, decomposed, and subsequently 
buried in the system. This results in a shift from aerobic to anaerobic processes 
due to lack of oxygen in the wetland sediment, which drastically reduces decom-
position rates (Holden 2005). It is also believed that some parameters such as 
temperature, organic matter quality, residence time of organic matter in the water 
column, vegetation pattern, wetland maturity, sedimentation rate, sediment tex-
ture, and sediment reworking impact the organic matter decomposition within the 
water body and the organic matter compositions (Borman et al. 1995; van der Peijl 
and Verhoeven 1999; Barber et al. 2001; Savage and Davidson 2001; Turcq et al. 
2002; Yu et al. 2002; Lafleur et al. 2005; Wolf and Wagner 2005; Shepherd et al. 
2007; Yurova and Lankreijer 2007). Furthermore, organic matter compositions 
consist of labile and resistant fractions within the soil profile. Many of the labile 
compounds are accumulated on the sediment surface and decomposed within 
a few months (Schlesinger 1997; Wolf and Wagner 2005). 

Wetlands have aerobic and anaerobic interfaces in water, soil, and the accu-
mulated organic matter (Scholz et al. 2007). Gaseous end products are formed 
under anaerobic and aerobic conditions. Under anaerobic conditions, carbon 
dioxide and methane are formed through the decomposition of organic matter. In 
comparison, under aerobic conditions, only carbon dioxide is formed. Previous 
researchers (Kadlec and Knight 1996; Scholz 2006; Mitsch and Gosselink 2007) 
pointed out that the aerobic respiration in wetland systems is far more effective 
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with respect to organic matter degradation than anaerobic processes such as fer-
mentation and methanogenesis. 

The dissolved organic carbon cycle depends on the cycling and bioavailability 
of phosphorus and nitrogen (Craft and Richardson 1998) as well as on the 
bioavailability and transport of metals (Voelker and Kogut 2001; Tipping and 
Center 2002). Microbial death is generally assumed to only contribute to particu-
late organic matter and not to dissolved organic matter because most bacteria in 
wetlands are associated with plant litter and soil organic matter. When the grow-
ing season reaches its end, approx. 15% of the plant carbon disappears due to 
leaching and physical degradation in temperate climates (Kadlec and Knight 
1996). The remainder degrades over approx. 1 year and becomes predominantly 
particulate carbon (Johnston 1991; Wynn and Liehr 2001). 

3.3 Are Wetlands Carbon Sources or Sinks? 

3.3.1 Wetlands as Carbon Sources 

The important greenhouse gases carbon dioxide, methane, and nitrous oxide can 
be released from natural and constructed wetlands (Le Mer and Roger 2001; Whit-
ing and Chanton 2001; Malmer et al. 2005; Liikanen et al. 2006; Mander et al. 
2008). Processes such as denitrification and methane production are dependent on 
the oxygen status of soil and sediment. Anoxic soils and sediments produce meth-
ane, while well-drained soils act as a sink for atmospheric methane due to methane 
oxidation (Hanson and Hanson 1996). 

The water table level of wetlands influences not only the amount of methane 
emitted to the atmosphere but also the removal of methane from the atmosphere. 
For example, Harris et al. (1982) determined that peat from the Great Dismal 
Swamp contributes to the removal of atmospheric methane when the water table 
level is below the surface of peat during dry periods. In contrast, when peat is well 
saturated with water, it becomes an important methane source. Furthermore, Au-
gustin et al. (1998) concluded that lowering the groundwater table of minerotro-
phic fens in the northeast of Germany increased the release of nitrous oxide and the 
reduction of methane. Relatively high methane emissions could be observed when 
the groundwater table was high and soil temperatures were higher than 12°C. They 
also point out that these fens release approx. between 0.6 and 9.0 mg CH4–C/m2/h. 

Natural wetlands emit approx. 1.45 × 1011 kg CH4–C/a to the atmosphere. This 
equates to about 25% of the total emissions from all anthropogenic and natural 
sources. Wetland methane flux rates are commonly 10–6 kg/m2/d and represent the 
net effects of microbial production and consumption (Whalen 2005). 

The studies carried out so far have demonstrated that constructed and restored 
wetlands also have high nitrous oxide (Fey et al. 1999; Xue et al. 1999; Johansson 
et al. 2003; Mander et al. 2005; Stadmark and Leonardson 2005; Teiter and Man-
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der 2005; Liikanen et al. 2006; Picek et al. 2007) and methane (Schipper and 
Reddy 1994; Tanner et al. 1997; Cao et al. 1998; Tuittila et al. 2000; Johansson 
et al. 2004; Mander et al. 2005; Teiter and Mander 2005; Altor and Mitsch 2006; 
Liikanen et al. 2006; Picek et al. 2007) emissions. However, data are highly vari-
able due to different designs and operations, and more importantly as a result of 
system locations in different climates. The methane emissions from vegetated 
constructed treatment wetlands can be similar to those from productive natural 
wetlands. Methanogenesis can be an important decomposition process in con-
structed wetlands treating organic wastewaters. For example, a flux of approx. 
between 28 and 278 mg CH4–C/m2/h has been reported for pilot-scale constructed 
wetlands (Tanner et al. 1997). 

Brix et al. (2001) reported that in wetlands dominated by Phragmites australis, 
the primary productivity is high, and approx. 50% of the net primary production is 
respired to carbon dioxide and methane in the sediment. In the growing season, the 
process of methanogenesis is primarily limited by organic matter availability, 
while at other times temperature is the most important factor. 

Like natural wetlands, rice paddies have been identified as one of the important 
sources of atmospheric methane. The majority of studies reporting on methane 
emissions from wetlands have been conducted in natural ecosystems or heavily 
managed rice paddies (Cao et al. 1998; Crutzen 1995). Cao et al. (1998) estimated 
that the global annual methane emission from wetlands is 1.45 × 1011 kg, of which 
0.92 × 1011 kg comes from natural wetlands and 0.53 × 1011 kg from rice paddies. 

A limited number of studies consider carbon dioxide fluxes from constructed 
wetlands (Mander et al. 2005; Liikanen et al. 2006). Many authors report that 
carbon dioxide emissions increase with increasing temperature and are higher 
under drained than flooded conditions (Bridgham and Richardson 1992; Moore 
and Dalva 1993, 1997; Price and Waddington 2000; Scanlon and Moore 2000; 
Waddington et al. 2001). 

Deep wetlands generally capture carbon dioxide from and release methane into 
the atmosphere (Whiting and Chanton 2001). The combination of these two fluxes 
determines whether these countervailing processes make a wetland system an 
overall contributor to the greenhouse effect. The ratio of methane release to carbon 
dioxide consumption determines the carbon exchange balance with the atmosphere 
for any wetland ecosystem (Kayranli et al. 2010). 

A better understanding of the critical processes regulating greenhouse gases as-
sociated with wetlands such as freezing–thawing cycles and pulsing hydrological 
regimes are important for assessing carbon dioxide, methane, and nitrous oxide 
fluxes. The production and consumption of greenhouse gases are partly regulated 
by microbial processes, which in turn are influenced by soil moisture and tempera-
ture. Nitrification and denitrification are the key processes that produce nitrous 
oxide. However, nitrous oxide production in frozen soils is more likely to be regu-
lated by denitrification (Mørkved et al. 2006; Öquist et al. 2007). Van Bochove 
et al. (2001) highlighted that nitrous oxide fluxes are high in winter because of the 
sudden release of stored nitrous oxide. Maljanen et al. (2007) reported that nitrous 
oxide and carbon dioxide accumulated in the soil during winter and were released 
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swiftly during thawing in spring. During winter, methane concentrations in the soil 
remained lower than in the atmosphere and subsequently increased as tempera-
tures increased after thawing. 

Zhang et al. (2005) observed that during thawing, methane and carbon dioxide 
emissions increased rapidly (4.5 to 6 times the winter emissions) for continuously 
flooded and seasonally flooded marshes. They estimated that a continuously 
flooded and a seasonally flooded wetland in Sanjiang (northeast China) released 
0.5 ± 0.19 and 0.18 ± 0.15 mg CH4–C/m2/h methane, respectively. In comparison, 
naturally flooded forests and floating grass mats in Brazil (Amazon floodplain) 
emitted between 8 and 92 mg CH4–C/m2/h into the atmosphere (Bartlett et al. 
1988). 

Environmental parameters such as temperature, pH, depth of water table, plant-
ing regime (Waddington et al. 1996; Schlesinger 1997; Trettin and Jurgensen 
2003; Whalen 2005; Inamori et al. 2007; Picek et al. 2007; Knoblauch et al. 
2008), substrate type and quality (Bellisario et al. 1999; Joabsson et al. 1999; 
Ström et al. 2003), and specialized microbes (Fischer and Pusch 1999; Whalen 
2005; Buesing and Gessner 2006; Picek et al. 2007; Sleytr et al. 2007; Ström and 
Christensen 2007; Tietz et al. 2008) impact on gas production and, ultimately, net 
methane emission rates. Furthermore, the methane exchange between wetland 
ecosystems and the atmosphere can be affected by the presence of plants because 
the convective flow process in plants facilitates a faster diffusion of gases through 
water, and particularly by the species composition of vascular plants. These plants 
affect important aspects of methane dynamics such as production, consumption, 
and transport; for example, the root exudates are decomposed by microbes and 
transformed into methane and carbon dioxide (Zhu and Sikora 1995; Joabsson and 
Christensen 2001; Tanner 2001; Picek et al. 2007; Ström and Christensen 2007). 

Walter and Heimann (2000) emphasize that most wetland plants root below the 
water table and that methane flux from the soil to the atmosphere takes place via 
aerenchyma in the vascular tissue of the plants. Additional transport pathways are 
diffusion and bubble generation. Above the water table, methane is oxidized in the 
soil pores by methanotrophic bacteria. 

Landry et al. (2009) claim that constructed wetlands emit between 2 and 10 
times more greenhouse gases than natural wetlands. This is likely due to high 
loading rates. They observed that methane was the most important greenhouse gas 
in unplanted wetland systems and that the presence of plants decreased methane 
fluxes but favored carbon dioxide production. 

Alford et al. (1997) estimated fluxes of between approx. 6 and 38 mg 
CH4−C/m2/h for swamp forests and marshes near New Orleans, LA, USA. Barlett 
and Harris (1993) reported fluxes of approx. 4 mg CH4–C/m2/h for forested 
swamps and marshes. Kang and Freeman (2002) reported that bog and forested 
swamps in North Wales (UK) emit up to approx. 3 mg CH4–C/m2/h into the atmo-
sphere. The relatively high data variability is likely due to different climatic regions. 

Hou et al. (2000) pointed out that the reduction of various oxidants in homoge-
neous soil suspensions occurs sequentially at corresponding soil redox potentials. 
The availability of soil oxidants such as oxygen and carbon dioxide used as elec-
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tron acceptors for organic matter degradation contributes significantly to soil 
microbiological processes. They found that emissions of methane were strongly 
correlated with changes in the soil redox potential. Significant methane emissions 
occurred only at soil redox potentials, which were lower than approx. −100 mV. 

It is the water table level that largely determines the presence of aerobic and 
anaerobic conditions occurring at different depths of wetlands. These conditions 
control the methanogenic and methanotrophic processes (Kelley et al. 1995). Me-
thanogenesis is a rigid anaerobic process and is evoked during flooding periods, 
when the water table level rises. In contrast, with a decrease in flooding periods, 
methane production decreases. An inverse relation is observed for methane oxida-
tion (Kayranli et al. 2010). 

Grünfeld and Brix (1999) compared vegetated organic sediments at different 
water table depths below the surface with vegetated inundated sediments. They 
found that due to the high water-holding capacity of organic sediments, rates of 
methanogenesis and methane emission in organic sediments with a water table of 
8 cm below the sediment surface were only slightly, but not statistically signifi-
cantly, different from rates in inundated sediments. Sandy sediments with water 
tables of 8 cm below the sediment surface had very low methanogenic activity as 
compared with organic sediments. 

Methane can be transported to the atmosphere through pathways such as mo-
lecular diffusion, gas bubbling up (ebullition) from the sediments, and vascular 
plant stems (Walter and Heimann 2000). King (1996) pointed out that the amount 
of methane oxidized did not correlate with the total potential methane fluxes from 
a wetland. Oxygen distribution and availability controls the rates of methane oxi-
dation within wetlands. Moreover, oxygen penetration within peat varies from 1 to 
7 mm, with some diurnal variation coupled to benthic photosynthesis. 

Moore and Dalva (1993) and Moore and Roulet (1993) reported that the mean 
position of the water table level is the best indicator of methane emissions. Appar-
ently, a critical depth exists at which maximal emissions occur. It has been deter-
mined that a water table depth greater than 18 cm does not produce high emis-
sions, since methane production (methanogenesis) decreases and its consumption 
increases (methanotrophy). However, when the depth of the water table is 12 cm 
below the surface of peat, or exceeds it, methane fluxes are high. Bubier et al. 
(1993) and Daulat and Clymo (1998) estimated that methane emitted into the 
atmosphere from experimental digs was between 5 and 60 times higher than that 
produced in hillocks (small hills or mounds) due to the digs’ having a lower water 
table depth than the hillocks. Roulet et al. (1993) discovered that peatlands are 
converted from a source into a sink of methane when the water table drops to 
25 cm below the peat surface due to increased methane oxidation. Kelley et al. 
(1995) studied methane emissions across a tidally flooded riverbank in North 
Carolina, USA. Their study showed the highest methane fluxes when the water 
level was close to the surface and the lowest fluxes at both high and low water 
table levels. Similarly, Smith et al. (2000) estimated that methane emissions 
stopped when the soil moisture content fell below approx. 25%, as floodwaters 
receded in Venezuela’s Orinoco River floodplain. 
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Glatze et al. (2004) pointed out that the highest rates of anaerobic methane pro-
duction can be measured for samples close to the soil surface with fresh peat ac-
cumulation and a high water table. In contrast, the lowest rates were observed for 
samples from the sub-surface of sites with a low water table. Anaerobic methane 
production was significantly positively correlated with aerobic and anaerobic 
carbon dioxide production. These production potentials show that drainage (Salm 
et al. 2009), harvesting, and restoration change the ability of the peat profile to 
produce and emit carbon dioxide and methane. 

3.3.2 Wetlands as Carbon Sinks 

The results indicate that wetlands are vital carbon sinks. The majority of studies 
on carbon sequestration within wetlands focus on sediment, soil, and living plant 
communities (Krogh et al. 2003; Brevik and Homburg 2004; Bedard-Haughn 
et al. 2006; Euliss et al. 2006; Alongi et al. 2007). 

Freeman et al. (2001a, 2004) pointed out that phenol oxidase is the main en-
zyme that by remaining inactive, keeps much of the world’s terrestrial wetland 
carbon locked up. Actinomyces (filamentous, mostly anaerobic microorganisms of 
this genus), bacteria, and certain fungi are direct indicators of decomposer activity; 
they excrete extracellular enzymes to decompose complex high-molecular-weight 
compounds. The activity of phenol oxidase increases with increasing temperatures 
(Freeman et al. 2001b) and is reduced by low pH (Pind et al. 1994; Williams et al. 
2000). Williams et al. (2000) studied phenol oxidase activity in Sphagnum spp. 
peat and reported that when pH was favorable, the activity of phenol oxidase de-
pended more on the botanical composition of the peat and the wetland vegetation 
type than on the water level. Wetland carbon stores (especially peatlands) may 
become considerable methane sources when aerobic soil conditions activate the 
phenol oxidase enzyme, which triggers chain reactions breaking down lignin and 
humic substances, releasing methane into the atmosphere in substantial amounts 
(Freeman et al. 2004). Some models of small-scale constructed wetlands show that 
they sequester very small amounts of carbon. However, they are considered size-
able carbon sinks due to the difference in energy consumption between the wetland 
and the equivalent wastewater treatment plant. Thus, small-scale constructed wet-
lands used for the treatment of wastewater are considered carbon sinks (Ogden 
2001). The main factors controlling methane emissions from wetlands are soil 
temperature (Christensen et al. 2003), water table depth (Moore et al. 1998), and 
the amount and quality of decomposable substrate (Christensen et al. 2003). The 
factors controlling methane oxidation are well documented by Boon and Lee 
(1997); they include the supply of oxygen and temperature. Methane oxidation 
rates can be optimized by promoting well-aerated water columns and, in turn, well-
aerated sediments. Furthermore, nitrate affects oxidation, but only at relatively 
high nutrient concentrations, and the availability of ammonium and sulfate has 
little or no effect on oxidation rates (Kayranli et al. 2010). Hanson and Hanson 
(1996) documented that wetland soils are normally fully saturated and are often 
located well below the water table. These wetland conditions create mainly an-
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aerobic or anoxic soils, which store carbon dioxide and release methane. However, 
drained wetlands, which have unsaturated soils, are atmospheric methane sinks. 
Methane is absorbed through methanotrophs and anaerobic methane-oxidizing 
bacteria (Kayranli et al. 2010). Some studies identified variable methane fluxes 
from wetlands in Canada. For peatlands, bogs, and fens, 2.8 ± 0.27 mg CH4−C/m2/h 
was calculated by Turetsky et al. (2002), for bogs and rich fens, between 1 and 
10 mg CH4–C/m2/h was estimated by Bellisario et al. (1999), for fens, bogs, ponds, 
and palsa (i.e., low and oval rise occurring in polar climates), releases up to 11 mg 
CH4–C/m2/h were published by Liblik et al. (1997), and peatlands released up to 
15 mg CH4–C/m2/h according to Moore and Roulet (1995). However, for freshwa-
ter wetlands, a flux of only approx. 0.3 mg CH4–C/m2/h was estimated by 
Bridgham et al. (2006). Concerning wetlands in the USA, Armentano and Menges 
(1986) estimated fluxes of roughly 5 mg CH4–C/m2/h for northern peatlands in 
northern territories and releases of roughly 26 mg CH4–C/m2/h for Florida. Again 
high data variability reflects different wetland types located in various climatic 
regions. On the other hand, Freeman et al. (2004) pointed out that when the water 
table drops considerably below the peatland surface, peatlands may change from 
being a source to a sink for methane due to increased methane oxidation. However, 
drought conditions in a peatland lower methane emissions during the drawdown of 
the water table due to decreased methanogenesis rather than methane consumption 
(Kayranli et al. 2010). Flooded wetlands generally sequester carbon dioxide from 
and release methane into the atmosphere. The combination of these two factors 
determines whether these offsetting processes make a wetland system an overall 
contributor to the greenhouse effect. Maximizing permanent vegetation in culti-
vated wetlands could provide maximum carbon sequestration, but the overall con-
sequences for the gas emissions need to be carefully assessed (Bedard-Haughn 
et al. 2006). McCarty and Ritchie (2002) claimed that agricultural activity in-
creased the rate of carbon storage within the sediment and contributed to the accu-
mulation of nutrients within a wetland ecosystem. In comparison, Bedard-Haughn 
et al. (2006) concluded that organic carbon densities decreased from uncultivated 
to cultivated wetlands. McCarty and Ritchie (2002) also reported that an agricul-
tural field and a riparian ecosystem in Maryland (USA) sequestered between 0.16 
and 0.22 kg C/m2/a. Moreover, prairie wetlands in the northcentral USA are known 
to have sequestration values of roughly 0.3 kg C/m2/a (Euliss et al. 2006). Wet-
lands store approx. twice the organic carbon load in comparison to cropland that is 
not tilled (Euliss et al. 2006). For example, northern peatlands in Scandinavia are 
important carbon stores. These peatlands often show large spatial and temporal 
variation in the atmospheric exchange of carbon dioxide and methane. The main 
parameters impacting carbon storage within these wetlands are erosion and soil 
movement (McCarty and Ritchie 2002), excessive drainage (Salm et al. 2009), 
water discharge, and nutrient input (Turcq et al. 2002). 

Most of methane and carbon dioxide fluxes take place in the relatively thin oxic 
layers near the surface of peatlands. In the oxic surface layers of peatlands, the 
rates of litter decomposition may not generally differ from those found in the min-
eral soil sites for the same litter types (Moore et al. 2002; Vavrova et al. 2009). 
The large amounts of carbon captured within peatlands and their low productivity 
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highlight the potential of peatlands to significantly impact regional carbon cycling, 
particularly at times when climate change might lead to increased peat degradation 
due to increased temperatures and lower water tables (Gorham 1991; Weishampel 
et al. 2009). Raghoebarsing et al. (2005) have shown that methane consumption 
by methanotrophic bacteria living in symbiosis with some Sphagnum species leads 
to effective in situ methane recycling within peatlands. These findings have also 
helped to explain the high organic carbon burial within wetland ecosystems. In a 
subsequent paper, Raghoebarsing et al. (2006) demonstrated that the direct an-
aerobic oxidation of methane coupled to denitrification of nitrate was possible. 
The reactions presented make a substantial contribution to the microbiological 
methane cycle. Landry et al. (2009) reported that planted wetlands may sequester 
between 2 and 15 times more carbon than they emit as carbon dioxide. However, 
respiration by stems and leaves, which was not accounted for in this study, could 
have reduced the reported carbon sequestration values. Moreover, they observed 
that methane was the most important greenhouse gas in unplanted wetland sys-
tems. They also found that the presence of plants decreased methane fluxes but 
favored carbon dioxide production. The carbon sequestration potential of swamps 
is usually much higher than that of lakes. The accumulation of carbon within lake 
sediments depends on the water table height and on the regional climate. While 
low carbon storage occurs in drier climates, humid climates bring about high car-
bon accumulation within most lakes (Turcq et al. 2002). Based on a wide range of 
assumptions, Mitra et al. (2005) calculated the net balance between methane pro-
duction and carbon sequestration in the world’s wetlands and deduced that the 
overall impact of wetlands on climate change in the carbon cycle was minimal. 
High numbers of spatially distinct samples for carbon sequestration (Anderson and 
Mitsch 2006) and methane generation (Altor and Mitsch 2006) were collected 
from two created wetlands (Ohio, USA), and subsequent calculations were based 
on conversions proposed by Mitra et al. (2005). It was found that the created wet-
lands were climate neutral or even had a cooling effect. 

3.4 Impact of Global Warming on Wetlands 

Wetland soils and sediments are considered to be among the world’s largest car-
bon sinks. They have been accumulating carbon for between 4000 and 5000 years 
(Lloyd 2006), but are at risk of becoming an extremely large atmospheric carbon 
source because of climate change. Peatlands store an estimated one third of the 
world’s organic soil carbon (Gorham 1991; Weishampel et al. 2009). Weishampel 
et al. (2009) stated that carbon storage in peatlands is a consequence of long-term 
climate trends during which a positive water balance enables accretion of peat. 
Although open peatland productivity is low, all peatlands have acted as long-term 
carbon sinks for hundreds to thousands of years and store significantly more car-
bon per unit area than is stored in uplands. Over long periods of time, natural wet-
lands can be considered carbon stores (Kayranli et al. 2010). 
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There is a strong correlation between climate and soil carbon pools, where the 
organic carbon content decreases with increasing temperatures (Kirschbaum 1995; 
Rasmussen et al. 1998) due to decomposition rates doubling with every 10°C in-
crease in temperature (Schlesinger 1997; Hartel 2005). If temperature increases 
continue and become more rapid, the decomposition of organic matter will increase, 
and wetlands will eventually become major sources of carbon. Some researchers 
(Gorham 1991; Hobbie et al. 2000; Davidson and Janssens 2006) point out that 
wetlands, which drain well and are therefore well aerated, will be associated with 
fewer fluxes of carbon dioxide in the event of warming. However, if wetland drain-
age is poor and anaerobic conditions occur within the soil, wetlands may release 
considerable amounts of greenhouse gases. There is a general belief that increases 
in temperature and changes in water levels are important variables in the production 
of methane and carbon dioxide from wetlands (Moore and Roulet 1995; Updegraff 
et al. 2001). For example, as a result of a slight global temperature rise, parts of the 
tundra environment would act as a net source of carbon dioxide (Christensen 1993). 

Trenberth et al. (2007) estimated that land warming in the Arctic is expected to 
be twice as high as the global mean, and thus the effects of the observed and pre-
dicted climate changes will be particularly strong in the Arctic. Methane emissions 
from Arctic wetlands are expected to increase (Wuebbles and Hayhoe 2002), and 
highly variable emissions, potentially indicating signs of climate change, have 
already been recorded for some sub-arctic wetlands. Ström and Christensen (2007) 
reported between 0.2 and 36.1 mg CH4–C/m2/h for northern parts of Sweden. Dick 
and Gregorich (2004) carried out research to compare the decomposition rates of 
organic matter in tropical regions of Nigeria and cold dry climates in Canada, and 
concluded that decomposition rates were usually ten times faster in tropical re-
gions than in cold and dry climates. Hence, global warming effects on tropical 
wetlands may also lead to increased decomposition and carbon fluxes, unless the 
corresponding temperature change is modest (Kayranli et al. 2010). 

The impact of global warming on the economic exploitation of wetlands and on 
conservation policies is not well understood and is therefore often not considered 
in global models of climate-change effects (Clair et al. 1998). Much of recent 
terrestrial ecosystem modeling is aimed at estimating ecosystem carbon budgets 
and their future trends under a changing climate. Moreover, the current global 
financial crisis is likely to lead to reduced investment in wetland protection and 
conservation measures. The future of conservation wetlands should be secured by 
protecting their status (Kayranli et al. 2010). 

The high initial global warming potential of increased methane emission in 
newly created wetlands means that many will have to establish themselves for 
over 100 years to be considered as carbon sinks (Whiting and Chanton 2001). 
However, improved design and management of constructed treatment wetlands, 
even after their decommissioning, should make a positive impact on long-term 
carbon storage. Changes in land use due to global warming such as increased 
drainage of wetlands for agricultural purposes could potentially lead to large car-
bon dioxide and methane fluxes to the atmosphere, further accelerating climate 
change (Limpens et al. 2008). Destruction of wetlands is also likely to lead to 
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secondary water pollution from the release of nutrients during wetland degradation 
due to lower water levels, as demonstrated at a peatland restoration project in 
Northern Germany (Scholz and Trepel 2004a, b). 

3.5 Conclusions and Further Research Needs 

Different types of wetland systems such as natural, constructed, treatment, and 
integrated ones have the potential to sequester carbon. Freshwater wetlands pro-
vide a potential sink for atmospheric carbon, but, if not designed and managed 
properly, could become sources of greenhouse gases such as carbon dioxide and 
methane. According to published estimates of greenhouse gas fluxes from con-
structed and natural wetlands, fluxes from constructed wetlands are higher than 
those from natural wetlands, and the former have more carbon sequestration ca-
pacity than the latter. Wetland protection and restoration measures can improve 
the carbon sequestration potential of wetlands. However, it takes several decades 
for the carbon sequestration ability of restored wetlands to reach levels compara-
ble to those of natural wetlands such as peatlands and forested wetlands. 

Predicting how the carbon balance of wetlands will respond to anticipated cli-
matic change requires a process-level understanding of carbon cycles through wet-
lands, mapping of the spatial distribution of relevant wetland characteristics, and the 
ability to predict how climate change will impact wetland hydrology and water 
depth. More research is needed to better understand the impacts of wetland water 
level fluctuations on carbon fluxes under variable climatic regimes. Further wetland 
research case studies should also aim to differentiate between methane production 
and consumption processes and evaluate their respective roles in carbon cycling and 
oxygen consumption both seasonally and during gradual system maturation. 

The role of many wetland plants and microorganisms in carbon turnover and 
emitting methane is unclear. More research is needed to better understand the 
impacts of different plant species under variable nutrient regimes and loading 
rates. Carbon fluxes due to respiration via stems and leaves are not quantified for 
most wetland plants. The effect of temperature, oxygen penetration rate, and water 
column fluctuation on the methane oxidation rates and carbon turnover by micro-
organisms needs also to be clearly defined. Further work is required on methane 
fluxes for different wetland plant communities and associated microbial communi-
ties to find meaningful mechanistic relationships between processes such as me-
thanogenesis and the biology of organisms responsible for the processes. 
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Chapter 4  
Wetlands and Sustainable Drainage 

Abstract While Chapter 2 focused on wetland systems for pollution control, this 
chapter concentrates on the combination of wetlands with sustainable drainage and 
flood control technology and planning. Particularly large retention basins, deten-
tion tanks, and alternative concepts for sustainable drainage are assessed. Sec-
tion 4.1 introduces a rapid assessment methodology for the survey of water bodies 
including large wetland systems such as sustainable flood retention basins 
(SFRB). This novel and timely SFRB concept is funded and promoted by the 
European Union. Moreover, Section 4.2 provides a classification example for 
different Scottish SFRB, highlighting the dominance of current and former potable 
water supply reservoirs. Section 4.3 summarizes a new sustainable (urban) drain-
age system (SUDS); i.e., a combined wetland and detention system. This SUDS 
technique could be combined with SFRB. Finally, Section 4.4 introduces the novel 
concept of integrating trees into SUDS design. The section shows that trees have 
the potential to reduce runoff volumes via retention, evapotranspiration, and inter-
ception, highlighting missed opportunities in traditional drainage design. 

4.1 Rapid Assessment Methodology for the Survey 
of Water Bodies 

4.1.1 Introduction 

4.1.1.1 Background 

The assessment and implementation of the general concept of sustainable flood 
risk management is an emerging challenge in environmental and water manage-
ment. The concept is being further advanced by research at The University of 
Edinburgh (Scholz 2006a, 2007a, b; Scholz and Sadowski 2009) and The Univer-
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sity of Salford, and it is recommended that these papers be consulted prior to 
implementing sustainable flood risk management methodologies. 

The proposed guidance manual explains the underlying philosophy behind the 
SFRB categorization system and provides advice on determining the variables for 
water bodies including SFRB in the field. The outputs from this process are then 
analyzed utilizing the SFRB tools (Scholz and Sadowski 2009). 

The European Union (EU) Flood Directive (2007/60/EC) is spearheading 
a move to sustainable flood retention in Europe. The directive requires that flood 
risk planning be completed on a catchment scale and aligns this with the preexist-
ing Water Framework Directive (2000/60/EC) catchments and River Basin Dis-
tricts. In particular, climate change is likely to increase the severity and frequency 
of flood events, thereby increasing the associated hazard. This may threaten some 
existing flood defenses that were designed and built prior to the identification of 
climate change as an issue; therefore, they may require modification to ensure 
their sustainability. The EU recognizes that member states may face significant 
challenges in implementing the Flood Directive and has responded with programs 
such as the strategic alliance for water management actions (SAWA), which aims 
to provide tools and guidance to aid the member states in implementation. In par-
ticular, SAWA is aimed at aiding North Sea area member states in the implemen-
tation of the Flood Directive. 

The SAWA is a consortium of 22 partner institutions from Norway, Sweden, 
Germany, The Netherlands, and the United Kingdom, working together to produce 
a range of tools and guidance documents to assist in the implementation of the 
Flood Directive. With such a large and varied group, the Dutch philosophy of 
‘poldern’, which means that all members work together to achieve a beneficial 
outcome, thus recognizing the contribution each member has to make, has been 
adopted. This philosophy promotes close collaboration and so supports the broad 
aims of the program. Flooding is a complex spatial planning issue and therefore 
requires a range of tools and approaches to solve the problem. Solutions are likely 
to require SUDS solutions applied on a small scale combined with SFRB used on 
a large scale. 

The classification tool in this guidance manual provides a rapid screening 
method for water bodies and flood defense structures. It can accurately assess 
water bodies designed for flood and diffuse pollution control and can be applied as 
a rapid screening method to identify water bodies and impoundments that have the 
potential to be used as part of a sustainable flood risk management strategy. 

4.1.1.2 Rationale for Rapid Survey Method 

Existing survey methods for water bodies and catchment assessments are based on 
the ecology, chemistry, and hydrology of a catchment. The methods to determine 
these characteristics are time consuming and expensive (Watzin and McIntosh 
1999). As these methodologies are predominantly ecological, their outputs tend to 
overemphasize the ecological status of a water body, and this can give rise to con-
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flict in the case of flood defense impoundments with high flood return periods, 
because these basins become overgrown and often achieve a high biodiversity. 

In some cases in Europe, this has resulted in expensive flood defense structures 
that cannot be used because flooding would damage the ecology (IUCN 2000). 
Such conflicts need to be resolved through impartial debate and discussion with an 
objective assessment of the structure, its design purpose, and current status. Many 
existing hydrological models do not consider the flood control potential of existing 
dams and impoundments to contribute to hydraulic management, though reservoir 
release from drinking water reservoirs to maintain river ecology is an established 
management practice (Montaldo et al. 2004). 

A further aspect of sustainability in flood risk management should be to con-
sider the existing flood defense infrastructure and impoundments that already exist 
within a catchment. Considering that many agencies will have to undertake as-
sessments of their areas and objectively classify the flood defense potential of the 
existing infrastructure (SEPA 2007), a detailed, expensive investigation is not 
always going to be practical. The system outlined in this guidance manual has 
proven to be inexpensive, rapid, and reliable as an assessment tool for existing 
flood retention basin infrastructures such as most SFRB. The SFRB concept has 
evolved since 2006 and is based on the views of diverse international groups of 
engineers, landscape planners, and environmental scientists and has withstood 
detailed scientific scrutiny. 

4.1.1.3 Manpower and Equipment Requirements 

The philosophy behind this methodology is that it is rapid and inexpensive to 
apply within a catchment and therefore should not require expensive equipment 
or detailed measurements. The solution is a two-stage process of combining a 
desk study and a field visit. The desk study can provide an estimate of most vari-
ables using a standard personal computer with an Internet connection in less than 
40 min. The site visit involves locating the water body, recording SFRB and 
catchment details using a digital camera, and assessing the SFRB variables visu-
ally. This typically requires 20 min per site. Eight or more sites can be assessed 
within a day of fieldwork, and the data gathered can be fed into the SFRB as-
sessment tool (e.g., Scholz and Sadowski 2009) to objectively categorize the 
surveyed structures. 

A crucial feature of the proposed approach is that it should preferably be used 
by a multidisciplinary group of assessors. Ideally, the group should have different 
areas of expertise such as engineering, environmental science, hydrology, land-
scape management, and flood control planning. A team of two to three is ideal, as 
it promotes discussion and debate during the surveys. It is possible to apply the 
method with a single assessor; however, there is often a risk that the outcome of 
the assessment will be biased towards (his or her) particular discipline. The meth-
odology has been demonstrated to be most effective when different disciplines are 
combined within the assessment team. 
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Therefore, the basic equipment required for the entire process is a personal 
computer with an Internet connection to carry out research, a digital camera to 
record the details of the catchment and the SFRB, and a 1:25,000 to 1:50,000 scale 
map of the survey area. A global positioning system (GPS) unit with <5 m error is a 
useful additional tool to allow geographical locations to be recorded, which can 
subsequently be used in digital modeling. A range of receivers are also available 
for the European Magellan GPS system, and typically these can achieve accuracies 
of between 1 and 2 m with postprocessing modules (GPS 2009). The higher the 
quality of information used in the process, the more reliable the outcomes will be. 

4.1.1.4 Survey Template 

The SFRB survey method is based on completing a site survey template, which 
contains a total of 40 variables. Details of these are provided in the next section 
with practical guidance on how to determine each of them. A vital aspect of the 
classification system is to assign an estimated confidence level to each of the vari-
ables as they are determined. The confidence value (%) is an estimate by the as-
sessors of how accurately each variable has been determined and the confidence 
that they have in the determination. 

The confidence value has been banded into high, medium, and low confidence 
levels. A high confidence value is typically one that has been measured or can be 
estimated with a very high degree of confidence based on knowledge and experi-
ence. The confidence value then assigned is between 61 and 100%. In cases where 
the confidence value is between 31 and 60%, additional investigations should be 
conducted to improve the confidence value. In cases where the confidence value 
assigned to a variable is ≤30%, the variable should be treated as missing. It has 
been found that assessors who use the system tend to assign confidence values in 
5% increments. This is undesirable if sufficient expertise to undertake the assess-
ment is available as it changes a 100-point to a 20-point scale. 

In addition to the section on site characterization variables comprising details 
of the land types within a catchment, and details of the SFRB and its hydraulics, 
there is another section on bias and purpose that should be completed after the site 
visit. This section is potentially more subjective than the 40 basin variables and 
considers what the structure has evolved into and its current range of uses, and 
therefore takes into consideration the sustainability of the structure while recog-
nizing the SFRB design purpose. 

The survey template is only a guide for case studies in temperate and oceanic 
climates. It requires modification to be applied effectively in other climatic zones 
and to accommodate various scales of infrastructure. In particular, descriptions for 
variables such as annual rainfall and seasonal impact should be adjusted to the 
application area. Moreover, it is recommended that national weather and mapping 
data should be used where available to decide on landscape and climatic variables 
and the appropriate ranges for these parameters. As the assessment tool depends 
on the selection of the relative positions rather than on the numerical boundaries of 



4.1 Rapid Assessment Methodology for the Survey of Water Bodies 153 

the bins, it provides a relatively objective and consistent output, which can be used 
to facilitate stakeholder discussions and identify infrastructure, which has the 
potential to be used in sustainable flood risk management planning. 

4.1.1.5 Sustainable Flood Retention Basin Typology 

The suggested typology for SFRB is based on the views of a multidisciplinary 
and multinational team of scientists, engineers, and landscape planners (Scholz 
2007a, b) and has been refined over time (Scholz and Sadowski 2009). This col-
laborative approach has resulted in six types of SFRB being identified as the 
minimum practical number to accommodate the variety of roles and modes of 
operation of this diverse group of structures and semi-natural water bodies. Most 
SFRB are used for the collection of river flow and runoff, which is slowed down 
and later released downstream resulting in discharge waves being flattened and 
discharge periods extended, mitigating potential flooding (Scholz 2007a, b). 

Many retention basins perform additional tasks such as infiltration for ground 
water recharge, drinking water supply, diffuse pollution mitigation, enhancement 
of recreational benefits such as water skiing, bird watching, and fishing, and green 
space provision. In fact, some SFRB have even become Sites of Special Scientific 
Interest after years of neglect resulting in high biodiversity. The current multifunc-
tionality of SFRB is largely what makes these structures sustainable. It is the re-
sulting diversity of stakeholders that can lead to conflicts over the status and func-
tion of an SFRB and hinder successful sustainable flood risk management 
planning implementation. 

The survey method combines hard scientific and engineering data such as the 
dimensions of dams and structures, and catchment land types with softer more 
holistic landscape and environmental variables characterizing the potential for 
diffuse pollution mitigation. This provides an impartial assessment of SFRB char-
acteristics, which recognizes both the structure’s design purpose and its current 
uses. The SFRB categorization methodology is therefore relevant to a wide range 
of stakeholders including flood risk management planners, engineers, local au-
thorities, and community groups. It provides an impartial quantifiable and consis-
tent assessment and should be used to identify infrastructure with the potential to 
contribute to flood risk management planning. 

4.1.2 How to Use This Guidance Manual 

This manual contains all the required information to allow for a comprehensive 
water body (particularly potential SFRB) assessment in a survey case study area. It 
is intended that the method should be applied at a catchment scale where the 
catchment boundaries are defined and the SFRB characteristics within the catch-
ment are then identified. 
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Once the locations of a potential SFRB in a study area have been identified, a 
desk study for each basin is undertaken using all available sources of information. 
Variables are then estimated or measured and recorded on a survey form. The next 
step is to perform a site visit to confirm the measured and estimated variables from 
the desk study, and the survey form is subsequently completed and finalized. 
A short description of each of the variables is supplied below with information on 
how to determine each of the parameters. The entire process can be completed 
within approx. 1 h for most sites. 

Once the numeric information on an SFRB has been collected, the data should 
be entered into any of the published SFRB categorization tools (e.g., Scholz and 
Sadowski 2009), and this will then impartially and reliably categorize the sur-
veyed structures and water bodies. 

Scholz (2007b) outlines an empirical tool for the categorization of SFRB. 
A more statistical tool was developed for estimating SFRB types. This tool has 
been outlined by Scholz and Sadowski (2009). 

4.1.3 Assessment of Classification Variables 

4.1.3.1 Overview 

The following sections provide a detailed overview of each of the water body 
classification variables and how to assess them. The definitions and advice are 
provided to ensure consistency of application of the SFRB determination method. 
Nevertheless, the author accepts that there may be specific case study sites where 
the information given below might be insufficient to determine a variable with 
high confidence. 

4.1.3.2 Engineered (%) 

A body of water can either be formed naturally or it can be created by man. Man-
made structures can be highly diverse and range from very large water supply and 
hydropower dams of earth or concrete to small-scale structures often built to sup-
ply water to industrial processes. The engineered variable determines whether the 
SFRB is natural or man-made and how pronounced these tendencies are. 

Dam structures with full engineering control, such as a drinking water supply 
reservoir or a purpose-built hydraulic flood retention basin, are examples of poten-
tially highly engineered structures. These types of basin would typically receive 
values of between 70 and 95%. 

A structure that is natural is one that has not been extensively modified by hu-
mans. The basin is typically a natural landscape feature and there is little (e.g., 
formal outlet or protected embankment) or no evidence of human interference. 
This type of basin will normally receive a value of <20%. 
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The section on bias and purpose below has a strong influence on this variable, 
particularly in cases where the original design purpose and current use are differ-
ent. Numerous industrial impoundments still exist in many areas, long after the 
industry they supported closed. These basins have become overgrown and ne-
glected, often resulting in high biodiversity, and in other cases, these basins are 
now designated nature reserves (Johnson et al. 2003). These industrial relics now 
fulfill an entirely different role, and this is recognized in the division of scores 
between the different bias and purpose categories. 

4.1.3.3 Dam Height (m) 

Dam height is defined as the height of the man-made structure that creates the 
impoundment. The height of the structure is taken from the highest to the lowest 
point, usually just below the bottom outlet. 

In some countries, databases of dams are available that contain details of dam 
structures and reservoir capacities. Where this type of resource is available, it is 
recommended that it be utilized to gather accurate information for the survey sites. 

For a rapid assessment, the dam height can be visually estimated, and a valu-
able tool is a photograph with the face of the dam and a team member on top. 
The team member can then be used to scale the structure. Accurate GPS can also 
be used to record spatial coordinates at the top and base of the SFRB, though 
these can have high levels of error associated with them as well. Typically, 
the height has to be estimated from the front face of the dam as this is clearly 
visible. 

4.1.3.4 Dam Length (m) 

The dam length is defined as the span of the structure creating the impoundment. 
The structure may span a valley or, in rare cases, a dam may surround virtually the 
entire water body. Note that a natural lake restricted only by the topography of 
a valley attracts a dam length value of 0 m. 

If written documentation of dam details is available, then this variable can be 
determined from this information. Dam length can be paced or measured during 
the site visit, or, for structures >500 m long, they can be measured from maps with 
a scale of ≤1:50,000. 

4.1.3.5 Outlet Arrangement (%) 

The outlet variable describes how and where water leaves the SFRB. In the case of 
small natural water bodies, there is usually a single river leaving the water body. 
This arrangement can be considered as a single, independent, simple, and uncon-
trolled outlet. The river outlet will not have any form of dam, weir, or sluice to 
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control water levels and would generally receive a value of between 0 and 8% 
(with zero applied where there are no control structures). An entry of 8% might be 
given if a simple control or measurement structure was present but did not signifi-
cantly impact water levels. 

In the case of natural flood retention wetlands, the river outlet is typically natu-
ral and would receive a value of zero or close to it. The outlets in many shallow 
wetland systems can be choked by reeds and other vegetation, and these may slow 
down water release and treat it at the same time. This is one reason why these 
natural systems are considered SFRB. 

Many relatively small dams and impoundments have a minimum of two types 
of outlets. Typically, a dam will have an overflow (spillway) and pipes within the 
dam structure for various purposes; e.g., bottom outlet to drain the reservoir, outlet 
to control the river base flow, and outlet to convey the water for subsequent treat-
ment. A complex outlet structure is usually considered to be a combined system 
(typically with manual operation and a single fixed spillway) and attracts values 
between 15 and 75%, with higher values being awarded to highly engineered sys-
tems with potentially fully automated and remotely controlled structures. 

Large and modern drinking water reservoirs or hydropower dam constructions 
typically have combined outlets with fixed spillways and one or more water ex-
traction points. These larger dams are often fully automated and typically receive 
a value higher than 75%. 

4.1.3.6 Aquatic Animal Passage (%) 

Key to the movement of aquatic animals is the flow of water from the basin and 
the geomorphology of the water course or overflow. In the case of many dams, 
the only possible route of movement to upstream areas for fish and other aquatic 
organisms would be up the spillway and outlet pipes. Typically, these are long 
concrete or masonry channels with significant drops in height and very thin lay-
ers of water making aquatic animal passage almost impossible (Larinier 2000). 
In the absence of a fish pass or fish ladder (Figure 4.1), these should be consid-
ered significant barriers to aquatic animal passage, typically receiving values 
between 0 and 10%. 

In the case of some smaller SFRB, steps may or may not have been taken to fa-
cilitate aquatic animal passage. Generally, those SFRB with an adequate flow of 
water, no significant drops in height, and an insignificant barrier such as a small 
dam would score between 10 and 40%. Most SFRB that have been designed with 
a small fish pass or bypass stream would score between 41 and 69%. 

Semi-natural water bodies and dams with a modern fish ladder are considered 
to allow for adequate aquatic animal movement from the impoundments to the 
wider environment, and typically these would receive values of >70%. Fish ladder 
design and passage has been a controversial issue for some time, and information 
on the effectiveness of fish ladders is a valuable aid in determining the value of 
this variable (Larinier 2000). 
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Figure 4.1 Typical Scottish 
fish ladder 

 

4.1.3.7 Land Animal Passage (%) 

The land animal passage variable is intended to provide information on how eas-
ily terrestrial animals such as deer, squirrels, and birds can navigate across a dam 
or around a water body. This variable requires consideration of the structure of the 
SFRB and the wider landscape context along with any natural or man-made barri-
ers such as the dam itself. The basin location, dam height and length, fencing, 
gates, bridges, paths, and thickness and type of fringing vegetation can be impor-
tant factors in this assessment. 

Sustainable flood retention basins located in the remote or upper reaches of 
catchments, where there is generally sparse population and infrastructure, typically 
represent areas where terrestrial animal passage is good and attract values between 
70 and 100%. It is possible for very large dams, often crossing steep valleys, to 
pose a significant barrier to animal movement due to the high dam structure and 
the large size of the impoundment it creates. Spillways often create a break in the 
dam wall, which can be difficult for animals to cross. Sustainable flood retention 
basins located in urban areas and near roads may pose a significant barrier to ter-
restrial animal movements (Shepherd et al. 2009); typically, these circumstances 
result in values between 0 and 20%. 

Disused water supply reservoirs are often used for fishing and other recrea-
tional activities. Moreover, they may even be designated nature reserves. Such 
dams often have bridges crossing the spillways and are managed to remain in 



158 4 Wetlands and Sustainable Drainage 

a natural state, and paths and fencing are put in place to limit human disturbance 
and increase site safety. Some large natural water bodies can be barriers to animal 
movement, and in these circumstances a value between 21 and 69% is typically 
awarded. 

4.1.3.8 Flood Plain Elevation (m) 

Flood plain elevation is defined as the maximum additional height that the water 
rises above the normal height of the basin to reach the flood plain (if present) and 
is determined during the site visit. It is usually possible to estimate the normal 
water level of an impoundment or lake by the distribution of debris and water 
marks around the edges. These can be hidden by high water levels, which can 
make the variable difficult to estimate. 

It should, however, be noted that the grass level is often a good indicator of 
maximum flood plain elevation as this plant cannot tolerate long periods of sub-
mergence. A clear line where the grass ends is often a good indicator of maximum 
flood water level. 

In the case of many dams, there is a spillway present. In all such cases the site 
has a 0-m flood plain elevation as the spillway ultimately sets the impoundment’s 
capacity. In some parts of Scotland, such structures have been seen with estimated 
water depths of between 0.1 and 0.3 m, and this observation suggests that a flood-
ing depth of <0.3 m is appropriate. Flood plain elevations for other types of SFRB 
are typically in a range of between 0.3 and 3 m based on experience with some 
water bodies in the west of Scotland. Some of these water bodies flood most win-
ters and achieve additional depths of at least 3 m. 

4.1.3.9 Basin Channel Connectivity (m) 

The basin channel connectivity considers how an SFRB is connected to its water 
inlets and outlets, and whether it provides a direct path for water flow during flood 
events. It is an estimate of how directly connected the SFRB is to its water supply 
and main drainage route, that is, whether the basin is online or offline. For an 
online structure, the entire inflow water stream fills and flows through the basin 
easily, while for an offline basin the flood water bypasses the impoundment via an 
additional channel. The distance between the bypass channel and the main stream 
bed flowing through the SFRB is called the basin channel connectivity. 

An online SFRB will have a water inlet and outlet that are virtually part of the 
river system; i.e., the river effectively flows straight through the SFRB or water 
body. Such SFRB and natural water bodies receive a score of 0 m. 

In the case of some purpose-built offline SFRB, they may only receive water 
when the river reaches significant flood volumes. These basins are typically built 
for long-return-period flood events and are located adjacent to the river. Such 
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basins are considered to be offline, and the distance of this offset is recorded be-
cause offset basins typically have a lower negative ecological impact on a river 
than those that are built online (Colin et al. 2000; Collins and Walling 2007). 

4.1.3.10 Wetness (%) 

The variable wetness has been added to aid in distinguishing between permanently 
flooded SFRB, such as drinking water supply reservoirs and industrial impound-
ments, and purpose-built SFRB, which are largely dry and are only flooded occa-
sionally in response to major storm events, when they fulfill their flood control 
function. 

Many current and former drinking water supply reservoirs (operated by Scot-
tish Water) effectively run at their maximum design capacity, discharging down 
their spillways. Such SFRB typically receive a value of >90% depending on how 
much of the basin they occupy. Deep natural water bodies typically receive similar 
values. 

Some shallow SFRB are silting up due to a range of factors including natural 
landscape processes such as siltation aggravated by eutrophication (McLemore 
1988). In some Scottish locations such as the wider central Scotland area, this 
process is accelerated by the removal of arable farming restrictions in the catch-
ment once a drinking water supply reservoir is no longer used for its design pur-
pose. These basins are typically shallow and boggy with extensive fringes of dense 
reeds and other macrophytes, and they may therefore have very little open water. 
Such sites typically receive a value of between 10 and 74%, depending on the 
proportion of open water present. 

Purpose-built SFRB designed for long-term flood events may only be partly 
flooded once or twice per decade. Such sites are typically dry basins with high 
levels of vegetation, and some may be used predominantly for other purposes 
such as recreation or farming. These dry basins typically receive a value of be-
tween 0 and 9%. 

4.1.3.11 Proportion of Flow Within the Channel (%) 

This variable describes the proportion of river water that will flow directly through 
an SFRB and is linked to the variable basin channel connectivity. If an offline 
SFRB is present, the mean proportion of flow through the additional channel 
needs to be considered during the estimation. An offline SFRB receives a value of 
<100%, while an online SFRB always receives a value of 100%. 

In the case of disused impoundments, these are often found at full capacity with 
water leaving via the dam spillway; the majority of the flow will be within the 
spillway channel and typically a score of 100% is awarded. Natural water bodies 
and wetlands typically have a single main channel or river draining them, and 
these also receive a score of 100%. 
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4.1.3.12 Mean Flooding Depth (m) 

The mean flooding depth is a combined parameter that is determined by adding the 
mean additional depth due to an average flood to the mean depth of the basin. 
Many small impoundments, natural water bodies, and SFRB are very shallow 
basins typically with an average depth of <1 m. Such SFRB have relatively low 
flooding depths and are often well vegetated with dense stands of macrophytes 
such as reeds (Bayley and Guimond 2008). 

Large basins such as some drinking water reservoirs, purpose-built SFRB, and 
some large industrial impoundments are designed to supply water at quantities of 
100,000 m3/d. Typically, the impoundments’ overall capacity is many times this 
volume, and such SFRB and reservoirs can have depths of >20 m, typically re-
flected in a very high dam. For such basins and for some natural water bodies, 
flooding depths can be >3 m due to steep sides and constrained outlets. 

4.1.3.13 Typical Wetness Duration (d/a) 

Wetness duration is an estimate of the mean number of days during which the 
basin is wet within a given year. This variable has been added to distinguish be-
tween permanently flooded types of SFRB, such as some drinking water reservoirs 
and industrial impoundments, and purpose-built SFRB, which may only be 
flooded very occasionally and are therefore largely dry systems. 

Natural water bodies, drinking water supply reservoirs, and other forms of 
large-scale impoundments are often permanently wet, typically receiving a value 
of close to 365 d/a. It is recognized that dams are periodically drained for mainte-
nance and inspection. However, this does not detract from the predominantly per-
manently wet nature of these structures. 

Many SFRB designed for long flood return events may receive a value of as low 
as 1 d/a (or even less). Typically, such impoundments are designed to deal with 
long return period flooding events such as 20, 50, or even 100 years (Mohssen 
2008). 

4.1.3.14 Flood Duration (d/a) 

Flood duration is different from typical wetness duration, as it only considers the 
mean number of days in a given year that the SFRB is actually flooded rather than 
being wet. Typically, this variable is estimated from information based on rainfall 
patterns and the variable seasonal influence to arrive at a probable number. If 
information is available on water levels for an SFRB, this can be used to accu-
rately determine the number of days of flooding. 

In areas of high annual rainfall (≥2 m/a) and with even a moderate seasonal in-
fluence, there can be relatively frequent flooding events, and sites may be flooded 
as much as 20 to 30 d/a (e.g., west coast of Scotland). In areas of low rainfall 
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(≤0.4 m/a) with a low seasonal influence such as Mediterranean climates, flooding 
is likely to have a very low frequency of ≤2 d/a. 

4.1.3.15 Basin Bed Gradient (%) 

The basin bed gradient is the mean slope of the basin from the main inlet to the 
main outlet points. Ordinance survey maps should be used to determine the eleva-
tion of the basin at each end, and the maps may also be used to determine other 
variables such as the length of the basin. 

4.1.3.16 Mean Basin Flood Velocity (cm/s) 

The mean basin flood velocity is defined as the average speed of the water travel-
ing through the entire basin from inlet to outlet during a flood. An ‘educated 
guess’ is usually used to estimate this value with the support of other variables 
such as the slope of the basin. Other means of investigation are too expensive and 
time consuming for a brief investigation. 

A high value for this variable is associated with purpose-built SFRB located in 
upland areas where heavy flooding occurs and where a large basin gradient is 
apparent. The value for such basins can be as high as 150 cm/s. In comparison, 
a typical value for basins in lowland areas is <15 cm/s. 

4.1.3.17 Wetted Perimeter (m) 

The wetted perimeter is the length of land and solid material that the water in the 
basin comes into contact with. Components that are included in the total length are 
the entire perimeter of the basin, any islands that are within the basin, and any 
vegetation (e.g., tree trunks and reed stems) that is protruding through the surface 
of the water. The use of ordinance survey maps can help to roughly determine the 
wetted perimeter of large, deep, and geometrically simple water bodies. 

A brief experiment can be undertaken to estimate the perimeter of reeds, e.g., 
three small square frames of 10 × 10 cm should be placed around a representative 
section of reeds to obtain a composite estimate (Sutherland 2006). The wetted 
perimeter for a very small basin such as a SUDS pond could be less than 100 m. In 
contrast, the wetted perimeter for a much larger basin including islands and vege-
tation could have a value of over 10,000 m. 

4.1.3.18 Maximum Flood Water Volume (m3) 

The maximum flood water volume is reached when a basin is flooded to its maxi-
mum capacity and can retain no more water without it spilling over into another 
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basin or catchment. The two main variables that someone should focus on when 
calculating the maximum flood water volume are the mean flooding depth of the 
basin and the flood water surface area. 

The numerical value for this variable depends predominantly on the size of the 
water body. If the surface area is small, then the volume will also be small in 
comparison to a water body that has a much larger surface area. For upland areas, 
the water depth of an SFRB is relatively more important than the surface area, 
while the opposite is true for lowland areas. 

4.1.3.19 Flood Water Surface Area (m2) 

This is the mean area of the water surface when the basin has been flooded. This 
information cannot be found on a map as the water surface on the map is often 
based on the maximum or mean depth. Therefore, an estimate of the flood water 
surface area has to be drawn onto a map, and the surface area should subsequently 
be calculated from this drawing. 

Depending on the surrounding landscape, some flood water surface areas can 
be much larger than the existing mean surface area. This is particularly the case 
for lowland areas. In contrast, for many upland locations within steep valleys, the 
flood surface area remains fairly similar to that of the actual surface area of the 
water. 

4.1.3.20 Mean Annual Rainfall (mm) 

The mean annual rainfall (Bronstert et al. 2007) is the long-term average of the 
depth of rain that falls within the catchment area within a given year. This infor-
mation cannot be gathered from a site visit alone. However, the value can be ob-
tained from a database (e.g., meteorological office) or local weather station. For 
the UK, the Flood Estimation Handbook CD-ROM contains exact rainfall data 
(CEH 1999). 

4.1.3.21 Drainage (cm/d) 

The drainage variable represents how efficiently water moves through the unsatu-
rated zone of the soil and away from the basin. It estimates the mean distance at 
which water can drain through the unsaturated zone of soil over the course of 
a typical day. 

Drainage can be estimated in a variety of ways with different accuracies. If the 
soil series around the basin can be identified, the drainage should be characterized 
from its known drainage properties. Groundwater vulnerability maps are widely 
available for EU countries, and these can be used to give a general indication of 
the drainage in an area. Areas where groundwater is considered vulnerable to 
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pollution typically have excellent drainage, and there are few retarding reactions 
in the overlying soil. Therefore, these areas can be considered to have good drain-
age. Equally, areas of low groundwater vulnerability are typically those with poor 
drainage properties or where a layer of clay or other impermeable material under-
lies the soil (Ramchunder et al. 2009). 

There are exceptions to these general conditions such as cases of extensive and 
deep organic soils, which protect groundwater from potential pollution or thin 
soils underpinned by hard igneous rocks. It is important to assess the soil while on 
site to confirm the initial desk study assessment. 

4.1.3.22 Impermeable Soil Proportion (%) 

Permeability is the ease with which a soil allows water to pass through it and is 
largely determined by the soil type surrounding a basin. Highly permeable strata 
such as sand and gravel easily allow water to pass through with little retardation. 
Such highly permeable strata typically contain <2% clay. In areas dominated by 
other soil types, there will be variable and significantly higher levels of clay, with 
the most impermeable soils being those with a high proportion of clay. Heavy clay 
soils generally have very poor drainage characteristics (Bah et al. 2009). 

Soil properties can be estimated in the field, and there are a range of guidelines 
to estimate soil types. An easy-to-use example is the Soil Texture Fact Sheet 
(Brown 2003). The clay content is used in conjunction with the amount of rock 
present in the soil to arrive at an estimate of the overall impermeable proportion of 
the soil surrounding an SFRB. 

Alternatively, soil series maps (Gerasimo 1969) can be used to determine the 
soil type and the proportions of sand, silt, and clay within that soil. These findings 
need to be compared to the soil in the field to determine the proportion of rock 
present. 

4.1.3.23 Seasonal Influence (%) 

The variable seasonal influence is a sum parameter that is easy to estimate, if 
general knowledge of regional weather conditions and the landscape topography 
is available. Climatic conditions have a pronounced effect on whether a basin is 
wet or dry, and the frequency of flooding. For example, in the UK, winter is 
wetter than summer. Most lowland areas around the Mediterranean can be con-
sidered to have little seasonal variation, and therefore SFRB located in these 
areas are considered to be subject to low seasonal influence (<20%). In contrast, 
in SFRB located in mountainous areas such as the Alps or in regions that are 
subject to wet climates such as the west coasts of Scotland and Norway, there 
may be a highly pronounced seasonal influence (>70%). Consequently, SFRB 
identified in these areas are considered to be subject to high seasonal variations 
(Dawson et al. 2008). 
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4.1.3.24 Altitude (m) 

This variable is a measure of the altitude (elevation) at which the site is located 
and is simply determined from a spot height on a map or by using GPS equipment. 
The site elevation for a reservoir with a dam is taken at the bottom of the side of 
the dam facing upstream. 

4.1.3.25 Vegetation Cover (%) 

This variable refers to the basin and not to the corresponding catchment. Dry 
SFRB can be completely vegetated and, if maintained, are typically grass covered 
and achieve a vegetation cover value of between 20 and 70%. Mature vegetation 
such as a full basin covered with trees is associated with a value close to 100%. 
In contrast, no vegetation or tarmac will result in values close to zero. It is worth 
noting whether the SFRB is maintained and vegetated with short grass, which 
will not impede water flow through the basin, or if the basin is fully covered with 
mature vegetation, which may reduce its capacity and slow down the movement 
of flood water. 

In the case of wet basins, the area of the basin occupied by emergent and float-
ing plants is estimated during the site visit. The SFRB are highly diverse and some 
may contain values as low as 1% in the case of steep sided maintained drinking 
water reservoirs to >90% for basins that are silting up naturally and that are fully 
covered by mature reed stands. 

4.1.3.26 Algal Cover in Summer (%) 

This variable provides an estimate of the degree of phytoplankton growth in a wet 
SFRB and is a surrogate for the degree of eutrophication in that SFRB. It is easiest 
to estimate accurately during a summer site visit. Dry SFRB used solely for flood 
control purposes may have no potential for phytoplankton growth. 

Water bodies that are rich in nutrients often undergo one or more extensive al-
gal blooms in summer. In countries with nutrient-poor waters such as most up-
land areas of Scotland and Norway, it is unproblematic to estimate the likely 
potential for pollution-related blooms. It can be more challenging for some low-
land areas in central Europe where waters are typically higher in nutrient content 
and support more extensive algal and surface macrophyte communities (Anderson 
et al. 2002). 

An alternative method is the use of a Secchi disk, which is a white plastic disk 
(15.3 cm in diameter) on a weighted line with an accurate depth scale. The disk is 
simply lowered into the water and the depth at which it is no longer seen is re-
corded. The more eutrophic the water bodies, the shallower the depth at which the 
Secchi disk disappears. However, this approach is of limited value for highly 
eutrophic waters. 
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4.1.3.27 Relative Total Pollution (%) 

Pollution is typically defined as the introduction by humans of substances or en-
ergy that can have a deleterious effect on the environment. In the context of this 
survey method, the variable relative total pollution is a measure of how impacted 
an SFRB is by predominantly diffuse agricultural and urban pollution, and it is 
largely a function of the breakdown of land types within a catchment and the way 
that the land is used. 

Diffuse agricultural pollution is a significant problem in many areas of Europe. 
The pollution arises as a consequence of the normal arable and livestock applica-
tion of fertilizers and agrochemicals as management tools (Stevens and Quinton 
2009). Some of these chemicals are transported by surface and groundwater 
movement and can be captured within SFRB, particularly those designed to trap 
sediment. The degree of runoff and impact depends on farming practices, chemi-
cal application rates, and tillage practices. Livestock farming can result in signifi-
cant inputs of nitrates and phosphates from the animals, and corresponding 
microbiological contamination can be a problem during storm events (Edwards 
and Withers 2008). 

Old mines and associated spoil heaps and processing areas can be significant 
sources of pollution of the water environment. There is a substantial history of 
mining for most minerals and metals throughout the world. It is therefore valuable 
to consider whether there may be any water contamination from this source, which 
may affect the pollution status of a SFRB (Shepherd et al. 2009). The presence of 
a mine near an SFRB could result in a pollution assessment from anything from 
2% for an old mine with no visible impacts to 100% for a site contaminated by 
acid mine drainage. 

Industrial processes can be a source of pollution within catchments. In Europe 
and North America such facilities are closely regulated and monitored so that they 
do not exceed strict consent conditions (IPCC 2007). These facilities would be 
included in the assessment, and a low value of between 3 and 5% pollution would 
be associated with such a site. Old, derelict industrial facilities can be associated 
with significant land contamination problems, and such sites should therefore be 
considered to have a high pollution potential (Loures and Panagopoulos 2007).  

Many SFRB including larger SUDS impoundments such as wetlands and reten-
tion basins can be found in urban areas. These SFRB typically have a tacit diffuse 
pollution control and mitigation function as they are designed to receive the first 
foul flush of contaminants associated with storm runoff. Typically, these contami-
nants such as polyaromatic hydrocarbons, mineral oil, and grease from road traffic 
are trapped in the basin, and once the basin is dry, these can be broken down by 
photolysis. Contaminants such as metals tend to build up in the sediments of these 
basins, and these can pose a problem for waste disposal in highly contaminated 
areas (Scholz 2006a). 

The overall level of pollution of a basin is assessed by taking all of the factors 
outlined above into account. The site visit is particularly valuable in this regard as it 
shows land use practices and often reveals the industries present within a catchment. 
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4.1.3.28 Mean Sediment Depth (cm) 

The mean sediment depth is the average depth of the sediment within an SFRB 
structure whether wet or dry. The sediment depth can simply be determined in dry 
basins by digging a shallow hole and subsequently assessing the sediment profile. 

In permanently flooded SFRB, the sediment is not accessible, and an estimate 
of the sediment depth is therefore derived. Freshwater sedimentation rates are 
highly variable and depend on a wide variety of factors. For example, research has 
revealed that sedimentation rates for oligotrophic waters are as low as 0.16 mm per 
year, though these can increase to a range of between 5.6 and 11 mm per year, 
when pollution by phosphate and nitrate occurs (Moss 1988). 

In the absence of published information, an estimate of the sediment depth can 
be made using expert judgment based on the sedimentation rates outlined above 
(depending on eutrophic status) multiplied by the number of years that the SFRB 
has been present. It should be noted that water supply reservoirs are generally 
located in areas where there are low maintenance costs associated with siltation 
and are managed to maintain the vegetation cover within a catchment. 

It is standard practice in limnological investigations to express sedimentation 
rates as grams of sediment per meter per year. If the bulk density of the sediment 
is known, it is a simple matter to convert this to the depth of sediment (Ramos-
Scharron and MacDonald 2005). The research team is currently actively working 
on the development of a better method for sediment depth estimation based on 
simple field measurement techniques. 

4.1.3.29 Organic Sediment Proportion (%) 

The proportion of organic matter within sediment is determined by complex inter-
actions in the water environment of a catchment. Organic material is provided by 
terrestrial plants and animals, combined with the production from aquatic algae, 
plants, and animals within a wet SFRB to establish the overall production of the 
water body. This organic input is then metabolized by bacteria and sediment-
dwelling invertebrates, which utilize a large proportion of the organic carbon as an 
energy source. The final organic proportion of the sediment is an interaction of 
these metabolic processes and the deposition of gravel, sand, silt, and clay from 
within the catchment (Kuhn and Diekmann 2003). 

In upland areas with high rainfall, there are usually relatively low proportions 
of organic matter present in the sediment. This type of upland catchment tends to 
host oligotrophic water bodies with limited primary and secondary production, and 
the majority of the organic matter within the basin is cycled through the biota 
(Mitchell 1991). These types of catchments tend therefore to have low proportions 
of organic matter present within the sediment and would typically receive organic 
sediment proportion values of between 1 and 3%. An exception to this general rule 
can be where dense conifer plantations have acidified the water in an upland 
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catchment. In these cases, refractory conifer leaf litter is a feature of all visible 
sediments (Heal 2001), and such sites should be considered to have a very high 
organic sediment proportion of >7%. 

In lowland areas and in areas where the waters are oligotrophic to mesotrophic, 
sediments are considered to have relatively high organic matter content due to the 
increased productivity of such waters, and these are typically assigned values of 
between 7 and 15%. Where waters are eutrophic and highly productive there is 
often significant deposition of organic matter at the bottom of a permanently wet 
SFRB (Chung et al. 2009). These sites are considered to have a relatively high 
organic matter content of between 16 and 30%. 

Hypereutrophic water bodies are those that are permanently polluted by sources 
of nutrients such as sewage discharges or from diffuse or point source pollution. 
These water bodies have a high primary production and regularly suffer from algal 
blooms. 

When dead algae sink to the bottom of a water body, they tend to cause anoxic 
conditions, reducing the breakdown rate of organic materials in the sediments. 
Concurrently pollutants such as nitrate, phosphate, and ammonia are released into 
the water body. In such situations it is possible to find organic matter at between 
30 and 60% of the sediment (Zhang et al. 2009). 

Values >60% of organic sediment should not routinely be assigned to SFRB 
unless there is clear and compelling evidence that this is the case. For example, 
an exception is where an SFRB is surrounded by peat bogs. Peat bogs are de-
cayed and water-logged sphagnum moss and other plant materials that have par-
tially decomposed. This type of soil contains virtually 100% organic material 
(Ukonmaanaho et al. 2006). 

The ideal solution to determine the organic carbon content of sediment is by 
direct measurement of a homogenized sample, typically achieved using an or-
ganic carbon analyzer, which heats the sample and converts the organic matter 
present to carbon dioxide that is then measured (Schumacher 2002). This meas-
urement could be used directly in the SFRB classification system. 

Due to the complexities of sediment dynamics and particular geochemical cir-
cumstances, the above boundary conditions may not be fully applicable to the 
survey area of interest. It is recommended that the survey team consider whether 
the boundaries proposed above are suitable for their survey area. Information on 
areas with sedimentation problems can be found in river basin management plans 
prepared by the European environmental agencies (EA 2009). 

4.1.3.30 Flotsam Cover (%) 

Flotsam is defined as debris and waste that is floating on the surface of a water 
body. It can include items such as debris from tress, rubbish thrown into the water 
by humans, or even abandoned boats or drowned cars. The principal objective of 
this variable is to determine if there is flotsam present that might restrict the flow 
of water out of an SFRB. 
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Levels of flotsam vary widely from upland catchments, where there may be vir-
tually no flotsam present, to urbanized SFRB that have been used as dumping 
grounds for cars, shopping carts, or other man-made debris. Ultimately, the value 
assigned for flotsam cover should reflect the proportion of cover of the outlet by 
flotsam. 

This variable is an indirect measure of flow restriction. Therefore, basins with 
outlets that have little flotsam cover receive low values (typically <5%), whereas 
basins that are full of flotsam such as some invasive plant species or a lot of hu-
man rubbish would receive high values if the outlet structure is mostly covered 
with flotsam. 

An important aspect to verify during a site visit is whether there are screens pre-
sent on overflows to retain fish, and whether these are clear of debris or obviously 
clogged. In cases where a fine mesh-type screen is in place to retain fish, these can 
become clogged with leaves or artificial items such as plastic bags. Clogged 
screens can raise water levels within a basin, taking it above its design capacity. 

4.1.3.31 Catchment Size (km2) 

The catchment size is the area of land from which water feeds into an SFRB. In-
formation on the catchments that feed individual dams can be found on national 
registers of these structures and if available should be used as a high-quality data 
source. In the absence of a national register of dams and reservoirs, the European 
environmental agencies have defined river basin districts and sub-catchments 
within the larger units (House 2009). These are a potentially valuable resource in 
the assessment procedure. 

If a geographical information system of the survey area is available, the system 
can be used to define the likely catchment area for the SFRB based on the topo-
graphy of the base map. The simplest method is to use commercially available 
digital map packages. Typically, these have the ability to translate the map into a 
three-dimensional terrain model. The area of a catchment can then be marked on 
the map by using the hills and streams to define a likely catchment area. 

However, this procedure can be somewhat more problematic for lowland areas 
where there is a predominantly flat topography. Paper maps can be used in the 
same way, and the area is then directly estimated from the map. Errors are usually 
relatively small. 

4.1.3.32 Urban Catchment Proportion (%) 

Water quality within any catchment is the result of a complex series of interactions 
between the water source, water properties, catchment geochemistry, and inputs 
from human activities. As this is a rapid screening method, a range of land types 
that are considered to have different polluting properties have been defined for the 
temperate survey areas. 



4.1 Rapid Assessment Methodology for the Survey of Water Bodies 169 

In some parts of the world, these land use categories are not appropriate and 
different land use types may need to be included. The most important feature of 
such substitutions is that the land type has a known runoff and pollution potential 
and is widely applicable within the survey area. 

The urbanized proportion of a catchment, for example, is simply the area occu-
pied by man-made structures such as roads, farms, and towns. The urban catch-
ment is likely to be an important source of diffuse pollutants to the water envi-
ronment and is found globally. 

In the case of SFRB, which have a very high urban catchment proportion 
(>90%), it may be appropriate to replace the natural land use categories below 
with different types of urban development. Such a division could include light or 
heavy industry, industrial estates, retail, and residential areas as appropriate. Fur-
ther research on defining different sub-categories is currently in progress. 

4.1.3.33 Arable Catchment Proportion (%) 

Arable land is defined as areas where crops are grown either for commercial agri-
cultural purposes or subsistence farming. The type of crop is likely to vary with 
climatic conditions and weather and can be used for any type of farming where 
rows of crops are interspersed with bare soil. In some parts of the world, a separate 
category for rice farming and aquaculture will be needed. 

A high proportion of arable area generally contributes greatly to the diffuse pol-
lution of water bodies, so the relative total pollution of the basin and the organic 
sediment proportion might be high. 

4.1.3.34 Pasture Catchment Proportion (%) 

Pasture is land where animals are taken to graze. In temperate climatic zones such 
as northern Europe, pasture land is typically managed and consists of relatively 
short and dense grass that looks like a monoculture. It is given a separate category 
as it can be a significant source of nutrient and microbiological contamination of 
the water environment. 

4.1.3.35 Viniculture Catchment Proportion (%) 

Viniculture is the practice of growing vines to produce grapes, which are later 
made into wine. Many vineyards are on steeply sloping land and have relatively 
bare soils. These conditions can result in significant runoff and soil erosion, if 
badly managed (Casali et al. 2009). 

In many areas of the world, viniculture is a common practice; however, this va-
riable is not relevant to cool temperate climates such as Scotland and Norway. The 
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viniculture catchment proportion may therefore be omitted from surveys where 
this land category is not relevant. 

4.1.3.36 Forest Catchment Proportion (%) 

This variable is simply the proportion of the catchment that is covered by pre-
dominantly managed forest, can easily be estimated or measured using maps, and 
should be ground-truthed during a site visit. In heavily forested catchments, it may 
be desirable to distinguish between natural woodlands and forestry plantations, 
particularly where forestry plantations can be a significant source of diffuse pollu-
tion and acidification (Nisbet et al. 2002). 

This variable may overlap with the natural catchment proportion. This is par-
ticularly the case for unmanaged and natural forests. 

4.1.3.37 Natural Catchment Proportion (%) 

This final category of land use is intended to cover the remaining proportion of the 
catchment and is considered to be the land where there is no or minimal human 
interference. It may therefore constitute potentially remote grassland, scrubland, 
moor, and similar types of land. 

Generally, basins located in upper lands or in deep valleys have high natural 
catchment proportions. In contrast, basins located in urban areas always have very 
little or no natural features. The natural catchment proportion variable can be as-
signed a value during the site visit when comparing its characteristics with those 
of the corresponding rather urban and forest catchment proportions, all of which 
can be obtained from maps. A high fraction of natural catchment also correlates 
positively with a low organic sediment proportion. 

4.1.3.38 Groundwater Infiltration (%) 

Groundwater is considered to be the water that lies beneath the saturated zone of the 
soil and is composed principally of surface waters and rainfall that has percolated 
through the soil and into the underlying rocks and typically intersects with water bo-
dies such as SFRB and natural lakes (UK Groundwater Forum 2009). This parame-
ter indicates the proportion of the water within an SFRB that comes from ground-
water, and it can be a significant source of water for some cases outlined below. 

In the case of purpose-built dry SFRB, there is virtually no groundwater infiltra-
tion. Moreover, former industrial impoundments and drinking water supply reser-
voirs are typically lined with an impermeable layer of clay and are therefore isolated 
from the surrounding groundwater. Both types of SFRB receive a value of <5%. 

Some wet SFRB and natural lakes may receive a fair proportion of their water 
from groundwater. Such basins are typically shallow and, due to the groundwater 
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flow, contain a small lake or pond within a larger basin. This is generally most 
apparent during the drier period of the year where springs can become visible. 
Such basins typically receive a value of between 5 and 10%, with 10% being con-
sidered a typical value for a natural lake or pond. 

Basins may be encountered in some regions where groundwater comprises be-
tween 10 and 40% of the flow of water from the SFRB, and these are considered 
to have a high dependence on groundwater. Very high values for groundwater 
infiltration to a basin would be between 41 and 50%. 

In special cases some SFRB may receive more than 50% of their water supply 
from groundwater. These systems usually have no stream as an inflow source. At 
the time of writing, the author is only aware of one such example where a Scottish 
SFRB is being kept permanently wet by receiving groundwater. This basin is lo-
cated in an area where there is significant hexavalent chromium contamination. 
Hexavalent chromium is a human carcinogen by inhalation, and therefore dust aris-
ing from a dry SFRB could pose a hazard to human health. Utilizing the groundwa-
ter to keep the basin wet is a novel approach that minimizes this risk. Approxi-
mately 80% of the corresponding SFRB water budget comes from groundwater, 
with the other 20% being supplied by road drainage and direct rainfall. 

4.1.3.39 Mean Depth of Basin 

The mean depth of the basin is simply the average depth of the impoundment. In 
the case of dry SFRB, the depth should be recorded as the possible mean depth to 
aid in computing the flood water capacity of the basin. 

In the case of permanently flooded SFRB, the corresponding depth has to be es-
timated. Excellent sources of information on water depths are fishermen, who 
regularly fish the SFRB. Anglers are a passionate and knowledgeable group, and if 
a fishing club has a lease on an SFRB, its members generally have extensive un-
derstanding of its history as well as physical characteristics, which can be invalu-
able to the surveying team. 

For very large SFRB, there may be accessible sources of survey information to 
provide the average depth of a water body. Where this information is available, it 
often contains information such as maximum depth. 

In the vast majority of wet SFRB, the mean depth of the basin will need to be 
estimated. An estimate can be derived based on the likely basin bed gradient and 
the maximum height of the dam, which is often close to the maximum depth of the 
impoundment, and by assessing the surrounding landscape. 

4.1.3.40 Length of Basin (m) 

The length of the basin is the distance from the two points of the basin perimeter 
that are furthest away from each other at normal environmental conditions (e.g., 
no flooding). In an ideal case, this is the distance between the inlet and the outlet. 
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4.1.3.41 Width of Basin (m) 

The width of the basin is the distance across the basin in normal environmental 
conditions and is ideally at right angles to the basin length. However, a mean 
value may be determined for unusual geometrical shapes. 

4.1.4 Bias and Purpose 

4.1.4.1 Overview 

This bias and purpose section is intended to establish the roles that the SFRB was 
first designed for as well as its current uses. It should be clear that not all SFRB 
are used for their original purpose; for example, in Scotland there are many former 
industrial impoundments and disused drinking water supply reservoirs. These 
structures are typically somewhat neglected, which then results in a high biodiver-
sity, making them attractive to the local communities who now use them as nature 
reserves or for other recreational activities such as walking, bird watching, and 
fishing. It is these evolutions and changes in function with time that are captured 
by this section of the survey method. 

4.1.4.2 Dominant Hydraulic Purpose 

A SFRB with a dominant hydraulic purpose is typically either wet or dry. Wet 
SFRB are purpose-built water storage reservoirs for drinking water or for the regu-
lar supply of water to industrial processes. Dry types of SFRB with a predomi-
nantly hydraulic function are those built for long return period flood events, which 
may be part of an integrated system of flood defense reservoirs as is seen in Ba-
den, Germany (Scholz 2006a). 

4.1.4.3 Drinking Water Supply 

In the UK, there is an extensive network of current and former drinking water 
supply reservoirs, and these are a significant landscape feature in some areas. This 
reflects Scotland’s reliance on surface waters to supply drinking water. In many 
other parts of the world, groundwater is a significant source of drinking water, and 
therefore surface water reservoirs may be relatively rare. In Germany, for exam-
ple, approx. 80% of drinking water is supplied by groundwater, while 70% of UK 
drinking water supplies come from surface waters (EU 2007). 
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4.1.4.4 Production Industry 

Many industries, from iron and steel production to chemicals to foodstuff manu-
facturing, require high volumes of water to maintain industrial production. His-
torically, many plants built their own water supply reservoirs, and in some cases 
these impoundments still exist many years after the industry they served has gone. 
It can be difficult to accurately identify such sites without reference to historic 
maps. 

In the UK, the Ordnance Survey has made all their old maps available digitally, 
and these are a valuable source of information and freely available to researchers 
(via) the UK National Academic Data Centre (EDINA 2009). Industrial impound-
ments can be found by comparing the series of historic maps for an area of inter-
est. If similar high-quality map data are available for other countries, they should 
be used as a definitive source of information. Regardless of how the information is 
obtained, any impoundments built for industrial use would receive a high percent-
age for this category (Scholz and Sadowski 2009). 

4.1.4.5 Sustainable Drainage 

An SFRB may be a large SUDS, where the purpose is to uphold BMP in terms of 
infiltration, water quality improvement, and sustainable resource management 
(CIRIA 2004), which is the fundamental basis of current thinking on sustainabil-
ity and seen as the BMP. New SFRB are designed to be sustainable (CIRIA 
2004). However, this may not have been a consideration with historic SFRB, 
which were built before the modern practice of sustainability evolved. It is, how-
ever, important to recognize that these older structures may now contribute to 
sustainable drainage either through hosting a wetland system or by providing 
retention capacity or, if silting up, by retaining sediments, which can be regarded 
as sustainable drainage, and a low value of between 0 and 20% can be assigned 
for older structures. 

4.1.4.6 Environmental Protection 

Some water bodies including SFRB may have environmental benefits and are even 
protected, because they are part of nature reserves or have received the designation 
Site of Specific Scientific Interest. These SFRB are mainly for the protection of 
animals, vegetation, and ecology. Normally, they will have signs indicating that 
there are protected species in the area or have warning signs indicating so. 

In such cases the score assigned to environmental protection can be as high as 
50%, with the other 50% of the bias and purpose assigned to drinking water sup-
ply (Section 4.1.4.3) as was the original design purpose of the SFRB. 
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4.1.4.7 Recreational Benefits 

The main purpose of some water bodies may be to benefit the general public by 
providing recreational enjoyment including sports, walking, fishing, and bird 
watching. These SFRB can be easily identified as they are often managed; e.g., 
fishing areas are provided with huts, which provide fishing supplies and check 
permits of anglers. 

4.1.4.8 Landscape Aesthetics 

Most natural water bodies and some SFRB, often located in parks, contribute 
significantly to the aesthetic value of a landscape. These watercourses are looked 
after by a local authority to maintain an aesthetically pleasing view for walkers 
and other user groups. 

4.1.5 Presentation of Findings Using Geostatistics 

The above variables characterizing impoundments can be used to produce maps 
for flood risk management purposes. This section briefly discusses some example 
maps for the wider central Scotland area. Two geostatistical techniques have been 
used for the display of the variables. Ordinary kriging provides the best linear 
unbiased estimations with minimum error variance and is the most commonly 
used type of kriging. In comparison, disjunctive kriging is a non-linear generaliza-
tion of kriging. This estimation technique allows for the conditional probability 
that the value of a spatially variable SFRB characterization parameter is greater 
than a cutoff level to be calculated. A detailed discussion on spatial statistics is, 
however, not within the scope of this book. 

Figure 4.2 Map showing 
the application of ordi-
nary kriging for the  
variable engineered (%)
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Figures 4.2 to 4.4 show map examples applying ordinary kriging for the vari-
ables engineered, mean flooding depth, and maximum flood water volume, respec-
tively. High numerical values for the variable engineered generally indicate the 
likely necessity of high civil engineering investment to be made when planning for 
the construction of a new SFRB (Figure 4.2). The most engineered SFRB struc-
tures are likely to be found in the southwest of the study area, which coincides 
with the highest density of reservoirs and lakes used for water supply purposes. In 
contrast, low investment for flood infrastructure is required for the study area in 
the North. This variable is particularly useful when a decision has to be made on 
where an old flood infrastructure should be upgraded or a new SFRB should be 
constructed. 

The spatial distribution for the variable mean flooding depth is shown in Fig-
ure 4.3. The mean flooding depth is relatively high in the less populated upland 
areas of the Northwest and South of the study area as well as within the Pentland 

Figure 4.3 Map showing 
the application of ordi-
nary kriging for the vari-
able mean flooding depth 
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Figure 4.4 Map showing 
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Hills area southwest of the capital, Edinburgh. Low values for mean flooding 
depth are rare and patchy. 

Figure 4.4 shows the most likely values for the variable managed maximum 
flood water volume. This volume-based variable mirrors the depth-based variable, 
indicating that higher depths correlate with higher volumes, which is particularly 
the case for upland areas, far away from major urban settlements. 

Map examples showing the application of disjunctive kriging for the variables 
engineered, mean flooding depth, and maximum flood water volume are summa-
rized in Figures 4.5 to 4.7, respectively. Areas of low and high probabilities for the 
variable engineered are relatively small and patchy (Figure 4.5). This probability 
map can be used in conjunction with Figure 4.2 and all maps indicating flooding 
depth and flood water volume to determine the areas of greatest investment poten-
tial, if flooding is likely to be a problem. 

Figure 4.5 Map example 
showing the application 
of disjunctive kriging for 
the variable engineered 
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Figure 4.6 Map example 
showing the application 
of disjunctive kriging for 
the variable mean flooding
depth (meters, exceed-
ing 3 m)  
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Figure 4.7 Map example 
showing the application 
of ordinary kriging for the
variable maximum flood 
water volume (m3, ex-
ceeding 35 × 10–4 m3) 
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The map showing probabilities of exceeding 3 m flooding depth associated with 
the variables mean flooding depth should be used to estimate the likely return on 
flood infrastructure investment throughout the study area (Figure 4.6). The higher 
the probability, the more likely it is that an existing or planned SFRB will make 
a positive impact on flood control. The greatest potential for active flood control is 
in areas southwest of the capital such as the Pentland Hills. Figure 4.7 shows that 
the areas with the highest flood storage capacity are located in upland catchments 
far away from populated lowland areas.  

4.2 Classification of Sustainable Flood Retention Basin Types 

4.2.1 Introduction and Objectives 

There are a wide range of traditional engineering solutions that can be applied to 
provide flood defenses in urban and rural areas. These traditional approaches util-
ize predominantly hard engineering solutions such as barriers and dykes to protect 
the public from the economic and social costs of flooding (Kendrick 1988). These 
traditional approaches are now supplemented by the availability of sustainable 
drainage systems, which generally operate by absorbing water and slowing down 
the rate of runoff from urban areas (Scholz 2006a). An emerging challenge for 
new and existing systems is climate change and the potential increase in rainfall 
and severe rainfall events that are expected to intensify in the future. Moreover, 
flooding often results in significant pollutant inputs to the water environment. 

In light of this discussion, traditional flood retention basins have recently re-
ceived increased attention by politicians, planners, and developers on the local and 
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regional scale (Scholz 2007c). For example, the current design of German flood 
retention basins is based on outdated statistical rainfall events (ATV-DVWK 
2001), which are now being called into question because of the reality of climate 
change. 

Most natural and constructed retention basins keep runoff for subsequent re-
lease, thereby avoiding downstream flooding problems. Some basins such as wet-
lands do perform other tangible, albeit less ‘visible’, roles including diffuse pollu-
tion control and infiltration of treated runoff, promoting groundwater recharge. 
The diversity of retention basins is therefore high and further complicated by often 
multiple and competing functions that these structures fulfill. 

A classification system is therefore needed to allow clear communication be-
tween stakeholders such as politicians, planners, engineers, environmental scien-
tists, and public interest groups. The absence of a universal classification scheme 
for retention basins leads to confusion about the status of individual structures and 
their functions. This can lead to conflicts among stakeholders concerning the man-
agement of retention basins including wetlands. Therefore, Scholz and Sadowski 
(2009) proposed a conceptual classification model based on 141 SFRB located in 
the River Rhine Valley, Baden, Germany. Six SFRB types were defined based on 
the expert judgment of engineers, scientists, and environmentalists. 

The European Union has acknowledged that member states may face signifi-
cant challenges in complying with the flood directive and has therefore established 
programs such as the Strategic Alliance for Water Management Actions (2009) to 
develop guidance on adaptive measures such as SFRB to assist member states in 
developing flood risk management plans. This ongoing project will produce 
a database of adaptive structural and non-structural measures for the use of a wide 
range of stakeholders to aid them in the design of sustainable flood defense plans 
and to aid communication between the parties. It follows that a common classifi-
cation system for water bodies, applicable across similar climatic conditions, 
would aid communication, planning, and understanding. 

The aim of this section is to characterize sub-classes (i.e., types) of SFRB in 
Scotland with the help of a revised rapid conceptual classification model, origi-
nally proposed by Scholz and Sadowski (2009). The key objectives are as follows: 

• to aid stakeholder communication by avoiding misunderstandings with respect 
to planning and legal matters concerning the status of Scottish SFRB; 

• to determine and characterize all relevant, and particularly the key independent, 
classification variables using a principal component analysis (PCA) and a sen-
sitivity analysis applying the Wilcoxon test; 

• to develop a universal conceptual classification methodology with the support 
of a large and detailed example case study data set; and 

• to illustrate and discuss examples of the most dominant Scottish SFRB types 
that are also highly relevant for civil and environmental engineers and land-
scape planners. 
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4.2.2 Methodology 

4.2.2.1 Identification of Sites and Definitions 

One hundred and sixty-seven sites (Figure 4.8) were selected for classification 
using the 1:50,000 scale Ordnance Survey maps of central Scotland. In the context 
of this investigation, the sites of interest are those that may be able to play a role in 
either flood management or diffuse pollution control. Structures that may be able 
to play a role in flood control are considered to be those where the water level can 
be controlled either manually or automatically and are typically former or current 
engineered water supply reservoirs. Sites with the potential to contribute to diffuse 
pollution control are typically more natural and relatively small water bodies. 

The most important classification variables for various types of SFRB in Scot-
land were identified and subsequently grouped (see below). Variables were deter-

 

Figure 4.8 Study area, administrative boundaries, and the 167 identified sustainable flood reten-
tion basins in the wider central Scotland area 
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mined on the basis of literature reviews, various recent site visits in Germany, UK, 
Sweden, Ireland, and Denmark, and group discussions among British, German, 
Swedish, French, Irish, and American engineers, scientists, and landscape and 
urban planners. 

The case study site investigation is a two-stage process comprising a desk study 
and site visit. During the desk study, the catchment boundaries for the water body, 
wet perimeter, area of water body, length of dam, elevation, basin gradient, and 
composition of catchment (urban, arable, forestry, and natural grassland propor-
tion) are measured using digital maps. The site visit then ground-truths these find-
ings, and the water body inflows and outflows are documented. Details regarding 
variables concerning the presence of a potential dam, its outlet control operation, 
basin catchment proportions, vegetation cover, and drainage are documented dur-
ing a site visit and by collecting photographic evidence. 

Table 4.1 Definitions for the sustainable flood retention basin (SFRB) types 

Type Name Definition of SFRB types Typical examples 

1 Hydraulic flood 
retention basin 
(HFRB) 

Managed traditional SFRB that is 
hydraulically optimized (or even 
automated) and captures sediment 
in a controlled manner 

Drinking water reservoir 
(in operation); highly engi-
neered and large flood 
retention basin (Figure 4.9) 

2 Traditional flood 
retention basin 
(TFRB) 

Aesthetically pleasing retention 
basin used for flood protection, 
potentially adhering to sustainable 
drainage practices and operated 
according to BMP 

Former drinking water res-
ervoir; traditional flood re-
tention basin (Figure 4.10) 

3 Sustainable flood 
retention wetland 
(SFRW) 

Aesthetically pleasing retention and 
treatment wetland used for passive 
flood protection adhering to sus-
tainable drainage and BMP 

Sustainable drainage sys-
tems or BMP such as some 
retention basins, detention 
basins, large ponds, or 
wetlands (Figure 4.11) 

4 Aesthetic flood 
treatment wet-
land (AFTW) 

Treatment wetland for the retention 
and treatment of contaminated 
runoff that is aesthetically pleasing 
and integrated into the landscape 
and has some minor social and 
recreational benefits 

Some modern constructed 
treatment wetlands; ICW 
(Figure 4.12) 

5 Integrated flood 
retention wetland 
(IFRW) 

Flood retention wetland for passive 
treatment of runoff, flood retention, 
and enhancement of recreational 
benefits 

Some artificial water bodies 
within parks or near mo-
torways that have a clear 
multipurpose function such 
as water sport and fishing 
(Figure 4.13) 

6 Natural flood 
retention wetland 
(NFRW) 

Passive natural flood retention 
wetland that may have become a 
Site of Specific Scientific Interest, 
potentially requiring protection 
from adverse human impacts 

Natural or semi-natural 
lakes and large ponds, 
potentially with restricted 
access  
(Figure 4.14) 
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The user should be able to estimate most variables during a desk study, which 
should take approx. 20 min, and during a site visit of typically 40 min. A certainty 
percentage point (i.e., low = 1 to 40%; medium = 40 to 60%; high = 60 to 100%) 
was attributed to each variable during the desk and field studies to reflect the like-
lihood of selecting a correct value. Certainty estimations depend very much on the 
expertise and bias of the user. 

The authors’ own revised definitions and characteristics for six sub-classes of 
SFRB as a function of their predominant purpose based on expert judgment, feed-
back from collaborators including landscape planners, data collected during desk 
studies, and field visits are listed in Table 4.1. Furthermore, the characteristics of 

 

Figure 4.9 Hydraulic flood retention basin (sustainable flood retention basin type 1) 

 

Figure 4.10 Traditional flood retention basin (sustainable flood retention basin type 2) 
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each SFRB type are also based on the interpretation of findings obtained from the 
statistical evaluation (see below). The six sub-classes are hydraulic flood retention 
basin (type 1), traditional flood retention basin (type 2), sustainable flood retention 
wetland (type 3), aesthetic flood retention wetland (type 4), integrated flood reten-
tion wetland (type 5), and natural flood retention wetland (type 6). The revised 
definitions of SFRB subclasses are independent of all statistical analyses and were 
formulated based on expert judgment based on empirical observations. 

 

 

Figure 4.12 Aesthetic flood treatment wetland (sustainable flood retention basin type 4) 

 

Figure 4.11 Sustainable flood retention wetland (sustainable flood retention basin type 3) 
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Figure 4.13 Integrated flood retention wetland (sustainable flood retention basin type 5) 

 

Figure 4.14 Natural flood retention wetland (sustainable flood retention basin type 6) 

4.2.2.2 Identification of Classification Variables 

Data analyses were performed in Minitab (2003) unless stated otherwise. Most 
variables characterizing water bodies in Scotland were adopted from those ini-
tially proposed by Scholz and Sadowski (2009): 1. engineered (%); 2. dam height 
(m); 3. dam length (m); 4. outlet arrangement and operation (%); 5. aquatic ani-
mal passage (%); 6. land animal passage (%); 7. floodplain elevation (m); 
8. basin and channel connectivity (m); 9. wetness (%); 10. proportion of flow with-
in channel (%); 11. mean flooding depth (m); 12. typical wetness duration (d a–1); 
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13. estimated flood duration (a–1); 14. basin bed gradient (%); 15. mean basin 
flood Velocity (cm s–1); 16. wetted perimeter (m); 17. maximum flood water vol-
ume (m3); 18. flood water surface area (m2); 19. mean annual rainfall (mm); 
20. drainage (cm s–1); 21. impermeable soil proportion (%); 22. seasonal influ-
ence (%); 23. site elevation (m); 24. vegetation cover (%); 25. algal cover in 
summer (%); 26. relative total pollution (%); 27. mean sediment depth (cm); 
28. organic sediment proportion (%); 29. flotsam cover (%); 30. catchment size 
(km2); 31. urban catchment proportion (%); 32. arable catchment proportion 
(%); 33. pasture catchment proportion (%); 34. viniculture catchment proportion 
(%); 35. forest catchment proportion (%); 36. natural catchment proportion (%); 
37. groundwater infiltration (%); 38. mean depth of the basin (m); 39. length of 
basin (m); 40. width of basin (m). 

Variables such as engineered, floodplain elevation, basin and channel connec-
tivity, mean flooding depth, flood duration, and relative total pollution were re-
fined and clarified to fit within the Scottish context. It has been appreciated that 
there are differences in the build environment and landscape. For example, the 
variable mean flooding depth recognizes high slope values for the Scottish land-
scape and deep flooding depths of some rather natural lakes. 

The methodology has been updated by including the new variables mean depth 
of basin, length of basin, and width of basin in the classification template. The 
previous variable aquatic and land animal passage was divided into the following 
separate variables: aquatic animal passage and land animal passage. This ac-
counts for fundamentally different obstacles concerning the freedom of unre-
stricted movement for animals. 

Similarly, the old variable forest and natural catchment proportion was split 
into forest catchment proportion and natural catchment proportion. The former 
variable viniculture catchment proportion was not suitable for Scotland, so it was 
removed from the classification template. 

The variable wetness was further refined to make a strong distinction between 
permanently wet systems such as reservoirs and lakes (Scottish data set) and 
SFRB, which may be dry and become wet only occasionally (German data set). 
Typical wetness duration became more important because it distinguishes between 
permanently flooded features such as reservoirs and lakes and SFRB designed for 
occasional flood control. The variable flood frequency is very difficult to deter-
mine with a high degree of certainty. Moreover, this variable is obsolete if no 
flood frequency data are available. 

The variable wetted perimeter, also previously used by Scholz and Sadowski 
(2009), is highly important for the Scottish data set, which comprises predomi-
nantly wet basins in contrast to the dry basins dominating the German data set. 
A high wetted perimeter value is likely to indicate a higher diffuse pollution con-
trol potential. Vegetation cover has been further specified, considering that the 
vegetation within a predominantly dry basin is completely different to the aquatic 
vegetation within a wet basin. 

Furthermore, industrial production and drinking water reservoirs were identi-
fied as new purposes for Scottish basins. These are in addition to the purposes of 
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flood retention, sustainable drainage, environmental protection, recreation, and 
landscape enhancement identified for the German data set. 

4.2.2.3 Rationale for the Elimination of Less Relevant Variables 

The application of the PCA with the help of Matlab version 7.1 (Pratap 2002) 
helped to get a better overview of the underlying data structure. On the basis of the 
loading plot it is possible, where several variables are grouped closely together, to 
extract one single variable that may then replace the entire group. Besides the 
obvious time-saving advantages to this, the main point of the PCA is to remove 
redundant variables, hence reducing the risk of multicollinearity. 

The cluster analysis and classification was performed twice, first using 39 vari-
ables and then using only 18 variables. Groups of variables formed by containing 
similar principal components were highlighted by circles around their correspond-
ing labels. The final classification system was intended to be based on variables 
that are accurate and easy to obtain and that are associated with a high confidence 
value assigned to them during their determination. 

Dominant variables were retained and used for a subsequent cluster analysis. 
The remaining variables within each group were discarded. This procedure has 
been followed because the use of too many variables may overcomplicate the 
decision-making tool, making the end product rather user-unfriendly. Furthermore, 
variables with similar principal components were effectively measuring the same 
fundamental variable. By keeping one variable representing a specific group, the 
other variables within this group naturally become redundant for the decision 
support tool. 

Another technique to assess the suitability of a characterization variable is to 
evaluate its repeatability. Therefore, three groups assessed the same set of vari-
ables for 17 randomly selected case study sites independently of each other. The 
Wilcoxon signed rank test, also known as the Wilcoxon matched pairs test, is a 
non-parametric test used to assess the median difference in paired data. The test 
avoids the distributional assumption, because it is based on the rank order of the 
differences rather than the actual value of the differences. Non-directional hypo-
theses that there would be a significant difference between paired data (the initial 
site visit and the revisits) were made. The statistical analysis was carried out in the 
statistical package for the social sciences software (SPSS 2009) based on a two-
tailed hypotheses. 

4.2.2.4 Assignment of Sustainable Flood Retention Basin Types 
with the Help of Cluster Analyses 

The statistical software package Matlab 7.1 (Pratap 2002) was used to perform 
cluster analyses on the standardized example data set. The clustering technique 
used was an agglomerative method (otherwise known as a bottom-up approach). 
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The results are displayed on a dendrogram, which allows an unambiguous appre-
ciation of the cluster properties of the data. 

The cluster analysis technique known as Ward’s linkage, which effectively 
forces the data into a predefined number of clusters, thereby eliminating outliers, 
was applied (Kaufman and Rousseauw 1990). In this case, the objective was to 
obtain as many clusters as there are SFRB sub-classes, of which there are six. 

After the Ward cluster analysis had grouped the 167 data point sites (one point 
corresponds to all 39 variable (excepting viniculture catchment proportion) values 
per site) into seven groups (six SFRB groups and one non-SFRB group), the gen-
eral statistics of each cluster were found. The objective was to determine which 
SFRB type corresponded best to which newfound cluster, and this was done on the 
basis of expert judgment, supported by the case study information obtained during 
the site investigation. The dominant basin purposes greatly influence the selection 
of the most likely SFRB type; e.g., a modern drinking water reservoir is likely to 
be a hydraulic flood retention basin (Table 4.1). 

4.2.3 Findings and Discussion 

4.2.3.1 Reduction Exercise for Classification Variables 

An attempt was made to reduce the total number of variables based on the results 
of the PCA and a sensitivity analysis. The loading plot allowed 7 definite inde-
pendent variables and 11 groups of dependent variables to be identified. For Scot-
land, wetted perimeter, maximum flood water volume, flood water surface area, 
engineered, catchment size, outlet arrangement and operation, dam height, land 
animal passage, impermeable soil proportion, and mean sediment depth were the 
most important independent SFRB characterization variables that greatly contrib-
uted to the variability expressed by the first and second components. The remain-
ing 21 variables were regarded as redundant. 

Dependencies were found for the following groups of variables: engineered, 
dam height, outlet arrangement and operation, and impermeable soil proportion; 
flood duration and urban catchment proportion; drainage, vegetation cover, and 
relative total pollution; mean flooding depth and mean depth of basin; site eleva-
tion and natural catchment proportion; mean basin flood velocity, mean annual 
rainfall, and seasonal influence; pasture catchment proportion, forest catchment 
proportion, and groundwater infiltration; algal cover in summer, flotsam cover, 
and arable catchment proportion; aquatic animal passage and floodplain eleva-
tion; wetness, proportion of flow within channel, typical wetness duration, and 
organic sediment proportion; wetted perimeter, maximum flood water volume, 
and length of basin. 

It follows that variables with the following identification numbers are depend-
able: 2, 31, 24, 37, 23, 19, 34, 29, 7, 9, and 38. The remaining variables are redun-
dant and could be omitted in the future. However, this observation is case specific. 
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4.2.3.2 Cluster Analyses 

The cluster analysis was performed on all 39 variables and was based on the 
reduced set of 18 variables. The analysis performed on the reduced set of vari-
ables (independent, and easy and reliable to determine) indicated 7 clusters con-
taining the 6 SFRB types and a group comprising non-SFRB sites (predominantly 
unmanaged natural lakes). Figure 4.15 shows the dendrogram for six SFRB based 
on 39 variables. 

Concerning Figure 4.15, the clusters from left to right correspond to type 5 
(group A; 16 sites), type 2 (group B; 57 sites), type 1 (group C; 4 sites), type 6 
(group D; 68 sites), type 4 (group E; 9 sites), and type 3 (group F; 5 sites). More-
over, 8 sites were identified as non-SFRB. With respect to the analysis based on 
the reduced set of variables, the clusters correspond to SFRB type 6 (group A; 
61 sites), type 3 (group B; 11 sites), type 5 (group C; 13 sites), type 4 (group D; 
12 sites), type 2 (group E; 52 sites), and type 1 (group F; 5 sites). In addition, 
13 sites were identified as non-SFRB. 

 

Figure 4.15 Dendrogram based on 39 variables for a data set of 167 retention basins (observa-
tions on x-axis) with Ward linkage and Euclidian distance used to identify the 6 sustainable flood 
retention basin types 

4.2.3.3 Groupings Based on Cluster Analysis 

Each cluster can be directly linked to an SFRB type, thus justifying their original 
choice, definition, and number. The distribution of cluster entries in the corre-
sponding SFRB types was both explainable and expected. The reason is that virtu-
ally all artificial retention basins are initially built purely for flood protection or 
drinking water supply purposes. As a result, this purpose, and hence this SFRB 
type, still predominates even decades after construction or the last significant flood. 

What has changed is that after years of having no major local floods, total dry-
ness (or total wetness), or neglect, the purposes of many sites have changed, and 
the types have ‘shifted’ from the original purely hydraulic function to something 
more sustainable, aesthetic, or natural. Some sites have become so overgrown that 
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they would no longer be able to handle the design flood and have instead become 
nature reserves, some even protected by law (usually type 6; Table 4.1). The con-
ceptual model provides clear definitions for the past and current (i.e., after aging) 
status of SFRB, thereby aiding communication among different stakeholders. 

4.2.3.4 Application of Classification Methodology to Scotland 

The number of classification variables was reduced with the help of a PCA. With 
respect to flood control, dam length, basin bed gradient, flood water surface area, 
catchment size, and width of basin were the most important independent SFRB 
characterization variables that greatly contributed to the variability expressed by 
the first and second component.  

A cluster analyses was performed with a reduced set of variables that had been 
identified as independent and easy and reliable to determine. Seven clusters con-
taining the six SFRB types and a group comprising non-SFRB sites (predomi-
nantly unmanaged natural lakes) were identified. The largest groups were natural 
flood retention wetlands (61 sites) and traditional flood retention basins (52 sites). 
The former includes passive natural flood retention wetlands characterized by 
a relatively high wetted perimeter and the latter comprises managed traditional 
reservoirs that are hydraulically optimized (partly automated). The relatively small 
groups represent SFRB that could also be classed as wetlands with strong flood 
and diffuse pollution control functions. Findings indicate that Scotland has a lower 
diversity of SFRB types than, for example, Baden (Germany), where six clear 
SFRB groups were identified. 

This finding may have two principal reasons. The first reason may be bias in 
the selection of water bodies for investigation. However, this was not the case 
during this study, which was undertaken by a large and diverse team of experts 
over 3 years. The second reason is that there is a lower diversity of SFRB types in 
Scotland due to a simple or underdeveloped flood infrastructure that lacks reten-
tion structures overall. 

The fieldwork program has identified a large number of water supply reservoirs 
that currently exceed requirements. In the vast majority of cases, these structures 
now fulfill multiple roles providing opportunities for recreation, nature conserva-
tion, and fishing, with many former drinking water or industrial water supplies 
being managed as fisheries. 

A feature of these sites, based on the majority of current drinking water supply 
reservoirs surveyed, is that they are maintained at their maximum volumes and the 
spillways are continuously in operation. In this mode of operation, this extensive 
infrastructure contributes very little to water retention in the upper reaches of 
catchments. 

It follows that a change in management practices of these structures could assist 
in sustainable flood risk management planning and result in more sustainable 
reservoirs. Effectively, this would require some water to be released from the 
reservoirs prior to expected heavy rainfalls. As the vast majority of former drink-
ing water reservoirs have manual level control, this would require someone to visit 
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the sites and open the valves to release the water, returning prior to the main rain-
fall event to close the valves. This simple operation would create capacity to en-
hance water storage in the upper reaches of the catchments and retard the peak 
flows from the upper catchment, which has the potential to reduce the chances of 
flooding downstream. Combining this approach with conventional solutions such 
as sustainable drainage systems, barriers, and dykes will help to reduce the size, 
cost, and land take of other flood defenses. It is critical to the success of such an 
approach that appropriate compensation be provided to the owners of the struc-
tures to reflect the value of this service and the mild inconvenience it may cause.  

As the most severe rainfall and storm events are usually predicted for the win-
ter months, the reservoirs could be used for flood control purposes outside the 
fishing season. A major concern of the fishery owners will be the retention of the 
fish within the reservoirs during periods of water release, and this may require the 
fitting of screens onto the valve-controlled outlets of a reservoir. At the same time, 
water supply organizations such as Scottish Water will need to be reassured that 
the change of management practice will not impact negatively on the water quality 
within the basin and any management action would need to ensure that all the 
SFRB purposes and uses were maintained. 

4.2.4 Conclusions 

The Scottish data set contained only two main SFRB types. Traditional flood re-
tention basins comprising predominantly former drinking water reservoirs are a 
visible component of the Scottish landscape. These structures could be used for 
low-cost flood control purposes, if their water level were actively controlled, 
which is currently not the case. 

Natural flood retention wetlands also dominate the case study area and could 
make a significant contribution to diffuse pollution control, if managed appropri-
ately. The most important independent and accurately determined SFRB variables 
that resemble wetland systems with a high diffuse pollution treatment function 
were wetted perimeter, flood water surface area, engineered, catchment size, 
outlet arrangement and operation, and mean sediment depth. 

4.3 Combined Wetland and Detention Systems 

4.3.1 Introduction 

4.3.1.1 Background 

Storm water runoff is usually collected in gully pots that can be viewed as simple 
physical, chemical, and biological reactors. They are particularly effective in re-
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taining suspended solids (SS) (Bulc and Slak 2003). Conventionally, gully pot 
liquor is extracted on virtually random occasions from road drains and transported 
(often over long distances) for disposal at sewage treatment works (Butler et al. 
1995; Memon and Butler 2002). 

Storm water management strategies generally involve controlling non-point 
source pollution by implementing BMP (Olding et al. 2004; Wu et al. 2006). 
Runoff pollution has been characterized, in magnitude and in concentration of 
pollutants, by intermittent and impulse-type discharges into receiving waters, 
causing shock-loading problems for the ecosystems of these water bodies (Wu and 
Ahlert 1978; Ellis 1991). 

Storm water detention systems treat runoff, for example, from parking lots and 
local roads and are frequently more environmentally sustainable in comparison to 
most traditional drainage technologies. This can reduce the costs of construction, 
transport, and treatment significantly. Moreover, other studies suggest that treated 
runoff can be used for irrigation purposes (Scholz 2006a). 

Belowground storm water detention systems are defined as sub-surface struc-
tures designed to accumulate surface runoff and from where water is released, as 
may be required to increase the lag period of the rainfall and runoff hydrograph. 
The structure may contain aggregates with a high void ratio or plastic crates (also 
with a high void ratio; typically 95%) wrapped in geotextile and also act as a water 
recycler or infiltration device (Butler and Parkinson 1997). 

Since 1980, belowground storm water detention systems have been installed 
that are specifically designed to reduce storm water flow. The surface water can be 
captured through infiltration or a distribution system comprising pipes or swales. 
The filtered storm water is detained below the ground within a detention tank 
(Butler and Parkinson 1997). 

Concerning detention systems used simultaneously as soakaways, the runoff is 
often treated by filtration prior to infiltration or discharge to the sewer or water-
course via a discharge control valve. The application of these systems reduces 
runoff in case of minor storms as well as encourages groundwater recharge and 
pollution reduction. These novel detention systems can frequently be found in new 
developments (Scholz 2006a). 

There is a need to modify common storm water detention systems based on be-
lowground plastic crates to meet more stringent water quality guidelines (Butler 
and Parkinson 1997; Scholz 2006a). Further research should therefore also focus 
on the implementation of sustainable filters within the current structures of deten-
tion systems. 

4.3.1.2 Microbial Contamination 

Fecal pollution within storm water runoff can cause significant health risks as 
a result of the presence of various infectious microorganisms such as E. coli 
(Brion and Lingireddy 2003; Ellis 1991; He and He 2008; Kay et al. 2005; 
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McCorquodale et al. 2004; Scholz 2006a). It is well understood that dog fouling 
(Figure 4.16) is the major source of fecal contamination in urban runoff. However, 
relevant risk studies on this subject have not been performed. The UK’s dog popu-
lation is reported to be between 6.5 and 7.4 million, producing nearly 1000 tons of 
feces per day. Additionally, daily fecal output per dog is estimated to range be-
tween 100 and 200 g (O’Keefe et al. 2005).  

Bacterial indicator organisms have been frequently used to assess the presence 
of fecal contamination and, consequently, pathogens in drinking and bathing wa-
ters (NRC 2004). Total coliforms (TC) and Enterococcus are the most commonly 
used indicators (Ellis 1991; NRC 2004) due to their relative ease of application 
and low determination costs (Brion and Lingireddy 2003; Kay et al. 2005). 

Modeling microbial water quality can be a useful approach for watershed man-
agers, environmental regulators, and others involved in the evaluation and protec-
tion of ecological habitats and public health. Artificial neural networks (ANN) can 
be used to derive relationships between gathered data to predict microbial popula-
tions and other water quality parameters (Brion and Lingireddy 2003; Lee and 
Scholz 2006a). 

The microbial population in storm water runoff is controlled by different vari-
ables including temperature, availability of SS, and nutrients. Studies show that 
enterococci preferentially attach to particles with diameters from 10 to 30 µm, 
while TC have a broader distribution (Jeng et al. 2005). 

Figure 4.16 Dog fouling 
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4.3.1.3 Modeling Approaches 

An ANN can simply be described as an artificial computational copy of a brain 
(Iyengar and Kashyap 1989; Mohanty et al. 2002; Lee and Scholz 2006). The 
networks (operate) by attempting to mimic the way in which human brains func-
tion (Zurada 1992). Mathematically, an ANN is a non-linear function comprising 
parameters that can be trained by an optimization procedure so that the ANN out-
put becomes similar to the measured output on a known data set (Scholz 2006a). 
This ability to replicate non-linear relationships makes ANN suitable for modeling 
environmental systems (Maier and Dandy 1998). Recently, ANN models have 
been used in many water resource applications such as water quality forecasting, 
the prediction of chemical dosages, and microbiological numbers in urban runoff 
and water treatment plants (Brion and Lingireddy 2003; He and He 2008; Maier 
and Dandy 2000; Neelakantan et al. 2001; Lee and Scholz 2006). 

Frequently, ANN modeling approaches have been applied in the area of water 
quality modeling, where they proved to be particularly successful in predictions 
based upon complex, interrelated, and often non-linear relationships among multi-
ple parameters (Sandhu and Finch 1996; Brion and Lingireddy 2003).  

An ANN addresses complexity through a vast number of highly interconnected 
processing elements (called nodes in this chapter), working in concert to solve spe-
cific problems including forecasting and pattern recognition. Each node is connected 
to other neighboring nodes with different coefficients or weights, which represent 
the relative influence of the varying node inputs to other nodes (Hamed et al. 2004).  

4.3.1.4 Aim and Objectives 

The aim of this study is to show how different storm water detention systems cope 
with a ‘worst-case pollution scenario’. The research objectives are to: 

• assess the general inflow and outflow water quality; 
• evaluate the water treatment efficiencies of different experimental storm water 

detention systems receiving concentrated runoff contaminated by dog feces; 
• develop multiple regression models for each system; 
• undertake ANOVA to compare inflows and outflows and the performances of 

all systems; and 
• predict TC and intestinal enterococci colony unit formation by developing an 

ANN for each system and each variable. 

4.3.2 Methodology 

4.3.2.1 Experimental System Set-up 

Five biologically (in terms of age) mature detention systems (Figure 4.17; plastic 
crates wrapped in geotextile, sponsored by Atlantis Water Management and Al-
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derborough, Sladen Mill Industrial Complex, Littleborough, UK), were located 
outdoors at The King’s Buildings campus (The University of Edinburgh, Scotland, 
UK) to assess the system’s performances under realistic natural conditions during 
a period of more than 1 year (1 April 2005 to 13 September 2006). However, the 
rig was in operation in batch flow mode since 31 March 2004. A practical applica-
tion of the crate-based detention system is shown in Figure 4.18. 

Two plastic crates (total height 1.7 m, length 0.68 m, width 0.41 m) on top of 
each other comprised one detention system. The tank volume below each filter was 
0.08 m3. The detention system filter volumes for all five systems were 0.24 m3. All 
systems were located above ground to allow for easy accessibility. Due to this 

 

Figure 4.17 Experimental set-up showing five different experimental detention systems 

 

Figure 4.18 Practical application of plastic crate-based detention system 
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arrangement, higher seasonal mean and more variable overall temperatures than 
usual were noted. However, this arrangement helped to assess a worst-case sce-
nario regarding potential microbial regrowth due to higher temperatures, particu-
larly during the summer. 

The bottom cell (almost 50% full at any given time) was used for water storage 
and passive treatment only. The top cell was used as a coarse filter. Different ar-
rangements of aggregates and planting were used within the filtration zones of 
each detention system. Different packing order arrangements of aggregates and 
plant roots were used in the systems to test for the effects of gravel, sand, sand 
mixed with bark, block paving, and turf on the water treatment performance. 

Systems 1 and 2 represented sand, and gravel-filled constructed wetlands planted 
with Phragmites australis (Cav.) Trin. ex Steud (Common Reed), and a detention 
basin, respectively. Systems 3, 4, and 5 were similar to slow sand and trickling filters. 

Inflow water, polluted by road runoff, was collected after mixing by manual 
abstraction with a 2-l beaker from randomly selected gully pots on the campus and 
nearby roads. This is a standard approach as discussed by Scholz (2006) and Lee 
and Scholz (2006). Temperature and dissolved oxygen were measured onsite, and 
the corresponding water samples were subsequently transferred into the campus-
based public health laboratory for further water quality analyses. 

All detention systems were watered as slow as possible within 3 to 5 min 
approx. twice per week with 5-l gully pot liquor artificially contaminated by dog 
feces (180 g) and drained by gravity afterwards to encourage air penetration 
through the filtration system (Gervin and Brix 2001). The amount of dog feces 
chosen was based on data obtained during an unpublished internal survey of dog 
fouling around The King’s Buildings campus. The quantity of gully pot liquor 
used per system was approx. 3.6 times the mean annual rainfall volume (data ob-
tained from The University of Edinburgh Weathercam Station in 2006) to simulate 
a ‘worst-case scenario’ for a hypothetical catchment similar to the wider campus 
area. The hydraulic residence times were in the order of 1 h. 

4.3.2.2 Data Set 

The sampling of data was done simultaneously for all systems. However, the 
number of samples is sometimes different between inflow and outflow for the 
same variable, because outliers and human error are identified at a later stage 
during data analysis. Consequently, values identified as flawed have been re-
moved with the help of the box plot method from the data set. It follows that cor-
rect data that directly correspond to all removed entries were also removed during 
further analysis and modeling to obtain an overall data set that only contains 
matching pairs. All tested variables were log10-transformed to achieve normality 
for subsequent statistical tests, if required. 

4.3.2.3 Modeling 

There are difficulties involved with applying ANN models for microbial water 
quality predictions, mostly as a result of complexities in environmental distribu-
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tion and because of the mobility and fate of microbes. Microbial contaminants are 
known to be non-conservative and unevenly distributed, and their numbers and 
growth rates may change in the environment depending on the conditions they 
live in. The interrelationship and interactions between microbial colonies in storm 
water cause various modeling challenges that have been overcome for particular 
case studies by applications of ANN to multiparameter data sets (Brion and 
Lingireddy 2003; He and He 2008). 

Each neuron in an ANN has a scalar bias b, the bias is similar to a weight ex-
cept that it has a constant input of 1. The transfer function net input n in the ANN 
is also a scalar and is equal to the sum of the weighted input wp and the bias b. 
This sum is the argument of the transfer function f. A transfer function can be 
a step function or a sigmoid function that takes the argument n and produces the 
output a. Both w and b are adjustable scalar parameters of the neuron. The main 
concern in ANN is the adjustability of such parameters so that the network would 
be able to reveal the most desired and interesting behavioral patterns.  

ANN vary in type. A basic neural network contains one input, one hidden, and 
one output layer. These layers are all connected without any feedback connections. 
The weighted sum of the inputs are transferred to the hidden nodes, where it is 
transformed using an output function (also called transfer or activation function). 
In return, the outputs of the hidden nodes perform as inputs to the output node 
where another transformation happens. Network outputs often have associated 
processing functions; these functions are used to transform user-provided target 
vectors for network use. Network outputs are then reverse-processed using the 
same function to produce output data with the same characteristics as the original 
user-provided targets. The processing function for the output of the hidden layer is 
the output function given in Equation 4.1: 
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where xi is the output from the hidden node, σi is the output function of the hidden 
node (usually the hyperbolic tangent tanh), bi is the bias input to hidden node i, n 
is the number of input nodes, wij is the weight connecting input node j to hidden 
node i, and uj is input node j (Sarle 2002). 

The processing function for the output of a network can be expressed in 
Equation 4.2: 
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where yi is the output from output node i, m is the number of hidden nodes, cij is 
the weight connecting the hidden node, and xj is the weighted sum of inputs into 
hidden node j to output node i. 

During network training, the connection weights and biases of the ANN are 
adapted through a continuous process of simulation. The primary training goal is 
to minimize an error function by searching for connection strengths and for biases 
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that make the ANN produce outputs that are equal or close to the targets. Equa-
tion 4.3 expresses the mean square error (MSE) of the output values: 
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where MSE is the mean square error, N is the number of data points, Yt is the ob-
served output value, and tY  is the output of a feedforward neural network. 

The minimization procedure consists in the optimization of a non-linear objec-
tive function. A number of optimization routines can be applied. For practical 
purposes, the Levenberg–Marquardt routine is often used as it finds better optima 
for various problems than the other optimization methods (Sarle 2002). 

4.3.2.4 Development of the Artificial Neural Network Model 

In this study, one of the most commonly used types of ANN was used: the feed-
forward network, where the information is transmitted in a forward direction only. 
According to Tomenko et al. (2007), feedforward ANN models were found to be 
one of the most efficient and robust tools in predicting constructed treatment wet-
land performance compared to traditional models. 

A multilayer, feedforward ANN usually contains one input, one output, and one 
hidden layer. Different numbers of hidden nodes and various output functions 
were tested during the model development. Although at present no specific stan-
dards exist for the selection of the number of hidden nodes, various guidelines 
have been proposed in the literature (Rogers and Dowla 1994; Maier and Dandy 
1998). Six model architectures were applied for each set of input parameters. The 
number of applied hidden nodes was 2 k, with k varying from 1 to 6. The optimum 
number of hidden nodes was 8 for the prediction of intestinal enterococci colony 
forming units and 64 for the prediction of TC colony forming units. The Leven-
berg–Marquardt optimization method was applied to all models. The Matlab neu-
ral network tool box (version 5.3) was used. The ANN model development meth-
odology is similar to one proposed earlier by Mas and Ahlfeld (2007). 

The counts of TC and intestinal enterococci per 100 ml in outflow samples col-
lected from 14 April 2005 to 15 September 2006 ranged between 300 and 7,100 
and between 300 and 2,010, respectively. The corresponding inflow counts were 
between 550 and 8,420 and between 360 and 2,130, respectively. 

A certain number of relevant inputs should exist to achieve a successful determi-
nation of the relationships among the input variables and the model output. When 
using equations for chemical, biological, or physical processes in a model, the 
specifications of the processes determine the required input parameters. The selec-
tion of inputs is not determined in ANN; therefore, inputs can be selected on the 
basis of intuitive or empirical understanding of the processes. However, advanced 
systematic analytical techniques such as PCA or sensitivity analysis can be used 
when selecting key input parameters (Maier and Dandy 1996; Zhang et al. 1998).  

When compared with multiple regression analyses, where a p value indicates 
the significance of a variable and its suitability for inclusion in a model, ANN 
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provide no standard statistical measure to determine the significance of an input 
variable. Consequently, the input variables (turbidity, pH, conductivity, and dis-
solved oxygen) selected in this study were chosen on this basis and because of the 
information gathered from previous literature (Zurada 1992; Sarle 2002; Scholz 
2006a). 

The data set comprised 60 observed data per parameter per system and was 
randomly divided into testing, validation, and training data sub-sets. The training 
set contained 65% of the entries for the entire data set (i.e., 39 observations), 
whereas the validation and testing sets consisted of 15% (9 observations) and 
20% (12 observations) of the entire data set, respectively. Figure 4.19 schemati-
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Figure 4.19 Key steps of the model development process 
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cally shows a series of steps conducted during the model development process 
(Hamed et al. 2004). 

4.3.3 Results and Discussion 

4.3.3.1 Inflow and Outflow Water Quality 

Particularly during warmer seasons, values for 5 d at 20°C BOD (nitrification in-
hibitor applied), SS, ortho-phosphate–phosphorus, and nitrate–nitrogen were above 
commonly accepted water quality standard thresholds (25, 35, 2, and 15 mg/l, re-
spectively) for secondary wastewater treatment (EEC 1991). This is partly due to 
the inflow water quality being representative of the ‘worst-case scenario’ and the 
lack of precipitation between 24 March and 13 September 2006, leading to more 
concentrated inflow water. 

Considerable improvements in the quality of the outflow have been observed, 
particularly when compared to the inflow values. Great improvements were noted 
predominantly during cold periods for variables such as SS, BOD, and turbidity, 
whereas most outflow values were considerably below water quality treatment 
standard thresholds (EEC 1991). 

Most European legislation sets a mandatory water quality standard requiring 
that TC and fecal Streptococci should not exceed, respectively, 10,000 CFU per 
100 ml and 2,000 CFU per 100 ml for 95% of the water samples (Scholz 2006a). 
Findings indicate that microbial pollutants very rarely exceed the guideline values 
even for worst-case simulations, and that they are removed successfully during 
treatment. The risk of microbial regrowth within detention tanks seems to be low 
(Kazemi Yazdi and Scholz 2010). 

4.3.3.2 Multiple Linear Regression Analyses 

The variables BOD and SS can be predicted by applying a multiple linear regres-
sion analysis covering 18 months of experimental data. Electrical conductivity, 
turbidity, pH, ortho-phosphate–phosphorus, nitrate–nitrogen, and ammonia–nitro-
gen were selected for the prediction because the determination of these variables is 
less costly and time consuming. Furthermore, stepwise regression was also under-
taken to help in the selection of the most appropriate variables for prediction.  

TCS and intestinal enterococci colony forming units did not exhibit a signifi-
cant correlation (p < 0.05) with any of the proposed predictors. It was therefore not 
possible to recommend a successful linear regression model for the microbiologi-
cal variables obtained in this experiment. 

The application of multiple linear regression analyses for the prediction of 
BOD was relatively successful when applied to samples from the inflow and to 
systems 1 and 2. This has been attributed to a high correlation between BOD and 
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most of the selected predictors. Moreover, as there has been no strong correlation 
between BOD and other key water quality variables for system 5, a multiple re-
gression analysis was not performed. 

Standard errors of the estimates for SS were higher than the corresponding ones 
for the BOD. The coefficients of determination (R2) are relatively high for all 
systems with the exception of system 5. However, multiple regression analysis is 
not successful in predicting SS, if a considerable number of outliers are part of the 
corresponding data set. 

4.3.3.3 Analyses of Variance 

A one-way ANOVA was conducted to test if the systems performed similarly 
concerning storm water treatment. The outcome of this analysis allows the design 
engineer to opt for a system that performs well and is cost-effective. For example, 
if there is no significant difference between the performances of two different 
systems for the most important key variables, the designer would be well advised 
to choose the less costly option. 

There were significant differences in treatment performances concerning BOD, 
ammonia–nitrogen, TC, SS, and intestinal enterococci. Furthermore, the ANOVA 
indicated that there were significant ( p < 0.05) differences between some of the 
water quality parameters in the inflow and outflow for each system. Significant 
differences with respect to system 1 were found for total dissolved solids, turbidity, 
electrical conductivity, dissolved oxygen, ortho-phosphate–phosphorus, nitrate–
nitrogen, intestinal enterococci counts, and TC counts. For system 2, there were 
significant differences for turbidity, ortho-phosphate–phosphorus, and nitrate–
nitrogen. Concerning system 3, the ANOVA showed significant differences for 
BOD, total dissolved solids, dissolved oxygen, ortho-phosphate–phosphorus, am-
monia–nitrogen, intestinal enterococci, and TC. The results from system 4 indicat-
ed significant differences for SS, electric conductivity, ortho-phosphate–phospho-
rus, nitrate–nitrogen, intestinal enterococci counts, and TC counts. Finally, an 
ANOVA for system 5 detected significant differences for turbidity, dissolved oxy-
gen, ortho-phosphate–phosphorus, nitrate–nitrogen, intestinal enterococci counts, 
and TC counts. 

The ANOVA showed significant differences between different experimental 
system performances in treating concentrated road runoff. Systems containing turf 
showed better BOD and SS removal performances in comparison to less complex 
systems without turf. However, the assessment was unclear with respect to micro-
biological indicator variables and the presence or absence of sand mixed with bark.  

4.3.3.4 Artificial Neural Network Modeling 

The prediction of potentially pathogenic microbiological indicator organisms is 
important because most of them can only be determined after days of analysis, 
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which makes the information less relevant for real-time system and public health 
control. The R2 values for predicting TC counts for the inflow and outflows of 
systems 1 to 5 were 0.89, 0.94, 0.91, 0.98, 0.59, and 0.95, respectively. The corre-
sponding R2 values for predicting intestinal enterococci counts were 0.80, 0.63, 
0.78, 0.73, 0.71, and 0.15, respectively. It follows that the models were able to 
successfully predict the TC and intestinal enterococci colony forming unit counts 
with an exception for the prediction of intestinal enterococci in system 5. Most 
researchers would consider R2 values above approx. 0.7 as high for biological data 
obtained from complex systems (Scholz 2006a; Kazemi Yazdi and Scholz 2010).  

The ANN successfully predicted TC and intestinal enterococci counts for the 
inflow water. The models were very successful in predicting TC counts for all 
systems except for system 4. Concerning intestinal enterococci counts, the models 
were relatively successful. 

When predicting TC counts with the ANN models for the inflow and for sys-
tems 1, 2, 3, and 5, one can undertake predictions confidently resulting in mean 
squared errors close to zero. In the case of intestinal enterococci counts, the inflow 
and systems 2, 3, and 4 had similar R2 values. 

The model could be applied outside the experimental set-up for similar prob-
lems. The main demand is that the boundary conditions should be comparable. 
Otherwise, the model would require retraining.  

4.3.4 Conclusions 

The results of this study show that the ANN models developed for the prediction 
of TC counts and intestinal enterococci counts perform relatively well. However, 
the relatively low R2 values reported for some systems, and more specifically for 
predicting intestinal entercocci counts in the densely planted system 5, indicate the 
difficulty in identifying the necessary explanatory variables to characterize a large 
percentage of the variability observed in the microbial data set. In cases where the 
water quality standards are observed for TC and intestinal enterococci counts, 
ANN provide a good modeling technique to predict a potential violation. 

Systems containing turf showed better BOD and SS removal performances in 
comparison to less complex systems without turf. Multiple regression analyses 
indicated a relatively successful prediction of the BOD, but unsuccessful predic-
tions of both TC and intestinal enterococci counts. However, ANN models pre-
dicted both TC and intestinal enterococci counts relatively well.  

The neural networks successfully predicted TC and intestinal enterococci 
counts for most systems. Predictions resulted in mean squared errors that were 
close to zero. 
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4.4 Integration of Trees into Drainage Planning 

4.4.1 Introduction 

4.4.1.1 Background 

Urban trees are traditionally an important design element for town planners. Trees 
and, to a lesser extent, large shrubs can be found at the following urban locations: 
market places, squares, private English squares (typical in the UK), private yards, 
near roads (e.g., Kurfürstendamm Allee in Berlin, Germany), rivers and canals 
(e.g., Grachten in The Netherlands and Germany), private and public gardens, 
parks (Figure 4.20), car parks (Figure 4.21), beer gardens, tree gardens (usually 
symmetric layout of trees), garden towns (e.g., Margarethenhöhe in Essen, Ger-
many), terraces (e.g., London terraces), playground, sport grounds (e.g., Olym-
piapark in Munich, Germany), Tanzlinde (Tilia tree around which people dance; 
typical in central Europe), historical fortification walls (e.g., Naarden in The Neth-
erlands), and graveyards. Color photographs for most of the above examples are 
shown in Mader and Neubert-Mader (2004). 

Urban trees and shrubs are known to have many advantages including those re-
lated to noise reduction, air purification, habitat enhancement, and a positive con-

Figure 4.20 Missed opportu-
nity: an urban tree in an Edin-
burgh park. Why not plant 
more trees and integrate them 
within a local sustainable 
drainage system?  
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tribution to human psychological well-being (Ellis et al. 2006; Everding and Jones 
2006; Kuchelmeister and Braatz 1993). Broadleaf deciduous trees are also good 
phytoremediators for polluted urban air because they have the advantages of 
higher biomass and faster growth in comparison with woody plants, for example 
(Takahashi et al. 2005). Furthermore, the presence of trees and large shrubs in 
neighborhoods near retail land use is also beneficial for community satisfaction 
(Ellis et al. 2006). Finally, trees can also improve water management in agricul-
ture by taking up water unused by crops (Oliver et al. 2005). 

Considerable work has already been done in some of these research areas, but 
remarkably little is known about the role of trees within the urban hydrological 
cycle. Although drainage engineers in countries such as the UK are now familiar 
with the use of sustainable urban drainage systems (SUDS) for storm water man-
agement (Stovin et al. 2005), it appears that little consideration has been given to 
the specific role that is (or could be) played by trees and large shrubs. 

Legislation in Scotland, for example, actively promotes the use of vegetated 
SUDS schemes for storm water management in new developments. A number of 
researchers have demonstrated that it is also feasible, and potentially cost-
effective, to introduce SUDS into established urbanized areas affected by insuffi-
cient storm water drainage and insufficient management (Stovin et al. 2005). This 
strategy could be defined as SUDS retrofitting (Scholz 2006b). 

However, research in the USA, particularly by American Forests (2005), sug-
gests that the land use by urban trees can be directly equated to storm water vol-
umes and, therefore, to the costs of providing engineered structures for storm 
water management. However, other studies in the UK (e.g., a case study in Shef-
field) showed that there is a considerable difference between the percentage of tree 
cover in the UK compared with some of the cover data cited in the literature pub-
lished by American Forests (Stovin et al. 2005). 

 

Figure 4.21 Example of an experimental belowground detention tank (below the foot path) 
receiving runoff partially treated with willows 
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This reflects the higher population densities associated with typical UK urban 
areas compared with those of cities in the USA (Stovin et al. 2005). However, it is 
important to highlight that the case study in Sheffield was only undertaken for areas 
with a low tree area cover (<15%) and a high housing density (Stovin et al. 2005). 

4.4.1.2 Traditional and Sustainable Urban Drainage 

Urban drainage in recent decades has focused primarily on reducing the risk of 
flooding in urban areas and on the associated public health and environmental 
pollution risks (Butler and Davis 2000). Therefore, urban drainage systems have 
been concerned mainly with the efficient removal of precipitation, the transport of 
wastewater to treatment works (‘end of pipe’ control), and subsequent discharge 
into receiving waters (e.g., rivers, lakes, and coastal waters). 

Combined sewer systems, as typically found in the UK, suffer occasionally from 
overloading and will subsequently discharge untreated wastewater during times of 
high rainfall. The environmental impact of storm discharges has been a concern in 
recent decades. The enhanced storage of storm water is a traditional solution to such 
problems, but the development of SUDS provides a new option (Struve et al. 2002). 
Most SUDS serve the main purposes of reducing total runoff and therefore its im-
pact on receiving waters, and of reducing peak runoff, which reduces overloading of 
the sewer system and, therefore, also the frequency of storm discharges. 

SUDS include specific types of permeable pavements with enhanced storage or 
infiltration properties, unpaved areas set aside as natural detention areas such as 
ponds, and constructed treatment wetlands. Therefore, the provision of storm wa-
ter storage through such schemes is also directly related to ecological and recrea-
tional aspects of integrated catchment management. 

It is to be hoped that trees and large shrubs could be integrated either into tradi-
tional or sustainable drainage decision making tools (Blanpain et al. 2004; Scholz 
2006a, b). This section should help to increase the confidence of civil engineering 
practitioners and hydrological modelers in such options by providing case study 
site and corresponding calculation examples. 

4.4.1.3 Aim and Objectives 

The aim of this study is to assess the possibility of integrating trees and large 
shrubs into water resource management plans for urban areas in Glasgow and 
Edinburgh. The key objectives are as follows: 

• to review the impact of trees on urban hydrology; 
• to assess tree integration into traditional and sustainable drainage; 
• to assess rainfall and land use characteristics of potential SUDS sites; 
• to apply the SUDS Decision Support Model for sites with high proportions of 

trees and large shrubs; 
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• to estimate precipitation interception rates for SUDS sites with ≥15% tree area 
cover; and 

• to estimate capital cost savings, if the presence of trees and large shrubs is 
taken into account in the design of a SUDS. 

4.4.2 Methodology 

Edinburgh and Glasgow were chosen as case study cities, because they are differ-
ent in their precipitation patterns (Met Office 2005) and include a large number of 
distinct residential and park areas with different characteristics that are in their 
totality typical of and, therefore, representative of most UK cities and urban de-
velopments in North America and northern Europe. Glasgow is known to have 
more precipitation compared with Edinburgh. The mean daily rainfall depths for 
sites in Glasgow and Edinburgh, and the corresponding tree interceptions, have 
been calculated (Met Office 2005; Xiao 1998). Potential SUDS construction sites 
were determined with a methodology (SUDS Decision Support Model) explained 
in detail elsewhere (Scholz 2006b). 

The first part of the study comprised the assessment of areas with similar char-
acteristics for 79 potential SUDS construction sites in Glasgow. However, only ten 
areas were associated with tree cover areas of ≥15%. The study focused subse-
quently on 103 potential SUDS construction sites in Edinburgh with different 
housing densities and tree cover area sizes. However, only 12 areas in Edinburgh 
were associated with ≥15% tree cover area (mostly parks). 

The tree cover area for each site was assessed with aerial photographs (Pauleit 
and Duhme 2000; Sekliziotis 1980). This was followed by a site survey in 2004 or 
2005 to confirm or amend the land use calculations. Trees and large shrubs with a 
canopy of >2 m were included. For the benefit of this section, large shrubs, which 
are similar in size and hydrological function to small trees, were also included in 
the tree survey. 

To assess if the integration of trees and large shrubs into a SUDS would make 
a difference in reducing urban runoff, the tree cover area was related to a reduc-
tion in pond size. It was assumed that the pond was the size of a square (some-
times a rectangle) and had a mean depth of 2 m and a mean embankment slope 
ratio (depth to width) of 1 to 3. The minimum and maximum depths were 1 and 
3 m, respectively. The slope ratio was never flatter than 1 to 4 and never steeper 
than 1 to 2. Interception estimations are usually based on either a 20 or 25 mm d–1 
rainfall rate depending on the specific site assessed. Moreover, national guidelines 
in pond design considering the latest research findings were followed if they were 
suitable for the purpose of the specific site (CIRIA 2005; Scholz et al. 2005; 
Zheng et al. 2006). 
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4.4.3 Results and Discussion 

4.4.3.1 Lack of Tree Integration into Urban Drainage Systems 

SUDS consist of one or more techniques (‘treatment train’) to manage surface 
runoff. They are used in conjunction with BMP to prevent flooding of important 
infrastructure assets and pollution of urban watercourses. There are five general 
groups of relevant control techniques: 

• filter strips; 
• belowground detention structures (combined with a vegetated filter, for exam-

ple, above the detention cells); 
• permeable pavement; 
• infiltration structures; and 
• ponds and constructed wetlands. 

The SUDS controls should be located as close as possible to the source of pre-
cipitation runoff (‘source control’) to provide sufficient attenuation. They also 
provide treatment for surface water using the natural processes of sedimentation, 
filtration, adsorption, and biological degradation (CIRIA 2005). Most SUDS can 
be designed to function in urban settings, from hard-surfaced areas to soft-
landscaped features. The variety of available design options allows planners and 
designers to consider local land use, future land management plans, and the wishes 
of the local population. However, with the exception of some bioretention sys-
tems, trees, in contrast to grasses and aquatic plants (predominantly macrophytes), 
do not feature in the current SUDS philosophy (Butler and Davis 2000; CIRIA 
2005; Scholz 2006b). 

Trees can serve an important role in storm water mitigation, attenuation, treat-
ment, and infiltration. In terms of the actual mechanical processes, the initial role 
of trees is to delay the amount of water that reaches the ground below, with rain 
collected on trees and leaves before continuing its journey downwards. Some of 
the rainfall will eventually evaporate and some will infiltrate via an infiltration 
trench, for example, into the ground. 

4.4.3.2 Rainfall and Land Use Characteristics 

There is often a common general misconception that the whole of Scotland ex-
periences very high rainfall. In fact, rainfall in Scotland varies widely, with a dis-
tribution closely related to the topography, ranging from >3000 mm/a in the west-
ern highlands and Glasgow to <800 mm/a on the east coast and in Edinburgh. 
Moreover, rainfall in cold climates also includes large proportions of snow, which 
subsequently melts, and is frequently expressed as rainfall as well (Met Office 
2005). 
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The temperature profiles are different in both cities throughout the year. For 
example, the winters in Edinburgh are colder and drier than in Glasgow (Met 
Office 2005). This results in considerably more high-peak runoff in Glasgow vs. 
Edinburgh. 

Glasgow is characterized by >70 parks and relatively more green space per in-
habitant than any other large city in Europe (Glasgow Council 2005). It follows 
that there is theoretically sufficient space for SUDS and the local integration of 
trees into the urban water management plan. Nevertheless, Edinburgh is also 
known for having plenty and somewhat famous green spaces and parks, which are 
usually located close to the city center (e.g., Holyrood Park with Arthur’s Seat and 
The Meadows). 

However, sites with high tree cover areas are usually clustered in urban areas. 
For example, 50% of the sites with ≥15% tree cover area in Glasgow and Edin-
burgh have the same first part of the UK postcode (G20 and EH10, respectively). 
It follows that the integration of existing mature trees into SUDS is unlikely to 
happen throughout a city. 

4.4.3.3 Rainfall Interception 

For the purpose of this section, the mean rainfall is defined as the mean monthly 
precipitation including rain, snow, sleet, and hail. Intense runoff is created during 
heavy rainfall (i.e., storms) or during snowmelt events. The level of interception is 
influenced by the following: 

• tree group and species (e.g., deciduous, broadleaf evergreen, and conifer-type 
trees); 

• tree architecture (e.g., tree size, number of leaves, and arrangement of leaves 
and branches); 

• rainfall event characteristics (e.g., intensity, duration, and runoff hydrograph); 
and 

• weather (e.g., temperature, relative humidity, net solar radiation, and wind 
speed). 

During a rainfall event, precipitation is either intercepted by leaves, branches, 
and trunks or it falls directly through the trees to the ground. Intercepted water is 
stored temporarily, for example, on leaf and bark surfaces. It eventually drips 
from leaf surfaces and flows down stems and trunk surfaces to the ground, or it 
evaporates. 

Furthermore, healthy trees draw moisture from the soil and ground surface, there-
by increasing the long-term soil–water storage potential (CUFR 2005). Tree growth 
and subsequent decomposition increase the soil water-holding capacity and rate of 
soil infiltration by rainfall and therefore reduce overland flow. Furthermore, tree 
canopies reduce soil erosion by diminishing the erosive impact of raindrops on bar-
ren surfaces. 
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Precipitation such as rain and snow often passes through a canopy of vegetation 
(predominantly trees) before it becomes part of a SUDS. The volume of water 
retained by this canopy is termed interception. The median vegetation intercep-
tion, based on several research studies, has been calculated as 13% for deciduous 
forests and 28% for coniferous woodland (Dunne and Leopold 1978). 

Rainfall interception can be very high. For example, a typical medium-size tree 
can intercept as much as 9,000 l of rainfall. If the tree canopy spans 9 m2, for ex-
ample, then this represents a rainfall depth of 1 m/a (CUFR 2005). Given that 
many areas in the UK experience <1 m of rainfall per year, the significance of this 
figure should not be underestimated. However, comparable and sound UK data are 
virtually absent. Therefore, it is interesting to consider the influence of urban trees 
on runoff characteristics. However, the numerical simulation model to estimate 
annual rainfall interception proposed by Xiao et al. (1998) needs to be adapted to 
regional conditions for modeling of specific hydrological processes. 

The mix of tree species and their corresponding size influence interception. In 
regions such as Edinburgh and Glasgow, where most precipitation occurs in winter, 
evergreen trees play the most important role in interception. Trees with evergreen 
foliage contribute to greater interception than deciduous trees. Some conifers inter-
cept more rainfall than similar sized deciduous trees. In climates with relatively 
high summer precipitation, deciduous trees such as those in Glasgow, for example, 
make a substantial contribution to rainfall interception. Typical trees identified in 
Glasgow and Edinburgh are broadleaf trees; e.g., alder, oak, wych elm, ash, and 
birch. Planting more trees and improving the health of existing trees is an important 
strategy, one that helps to reduce the volume of storm water runoff (Geiger 2003). 
This should be undertaken as part of a SUDS management strategy. 

4.4.3.4 Application of the Sustainable Urban Drainage System Decision 
Support Model 

Site characteristics for potential SUDS sites with ≥15% tree cover area are sum-
marized in Table 4.1. Corresponding sites in Edinburgh are less expensive in com-
parison to Glasgow, because more of these sites are owned by the city council. 
Edinburgh is dominated by retrofitting of SUDS on council-owned sites, while 
Glasgow has more sites associated with development and regeneration as well as 
with recreational sites. It follows that Glasgow has a high proportion of future 
industrial, institutional, and commercial roof and car park runoff to be treated by 
SUDS in comparison to Edinburgh (Table 4.1). 

Sites with a high proportion of trees in comparison to other sites are less attrac-
tive for development (13 to 27%) but more attractive for retrofitting (32 to 14%) 
of a SUDS, if compared to the overall database for both cities. This is beneficial 
for the protection of existing mature trees. The groundwater level for sites with a 
lot of trees is also relatively low (i.e., close to the ground surface) in comparison 
to the overall data set (91 to 82%), which is beneficial for enhancing the infiltra-
tion performance. Finally, the potential for a high ecological impact is also greater 
for sites with a lot of trees (82 to 25%) (Table 4.2 and Scholz 2006b). 



208 4 Wetlands and Sustainable Drainage 

Table 4.2 Proportions of selected site characteristics for potential sustainable urban drainage 
system (SUDS) sites with ≥15% tree cover in Glasgow and Edinburgh 

SUDS technique Glasgow Edinburgh Both cities 

Council ownership of site (%) 080 100 091 
Relative land cost estimation 
 (0 = inexpensive; 100 = expensive) 076 048 061 
Development site (%) 020 008 013 
Regeneration site (%) 050 033 041 
Recreation site (%) 030 000 014 
SUDS retrofitting only (%) 000 059 032 
Proportion of site area suitable for SUDS (%) 090 080 085 
High groundwater table (%) 010 008 009 
Mean site slope (%) 007 004 005 
Current impermeable area (%) 022 022 022 
Future impermeable area  
 after SUDS implementation (%) 050 055 053 
Road runoff in future (%) 100 100 100 
Domestic roof runoff in future (%) 080 092 087 
Institutional roof runoff in future (%) 050 025 036 
Industrial roof runoff in future (%) 040 008 023 
Commercial roof runoff in future (%) 020 000 009 
Car park runoff in future (%) 030 017 023 
Drainage to combined sewer possible (%) 100 092 096 
Drainage to local watercourse possible (%) 090 050 068 
Potential for high ecological impact  
 after SUDS implementation (%) 060 100 082 

Table 4.3 Proportions of sustainable urban drainage system (SUDS) techniques (%) for sites 
with ≥15% tree cover (in comparison to all sites) in Glasgow and Edinburgh, based on the SUDS 
Decision Support Model (Scholz 2006b) 

SUDS technique Glasgow Edinburgh Both cities 

 ≥15% All ≥15% All ≥15% All 

Wetland 13 03 05 00 08 01 
Attenuation or detention pond 09 17 15 14 13 15 
Infiltration pond or basin 09 10 14 19 13 11 
Swale 18 06 09 10 12 08 
Filter strip 04 07 13 06 10 06 
Soakaway 04 08 13 09 10 09 
Infiltration trench 09 06 11 08 10 07 
Permeable pavement 04 16 05 16 05 16 
Belowground storage 13 09 04 06 07 07 
Water playground 04 08 07 09 06 09 
Green roof 13 10 04 11 06 11 
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Table 4.3 shows the results of the SUDS Decision Support Model application 
for sites with ≥15% tree area cover. Swales combined with ponds or wetlands 
were recommended for approx. 46% of all corresponding sites. Attenuation, deten-
tion, or infiltration ponds accounted for 26% of all recommended SUDS options. 
This was the justification for using ponds as an example SUDS technique where 
the dimensions could be reduced if trees and large shrubs were integrated into the 
SUDS design. Moreover, it is remarkable that wetlands (13 to 3%) and swales (18 
to 6%) were particularly recommended by the model for sites with a high propor-
tion of trees in Glasgow. 

4.4.3.5 Design Recommendations 

The interception rate of trees is directly linked to the attenuation and reduction of 
storm runoff. For example, Equation 4.4 shows the interception uptakes of urban 
trees (mm), y, for different rainfall events (mm), x, in Glasgow and Edinburgh. In 
comparison, Equation 4.5 shows the interception uptakes of urban trees (m3), y, 
for tree cover areas (m2), x, assuming a 10 mm rainfall event for SUDS sites in 
Glasgow and Edinburgh. 

 y = –21.81 ln(x) + 109.92; R2 = 0.97, (4.4) 

 y = 0.01 × + 0.03; R2 = 1.00. (4.5) 

The integration of urban trees into SUDS could save land and construction 
costs. Trees are able to lower the costs for swale-like and other linear conveyance 
structures, infiltration trenches, bioretention areas, ponds, and wetlands. Without 
trees to attenuate, treat, and reduce the runoff, additional storage and treatment 
facilities, which are very expensive for developers and local taxpayers alike, 
would need to be constructed. 

The potential benefit of urban trees is predominantly a crude function of the 
tree cover area. The survey in Edinburgh and Glasgow showed that a tree cover 
area of only ≥15% justifies integrating trees into SUDS, if savings of ≥10% could 
be achieved. For ponds, for example, trees are predominantly effective in inter-
cepting rainfall during small storm events. Therefore the role of urban trees may 
be more significant in terms of urban water quality and biodiversity enhancement 
than in reducing serious flooding events (e.g., recent Boscastle, England, flood). 

Figures 4.22 and 4.23 show how trees could reduce the size of SUDS ponds 
and subsequently reduce land and construction costs in Glasgow and Edinburgh, 
respectively. Only areas with ≥15% tree area cover have been included. 

This analysis is based on the estimation that the enhanced interception capabil-
ity of trees as part of a SUDS structure incorporating a pond is approx. 40% for 
a mean rainfall event for all sites researched in Glasgow and Edinburgh. Calcula-
tions are backed up by case studies in Glasgow (Ruchill Hospital) and Edinburgh 
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(The King’s Buildings) as described elsewhere (Scholz et al. 2005; Zheng et al. 
2006). For an increase in tree cover area from approx. 25 to 50%, the results 
indicate that the corresponding mean potential reduction in annual runoff ranges 
between 10 and 20%. It follows that a retention pond area in Edinburgh, for ex-
ample, could be reduced by approx. 10% (Figure 4.23). Similar findings have 
been reported by the Canada Mortgage and Housing Cooperation (CMHC 2005). 

Table 4.4 Relationship between tree cover (%) and the corresponding reduction of pond size 
(m2) in Glasgow if trees are integrated into the sustainable urban drainage system design of 
relevant large sites with <15% tree cover 

Site area (m2) Tree area cover (%) Saved pond area (%) 

252,000 07 05.2 
215,600 05 04.2 
208,000 13 10.3 
191,540 12 10.0 
136,000 04 04.0 
095,500 06 06.4 
092,400 09 09.4 
058,800 01 00.8 
045,890 03 03.4 
038,270 02 02.7 

Figure 4.22 Relationship between tree 
cover (%), x, and corresponding re-
duction of pond size (m2), y, in Glas-
gow, if trees are integrated into sus-
tainable urban drainage system design 
of relevant sites with ≥15% tree cover

y = 18.71 ln(x) – 37.59
R2 = 0.66
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Figure 4.23 Relationship between tree 
cover (%), x, and corresponding re-
duction of pond size (m2), y, in Edin-
burgh, if trees are integrated into 
sustainable urban drainage system 
design of relevant sites with ≥15% 
tree cover area 
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Table 4.5 Relationship between tree cover (%) and the corresponding reduction of pond size 
(m2) in Edinburgh, if trees are integrated into the sustainable urban drainage system design of 
relevant large sites with <15% tree cover 

Site area (m2) Tree area cover (%) Saved pond area (%) 

234,375 09 06.0 
156,250 04 03.6 
125,000 01 00.6 
062,500 14 14.3 
062,500 05 05.5 
062,500 02 02.3 
047,500 12 12.9 
031,250 07 07.9 
015,625 11 12.1 
015,625 03 03.8 
011,875 02 03.0 

Finally, Tables 4.4 and 4.5 summarize the tree survey findings for relevant 
large sites with <15% tree cover for Glasgow and Edinburgh, respectively. Almost 
200 sites were surveyed, but only large sites are shown. It can be seen that the 
saved pond areas are usually small for sites with low proportions of tree cover 
areas and that there is no obvious relationship between the site area size and the 
corresponding area covered by trees. 

4.4.4 Conclusions 

Urban trees play an important role in the urban hydrological cycle, yet little 
consideration has been given in the UK to their integration into urban drainage 
strategies. Tree planting can be justified on the basis of financial benefits asso-
ciated with their storm water attenuation and reduction function alone. How-
ever, trees also provide other benefits for the urban environment (e.g., increased 
biodiversity). 

Guidance on estimating interception with rainfall or tree cover was given. The 
study also showed that for areas with ≥15% tree cover, the area for ponds as part 
of a SUDS treatment train, for example, could be reduced by integrating trees into 
the design of the SUDS such as infiltration trenches and bioretention areas, which 
could save ≥10% of the capital costs. Swales combined with ponds were the most 
suitable SUDS options for most sites. 

However, not every tree is convenient for each area. Green broadleaf trees are 
usually preferable. Furthermore, the exact site location of already existing trees in 
terms of SUDS retrofitting is an important factor for detailed SUDS design. 
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Chapter 5  
Modeling Complex Wetland Systems 

Abstract This chapter focuses on the self-organizing map (SOM) model, which 
was applied to predict outflow nutrient concentrations for ICW treating farmyard 
runoff. The SOM showed that the outflow ammonia–nitrogen concentrations were 
strongly correlated with water temperature and salt concentrations, indicating that 
ammonia–nitrogen removal is effective as low salt concentrations and compara-
tively high temperatures in ICW. The SRP removal was predominantly affected by 
salt and dissolved oxygen concentrations. In addition, pH and temperature were 
weakly correlated with SRP removal, suggesting that SRP was easily removed 
within ICW if salt concentrations were low and dissolved oxygen, temperature, 
and pH values were high. The SOM model performed very well in predicting the 
nutrient concentrations with water quality variables such as temperature, conduc-
tivity, and dissolved oxygen, which can be measured cost-effectively. The results 
indicate that the SOM model was an appropriate approach to monitor wastewater 
treatment processes in ICW. 

5.1 Introduction 

Constructed wetlands are often used as artificial wastewater treatment systems 
usually composed of one or more treatment cells that are planted with aquatic 
vegetation such as macrophytes (USEPA 2000). They are used to treat many types 
of wastewater including urban runoff, municipal and industrial wastewaters, agri-
cultural runoff and wastewater, and acid mine drainage (USEPA 2000; Scholz 
2006). 

Constructed wetlands are usually efficient in reducing COD, BOD, and SS, but 
the corresponding removal efficiencies for nitrogen and phosphorus are often low 
(USEPA 2000; Vymazal 2007). Nitrogen and phosphorus are considered to be the 
most important nutrients causing water pollution. Nitrogen has an intricate bio-
geochemical cycle with various biotic and abiotic transformations. The important 



218 5 Modeling Complex Wetland Systems 

inorganic forms of nitrogen in wetlands are ammonia–nitrogen, nitrate–nitrogen, 
and nitrite–nitrogen according to Vymazal (2007). Phosphorus occurs predomi-
nantly as phosphate in natural waters and wastewater. Phosphates are classified as 
ortho-phosphate, condensed (pyro-, meta-, and poly-) phosphates, and organically 
bound phosphate (USEPA 2000). 

The treatment mechanisms and processes within constructed wetlands are 
highly complex and include microbial, biological, physical, and chemical proc-
esses that may occur sequentially or simultaneously (Hammer and Bastian 1989; 
USEPA 2000; Scholz 2006; Vymazal 2007). The processes of nitrogen removal 
and retention during wastewater treatment in constructed wetlands are manifold 
and include ammonia volatilization, nitrification, denitrification, nitrogen fixation, 
plant and microbial uptake, mineralization (ammonification), nitrate ammonifica-
tion, anaerobic ammonia oxidation, ammonia adsorption and burial (Vymazal 
2007). Phosphorus removal and retention mechanisms during wastewater treat-
ment in constructed wetlands include adsorption, desorption, precipitation, plant 
and microbial uptake, fragmentation, leaching, mineralization, sedimentation (peat 
accretion), and burial (Hammer and Bastian 1989; Vymazal 2007). 

In comparison to conventional constructed wetlands, which cannot remove sig-
nificant amounts of nitrogen and phosphorus, ICW are a more effective type of 
constructed wetland suitable for nitrogen and phosphorus removal (USEPA 2000; 
Harrington and Ryder 2002; Harrington et al. 2005). The ICW concept promoted 
by the ICW Initiative of the Irish National Parks and Wildlife Service has been 
described in detail by Scholz et al. (2007). Integrated constructed wetlands are 
free surface-flow constructed wetlands, which are based on the holistic use of land 
to maintain water quality and include elements of good landscape fit, biodiversity, 
and habitat enhancement in their design (Carroll et al. 2005). 

Modeling and predicting treatment processes is significant for elucidating the 
complex nutrient removal mechanisms and assessing the corresponding water 
treatment potential of ICW. It is necessary to model and predict the nutrient re-
moval processes to optimize the design, operation, management, and water quality 
monitoring strategy of an ICW. 

The SOM is based on an unsupervised neural network algorithm and has been 
used to analyze, cluster, and model various types of large databases (Kohonen 
et al. 1996; Lee and Scholz 2006). Astel et al. (2007) and Scholz (2008) applied 
SOM models successfully for the classification of large water and environmental 
data sets. The advantages of the SOM algorithm and its classification and visuali-
zation ability have been exploited. The SOM was used as the first abstraction level 
in clustering. The original data set was represented using a smaller set of prototype 
vectors, which allowed for the efficient use of clustering algorithms to divide the 
prototypes into groups, and the 2-D grid allowed for a rough visual presentation 
and interpretation of the clusters as outlined by Vesanto and Alhoniemi (2000). 

The SOM model, which has not been implemented in water treatment process 
control strategies as often as traditional neural networks, was successfully used for 
the first time as a prediction tool for heavy metal removal in constructed wetland 
systems by Lee and Scholz (2006). However, the SOM model has never been 
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applied to model and predict the nitrogen and phosphorus removal efficiencies 
within constructed wetland systems such as ICW. 

The aims of this study were as follows: 

1. to assess the farmyard runoff treatment potential in terms of nutrient removal 
with an ICW; 

2. to identify relationships between nutrients and other water quality variables; and 
3. to predict the nutrient concentration removal performances with the SOM 

model using water quality parameters that are more cost-effective, quicker, and 
easier to measure. 

5.2 Methodology and Software 

5.2.1 Case Study Sites 

The ICW study presented in this section relates to 13 ICW systems, which were 
constructed to treat farmyard runoff and wastewater within the Anne Valley near 
Waterford in Ireland. The farmyard runoff and waste entering an ICW typically 
consists of yard and dairy washings and rainfall on open yard and farmyard roofed 
areas along with silage (usually only spillages) and manure (occasional droppings) 
effluents. Construction of the ICW systems began in 2000 and was followed by 
commissioning in February 2001. Scholz et al. (2007) describe these systems and 
their catchments in detail. 

The ICW 3, 9, and 11 were built on dairy farms operated for 50, 55, and 77 cows, 
respectively. The corresponding wetland sizes were 10,288, 7,964, and 7,676 m2. The 
ICW 9 and 11 had four cells, while ICW 3 had five cells; all wetland cells had a linear 
sequential arrangement. The mean ICW size was approx. 1.7 times the size of the 
farmyard areas. The primary vegetation types planted in the ICW systems were emer-
gent species (helophytes). Figures 5.1 and 5.2 show the ICW 11 system in winter. 

Figure 5.1 Sedimentation tank 
of representative integrated 
constructed wetland system 11 
in winter 2006  
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Figure 5.2 Inlet arrangement 
of the first cell of the repre-
sentative integrated construct-
ed wetland system 11 in 
winter 2006 

 

5.2.2 Data and Variables 

The ICW data were collected by monitoring the inflow and outflow water qualities 
of all 13 ICW systems for more than 6 years (August 2001 to December 2007). 
However, this section is based on only a fraction of the overall data set to address 
the corresponding aims. Only data obtained from the representative and typical 
ICW system sites 3, 9, and 11 (characterized by Scholz et al. (2007)) were com-
bined and subsequently used in this section because these systems have linear 
sequential cell configurations and single influent entry points. In contrast, the 
other ICW have either multiple influent entry points or parallel treatment cells. All 
three selected ICW sites are typical FCW (specific application of ICW to treat 
farmyard runoff), previously defined by Carty et al. (2008). 

Water samples were analyzed for ammonia–nitrogen, SRP, dissolved oxygen 
(DO), temperature, pH, chloride, and conductivity according to standard methods 
(Allen 1974; APHA 1998). Ammonia–nitrogen and chloride were determined 
using automated colorimetry. Soluble reactive phosphorus was determined as 
MRP with an auto-analyzer (Method 2540-D; APHA 1998). DO, temperature, pH, 
and conductivity were measured in the field with portable meters. Scholz et al. 
(2007) provides a detailed description of the water quality analysis. 

The inexpensive and easy-to-measure SOM input water quality variables of the 
outflow were DO (mg/l), temperature (ºC), pH (–), chloride (mg/l), and conductiv-
ity (μS). The corresponding expensive and time-consuming-to-measure model 
output parameters were outflow ammonia–nitrogen (mg/l) and SRP (mg/l).  

5.2.3 Statistical Analyses 

All statistical analyses were performed using the standard software packages 
Origin 7.0, Matlab 7.0, and Econometrics Views 5.0. Significant differences 
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(usually p < 0.05, unless stated otherwise) between data sets are indicated where 
appropriate. 

5.2.4 Self-organizing Map 

The SOM is a neural network model and algorithm that implements a characteris-
tic non-linear projection from the high-dimensional space of sensory or other input 
signals onto a low-dimensional array of neurons and has been widely applied to 
the visualization of dimensional systems and data mining (Kohonen et al. 1996). 
The SOM is a competitive learning neural network and based on unsupervised 
learning, which means that no human intervention is required during the learning 
process and that little needs to be known about the characteristics of the input data 
(Alhoniemi et al. 1999). 

In the SOM algorithm, the topological relations and the number of neurons or 
nodes are fixed from the beginning. Each neuron i is represented by an n-dimen-
sional weight, or model vector mi = [mi1,…,min] (n, dimension of the input vectors). 
Each neuron contains a weight vector. At the start of the model, the weight vectors 
are initialized to random values. During the training, the weight vectors are calcu-
lated using some distance measure such as the Euclidian distance, which is defined 
in Equation 5.1. 

 2

1
( ) ; i 1, 2, ..., M,

n

i ij i j
j

D x m
=

= − =∑  (5.1) 

where 

Di = Euclidian distance between the input vector and the weight vector m; 
xij = jth element of the current input vector; 
mij = jth element of the weight vector m; 
M = number of neurons in the SOM; and 
n = dimension of the input vectors. 

Node c (Equation 5.2), whose weight vector is closest to the input vector, is 
chosen as the best matching unit (BMU). When the BMU is found, the weight 
vectors mi are updated. The BMU and its topological neighbors are moved closer 
to the input vector. The update rule of the weight vector is shown in Equation 5.3.  

 { }min ,c ix m x m− = −  (5.2) 

where 

x = input vector; 
m = weight vector; and 

 = a distance measure. 

 ( 1) ( ) ( ) ( )[ ( ) ( )] ,i i ci tm t m t t h t x t m tα+ = + −  (5.3) 
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where 

m (t) = weight vector indicating the output unit’s location in the data space at time t ; 
α (t) = learning rate at time t ; 
hci (t) = neighborhood function centered in the winner unit c at time t ; and 
x (t) = input vector drawn from the input data set at time t. 

After this competitive learning exercise, the clusters corresponding to charac-
teristic features can be shown on the map. The quality of the mapping is usually 
measured with a quantization error and a topographic error. The learning rate and 
neighborhood radius were set with default values. The default number of neurons 
was determined by the heuristic Equation 5.4. The ratio between side lengths of 
the map grid was set to the square root of the ratio of the two highest eigenvalues 
of the data sample (Vesanto et al. 2000). 

 5 ,M n≈  (5.4) 

where 

M = number of neurons i and 
n = total number of data samples. 

A 2-D lattice with a map size of M = 14 × 7 hexagonal units was used for both 
ammonia–nitrogen and SRP modeling. The final quantization and topographic 
errors were 8.852 and 0.096, and 6.541 and 0.123 for ammonia–nitrogen and SRP, 
respectively. These values were relatively low if compared to the error values with 
other parameter settings, indicating that the quality of the mappings was relatively 
good.  

Since the codebook vectors of the SOM represent the local mean of the input 
vector, the SOM can be used for the prediction of missing components of an input 
vector. A prediction can be made by seeking the BMU for a vector with unknown 
components. The predicted values can be obtained from the BMU. The application 
of the SOM for prediction purposes is illustrated in Figure 5.3.  

 

Figure 5.3 Predicting missing components of the input vector using a self-organizing map 
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The model is trained using the training data set, which is removed from the 
vector to predict a set of variables as part of an input vector. The depleted vector is 
subsequently presented to the SOM to identify its BMU. The values for the miss-
ing variables are then obtained by their corresponding values in the BMU (Rustum 
et al. 2008). 

Lee and Scholz (2006) applied an SOM model to elucidate heavy metal re-
moval mechanisms and to predict heavy metal concentrations in experimental 
constructed wetlands. The results demonstrated that heavy metals could be effi-
ciently estimated by utilizing the SOM model. 

The SOM toolbox (version 2) for Matlab 7.0 developed by the Laboratory of 
Computer and Information Science at Helsinki University of Technology was used 
in this study. The toolbox is available online at http://www.cis.hut.fi/projects/ 
somtoolbox (Vesanto et al. 1999). The SOM model was applied to ammonia–
nitrogen and SRP removal data to better understand the corresponding removal 
mechanisms in ICW. 

5.3 Results and Discussion 

5.3.1 Overall Performance 

Mean inflow and outflow concentrations of ammonia–nitrogen and SRP are pre-
sented in Table 5.1. The reduction rates of ammonia–nitrogen and SRP were high-
est in 2001, because the ICW systems were young, and therefore not mature. The 
reduction rates were higher in the first 3 years compared to those in the following 
4 years. Nevertheless, the ICW had a good treatment capacity for ammonia–nitro-
gen and SRP during a period of more than 6 years with removal effectiveness rang-
ing between 97.4 and 99.2% and between 82.6 and 95.8%, respectively. In com-
parison, the reduction rates of ammonia–nitrogen and SRP were higher compared 

Table 5.1 Mean reduction rates of ammonia–nitrogen and soluble reactive phosphorus of inte-
grated constructed wetland systems 3, 9, and 11 

Ammonia–nitrogen Soluble reactive phosphorus 
Year 

n In 
(mg/l) 

Out 
(mg/l) 

Reduction 
(%) n In 

(mg/l) 
Out 
(mg/l) 

Reduction 
(%) 

2001 12 35.51 0.29 99.2 12 09.07 0.38 95.8 
2002 26 38.65 0.40 99.0 27 14.67 0.67 95.4 
2003 32 36.48 0.55 98.5 29 11.07 0.96 91.3 
2004 54 39.85 0.55 98.6 57 13.01 1.57 87.9 
2005 80 46.17 1.19 97.4 80 12.66 1.86 85.3 
2006 40 32.77 0.60 98.2 32 09.47 1.65 82.6 
2007 70 23.62 0.57 97.6 69 08.01 0.72 91.0 

n, sample number; in, inflow; out, outflow
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to those of a constructed wetland with horizontal sub-surface flow (Kyambadde 
et al. 2005): between 45.5 and 68.6% and between 45.2 and 73.5%, respectively. 

The removal performances for ammonia–nitrogen were more stable in com-
parison to those for SRP. This corresponded well with the higher reduction rates 
of ammonia–nitrogen in comparison to those for SRP. 

Detailed water quality results have been published by Scholz et al. (2007). Con-
cerning the selected ICW systems 3, 9, and 11, the influent concentrations for am-
monia–nitrogen, SRP, DO, temperature, pH, chloride, and conductivity were 
36.10 mg/l, 11.14 mg/l, 5.5 mg/l, 13.7°C, 7.21, 107.9 mg/l, and 994 μS/cm, respec-
tively, between 2001 and 2007. The corresponding outflow concentrations were 
0.59 mg/l, 1.12 mg/l, 5.8 mg/l, 13.1°C, 7.51, 42.9 mg/l, and 358 μS/cm, respectively. 

5.3.2 Model Application to Assess Nutrient Removal 

The SOM model was applied to identify the relationships between the outflow 
ammonia–nitrogen concentrations and other water quality variables. The compo-
nent planes for each variable of the SOM model are shown in Figure 5.4. The 
unified distance matrix (U-matrix) representation of the SOM visualizes the dis-
tances between the map neurons (Vesanto et al. 1999; Lee and Scholz 2006). The 
distances between the neighboring map neurons were calculated and subsequently 

 

Figure 5.4 Abstract visualization of relationships between outflow ammonia–nitrogen (mg/l), 
and outflow dissolved oxygen (DO, mg/l), temperature (°C), pH (–), chloride (mg/l), and con-
ductivity (μS) using a self-organizing map model 
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visualized by applying grey shade scaling between them; e.g., the lighter grey 
shades are associated with the high relative component value of the corresponding 
weight vector. This helps to identify and subsequently illustratively show the clus-
ters in the input data. The component plane shows the value of the variable in each 
map unit (Lee and Scholz 2006).  

The component plane helps to visualize the relationships between ammonia–
nitrogen and other variables. High outflow ammonia–nitrogen concentrations 
(>1.951 mg/l) are linked to high chloride concentrations (>48 mg/l), high conduc-
tivity values (>391 μS), and low temperatures (<13.1°C). Ammonia–nitrogen 
concentrations do not reveal an obvious association with DO concentrations and 
pH. Low reduction rates are apparently associated with high outflow ammonia–
nitrogen concentrations as shown in Table 5.1. 

High levels of conductivity and chloride represent high salt concentrations in 
the runoff. The linear relationship between effluent conductivity and chloride 
concentration is shown in Equation 5.5. Furthermore, Equations 5.6–5.8 show 
regression equations for ammonia–nitrogen. It can be seen that ammonia–nitrogen 
removal was influenced by high salt concentrations: 

 Conductivity = 3.79 × chloride + 209.7; R2 = 0.44 and p < 0.01, (5.5) 

 Ammonia–nitrogen = 0.08 × chloride – 2.6; R2 = 0.15 and p < 0.01, (5.6) 

 Ammonia–nitrogen = 0.02 × conductivity – 4.9; R2 = 0.18 and p < 0.01, (5.7) 

 Ammonia–nitrogen = 0.04 × chloride + 0.01 × conductivity – 4.9; 

 R2 = 0.20 and p < 0.01 (chloride and conductivity). (5.8) 

Chapanova et al. (2007) demonstrated that ammonia conversion is sensitive to 
the salinity of the wastewater to be treated; after adding salinity to the input 
wastewater, ammonia degradation was markedly reduced. However, Dincer and 
Kargi (1999) showed that salt concentrations >2% resulted in significant reduc-
tions in performances of both nitrification and denitrification. 

In contrast, the outflow temperature is negatively correlated (R = −0.38) with 
the ammonia–nitrogen concentration, suggesting that temperature has a positive 
effect on ammonia–nitrogen removal. An elevated water temperature can en-
hance nitrate volatilization. Relatively high temperatures (>13.1°C) are better for 
both nitrification and denitrification compared to temperatures <13.1°C (USEPA 
2000). Chapanova et al. (2007) reported that at 5°C the ammonia–nitrogen re-
moval rate was on average three to five times smaller than at temperatures be-
tween 15 and 25ºC. Nitrification is greatly affected by temperature; nitrification 
rates are slow in cold compared to warm climates (Chapanova et al. 2007;  
Vymazal 2007). 

No obvious correlation (R = 0.10) between pH and ammonia–nitrogen could be 
identified. Most outflow pH values were in a range between 7.0 and 8.0 at tem-
peratures of <17.6ºC. Ammonia–nitrogen concentrations did not dminish at this 
pH range. Ammonia–nitrogen may be found in the un-ionized form or ionized 
form depending on water temperature and pH. The ionized form is predominant in 
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wetlands; e.g., at pH 7.0 and 25ºC, the percentage of un-ionized ammonia is 
approx. 0.6% (USEPA 2000). It was also reported that at high pH ranging between 
8.0 and 8.5, the proportion of ammonia might increase to between 20 and 25% at 
20°C if surface turbulence is high due to wind action. Significant losses of nitro-
gen may occur in open water areas via ammonia gas (NH3) volatilization (USEPA 
2000; Camargo Valero and Mara 2007). 

Many papers (Schaafsma et al. 1999; USEPA 2000; Noorvee et al. 2007; Iam-
chaturapatr et al. 2007) indicate that DO significantly influences the removal rate 
of ammonia–nitrogen in constructed wetland systems. However, DO concentra-
tions had no obvious impact on ammonia–nitrogen removal in ICW based on the 
visualization of the relationship between outflow ammonia–nitrogen and DO 
(R = –0.02). Therefore, it can be seen that ammonia–nitrogen removal was largely 
influenced by salt concentrations and temperature. The pH and DO variables 
seemed to be of less importance. 

A visualization of relationships between the outflow SRP concentrations and 
other water quality parameters of the SOM model is shown in Figure 5.5. High 
outflow SRP concentrations (>2.641 mg/l) are linked to high chloride concentra-
tions (>49 mg/l) and high conductivity values (>394 μS). Unlike the case of am-
monia–nitrogen removal, SRP removal was largely influenced by the DO and salt 
concentrations and correlated comparatively weakly with temperature and pH. 

 

Figure 5.5 Abstract visualization of relationships between outflow soluble reactive phosphorus 
(SRP, mg/l) and outflow dissolved oxygen (DO, mg/l), temperature (°C), pH (–), chloride (mg/l), 
and conductivity (μS) using a self-organizing map model 
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Chloride (R = 0.48) and conductivity (R = 0.56) correlated positively with SRP, 
indicating that elevated salt concentrations had a negative impact on SRP removal. 
With increasing salt concentrations, the phosphorus removal rates of the tested 
ICW systems decreased. This was probably the case because phosphate accumu-
lating microorganisms were sensitive to salinity (Scholz 2006). The salt accumula-
tion in phosphate accumulating microorganism cells might have reached a certain 
threshold indicative of a significant increase in osmotic pressure in cells. Dimin-
ished phosphate accumulation capabilities subsequently result in reduced removal 
efficiencies as discussed previously by Carucci et al. (1997), and Panswad and 
Anan (1999). 

In contrast, DO is negatively correlated (R = –0.46) with SRP, indicating that 
high DO concentrations had positive effects on SRP removal. The DO is an im-
portant variable influencing phosphorus removal in ICW. Case studies undertaken 
by Girija et al. (2007) revealed that the phosphorus concentrations decreased from 
6.0 to 0.1 mg/l as DO concentrations increased from 0.1 to 8.6 mg/l. Low DO 
concentrations can cause the release of phosphorus from sediment, causing an 
increase of SRP (Golterman 1995; Maine et al. 2007). 

Phosphorous might precipitate as calcium phosphate or co-precipitate with iron 
colloids or with calcium carbonate (Golterman 1995). For example, the USEPA 
(2000) reported that phosphorus might precipitate as calcium phosphate within 
sediment pore water or in the water column near active phytoplankton growth at 
pH values of >7.0. Furthermore, as pH decreases, SRP sorption to carbonates 
decreases while adsorption to iron increases (Golterman 1995). 

Concerning the ICW study, the negative correlation (R = –0.16) between pH 
and SRP is weak, indicating that a high pH had a small positive influence on SRP 
removal in ICW. Since overall pH values were comparatively low, the influence 
of pH on SRP removal was weak.  

The chemical composition of the three ICW systems and their effluents is com-
plex. It follows that the key precipitation processes cannot be discussed in detail 
within the scope of this section. However, a detailed discussion on water quality 
issues with respect to an earlier, directly related, study has been published by 
Scholz et al. (2007). 

Pietro et al. (2006) observed that phosphorus removal was weakly correlated 
with water temperature in a south Florida (USA) freshwater marsh. In comparison, 
high SRP concentrations in ICW are also associated with low temperatures 
(R = −0.21). However, the influence of temperature was lower for SRP removal 
than for ammonia–nitrogen removal. 

5.3.3 Nitrogen and Phosphorus Predictions 

The SOM model was applied to predict the ammonia–nitrogen and SRP removal 
performances of ICW. A correlation analysis comprising the input variables DO, 
temperature, pH, chloride, and conductivity and the target variables ammonia–
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nitrogen and SRP was undertaken. Findings are in agreement with Figures 5.4 and 
5.5 highlighting the key relationships revealed by the SOM. For example, it can be 
seen that ammonia–nitrogen concentrations were highly correlated with tempera-
ture, chloride, and conductivity. In comparison, SRP concentrations were highly 
correlated with DO, chloride, and conductivity.  

In general, the measurements of input variables used for prediction should be 
more cost-effective, time-efficient, and easier compared with those of the target 
variables. Based on this consideration, temperature (R = –0.38) and conductivity 
(R = 0.43) were selected as input variables to predict ammonia–nitrogen in the 
outflow of ICW. In comparison, DO (R = –0.46) and conductivity (R = 0.56) were 

Figure 5.6 Comparing the actual and predicted outflow: (a) ammonia–nitrogen, and (b) soluble 
reactive phosphorus (SRP) concentrations 
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selected as input variables to predict SRP. Considering the relatively high costs 
and long time associated with most chloride measurement techniques, chloride 
was not selected for predicting either ammonia–nitrogen or SRP concentrations, 
even though it had comparatively strong relationships with ammonia–nitrogen 
(R = 0.38) and SRP (R = 0.48). 

For modeling purposes, the data set was mixed in a random order and then sub-
divided into two sets. The first sub-set was used as a training data set, and the 
second sub-set was used as a testing data set. The training and testing data sets are 
summarized in Table 5.2. The model was verified with the testing data set. For 
example, when predicting the ICW treatment performance with respect to ammo-
nia–nitrogen removal, the corresponding ammonia–nitrogen data entries were 
omitted form the testing data set, implying that ammonia–nitrogen concentrations 
were in fact missing values. 

After running the simulation, the predicted ammonia–nitrogen concentrations 
were subsequently compared with the actual values. The SOM modeling per-
formances in terms of predicting the outflow ammonia–nitrogen and SRP con-
centrations are shown in Figure 5.6. Table 5.2 shows the summary statistics of 
the SOM model for the test. The SOM model has a comparatively lower mean 
absolute scaled error indicating its relatively high accuracy in prediction if com-
pared to previous results (Lee and Scholz 2006). In general, the SOM model 
performed very well in predicting the nutrient concentrations in representative 
ICW systems.  

5.4 Conclusions 

Representative ICW were very efficient in removing ammonia–nitrogen and SRP. 
The SOM model showed that the ammonia–nitrogen outflow concentrations corre-
lated with water temperature and salt concentration (indicated by conductivity and 
chloride). High ammonia–nitrogen removal efficiency can be achieved, if salt 
concentrations are low and temperatures are high. The SOM model also revealed 
that SRP removal was predominantly affected by salt and DO. SRP can easily be 
removed within ICW, if salt concentrations are low and DO, temperature, and pH 
values are high. 

Table 5.2 Summary statistics of the self-organizing map model applied for prediction purposes 

Statistics Ammonia–nitrogen 
prediction 

Soluble reactive phosphorus 
prediction 

Number of training data sets 240 250 
Number of testing data sets 074 084 
Correlation coefficient 000.934 000.951 
Mean absolute scaled error 000.015 000.048 
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The SOM performed very well in modeling and predicting the nutrient removal 
in ICW. Nutrients such as ammonia–nitrogen and SRP can be accurately predicted 
by other more cost-effective, rapid, and easier-to-measure water quality variables 
such as temperature, conductivity, and DO. 
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Best matching unit (BMU),  221 

C 

Carbon 
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global warming,  128, 129, 139 
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